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ABSTRACT 
 

I investigated the effects of habitat loss and subsequent restoration on invertebrate 

community structure and ecosystem functioning in a mined peat bog in the North Island, 

New Zealand. In an experimental trial, the impact of peat bog habitat loss and isolation on 

the invertebrate community associated with Sporadanthus ferrugineus (Restionaceae) was 

investigated. Potted S. ferrugineus plants were exposed to invertebrates at various 

distances up to 800 m from an intact habitat (the presumed source population) over 18 

weeks. Invertebrates rapidly colonised the experimental plants, with all major Orders and 

trophic groups present on S. ferrugineus within 6 weeks. However, with increasing 

distance away from the undisturbed habitat, there was a significant decrease in total 

richness and abundance of invertebrates associated with the potted plants. Additional tests 

showed that even a moderate degree of isolation (i.e. greater than 400 m) from the intact 

habitat caused an almost complete failure of ‘Batrachedra’ sp. to colonise its host plant, at 

least in the short-term. The density of eggs and larvae, and the average larval size of 

‘Batrachedra’ sp. (Lepidoptera: Coleophoridae) colonising S. ferrugineus plants, as well as 

the proportion of S. ferrugineus stems damaged by ‘Batrachedra’ sp. herbivory, all 

decreased logarithmically with increasing distance from the intact habitat. Surprisingly, 

though, the rate of recovery of the insect-plant interaction following experimental habitat 

restoration was remarkably rapid (i.e. between 3½ and 6 years). After just 6 years there 

was no significant difference in insect-plant interactions between the intact peat bog sites 

and any of the experimentally restored sites up to 800 m away. These results suggest that 

the degree of isolation from undisturbed habitat has a major impact on the rate and patterns 

of restoration recovery in the invertebrate community and that some insect-plant 

interactions can recover rapidly from habitat loss with restoration management.  

 

Restoration of mined peat bogs in northern New Zealand is initiated by establishing a 

native vegetation cover to minimize further peat degradation. The effects of various 

restoration techniques on litter decomposition, microbial community activity and beetle 

community composition were investigated within an experimental trial. These treatments 

included translocation of peat bog habitat (direct transfer of islands), milled peat islands 
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with no seed and milled peat islands with seed, and were compared with an unrestored 

mined site and an undisturbed peat bog. In all the response variables measured, the 

undisturbed peat bog sites had significantly higher decomposition rates and microbial 

respiration rates, and significantly higher abundance and species richness of beetles than 

any of the restoration treatments. In addition, the technique used to restore mined peatlands 

had a significant effect on the beetle community composition and litter decomposition 

processes. Despite a rapid initial change in the beetle community following habitat 

translocation, the direct transfer islands were still the most similar in beetle species 

composition to the undisturbed peat bog. Microbial activity and decomposition rates were 

higher in the direct transfer and mined peat surface after 6 months. However, even after 12 

months, decomposition rates in the restored habitats were still far from reaching the levels 

recorded in the undisturbed peat bog. The results suggest that beetle community structure 

and ecosystem processes such as decomposition and microbial activity rates may be able to 

recover faster with certain restoration techniques, such as direct transfer of intact habitat 

islands.  

 

Subsequently, I examined long-term beetle community reassembly on islands that had 

been restored by creating raised areas of processed peat with the addition of Leptospermum 

scoparium seed. Monitoring of different-aged restored islands representing the full range 

of restoration ages (up to 6 years) available at the peat mine, indicated that as the peat 

islands became older and the vegetation structure became more complex, the abundance, 

species richness and composition of the beetle community became increasingly similar to 

the community in the undisturbed peat bog. Despite this, distinct differences between the 

intact peat bog and older restored peat islands still persisted, even after 6 years, particularly 

at an individual species level. However, it is predicted that within 12 years the restored 

peat islands will share 100% of beetle species in common with the undisturbed peat bog. 

 

Taken together, these results indicate that restoration is effective in initiating the recovery 

of beetle assemblages and ecosystem processes (such as litter decomposition and 

microbial community activity) in cut-over peat bogs. However, it is estimated to take at 
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least 12 years before pre-mining communities and functions are attained, and ongoing 

monitoring to develop an understanding of the longer-term dynamics of such ecosystems 

and processes is clearly required.  

 

 

 

Keywords peat bog, wetland, peat mining, habitat loss, peat bog restoration, New Zealand, 

Restionaceae, Sporadanthus ferrugineus, insect-plant interaction, predator-prey ratio, 

beetle community, litter decomposition, microbial community recovery 
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CHAPTER 1 
 

1Introduction 
 

1.1 BACKGROUND 

Degradation and fragmentation of natural habitats are global problems (Vitousek 1994; 

Riitters et al. 2000), and it is predicted that as relatively pristine habitats contract into 

ever smaller fragments, the restoration of degraded habitats will come to dominate future 

conservation efforts (Young 2000). Restoration ecology has experienced rapid growth 

over recent decades, particularly in terms of the number of practical restoration 

management projects undertaken, but also more recently in terms of the number of 

publications in the scientific literature (Hobbs and Harris 2001). One would expect that a 

practice receiving so much critical attention would be clearly defined, but in fact the 

Society for Ecological Restoration (SER) has wrestled with an official definition for 

‘restoration’ since the society’s inception. The most recent definition, put forth by the 

SER International and Policy Working Group (2004, p.3) defines ecological restoration 

as “the process of assisting the recovery of an ecosystem that has been degraded, 

damaged or destroyed”. However, complete ecosystem recreation from a disturbed state 

to one in which ecosystem structure and function are similar to what existed before the 

disturbance is seldom attainable (Lockwood and Pimm 1999). Instead, a commonly 

accepted goal is the reconstruction of an ecosystem that is a self-sustaining entity, 

requiring minimal or no maintenance or management, but that does not necessarily attain 

an exact pre-disturbance species composition (Bradshaw 1995; Redi et al. 2005).  

 

The majority of restoration studies have focused on restoring structural ecosystem 

components, such as overstorey or understorey plant composition, rather than on other 

ecosystem components, such as invertebrates, or ecosystem processes, such as nutrient 

cycling, pollination, and/or trophic level interactions (Covington et al. 1997; Kaye and 

Hart 1998). Yet it is clear from studies that have involved measures of ecological 

function (Hobbs and Norton 1996), that the establishment of plant populations does not 
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necessarily result in the restoration of ecosystem processes. For example, Zedler (1996) 

reported that despite the recovery of plant community composition in a restored salt 

marsh system, the abundance and species richness of key pollinator insects were 

significantly lower in restored habitats than in undisturbed habitats, resulting in lower 

flower visitation rates and reduced seed set. This suggests restoration of pollination 

processes may not automatically follow the reestablishment of target plant communities.  

 

It has frequently been assumed that animals (and the ecosystem functions they provide) 

will re-establish at the restored sites from surrounding habitats as the succession of 

vegetation proceeds (Palmer et al. 1997; Block et al. 2001).  Recovery of invertebrate 

community structure, in particular, has received little attention, despite their importance 

in ecosystem functioning through such processes as facilitation of soil aeration (Abbott 

1989), litter decomposition and nutrient cycling (Andersen and Sparling 1997; Ward et 

al. 1991), pollination (Forup and Memmot 2005), seed dispersal (Majer 1990), herbivory 

(Waltz and Covington 2004), and availability as a food source for vertebrate predators. If 

these processes are to be restored and sustained in the long term, it is desirable to enhance 

the recovery of invertebrate community richness and composition (Keesing and Wratten 

1998). Studies that have monitored changes in the invertebrate communities in restored 

habitats through time have typically reported a rapid initial increase in species diversity 

in the first 2–6 years following restoration, and yet community composition at the 

restored sites still tends to be markedly different from the undisturbed reference sites 

even after 8–14 years (Majer and Nichols 1998; Davies et al. 1999; Watts and Gibbs 

2002; Andersen et al. 2003; Davis et al. 2003; Nichols and Nichols 2003). In other cases, 

species recovery may be even slower (Dunn 2004; Wassenaar et al. 2005). A review of 

39 published studies examining the recovery of animal communities during tropical 

forest regeneration, found that the recovery of species richness of the animal taxa can be 

predicted to resemble that of mature forest between 20–40 years after habitat disturbance 

(Dunn 2004). However, at least in the case of ants and birds recovery of species 

composition appears to take substantially longer than recovery of species richness. In 

contrast, some invertebrates are known to respond rapidly to ecosystem change and 

disturbance (Recher et al. 1993; Andersen and Sparling 1997). For example, a few recent 
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studies have suggested that some invertebrate communities can recover rapidly from 

severe habitat disturbance with only moderate restoration effort (Becker et al. 1991; 

Andresen 2003). However, to determine restoration success accurately, goals that involve 

the monitoring of structure, function and dynamics of the disturbed ecosystem need to be 

set (Aronson et al. 1993).  

 

Restoration goals 

Restoration is carried out for a variety of differing purposes, such as habitat and species 

enhancement, water quality improvement and biodiversity preservation (Mitsch and 

Gosselink 1993), and can involve a range of techniques from simple planting to whole-

ecosystem transplants. Ehrenfeld (2000) and Van Diggelen et al. (2001) advocate the use 

of clear and achievable goals that focus on the desired characteristics for a community or 

target species in the future, and not on features of the present community state. In 

addition, for restoration ecology to progress beyond treating each habitat or community 

as a singular case, we must attempt to define rules governing how natural communities 

are structured, and investigate how these rules determine the rate and trajectory of change 

in community structure over time (Suding et al. 2004; Temperton and Hobbs 2004). 

Young et al. (2001) highlighted the need to extract and combine the most useful elements 

of various theoretical ecological concepts (particularly succession and community 

assembly) to guide restoration efforts. Thus, the framework of assembly rules theory is 

directly relevant to restoration ecology.   

 

Assembly rules as a foundation for restoration 

Although there are numerous studies of the effect of restoration on species diversity, little 

is known of the successional responses or of the mechanisms governing the recovery of 

biodiversity and ecosystem processes following disturbance (Lockwood and Pimm 1999). 

Weiher and Keddy (1999), Young et al. (2001) and Temperton and Hobbs (2004) 

consider that assembly rules could be useful in providing a scientific foundation for 

restoration ecology. The field of assembly rules is very broad and encompasses a variety 

of different approaches to finding rules that govern how ecological communities develop. 

Wilson (1999, p.131) defined assembly rules as “ecological restrictions on the observed 
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patterns of species presence or abundance that are based on the presence or abundance of 

one or more species or groups of species (not simply the response of species to the 

environment)”.  

 

One model of community assembly, the alternative stable states model, seems to be the 

most promising for restoration ecology, since it incorporates elements of both 

randomness and determinism in community reassembly and therefore best reflects 

ecological reality (Temperton and Hobbs 2004). There are numerous examples where 

alternative stable states have been detected, and interestingly research is documenting 

that many of these degraded systems are resilient to restoration management efforts 

(Beisner et al. 2003; Suding et al. 2004; Didham et al. 2005, Appendix C). Recent work 

suggests the possibility that the majority of these examples come from ecosystems that 

were historically subject to moderate to extreme abiotic regimes (Didham et al. 2005). 

For example, extreme floods can be crucial to wetland composition and function; 

however, in many cases the ‘natural hydrological regimes’ are unknown so restorationists 

must begin by considering how water levels should influence the site (Zedler 2000).  

 

A central concept in the process of community assembly is that a series of environmental 

factors act as filters that determine the subset of species capable of colonising a site 

(Keddy 1992; Diaz et al. 1998). For example, Weiher and Keddy (1995) showed 

experimentally that different environmental conditions gave rise to different communities 

in sites with identical species pools. Hobbs and Norton (2004) suggested that there are a 

number of different filters (on community assembly) that vary in their importance along 

relatively easily defined gradients and that the resistance of a degraded system to 

restoration (that is, the degree of effort needed to restore the system to a particular state) 

will vary along these gradients. The potential utility of assembly rules theory in 

restoration ecology lies at the planning stage of restoration projects, to ascertain what 

factors may be limiting a species in a community (Temperton and Hobbs 2004).  

 

The spatial pattern of restoration sites is also likely to influence the course of community 

assembly, and restoration managers must be concerned about the connectedness of the 
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site to source populations (Palmer et al. 1997). Theoretical and empirical work suggests 

that restoration efforts will fail if critical connectivity levels (between restoration sites 

and undisturbed habitats) and the need for dispersal corridors are not considered 

(Armitage and Fong 2004). Indeed, the distance to the nearest intact habitat, in 

conjunction with the degree of site degradation, will determine whether a particular 

species must be manually introduced to a restoration site, as well as the extent and 

method of site preparation needed before their introduction (Cairns 1993).  

 

Techniques for restoration 

The options for restoring degraded habitats are numerous and can range from simple 

replanting to whole ecosystem transplantations. In addition, some authors have 

recommended spontaneous succession as a scientifically valid strategy for restoration in 

some situations (Hodacova and Prach 2003; Pensa et al. 2004). However, it has also been 

suggested that this technique may slow community recovery and in most cases active 

intervention is required (Holl 2002). For example, even after several decades mined peat 

surfaces typically do not revert to ‘natural’ peat bog communities, with little 

recolonisation by dominant plant species unless conditions for plant establishment are 

improved via drain closure, rewetting and active reintroduction of peatland plant species 

(Cooper and MacDonald 2000). More recently, artificial seeding into prepared seedbeds 

and translocating sods of previously intact vegetation have gained research attention 

(Schipper et al. 2002; Simcock et al. 2004). Superficially, direct transfer of ‘chunks’ of 

intact habitat might seem the ideal restoration technique. However, direct transfer is 

expensive, and Bullock (1998) showed in a review of 24 British ‘community/habitat 

translocation’ projects that degradation of plant and animal communities following 

translocation was ubiquitous. In some cases these changes were minor, but many showed 

major changes linked to disturbance during translocation, environmental differences 

between receptor and donor sites, and poor aftercare management.  Invertebrate 

communities always showed large post-translocation changes (Bullock 1998).  

 

While there have been numerous experimental studies focusing on the effects of a single 

restoration technique on the recovery of species assemblages over time (Majer and 
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Nichols 1998; Nichols and Nichols 2003; Redi et al. 2005), there are few studies that 

explicitly manipulate several techniques to directly compare the rate of community 

recovery. This raises the question of whether assemblage structure and ecosystem process 

rates recover at differential rates in response to varying levels of restoration intervention.  

 

1.2 THESIS OBJECTIVES  

The primary objectives of this research were to investigate the impact of habitat loss and 

isolation on invertebrate community structure and ecosystem functioning, and determine 

the relative rate of recovery following experimental habitat restoration using a range of 

techniques varying in the intensity of restoration management. 

 

These objectives were addressed in a threatened peat wetland ecosystem in northern New 

Zealand. Worldwide, wetlands are one of the most threatened ecosystems (Moore 2002). 

Threats to wetlands include drainage and conversion to pasture, forestry or horticulture, 

harvesting of resources (e.g., peat, sphagnum moss, gold or timber), fertiliser input, 

acidification and fire (Keddy 2000). Wetlands vary in their form and structure, and are an 

important natural resource for scientific research; they are also valuable in environmental 

education (Moore 2002). Wetland restoration is carried out for a variety of different 

purposes, such as habitat and species enhancement, water quality improvement and 

environmental protection (Zedler 2000), and in the Northern Hemisphere there has been a 

strong conservation focus on wetland restoration (Patzelt et al. 2001). Globally, peatlands 

are the most widespread of all wetland types, covering over four million km2 (3%) of the 

planet’s land surface and comprising a significant area of the boreal and subarctic regions 

in the northern hemisphere (International Peat Society and Conservation Group 2002). 

 

Peat bogs dominated by Sporadanthus ferrugineus and Empodisma minus, members of 

the jointed rush family Restionaceae, are the functional equivalent of the northern 

hemisphere sphagnum raised bogs. Restiad bogs represent one of New Zealand’s most 

threatened ecosystems because of widespread drainage and conversion to pasture during 

the last 150 years (de Lange et al. 1999). As with wetlands in general, peat bogs have 

multiple values, including filtering sediments, moderating the effects of floods, regulating  
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water quality, and providing habitat for indigenous flora and fauna (Costanza et al. 1997; 

Watts and Patrick 2001). In addition, peat bogs sequester carbon through peat 

development and are therefore valuable in helping to offset global warming (Mitsch and 

Gosselink 1993). Because of their ecological and economic importance, we need to 

develop sound management strategies for the restoration of those peat bogs that have 

been degraded (Zedler 2000). 

 

The fundamental research questions in this thesis are: 

1. Are the invertebrate communities associated with peat bog vegetation affected by 

habitat loss and isolation?  

2. Are species interactions altered by habitat loss and isolation, and if so, how fast is the 

rate of recovery following habitat restoration?   

3. What are the effects of different restoration techniques on the beetle community, litter 

decomposition rates, and microbial activity in restored mined peat bogs?   

 

1.3 THESIS STRUCTURE 

The thesis comprises four main chapters (Chapters 2–5) that have been submitted to, or 

are in preparation to be submitted to, international peer-reviewed journals. These chapters 

are formatted according to the relevant journal style and are self-contained, with an 

introduction and background literature review. Consequently, a degree of repetition 

between chapters is unavoidable when similar issues are being addressed and/or when the 

same study area and methods have been used. The chapters differ in no substantive way 

from the versions submitted to the journals. 

 

Chapter 2 summarises an experimental trial examining the effect of wetland habitat loss 

and isolation on the invertebrate community associated with peat bog vegetation. The 

influence of habitat type and habitat isolation on invertebrate community structure, 

particularly species richness and the predator-prey ratio, was of central interest. This 
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chapter has been accepted for publication in Restoration Ecology as: Corinne H. Watts 

and Raphael K. Didham. “Influences of habitat isolation on invertebrate colonisation of 

Sporadanthus ferrugineus in a mined peat bog.”  

 

Chapter 3 examines the impact of wetland habitat loss and isolation on an interaction 

between a specialist insect herbivore and its host plant using experimental potted plants. 

Subsequently, the rate of recovery of the interaction was measured following 

experimental habitat restoration over a 6-year period. One of the strengths of these 

experiments is the use of both experimentally placed and naturally occurring plants, 

which allows the interpretation of the immediate effects of habitat loss as well as longer 

term recovery. Chapter 3 has been accepted for publication in Oecologia as: Corinne H. 

Watts and Raphael K. Didham. “Rapid recovery of an insect-plant interaction following 

habitat loss and experimental wetland restoration.” 

 

Data summarised in Chapters 2 and 3 were from the same potted plant experiment, but 

summarise different aspects of data collected during the trial. Due to specific comments 

from journal reviewers, some of the data have been analysed in a different manner 

between the two chapters. 

 

In Chapter 4, I compare beetle abundance, species richness and species composition at 

experimentally restored sites with those at nearby, unmined reference sites, and 

investigate the environmental factors influencing these distributions. Of particular interest 

was the response of the beetle community to different techniques of restoring cut-over 

peat bogs, such as direct transfer of islands of peat bog habitat and artificial seeding into 

prepared seedbeds. 

 

In the final research chapter, Chapter 5, I move away from the analyses of invertebrate 

abundance and species composition, and focus on an aspect of ecosystem function that is 

strongly mediated by litter invertebrates and micro-organisms – litter decomposition. 

Within an experimental trial, litter decomposition and microbial respiration rates were 

measured in restored mined areas subject to different restoration techniques and 
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compared with rates in an undisturbed restiad bog, to determine which methods of 

restoring mined peatlands encouraged the rapid re-establishment of nutrient cycling 

processes.  

 

Chapter 6 is a synthesis of the research presented in the preceding four chapters.  I 

attempt to provide a cohesive overview of the patterns and processes at work in restored 

cut-over peat bogs and discuss the implications of this research for restoration ecology. 

During the course of the study, further questions were raised on various aspects of 

restoration in mined peat bogs, and the final section in Chapter 6 develops these as 

directions for further research. 

 

Finally, three Appendices contain additional works derived from this study. Appendix A 

contains a copy of the draft manuscript of the taxonomic description of ‘Batrachedra’ sp. 

(Lepidoptera: Coleophoridae). This new genus and species was first discovered in 2003 

while I was conducting a pilot study to examine the effect of wetland habitat loss and 

isolation on the invertebrate community associated with peat bogs. ‘Batrachedra’ sp. 

then became the focus of the experimental trial summarised in Chapter 3. The paper has 

been submitted to Invertebrate Systematics as Robert H. Hoare, Corinne H. Watts, and 

John D. Dugdale. “The world’s thinnest caterpillar? A new genus and species of 

Coleophoridae s.l. (Lepidoptera) from Sporadanthus ferrugineus (Restionaceae), a 

threatened New Zealand plant”. 

 

Appendix B contains a popular article written in collaboration with Brian Patrick (Otago 

Museum) that was published in the Forest and Bird conservation magazine. The article 

focuses on the special animals and plants in wetland habitats and in particular on New 

Zealand’s threatened peat bogs and their invertebrate fauna.  This article was published as 

Corinne Watts and Brian Patrick. 2001. Creatures of the Swamp. Forest and Bird 299: 

32–35. 

 

The third paper in the Appendix (Appendix C) was published in collaboration with 

Raphael Didham and David Norton (University of Canterbury), and focuses on whether 
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systems with strong underlying abiotic regimes are more likely to exhibit alternative 

stable states. This paper was published as Raphael K. Didham, Corinne H. Watts and 

David A. Norton. 2005. Are systems with strong underlying abiotic regimes more likely 

to exhibit alternative stable states? Oikos 110: 409–416. 
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 CHAPTER 2 
 

2Influences of habitat isolation on invertebrate colonisation 

of Sporadanthus ferrugineus in a mined peat bog1 
 

2.1 ABSTRACT 

This study experimentally tested the impact of peat bog habitat loss and isolation on the 

invertebrate community associated with Sporadanthus ferrugineus (Restionaceae), a 

dominant indigenous plant species in peat bogs. Potted S. ferrugineus plants were 

exposed to invertebrates at various distances up to 800 m from an intact habitat (the 

source population) over 18 weeks. Invertebrates rapidly colonised the experimental 

plants, with all major Orders and trophic groups present on S. ferrugineus within 6 

weeks. However, with increasing distance away from the undisturbed habitat, there was 

a significant decrease in total species richness and abundance of invertebrates 

associated with the potted plants. Of the total taxa captured, only 38% were found on 

potted S. ferrugineus plants at 800 m compared with 62% found on potted plants 30 m 

from the intact peat bog. Predator species richness and the predator-prey ratio changed 

significantly with time available for colonisation of potted plants but, more importantly, 

prey (herbivores and detritivores) and predator (including parasitoids) species richness, 

as well as the predator-prey ratio, declined significantly with increasing isolation from 

the peat bog. Thus, the degree of isolation of restoration areas from undisturbed habitat 

has a major impact on the rate and patterns of recovery in invertebrate community 

structure. The current recommended practice of restoring the mined area by 

establishing raised ‘habitat islands’ 30 m apart should result in colonisation by most 

invertebrates associated with S. ferrugineus, but only if the restoration islands are 

placed as stepping stones outwards from existing areas of intact habitat. 

 

 

Keywords Peat bog restoration, habitat loss, wetland, peat mining, Restionaceae, 

community structure, predator-prey ratio. 

 
                                                 
1 A modified version of this chapter is ‘in press’ as Corinne H. Watts and Raphael K. 
Didham, Restoration Ecology. 
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2.2 INTRODUCTION 

Historically, the primary focus of most restoration projects has been on the 

reestablishment of vegetation structure and plant community composition (Majer 

1990). However, to conserve biodiversity and restore ecosystem functioning more 

effectively, restoration must move beyond the reconstruction of plant communities, and 

restore key biological interactions (Aronson et al. 1993; Hobbs and Norton 1996; Forup 

and Memmott 2005). In this regard, invertebrates in particular have received relatively 

little attention, despite their importance in ecosystem processes, such as decomposition, 

pollination, and higher trophic level interactions.  If these processes are to be restored 

and sustained in the long term, it is desirable to enhance the recovery of the 

invertebrate community (Simmonds et al. 1994; Keesing and Wratten 1998). 

Surprisingly, although some invertebrates are known to respond rapidly to ecosystem 

change and disturbance (Recher et al. 1993), little is known about the rate of recovery 

of invertebrate communities following large-scale restoration of degraded habitats 

(Davies et al. 1999). Studies that have monitored changes in the invertebrate 

communities in restored habitats through time have found that there is an initial 

increase in species diversity in the first 2–6 years following restoration; however, after 

8–14 years community composition at the restored sites is typically still markedly 

different from undisturbed reference sites (Watts and Gibbs 2002; Andersen et al. 2003; 

Davis et al. 2003; Nichols and Nichols 2003).  

 

There has been considerable focus on the rate of colonisation of restored habitats by 

plants and animals (Majer and Nichols 1998; Passell 2000; Williams and Zedler 1999; 

Jacquemyn et al. 2003), and explanations for differences between invertebrate 

populations in restored and natural sites are frequently attributed to dispersal limitation 

(Brown et al. 1997; Mortimer et al. 1998). Often those insects with limited mobility, 

such as flightless species, colonise created habitats slowly (over many years), if at all 

(Mortimer et al. 2002). For example, Armitage and Fong (2004) found proximity of the 

restored site to the natural source population strongly influenced snail densities and, 

even after 4 years, snail densities still remained lower than those in the natural site. The 

colonisation of restored sites by invertebrates may be stochastic, if it is simply the 

random probability of an invertebrate reaching the site that is limiting, or it may be 

deterministic, if the species does not have the ability to colonise under the current 

spatial arrangement of habitat. The degree of isolation of the habitat being restored is 
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crucial in both these scenarios. Numerous studies have shown that invertebrate 

communities are negatively affected by habitat isolation (Tscharntke 1992; Denys and 

Schmidt 1998; Dubbert et al. 1998; Zabel and Tscharntke 1998; Golden and Crist 1999; 

Kruess and Tscharntke 2000; Denys and Tscharntke 2002), and it is unlikely that all 

species are affected equally (Didham et al. 1996; Henle et al. 2004). For example, 

isolated clover and vetch patches were characterised by reductions in both species 

richness of parasitoids and percent parasitism rates, thereby releasing prey populations 

from top-down control (Kruess and Tscharntke 1994, 1999).   

 

Communities of herbivorous insects and their natural enemies (predators and 

parasitoids) associated with a single plant species, provide a relatively simple system in 

which the interactions between organisms can be experimentally analysed. Empirical 

studies using potted plants have an advantage over observational field studies, as 

confounding factors (such as patch age, patch size, habitat isolation and soil conditions) 

can be held constant. In this study, an experimental approach was used to examine the 

effect of habitat isolation on the invertebrate communities associated with 

Sporadanthus ferrugineus (Restionaceae), by comparing the invertebrates captured on 

potted plants placed on a recently mined peat surface at increasing distances from an 

undisturbed peat bog (the presumed source population). 

 

2.3 METHODS 

Study site 

The study was conducted at Torehape peat bog on the Hauraki plains of the North 

Island, New Zealand. Sporadanthus ferrugineus is a dioecious perennial with smooth 

wiry culms (stems) that form dense swards up to 3 m high (de Lange et al. 1999). It 

dominates the late successional stages of peat bogs and is a threatened endemic species 

now restricted to just three locations (Torehape, Kopouatai and Moanatuatua peat 

domes) in northern New Zealand (de Lange et al. 1999). Despite this, mining for 

horticultural peat still occurs at Torehape, but the operators are required to restore the 

area to original peat bog vegetation after the permitted depth of peat has been removed 

(usually 1 metre). The area of the peat mine is 150 ha, of which only 40 ha remain 

unmodified. Current recommended practice for restoration of mined areas involves the 

creation of raised ‘habitat islands’ (5 m diameter and 30 cm high) of processed peat 

approximately 30 m apart, seeded with branches of the shrub Leptospermum scoparium 
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(Myrtaceae) laden with ripe seed capsules. Leptospermum scoparium is an early 

successional plant in peat bogs, which is eventually out-competed by S. ferrugineus 

(Clarkson 2002). The islands reached 100% vegetation cover in 2 years, with late 

successional peat bog plants beginning to establish within this timeframe (Schipper et 

al. 2002).  

 

Experimental design 

Sporadanthus ferrugineus seedlings were collected from Torehape peat mine in August 

2003. Plants were grown in the glasshouse in 5-L plastic containers with milled peat 

from the Torehape peat mine. To exclude herbivorous invertebrates from plants in the 

glasshouse, the potted plants were sprayed with insecticide (Malathion) well before the 

experimental trial (29 September 2003). To remove any remaining insecticidal residue, 

the plants were thoroughly washed immediately before being transported to the field 

site. Stem height and number of stems were measured before plants were placed in the 

field. On 27 October 2003, five replicates of three grouped potted S. ferrugineus plants 

were dug into the mined peat surface at six distances from the adjoining intact peat bog 

(30, 60, 120, 240, 480 and 800 m). The potted plants within a group were spaced 

approximately 20 cm apart and each of the five groups was approximately 15 m apart at 

each of the distances. The trial was conducted during the summer months when insect 

activity is typically greatest (Klimaszewski and Watt 1997). The experimental plants 

were exposed on the recently mined peat surface, as it was devoid of vegetation that 

could potentially have been used as ‘stepping stones’ by invertebrates. Potted plants 

were placed at 30 and 60 m within the adjoining intact peat bog to act as controls. The 

plants placed at 30 m into the wetland were in areas where the vegetation was 

dominated by L. scoparium, and those plants located at 60 m within the wetland were 

in areas dominated by S. ferrugineus. No artificial watering occurred during the 

experiment.  

 

On 8 December 2003, 19 January 2004 and 1 March 2004 (after 6, 12 and 18 weeks in 

the field), one plant was retrieved from each plot for analysis, and replaced with a 

‘dummy’ S. ferrugineus plant (grown under the same glasshouse conditions) in order to 

avoid any effects of reducing plant numbers during the experiment. The timing of the 

experiment was based on access to the site and the adjoining peat bog, which was only 

logistically feasible during summer when the area was much drier than at other times 
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during the year. During retrieval from the field, plants were individually bagged to 

avoid invertebrates being lost en route to the laboratory. Subsequently, S. ferrugineus 

plants were placed in sealed emergence traps (Fig. 2.1) in the laboratory for 1 week to 

collect any ectophagous invertebrates. Invertebrates were sorted to morphospecies or 

recognized taxonomic units (RTUs) and stored in 70% ethanol. Each morphospecies 

was placed in one of four trophic guilds, based on whether it was a herbivore (live-

plant feeder), detritivore (including scavengers and fungal feeders), predator, or 

parasitoid (Dugdale 1988; Hutcheson 1997; Klimaszewski and Watt 1997). The 

predator-prey ratio was calculated by dividing the total number of predator and 

parasitoid individuals by the total number of herbivore and detritivore prey individuals 

(Klein et al. 2002; Denys and Tscharntke 2002). It is important to point out that 

individual potted plants are not a perfect surrogate for natural S. ferrugineus 

communities, but we use them here as an experimental model system to investigate 

relative invertebrate colonisation rates with respect to habitat isolation. 

 

 
Figure 2.1 Emergence traps used to collect Emergence traps used to collect 
ectophagous invertebrates associated with potted S. ferrugineus plants. 
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Statistical analyses 

The effects of habitat isolation on the invertebrate community associated with S. 

ferrugineus were analysed using generalised linear models (GLM) in GenStat version 

6.2 (VSN International 2002), testing fixed treatment effects of habitat type (whether 

the potted plants were within the intact peat bog versus on the mined peat surface), 

distance from the edge of the intact peat bog (metres), time available for colonisation 

(weeks), and their interactions. Distance was nested within habitat type to test whether 

there was an effect of increasing distance of isolation from the peat bog edge, 

independent of a discrete difference in invertebrate composition between the intact peat 

bog and the mined peat surface. GLM models with abundance of individuals captured 

per metre of S. ferrugineus stem, total species richness, predator species richness, and 

prey species richness as response variables used a poisson error distribution and 

logarithm link function, whereas the model testing the predator to prey ratio used a 

binomial error distribution and a logit link function.  

 

Stem height and total number of stems at both the start of the experiment and at the 

time of harvest were analysed to take into account changes in plant size during the 

experiment. Differences in plant size may influence experimental results because larger 

plants are more visible or produce more volatiles that attract invertebrates, or may 

provide more resources for oviposition. Consequently, plant size was incorporated into 

all models by entering whole plant size (total stem length) as a covariate in the GLMs.  

 

2.4 RESULTS 

Plant size and performance 

At the start of the experiment, there was no significant difference in either average stem 

height or total number of stems per plant for plants randomly allocated to time 

treatments (average stem height: F2,119=0.16, P=0.85; number of stems F2,119=1.97, 

P=0.14) or for plants randomly allocated to distance treatments (average stem height: 

F1,119=0.67, P=0.41; number of stems F1,119=1.39, P=0.22). However, at harvest it was 

evident that plants had grown significantly larger between 6 and 18 weeks (average 

stem height: F2,95=20.92, R2=0.250, P<0.001; number of stems: F2,95=3.97, R2=0.075, 

P=0.02). Furthermore, potted plants within the undisturbed peat bog grew significantly 

larger than plants positioned on the minesite (average stem height: F1,95=14.92, 

R2=0.374, P=0.003; number of stems: F1,95=24.62, R2=0.147, P<0.001), but more 
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importantly, plant height increment was greater nearer (at 30–60 m) the intact peat bog 

than further away (average stem height: F1,95=5.39, R2=0.0690, P=0.02; Fig. 2.2).  
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Figure 2.2 Average stem height of potted plants increased significantly over the course 
of the experiment, and plants closer to the peat bog grew significantly larger. Data were 
plotted on a linear scale with a logarithmic line fitted through the data for illustrative 
purposes. 6 weeks, y=3.44-0.00011 log(x+61); 12 weeks, y=3.54-0.000017 log(x+61) 
and 18 weeks, y=3.66-0.00025 log(x+61). Solid circles and solid line = 6 weeks, open 
triangles and dashed line = 12 weeks, and solid squares and dotted line = 18 weeks. 
Negative distances from the peat bog edge (located at 0m) are inside the undisturbed 
peat bog. 
 

Invertebrate community responses 

A total of 2,272 individuals from seven invertebrate Orders and 50 RTUs (referred to 

hereafter as species) were captured from the potted S. ferrugineus plants (Appendix 

2.1). The most common species was the aphid Rhopalosiphum rufiabdominalis 

(Aphididae: Homoptera) accounting for 34% of total abundance, the spider Lycosa 

hilaris (Lycosidae: Araneae) accounting for 15%, an unidentified species of 

Agromyzidae (Diptera) accounting for 10%, and the beetle Selenopalpus cyaneus 

(Oedemeridae: Coleoptera) accounting for 9% of the total individuals captured. 

Twenty-four species were polyphagous herbivores, 20 species were predators, four 

species were detritivores, and two were parasitoid species.  
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Despite the potentially confounding effect of a differential increase in plant size across 

treatments during the course of the experiment, the plant size co-variable had no 

significant effect on abundance of individuals captured per metre of S. ferrugineus stem 

(F1,100=0.69, P=0.504), total species richness (F1,100=0.56, P=0.694), predator species 

richness (F1,100=0.95, P=0.386), prey species richness (F1,100=1.06, P=0.302), or the 

predator-prey ratio (F1,100=0.05, P=0.829), and was subsequently removed from all 

GLM models. 

 

As expected, for all the response variables measured, more invertebrates were captured 

on potted S. ferrugineus plants within the undisturbed peat bog than plants positioned on 

the minesite (abundance of individuals per metre of stem: F1,100=7.99, R2=0.259, 

P=0.005; total species richness: F1,100=50.08, R2=0.503, P<0.001; predator species 

richness: F1,100=22.31, R2=0.298, P<0.001; prey species richness: F1,100=27.79, R2=0.486, 

P<0.001; predator-prey ratio: F1,100=10.18, R2=0.033, P=0.001). Despite this, distance of 

isolation from the undisturbed peat bog also had a significant direct impact on the 

invertebrates associated with potted plants at the minesite. Within the intact peat bog, the 

abundance of individuals captured per metre of S. ferrugineus stem ranged from 15 to 47 

and declined significantly with distance away from the peat bog edge (F2,100=7.99, 

R2=0.221, P=0.005). These relative invertebrate densities did not change significantly 

during the course of the experiment (F2,100=0.44, P=0.646; Fig. 2.3A).  

 

Total species richness also declined significantly with distance away from the peat bog 

edge (F2,100=9.21, R2=0.235, P=0.001), but in contrast to the abundance data, richness 

increased significantly during the course of the experiment (F2,94=4.13, R2=0.083, 

P=0.016; Fig. 2.3B). Of the species captured, only 38% (19/50) were found on potted 

Sporadanthus plants at 800 m compared with 62% (31/50) found on potted plants 30 m 

from the intact habitat.  The most successful colonisers of potted plants at 800 m from 

the intact peatland were R. rufiabdominalis and L. hilaris, and all but three of the 

species captured at 800 m were also captured on potted plants in the intact peat bog. 

The following three species, Iridomyrmex anceps (Formicidae, Hymenoptera), 

Teleogryllus commodus (Gryllidae, Orthoptera), and Scirtidae sp. 2 (Scirtidae, 

Coleoptera), are known to be extremely abundant in open, exposed habitats (Richard 

Harris, pers. comm.; Watts, unpublished data) and it is probable that they colonised the 

potted plants from the mined site rather than from the intact peat bog. 
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Figure 2.3 A, B Effects of habitat isolation on the invertebrate community associated 
with S. ferrugineus plants. (A) Abundance of individuals captured per metre of stem 
declined by one third with increasing distance away from the peat bog edge. y=-0.31-
0.00059 log(x+61). (B) Total species richness declined significantly with distance away 
from the peat bog and increased during the course of the experiment. 6 weeks, y=1.76-
0.00037 log(x+61); 12 weeks, y=1.95-0.00034 log(x+61); 18 weeks, y=2.03-0.00015 
log(x+61). Symbols as in Figure 2.2. 

A) 

B) 
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Guild responses 

Individual trophic guilds on experimentally placed potted S. ferrugineus plants were 

affected by habitat isolation. Both predator and prey species richness declined 

significantly with distance away from the peat bog edge (F1,100=8.03, R2=0.165, 

P=0.002; F1,95=16.97, R2=0.217, P<0.001, respectively; Fig. 2.4), and predator species 

richness increased within all treatments over the duration of the experiment 

(F2,100=4.15, R2=0.126, P=0.015; Fig. 2.4A). In contrast, prey species richness did not 

increase significantly over the course of the experiment (F2,95=2.01, P=0.13; Fig. 2.4B). 

The predator-prey ratio declined significantly with distance away from the peat bog 

edge (F1,95=8.03, R2=0.038, P=0.002; Fig. 2.4C). The ratio increased from 6 to 12 

weeks with time available for colonisation (F2,95=25.81, R2=0.169, P<0.001; Fig. 2.4C), 

and then decreased at 18 weeks. 
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Figure 2.4 A-C Effects of habitat isolation on predator and prey species richness and 
predator-prey ratios on S. ferrugineus. (A) Total predator species richness declined 
significantly with distance away from the peat bog and increased during the course of the 
experiment. 6 weeks, y=1.05-0.00031 log(x+61); 12 weeks, y=1.39-0.00042 log(x+61); 18 
weeks, y=1.46-0.00028 log(x+61). (B) Total prey species richness declined significantly 
with distance away from the peat bog edge, but did not change significantly over time. 
y=1.56-0.00056 log(x+61). (C) Predator-prey ratio (total number of predators individuals/ 
total number of prey individuals) peaked at 12 weeks and declined significantly with 
distance away from the peat bog edge. 6 weeks, y=0.61-0.00017 log(x+61); 12 weeks, 
y=0.76-0.00025 log(x+61); 18 weeks, y=0.25-0.00011 log(x+61). Symbols as in Figure 2.2.

C) 

B) 
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2.5 DISCUSSION 

Effects of habitat isolation on invertebrate communities 

Habitat isolation caused a significant decrease in the total species richness and 

abundance of the invertebrates associated with potted S. ferrugineus plants. Plants at 

800 m from a source area were more poorly colonised by invertebrates (only 39% of 

total taxa) than plants that were closer (e.g., 65% of the total taxa were present on 

plants at 30 m from the peat bog). Davis (1975) found that experimentally established 

nettle plots that were 800 m from the nearest nettle patch were colonised by only 50% 

of the local insect fauna over 3-year period. In the present study, only 13 (41%) of the 

31 invertebrate species captured on potted plants at 30 m, were also present on plants at 

800 m from the intact peat bog. Some species are disadvantaged in isolated habitats, 

thereby changing invertebrate community composition. For example, Zabel and 

Tscharntke (1998) found that species richness and abundance of monophagous 

herbivorous insects associated with Urtica were more affected by decreasing habitat 

area than habitat isolation, while polyphagous herbivores were more affected by 

increasing isolation. In the present study, both prey (herbivores and detritivores) and 

predator species richness (including parasitoids) and the predator-prey ratio, declined 

significantly with increasing isolation from the peat bog edge. Unfortunately, no 

predation or parasitism rates were measured in the present study. Nevertheless, as the 

richness of both trophic groups and the predator-prey ratio declined with increasing 

isolation from the peat bog edge, it is reasonable to expect that these responses may 

have an impact on species interactions. In contrast, Denys and Schmidt (1998) showed 

no significant correlation between the predator-prey ratio and increasing isolation from 

a source population along a rural-urban gradient. 

 

The most successful colonisers in the present study were aphids and lycosid spiders. 

The former are known to be good colonizers due to their small size, ability to disperse 

and rapid rate of increase on locating a favourable resource (van Emden 1990). The 

latter have high dispersal abilities (Forster and Forster 1999). Consequently, even a 

relatively high degree of isolation does not appear to be an insurmountable barrier for 

these groups. Less abundant species (<50 individuals) captured from the intact peat bog 

were less successful in colonising the experimental plants. Examples were the 

parasitoid, Aprostocetus sp. 1 (Eulophidae: Hymenoptera) and the ground weta, 

Hemiandrus pallitarsis (Anostostomatidae: Orthoptera) (see Appendix 2.1). These 
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results support findings that species fail to colonise an isolated habitat when the source 

populations are small (Pimm 1991; Denys and Schmidt 1998). 

 

Invertebrate-plant associations may include strictly monophagous species and broadly 

polyphagous species (e.g., Strong et al. 1984). Host specificity as a parameter is 

difficult to use in assessments of species richness due to its instability in space and time 

(Odegaard 2004). The assessment of isolation effects in this study may have been 

complicated by the inability to assess the strength of the association of the invertebrate 

species to the host plant. All invertebrates found on the experimental plants were 

recorded, including species associated with the host plant by chance, i.e. attracted to it 

for shelter, sun-basking or sexual display.  

 

Potential influence of plant size on invertebrate colonisation  

The host plant represents a variable and heterogeneous resource affecting the 

distribution of insect herbivores. For example, Neuvonen and Niemela (1981) found a 

significant correlation between plant size and insect herbivore diversity.  However, 

other studies have found differences in host-plant density (Basset and Novotny 1999), 

host-plant architecture (Boege 2005) or habitat isolation (Denys and Schmidt 1998) to 

be more important. Marques et al. (2000) suggested insect herbivore species respond to 

resource availability in a host plant, not plant size per se. In the present study, despite 

the significant change in plant size with increasing isolation from the peat bog edge, 

there was no discernable effect on the species richness and abundance of invertebrates 

in the experimental treatments.  

 

Implications for restoration 

Invertebrates rapidly colonised the potted plants in this study, with all the major Orders 

and trophic guilds found in the natural peat bog present on the potted S. ferrugineus 

plants within 6 weeks. Watts and Gibbs (2002) found that although all trophic guilds 

colonised restoration plantings during the first 2 years of restoration, herbivores and 

predators were dominant. Similarly, Gratton and Denno (2005) found that insect 

communities associated with Spartina recovered rapidly recovered following the 

reestablishment of native vegetation and were indistinguishable from insect 

communities in reference sites after just 5 years.  
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The present study indicates that habitat isolation negatively affected the colonisation 

process of invertebrates onto experimental S. ferrugineus plants over short distances 

(up to 800 m) and over a short time scale. At the same peat mine, Clarkson and Watts 

(2003) found the raised ‘peat island’ technique was effective in initiating the restoration 

of both plant and invertebrate assemblages in cutover bogs.  However, based on 

recovery after other disturbances (e.g., fire; Clarkson 2002), it will probably take 10 or 

more years before pre-mining species composition is attained and even then the time 

frame for the recovery of a fully functioning bog ecosystem is unknown (Clarkson and 

Watts 2003). Colonisation of new restoration sites by invertebrate species with limited 

powers of dispersal is likely to be a slow process, often driven by stochastic events. The 

targeting of restoration projects on land immediately adjacent to intact habitats is likely 

to result in more rapid colonisation of new sites by stenotopic invertebrates. Thus, the 

degree of isolation of restoration areas will have a major impact on the rate and patterns 

of recovery in invertebrate community composition. The current recommended practice 

of restoring the mined area by establishing raised ‘habitat islands’ 30 m apart should 

result in colonisation by most invertebrates associated with S. ferrugineus, but only if 

the restoration islands are placed as stepping stones outwards from existing areas of 

intact habitat.  
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Appendix 2.1 Total abundance of each invertebrate species captured during a potted S. ferrugineus experiment testing the impact of habitat isolation (n=120). Trophic Guild: 
Pr, predator; Pa, parasitoid; D, detritivore; H, herbivore. Sorted alphabetically by Order and Family.  
 

        Peat bog sites Mine sites         

Order family Taxon Name 
Trophic 
Guild -60 m -30 m 30 m 60 m 120 m 240 m 480 m 800 m 

                        
Araneida           
 Clubionidae Clubionidae sp. 1 Pr 6 8 3      
 Lycosidae Lycosa hilaris Koch Pr 67 68 42 36 45 31 15 14 
 Pisauridae Dolomedes minor (Koch) Pr 33 28 5 8 2  2 2 
 Salticidae Salticidae sp. 1 Pr 3  2   4  2 
  Salticidae sp. 2 Pr 3 3 1 2  6 8 3 
  Trite auricoma Urquhart, 1885 Pr 3 4 3   2 2 2 
 Theridiidae Theridiidae sp. 1 Pr  6 4  1    
  Theridiidae sp. 2 Pr 10 11 7 6 5 4 1 1 
 Unknown Araneida sp. 1 Pr 20 12       
Coleoptera           
 Anthicidae Anthicus minor Broun, 1885 D 16 13       
 Coccinellidae Coccinella undecimpunctata Linnaeus, 1758  Pr 7     1 2 1 
 Curculionidae Rhinocyllus conicus Froelich, 1792 H 3        
  Sericotrogus subaenescens Wollaston, 1873 H   1  1    
  Sitona lepidus Gyllenhal, 1834  H   1      
 Elateridae Conoderus exsul (Sharp, 1877)  H 3 1 1  1   1 
  Conoderus posticus (Eschscholtz, 1822)  H 3 3 1 1     
 Hydrophilidae Cercyon sp. 1 D 2 1 3 1     
  Limnoxenus zealandicus (Broun, 1880)  D 3 4 3 5     
 Melyridae Melyridae sp. 1 H    2  1   
 Oedemeridae Selenopalpus cyaneus (Fabricius, 1775)  H 40 32 20 10 4   1 
 Scarabaeidae Odontria sp. 1 H  1 1      
 Scirtidae Cyprobius sp. 1 Pr 2  3  1 3 2  
  Scirtidae sp. 1 Pr 1 4 2    1 3 
  Scirtidae sp. 2 Pr    2 1  1 2 
 Staphylinidae Anotylus sp. 1  Pr 11 11 5 5 6 4   
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        Peat bog sites Mine sites         

Order family Taxon Name 
Trophic 
Guild -60 m -30 m 30 m 60 m 120 m 240 m 480 m 800 m 

                        
Diptera           
 Agromyzidae Agromyzidae sp. 1 H 64 48 38 22 25 24 19 4 
 Anisopodidae Anisopodidae sp. 1 H  3       
 Lauxaniidae Lauxaniidae sp. 1 H  1       
 Tipulidae Tipulidae sp. 1 H 16 14 6 2 3 2 8 2 
Heteroptera           
 Aphididae Rhopalosiphum rufiabdominalis Sasaki  H 166 115 105 94 89 81 66 45 
 Lygaeidae Lygaeidae sp. 1 H 48 41       
  Rhypodes sp. 1 H 8 7 1      
 Unknown Heteroptera sp. 1 H 9 2 1      
  Heteroptera sp. 2 H  10       
  Heteroptera sp. 3 H 3 17 4 1 1    
  Heteroptera sp. 4 H 2 5       
Hymenoptera           
 Eulophidae Aprostocetus (Ootetrastichus) sp. 1 Pa 12 4       
 Formicidae Iridomyrmex anceps Roger 1863 Pr     2 4 1 1 
  Monomorium antarcticum (Fr. Smith) Pr 2  3  40   4 
  Ochetellus glaber Mayr (1862)  Pr    1     
  Paratrechina vaga (Forel, 1901) Pr      3   
 Ichneumonidae Ichneumonidae sp. 1 Pa 9 8 3 4 1 3 1 1 
 Sphecidae Sphecidae sp. 1 Pr 2 4 3      
Lepidoptera           
 Tineidae Opogona omoscopa (Meyrick, 1893) D 4 4 2 3 3 2 1  
 Batrachedridae Batrachedra astricta Philpott, 1930 H 1 1    4   
 Coleophoridae ‘Batrachedra’ sp. 1 H 2 4  1     
 Crambidae Orocrambus flexuosellus (White & Doubleday, 1843) H  1  1     
 Geometridae Chalastra pellurgata Walker, 1862 H 4 6 1   2 1 3 
Orthoptera           
 Anostostomatidae Hemiandrus pallitarsis (Walker, 1969) Pr 27 17       
 Gryllidae Teleogryllus commodus (Walker) H   2 2 4 3 3 4 
  Total abundance  615 522 277 209 235 184 134 96 
  Total species richness  36 37 31 21 19 19 17 19 



Chapter 3 

 36

CHAPTER 3 
 

3Rapid recovery of an insect-plant interaction following 

habitat loss and experimental wetland restoration2 
 

3.1 ABSTRACT 

This study examined the impact of wetland habitat loss and isolation on an insect-plant 

interaction, and the subsequent rate of recovery of the interaction following 

experimental habitat restoration. We compared herbivore colonisation rates and 

herbivory damage by ‘Batrachedra’ sp. (Lepidoptera: Coleophoridae) on 

experimentally placed potted Sporadanthus ferrugineus (Restionaceae) plants at 

increasing distances (up to 800 m) from an intact habitat (the source population). These 

tests showed that even a moderate degree of isolation (i.e. greater than 400 m) from the 

intact wetland habitat caused an almost complete failure of ‘Batrachedra’ sp. to 

colonise potted S. ferrugineus plants, at least in the short-term. The number of eggs and 

larvae of colonising ‘Batrachedra’ sp., as well as average larval size and the proportion 

of S. ferrugineus stems damaged all decreased logarithmically with increasing distance 

from the intact habitat, presumably due to dispersal limitation of the herbivore. 

Subsequently, to test whether the interaction can recover following habitat restoration, 

we surveyed herbivore colonisation rates and herbivory damage on naturally 

regenerated S. ferrugineus plants on experimentally restored ‘islands’ at increasing 

distances (up to 800 m) from an intact habitat. The rate of recovery of the interaction 

was surprisingly rapid (i.e. between 196 and 308 weeks). The degree of difference in 

the density of eggs and larvae, and the proportion of stems damaged with increasing 

isolation from the intact wetland, gradually diminished over 196 weeks. After 308 

weeks there was no significant difference in the insect-plant interaction between the 

intact wetland sites and any of the experimentally restored sites up to 800 m away. 

These results suggest that some insect-plant interactions can recover rapidly from 

habitat loss with restoration management.  
 

Keywords Sporadanthus ferrugineus, rate of recovery, habitat loss, peat mining, peat 

bog, dispersal limitation.  
                                                 
2 A modified version of this chapter is ‘in press’ as Corinne H. Watts and Raphael K. 
Didham, Oecologia. 
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3.2 INTRODUCTION 

Habitat loss frequently changes the abundance and population dynamics of plants and 

animals in habitat remnants (Didham 1997; Fahrig 2003; Wiegand et al. 2005). 

Research suggests these responses can be strikingly species-specific (Didham et al. 

1998; Henle et al. 2004), and at times highly idiosyncratic, depending on the landscape 

context (Steffan-Dewenter et al. 2002; Krauss et al. 2003) and prevailing biotic and 

abiotic conditions at the site (Krauss et al. 2004). The net result of varied population 

responses to habitat fragmentation is that interactions between species may become 

unstable or collapse (Fagan et al. 1999). Although it is often stated that habitat loss 

disrupts these interactions (Tscharntke 1992; Laurance and Bierregaard 1997; for a 

review see Tscharntke and Brandl 2004), relatively few studies have directly measured 

changes in species interactions in fragmented landscapes (Golden and Crist 1999; 

Steffan-Dewenter and Tscharntke 2000; Denys and Tscharntke 2002). Those studies 

which have addressed the issue experimentally (Kruess and Tscharntke 1994, 2000; 

Schulke and Waser 2001; Steffan-Dewenter and Tscharntke 1999; Steffan-Dewenter et 

al. 2001, 2002) have consistently found that abundance and species richness decline 

with increasing isolation from a natural source population, and that predators, 

parasitoids and pollinators are frequently more severely affected than phytophagous 

insects.  

 

One of the goals of ecological restoration following severe habitat fragmentation is to 

return the degraded ecosystems to their pre-disturbance state with respect to ecosystem 

structure, function and composition (Hobbs and Norton 1996). Intervention associated 

with restoration generally includes mitigation of the disturbance causing habitat 

degradation and the re-establishment of key ecosystem components (i.e. vegetation in 

terrestrial ecosystems). For example, wetland restoration generally involves halting 

drainage and mining, followed by seeding with key wetland plant species. This 

emphasis on returning the vegetation component of communities is typical of most 

restoration projects (Young 2000), and little consideration is given to other trophic and 

non-trophic linkages between producers and consumers (Majer 1990). However, if 

restoration is to be successful in conserving biodiversity, it must go beyond the 

reconstruction of plant composition, and restore interactions and processes (Aronson et 

al. 1993; Hobbs and Norton 1996; Forup and Memmott 2005). Lack of consideration of 

the impact of native species decline, dispersal limitation among habitat remnants, 
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altered trophic interactions and invasions by exotic species may all be reasons why 

degraded systems are often unresponsive to traditional restoration efforts (Opperman 

and Merenlender 2000; Suding et al. 2004; Didham et al. 2005). 

 

Although restoration practices are widespread and sometimes large in scale, only a few 

studies have monitored changes in both plant and animal communities following 

habitat disturbance and subsequently tested whether species assemblages recover 

following restoration (Davies et al. 1999; Baer et al. 2002). For example, Wassenaar et 

al. (2005) monitored species assemblages of dung beetles, millipedes, trees, small 

mammals and birds in coastal dune forests after the removal of vegetation for mining. 

They showed that the community structure of restored dune forests does recover within 

approximately 41 years. In other cases, species recovery may be even slower, or may 

not occur at all (Didham et al. 2005). In contrast, a few recent studies are starting to 

suggest that some invertebrate communities can recover much more rapidly from 

severe habitat disturbance with only moderate restoration effort (Becker et al. 1991; 

Andresen 2003). However, we are unaware of any studies that have taken the additional 

step of testing the rate at which interactions between species recover following habitat 

disturbance and subsequent restoration management.   

 

Here, we address two important questions: are species interactions altered by severe 

habitat disturbance, and if so, how fast is the rate of recovery following habitat 

restoration?  We experimentally tested the impact of habitat loss and isolation on the 

interaction between a specialist insect herbivore and its host plant, and then measured 

the rate of recovery of the interaction after experimental habitat restoration over a six-

year period. In taking this approach we can measure not only a change in the relative 

abundance of species following habitat loss, but we are also able to quantify the 

consequences of population decline for the strength of interactions between species 

(Didham et al. 1996).  

 

3.3 MATERIALS AND METHODS 

Site description 

The study was conducted at Torehape wetland on the Hauraki plains of the North 

Island, New Zealand. Sporadanthus ferrugineus (Restionaceae) is an endemic 

dioecious perennial with smooth wiry culms (stems) forming dense swards up to 3 m 
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high (de Lange et al. 1999) that dominate the late successional stages of Restionaceae-

dominated peat bogs. Because of extensive habitat modification, S. ferrugineus is now 

listed as a threatened species and is restricted to just three locations (Torehape, 

Kopouatai and Moanatuatua peat domes) in northern New Zealand (de Lange et al. 

1999). Mining for horticultural peat occurs at Torehape, and operators are required to 

restore the area to original wetland vegetation after the permitted depth of peat has been 

removed (usually 1 metre). The area of the peat mine is 150 ha, of which only 40 ha 

remains unmodified. In earlier experimental trials, the most effective restoration 

technique was found to be the creation of raised ‘habitat islands’ (5 m diameter and 30 

cm high) of processed peat, seeded with branches of Leptospermum scoparium 

(Myrtaceae) laden with ripe seed capsules (Schipper et al. 2002). Leptospermum 

scoparium is an early successional plant in peat bogs that is eventually out-competed 

by species that are dominant later in succession such as S. ferrugineus (Clarkson 2002). 

The islands reached 100% vegetation cover within 2 years, with late successional 

wetland plants beginning to establish within this timeframe (Schipper et al. 2002). 

Miners now use this approach to restore large contiguous areas (ca 100 ha) of mined 

peat. 

 

The plant-herbivore system 

The herbivore studied is a stem-boring, monophagous herbivore ubiquitous on S. 

ferrugineus, and represents an undescribed genus and species of Lepidoptera probably 

belonging to Coleophoridae (in the sense of Kaila 2004). The closest described genus is 

thought to be Batrachedra (Robert Hoare, personal communication), so the species is 

referred to here as ‘Batrachedra’ sp. Eggs are laid in late spring (November) near the 

scale-like leaf base and larvae mine in the green photosynthetic layer of the culm, 

leaving star-shaped mines extending up the culm. Although more than one mine is 

commonly observed on a single culm, there is only ever one larva present per culm. 

The larvae are long (20 mm) and thin, and highly modified morphologically for 

tunnelling in the narrow stems of S. ferrugineus. They are extremely small relative to 

the size of the host plant and there is no indication that ‘Batrachedra’ sp. has any effect 

on S. ferrugineus density or distribution. Pupation occurs in the internodes of the culms 

and adults hatch over spring (October–December).  The wingspan of the moth is 12 

mm; however, its flight capability and therefore its dispersal ability is unknown (Robert 
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Hoare, personal communication). Preliminary evidence suggests the moth may have a 

2-year life cycle.  

  

Experimental design 

To examine the effect of wetland habitat loss and isolation on the insect-plant 

interaction we first compared herbivore colonisation rates and herbivory damage on 

potted S. ferrugineus plants at various distances from the source population over 18 

weeks. Subsequently, to test the rate of recovery of the interaction after habitat 

restoration we surveyed the herbivore colonisation rates and herbivory damage on 

naturally regenerated S. ferrugineus plants on experimentally restored habitat islands.  

 

Impact of habitat loss on an insect-plant interaction 

For the potted plant experiment, S. ferrugineus seedlings were collected from Torehape 

peat mine in August 2003. Plants were grown in the glasshouse in 5-L plastic 

containers with milled peat from Torehape peat mine. Number of stems and height of 

each stem were recorded before plants were randomly allocated to treatments in the 

field. On 27 October 2003, five replicates of three grouped potted plants were dug into 

the mined peat surface at six distances from the adjoining intact wetland (30, 60, 120, 

240, 480 and 800 m). The plants were exposed on the recently mined peat surface as it 

was devoid of vegetation that could have been used as ‘stepping stones’ by dispersing 

‘Batrachedra’ sp. adults. Potted plants were also placed at 30 and 60 m within the 

adjoining intact wetland to act as controls. The plants placed at 30 m (±5 m) into the 

wetland were in areas where the vegetation was dominated by L. scoparium, and those 

plants located at 60 m (±5 m) within the wetland were in areas dominated by S. 

ferrugineus. No artificial watering occurred during the experiment. On 8 December 

2003, 19 January 2004 and 1 March 2004 (after 6, 12 and 18 weeks in the field), one 

plant was retrieved from each replicate for analysis and replaced with a ‘dummy’ S. 

ferrugineus plant of a similar size (and grown under the same glasshouse conditions) to 

avoid possible negative effects of reducing the number of grouped plants during the 

experiment. At the end of the experiment, the 80 ‘dummy’ plants were visually 

searched for the presence of ‘Batrachedra’ sp., but only 16 of the plants exposed in the 

field on the 8 December 2003 had eggs or larvae present.  None of the ‘dummy’ plants 

placed in the field later than this date had eggs or larvae present. 
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In the laboratory, half of the stems on each collected S. ferrugineus plant were sampled, 

measured for length, and dissected to count the larvae of ‘Batrachedra’ sp. The number 

of eggs (deposited externally on the stem), feeding scars and larvae (alive, dead, 

presence of a head capsule, or presence of frass) were recorded for each stem. External 

stem-mining damage was used to calculate the proportion of stems damaged per plant. 

Here we use ‘herbivory rate’ (proportion of stems damaged) as a measure of the 

strength of the interaction between ‘Batrachedra’ and S. ferrugineus.  

 

Rate of recovery of an insect-plant interaction following experimental restoration 

To test the rate of recovery of the insect-plant interaction following restoration, we 

surveyed the density of eggs and larvae of ‘Batrachedra’ sp., and the amount of 

herbivory damage on naturally regenerated S. ferrugineus plants on experimentally 

restored habitat islands (5 m in diameter) that were 196 weeks and 308 weeks old. 

These restored islands were first colonised by L. scoparium through the experimental 

addition of cut branches bearing seed capsules and later by natural dispersal of S. 

ferrugineus, typically within two years (Schipper et al. 2002). On 21 April 2004, ten 

young S. ferrugineus stems were harvested from each of three plants on two habitat 

islands at each of six distances (30, 60, 120, 240, 480 and 800 m) from the adjoining 

intact wetland (i.e. 360 stems in total). Within the adjacent intact wetland, ten young 

stems were collected from each of three plants at two locations at 30 m and two 

locations at 60 m inside the wetland edge (i.e. 120 stems in total). In the laboratory, 

stem length was measured and stems were searched for the presence/absence of 

‘Batrachedra’ sp. and herbivory damage, as described above. 

 

When comparing herbivore abundance and damage on the potted S. ferrugineus plants 

(experiment 1) with abundance and damage on naturally regenerated S. ferrugineus 

plants (experiment 2), the slope of the relationship with distance from the wetland edge 

was used rather than absolute levels of abundance or damage. This was because the 

potted plants were much smaller than the naturally occurring S. ferrugineus plants and 

therefore absolute herbivore abundance and damage levels in the two experiments 

might not be directly comparable. Plant size may have a large impact on herbivore 

responses, because larger plants may be more visible, produce more volatiles that 

attract adult moths or provide more resources for oviposition (thus increasing 

colonisation rate). Furthermore, it is widely accepted that larger host-plant patches will 



Chapter 3 

 42

have a higher probability of establishment success and lower risk of population 

extinction than smaller host-plant patches, for any given colonisation rate.  However, 

within either experiment 1 or experiment 2, considered separately, all the host-plant 

patches were equivalent in size with respect to distance of isolation. Therefore, the 

slope of the relationship between herbivore abundance or damage with increasing 

distance of isolation provides an accurate relative measure of colonisation limitation at 

the time of sampling. We assume these slope estimates can be used as a measure of 

how the relative effects of habitat isolation on herbivory rates might change through 

time following restoration.  

 

Statistical analyses 

The effects of habitat loss and subsequent habitat restoration on the insect-plant 

interactions were analysed using generalised linear models (GLM) in GenStat version 

6.2 (VSN International 2002), testing fixed treatment effects of distance from the 

adjoining intact wetland and time available for restoration, and the interaction between 

distance and time. Models with number of eggs per metre of stem, number of larvae per 

metre of stem and average larval size as response variables used a normal error 

distribution with a loge (x+1) link function, whereas models testing the proportion of 

stems damaged per plant used a binomial error distribution and a logit link function.  

 

To take into account changes in plant size during the potted plant experiment, 

differences in stem height and total number of stems were compared between 

treatments at both the start of the experiment and at the time of harvest, using the GLM 

described above (with a normal error distribution). Preliminary statistical analyses 

showed that at the start of the potted S. ferrugineus experiment there was no significant 

difference in either average stem height or total number of stems of plants randomly 

allocated to time treatments (average stem height: F2,114=0.14, P=0.87; number of 

stems F2,114=1.94, P=0.15) or of plants randomly allocated to distance treatments 

(average stem height: F1,114=0.25, P=0.62; number of stems F1,114<0.01, P=0.99). 

However, at harvest it was evident that plants had grown significantly larger from 6 to 

18 weeks (average stem height: F2,95=9.34, R2=0.161, P<0.001; number of stems 

F2,95=4.15, R2=0.078, P=0.01) and that plant height increment had been significantly 

greater nearer the intact wetland than further away (average stem height: F1,95=15.56, 

R2=0.116, P<0.001; number of stems F1,95=1.87, P=0.17). Consequently, because 
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differences in plant size may have introduced potential bias due to altered plant 

apparency for dispersing moth, plant size was incorporated into all the models by 

entering whole plant size (total stem length) as a covariate in the GLMs.  

 

3.4 RESULTS 

Impact of habitat loss on an insect-plant interaction 

Adult oviposition rates and larval densities of ‘Batrachedra’ sp. on experimentally 

placed potted S. ferrugineus plants were strongly affected by habitat loss. Both the 

number of eggs and the number of larvae per metre of stem declined significantly with 

distance away from the wetland (eggs: F1,95=193.97, R2=0.652, P<0.001; Fig. 3.1A; 

larvae: F1,95=111.37, R2=0.266, P<0.001; Fig. 3.1B). Even though a large quantity 

(2490 metres) of S. ferrugineus stems were examined for ‘Batrachedra’ sp. over 18 

weeks, no eggs, larvae or signs of herbivory damage were found on potted plants at 800 

m from the intact wetland.  

 

Despite the potentially confounding effect of a differential increase in plant size across 

treatments during the course of the experiment, the plant size co-variable had no 

significant effect on egg density (F1,95=1.52, P=0.360), larval density (F1,95=0.33, 

P=0.565), average larval size (F1,95=0.15, P=0.701) or the proportion of stems damaged 

per plant (F1,95=0.09, P=0.778), and was subsequently removed from all GLM models. 

 

There was no main effect of time available for colonisation on oviposition rates 

(F2,95=1.08, P=0.343) and there was no significant difference in the slope of the 

distance relationship with time (time-distance interaction effect: F2,95=2.84, P=0.063; 

Fig. 3.1A), suggesting most oviposition must have occurred within a very narrow 

window of time early in the experiment.  

 

The density of larvae increased significantly during the course of the experiment as 

eggs hatched (F2,95=49.61, R2=0.503, P<0.001), but surprisingly the slope of the 

relationship with distance of isolation became significantly steeper from 6 to 18 weeks 

(time-distance interaction effect: F2,95=19.69, R2=0.070, P<0.001; Fig. 3.1B). However, 

this was largely due to very few larvae having hatched at 6 weeks, giving a weak 

relationship between larval density and distance of isolation (Fig. 3.1B). No measurable 

larvae were recorded during the first 6 weeks of the experiment (only head capsules 
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and frass were found), but for larvae found in weeks 12 and 18, average larval size 

declined significantly with distance away from the wetland (F1,95=7.58, R2=0.125, 

P=0.008), and the relative distance effect was the same at both 12 and 18 weeks (time-

distance interaction effect: F1,48=0.05, P=0.829). 

 

The effect of isolation from intact habitat on ‘Batrachedra’ sp. oviposition rates and 

larval densities had a direct impact on rates of herbivory damage on potted plants. 

Within the intact wetland, the proportion of stems damaged on each potted plant ranged 

from 18 to 47% and declined significantly with distance away from the wetland 

(F1,95=308.48, R2=0.792, P<0.001; Fig. 3.1C). Remarkably, distance of isolation alone 

explained 79% of the variance in herbivory damage on potted plants.  

 

Even though the density of larvae in stems increased significantly over the 18 weeks, 

there was no main effect of time available for colonisation on the proportion of stems 

damaged (F2,95=2.15, P=0.12). However, the slope of the distance relationship did 

become significantly shallower through time (time-distance interaction effect 

F2,95=6.56, R2=0.033, P=0.001; Fig. 3.1C), although this effect was comparatively 

weak, explaining only 3.3% of the variance in the data.   
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Figure 3.1 Habitat isolation strongly affected insect-plant interactions. The average number 
of (A) eggs and, (B) larvae per metre of S. ferrugineus stems, and (C) the proportion of S. 
ferrugineus stems damaged by ‘Batrachedra’ sp. declined significantly with distance away 
from the wetland, and increased significantly over the course of the experiment. Solid circles 
and solid lines = 6 weeks, open triangles and dashed lines = 12 weeks, and solid squares and 
dotted lines = 18 weeks. Equations of the fitted lines are given in Appendix 3.1. Negative 
distances from the wetland edge (located at 0 m) are inside the undisturbed wetland. 

B) 

C) 
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Rate of recovery of an insect-plant interaction following experimental restoration  

As expected, the density of eggs, the density of larvae, and the proportion of stems 

damaged by larval feeding were all substantially greater on large naturally regenerated 

S. ferrugineus plants than on small experimental potted plants, even for adjacent plants 

within the wetland itself. Consequently, the significant main effects of time available 

for restoration on the density of eggs (F4,185=18.88, R2=0.294, P<0.001; Appendix 

3.2A), the density of larvae (F4,185=50.14, R2=0.525, P<0.001; Appendix 3.2B), and the 

proportion of stems damaged per plant (F4,185=89.83, R2=0.421, P<0.001; Appendix 

3.2C) were confounded by differences in experimental protocols between potted S. 

ferrugineus plants (6, 12 and 18 weeks) and naturally regenerated plants on restored 

habitat islands (196 and 308 weeks). Nevertheless, the relative slopes of the 

relationship between herbivory and distance from the wetland were interpretable, and 

did change significantly as restoration proceeded (Fig. 3.2; Appendix 3.1). 

 

For both the density of eggs and the density of larvae, the slope of the distance 

relationship became significantly shallower through time (time-distance interaction 

effects: F4,176=41.53, R2=0.283, P<0.001 and F4,176=30.70, R2=0.183, P<0.001, 

respectively), so that by 196 weeks after experimental restoration there was no 

significant difference in either the density of eggs or larvae per metre of stem with 

increasing distance from the wetland (Fig. 3.2A, B).   

 

For herbivory damage, the relative trend in proportion of stems damaged with 

increasing distance from the wetland changed significantly as restoration proceeded 

(time-distance interaction effect F4,176=22.84, R2=0.107, P<0.001; Fig. 3.2C). In this 

case, distance of isolation from the wetland had a significant negative effect on 

herbivory damage from 6 to 196 weeks after experimental plants were established, 

whereas after 308 weeks herbivory damage at all distances was similar to levels 

recorded within the undisturbed wetland (Fig. 3.2C). 
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Figure 3.2 Rapid rate of recovery of an insect-plant interaction following experimental 
wetland restoration. The mean (±SE) slopes of the relationships between distance of 
isolation and (A) density of ‘Batrachedra’ sp. eggs, (B) density of larvae, and (C) 
herbivory damage on S. ferrugineus plants, all changed significantly with time after 
experimental restoration was initiated. Slope estimates at 6, 12 and 18 weeks are from 
Figure 3.1, and slope estimates for 196 and 308 weeks are from Appendix 3.2. Within 
only 196 to 308 weeks after restoration, distance of isolation no longer had a 
statistically significant effect on herbivore abundance or herbivory damage rates. 
Asterisks indicate when the slopes of the relationships differed significantly from zero, 
*** = P<0.001. Note that the x-axis is on a log10 scale. 
 

 

3.5 DISCUSSION 

Loss of wetland habitat caused an almost complete failure of a specialist insect to 

colonise isolated S. ferrugineus plants at distances of between 400 and 800 m from an 

undisturbed wetland. Surprisingly, recovery of the interaction following experimental 

habitat restoration was remarkably rapid. Three years after restoration, there was no 

significant difference in the frequency of oviposition on host plants at differing 

distances of isolation from the wetland, and 6 years after restoration the degree of 

herbivory damage had returned to pre-habitat loss levels.  

 

C) 
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To date, most studies have shown that insect species richness has been comparatively 

slow (i.e. 8–12 years) to recover to a pre-disturbance state following restoration of 

degraded habitats (for a review see Hoffman and Andersen 2003); however, there is 

less known about the rate of recovery of community composition or relative abundance 

of species (Davies et al. 1999). Despite the theoretical and practical importance of 

differential species losses for the stability of interactions in fragmented landscapes 

(Fagan et al. 1999), to our knowledge no studies have monitored the strength of insect-

plant interactions following habitat loss or tested whether these relationships can 

recover to a pre-disturbance state with restoration management. In the Torehape 

wetland system, the specialist moth herbivore rarely colonised new host patches more 

than 200 m from the source population over 18 weeks. However, within just 6 years of 

habitat restoration, herbivore population densities and the strength of the insect-plant 

interaction had recovered to pre-disturbance levels at all distances up to 800 m from the 

intact wetland habitat.  

 

Insect-plant interaction disrupted by loss of wetland habitat  

During the potted S. ferrugineus trial, the densities of eggs and larvae, the average size 

of larvae, and the proportion of stems damaged by ‘Batrachedra’ sp. all decreased 

significantly with distance from the intact wetland. Colonisation of potential host 

patches by ‘Batrachedra’ sp. was clearly limited by the degree of isolation from the 

nearest source population. Similarly, Kruess and Tscharntke (1994) found the 

population density of stem-boring herbivores on clover was dramatically reduced by 

75% at 100 m from the nearest source population. The comparable figure in the present 

study was a 75% reduction in the proportion of stems damaged at approximately 200 m 

from the wetland edge.  

 

In this study, ‘Batrachedra’ sp. rapidly colonised experimentally placed potted plants 

from 0 to 480 m from the source population, but no herbivore activity (oviposition or 

larval herbivory) was recorded at 800 m from the wetland. Over the course of the 

potted plant experiment (18 weeks) the amount of herbivore activity on plants did not 

increase significantly, suggesting most oviposition must have occurred within a very 

narrow window of time (6 weeks) following the placement of experimental plants onto 

the mined peat surface.  However, the slope of the distance of isolation effect did 

become significantly shallower from 6 to 18 weeks, giving an initial indication that 
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increasing time available for colonisation was required for adult moths to locate more 

isolated plants. In the short-term, then, habitat isolation of even a few hundred metres 

restricted the dispersal of ‘Batrachedra’ sp. to S. ferrugineus plants and is likely to 

impose a metapopulation structure on populations within the remaining widely spaced 

habitat fragments (Tscharntke and Brandl 2004).  

 

Dispersal ability is a fundamental factor influencing colonisation of newly created 

habitats (Mortimer et al. 1998). Often those insects with limited mobility, such as 

flightlessness, colonise restored habitats slowly over many years, if they colonise at all 

(Mortimer et al. 2002). For example, Armitage and Fong (2004) found the proximity of 

the restored site to the natural source population strongly influenced snail densities and 

that even after 4 years snail densities remained lower than those in the natural site. 

Consequently, presence of the host plant alone is not sufficient to guarantee the 

maintenance of an herbivore-plant interaction, but instead depends on the spatial 

arrangement of remaining habitats.  

 

The disruption of trophic interactions due to habitat isolation is not only restricted to 

herbivore-plant interactions, as other studies using experimental potted plants have 

shown similar results in pollination systems and parasitoid-herbivore interactions. For 

example, several experimental studies have shown that pollinators will fly up to 400 m 

to isolated plant populations, although pollinators were less diverse and abundant on 

these isolates (Steffan-Dewenter and Tscharntke 1999; Schulke and Waser 2001). 

Further, Groom (1998) suggested that small patches of a flowering herb suffered 

reproductive failure due to lack of effective pollination when a critical isolation 

threshold of 105 m was exceeded. Parasitoids are also highly susceptible to habitat 

isolation because of their specialisation and high trophic level (Lawton 1995). 

Numerous studies have shown that parasitoids are negatively affected by habitat 

isolation (Denys and Schmidt 1998; Kruess and Tscharntke 2000; Kruess 2003), 

resulting in some degree of release of herbivores from parasitism (Kruess and 

Tscharntke 1994; 1999). Despite the importance of altered trophic interactions in these 

systems, no experimental research has previously been undertaken to determine 

whether the interactions can recover following habitat restoration.  
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Rapid recovery of an insect-plant interaction following experimental wetland 

restoration 

In this study we found the rate of recovery of the insect-plant interaction was rapid 

(between 196 and 308 weeks) following restoration. Numerous previous studies have 

examined the effects of restoration on individual plant or insect species richness, as 

well as various components of species diversity and composition (Muller et al. 1998; 

Reay and Norton 1999; Watts and Gibbs 2002), but none of these studies have shown 

such a rapid rate of species recovery. For example, Davis et al. (2003) found that dung 

beetle assemblages in restored sites were comparable with those in natural forests after 

9–12 years, and recovery was related to the degree of closure of the woodland canopy 

(Davis et al. 2002, 2003). Similarly, numerous studies of the responses of Australian 

ant communities to mine site restoration have found that although ant species diversity 

generally increased over the first 2–6 years following restoration, the ant communities 

at restored sites were still markedly different from those at undisturbed reference sites 

after 8–12 years (Majer and Nichols 1998; Bisevac and Majer 1999; Andersen et al. 

2003; Nichols and Nichols 2003). These community-level trends are not markedly 

different from the moth community at Torehape. After 2 years, restoration islands 

showed 41% of species in common with the undisturbed wetland site, 48% in common 

at 3 years, and 55% at 6 years (Watts, unpublished data). Nevertheless, the recovery of 

abundance and herbivory rates of ‘Batrachedra’ sp. within the same timeframe was 

much more rapid. This is perhaps surprising, as ‘Batrachedra’ sp. is a specialist 

monophagous herbivore, and one of Hoffman and Andersen’s (2003) key conclusions 

was that specialist (ant) species were typically among the last to colonise mine sites 

undergoing restoration. Specialised insect species are typically more adversely affected 

by habitat disturbance than generalist insects (Lawton 1995; Zabel and Tscharntke 

1998; Warren et al. 2001), because they depend on conditions (such as a single habitat 

type or food source) that are less likely to occur in small isolated patches and they may 

cross larger distances between suitable habitats (Thomas 2000), and the inference has 

always been that they will be slower to recolonise. 

 

In a review of 39 datasets relating to recovery of faunal communities during tropical 

forest regeneration, Dunn (2004) found that the species richness of the animal taxa 

considered can be predicted to resemble that of mature forests roughly 20–40 years 

after habitat disturbance. However, indirect evidence points to the ability of some 
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invertebrate species to recover more rapidly from severe habitat disturbance. In central 

Amazonia, Powell and Powell (1987) found that male euglossine bees declined in 

abundance in small forest fragments following isolation, even though corridors 

separating the fragments from continuous forest were as narrow as 100 m wide. Just 5 

years later, after extensive regeneration of secondary vegetation surrounding the forest 

fragments, bee abundance was greater in the 10- and 100-ha fragments than in 

continuous forest (Becker et al. 1991). The recovery of bee populations was thought to 

be due to the increased availability of nest sites and rich pollen sources in secondary 

vegetation (Becker et al. 1991). Klein (1989) observed similar trends (fewer species 

and a decline in abundance) in the dung beetle communities at the same central 

Amazonian sites. When the fragments were resurveyed just 11 years later by Andresen 

(2003), the continuous forest and the 10-ha fragments had similar dung beetle species 

richness and composition. Two further recent studies have shown that arthropod 

communities can rapidly recover following the reestablishment or regeneration of 

native vegetation (Dubbert et al. 1998; Gratton and Denno 2005). For example, in a salt 

marsh community the rapid return of the native Spartina dominated vegetation was 

accompanied by an equally rapid recovery of the associated arthropod assemblage, 

which was indistinguishable from that in the undisturbed Spartina reference sites after 

just 5 years (Gratton and Denno 2005). Taken together, these data are consistent with 

an emerging body of evidence that suggests that some invertebrate communities can 

recover surprisingly rapidly from severe habitat disturbance with only moderate 

restoration effort.   

 

Ultimately, our experiment has shown that wetland habitat loss caused an almost 

complete failure of a specialist insect-plant interaction on isolated S. ferrugineus plants 

(>400 m) in the short-term. Surprisingly, recovery of the interaction following 

experimental habitat restoration was remarkably rapid, and 6 years later herbivore 

population levels and the degree of herbivory damage had returned to pre-habitat loss 

levels. From a conservation perspective, our results are encouraging as they suggest the 

potential not only to restore physical structure and species dominance within 

regenerating communities, but also the potential to restore key interactions between 

species. 
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Appendix 3.1 Rapid rate of recovery of an insect-plant interaction following experimental wetland 
restoration. Mean response and regression parameters for (A) density of eggs, (B) density of larvae, and 
(C) proportion of stems damaged during the potted plant trial (6, 12 and 18 weeks) and following 
experimental restoration (196 and 308 weeks). The mean (±SE) values for egg density, larval density and 
proportion of stems damaged are presented as untransformed values, whereas the intercept and slope 
estimates are for model fits of the transformed data (see Materials and Methods). Note that the fitted 
regression model in (C) is a logistic regression. 
 
 
A)  Egg density 

Mean (±SE) density of larvae per metre of stem  
Distance (m) 

Mean (±SE) parameters 
of linear regression 

Time 
(weeks) 

-60 -30 30 60 120 240 480 800 intercept slope 

6 1.365 
(0.028)

0.869 
(0.086) 

0.815 
(0.078)

0.523
(0.090)

0.595 
(0.082)

0.318 
(0.041)

0.046 
(0.046) 0 0.592 

(0.032)
-0.000946 

(0.000108)
12 1.080 

(0.096)
0.693 

(0.043) 
0.703 

(0.052)
0.395

(0.132)
0.271 

(0.054)
0.129 

(0.050)
0.024 

(0.242) 0 0.480 
(0.034)

-0.000813 
(0.000115)

18 0.781 
(0.063)

0.657 
(0.074) 

0.701 
(0.054)

0.613
(0.065)

0.571 
(0.032)

0.550 
(0.049)

0.279 
(0.104) 0 0.530 

(0.018)
0.000623 

(0.000058)
196 0.936 

(0.012)
0.948 

(0.007) 
0.924 

(0.008)
0.925

(0.007)
0.931 

(0.011)
0.901 

(0.018)
0.897 

(0.016)
0.885 

(0.008)
0.930 

(0.019)
0.000066 

(0.000052)
308 1.050 

(0.042)
1.025 

(0.032) 
1.030 

(0.014)
0.987

(0.029)
0.990 

(0.016)
0.976 

(0.022)
0.935 

(0.022)
0.867 

(0.015)
1.045 

(0.031)
0.000222 

(0.000841)
 
 
B)  Larval density 

Mean (±SE) density of larvae per metre of stem  
Distance (m) 

Mean (±SE) parameters 
of linear regression 

Time 
(weeks) 

-60 -30 30 60 120 240 480 800 intercept slope 

6 0.091 
(0.027)

0.072 
(0.035) 

0.137 
(0.017)

0.082
(0.033) 0 0.045 

(0.031) 0 0 0.072 
(0.011)

0.000120 
(0.000038)

12 0.444 
(0.050)

0.328 
(0.020) 

0.391 
(0.095)

0.231
(0.081)

0.291 
(0.010)

0.095 
(0.053)

0.024 
(0.024) 0 0.283 

(0.019)
0.000441 

(0.000065)
18 0.613 

(0.051)
0.571 

(0.059) 
0.611 

(0.071)
0.543

(0.031)
0.512 

(0.029)
0.473 

(0.038)
0.195 

(0.074) 0 0.466 
(0.015)

0.000561 
(0.000051)

196 0.710 
(0.042)

0.685 
(0.032) 

0.690 
(0.014)

0.647
(0.026)

0.650 
(0.016)

0.636 
(0.022)

0.600 
(0.017)

0.572 
(0.051)

0.696 
(0.029) 

0.000221 
(0.000079)

308 0.916 
(0.012)

0.928 
(0.007) 

0.904 
(0.007)

0.905
(0.008)

0.911 
(0.011)

0.881 
(0.018)

0.877 
(0.016)

0.865 
(0.008)

0.916 
(0.016)

0.000055 
(0.000042)

 
 
C)  Herbivory damage 

Mean (±SE) proportion of stems damaged per plant  
Distance (m) 

Mean (±SE) parameters 
of logistic regression 

Time 
(weeks) 

-60 -30 30 60 120 240 480 800 intercept slope 

6 0.373 
(0.028)

0.251 
(0.027) 

0.252 
(0.013)

0.267
(0.024)

0.186 
(0.018)

0.109 
(0.023)

0.006 
(0.006) 0 -0.945 

(0.083)
-0.005569 

(0.000678)
12 0.359 

(0.012)
0.227 

(0.013) 
0.247 

(0.019)
0.201

(0.013)
0.178 

(0.330)
0.107 

(0.011)
0.006 

(0.006) 0 -1.031 
(0.084)

-0.005524 
(0.000694)

18 0.320 
(0.009)

0.284 
(0.020) 

0.263 
(0.014)

0.272
(0.018)

0.201 
(0.024)

0.198 
(0.016)

0.090 
(0.033) 0 -0.915 

(0.080)
-0.003186 

(0.000432)
196 0.733 

(0.166)
0.732 

(0.066) 
0.566 

(0.061)
0.516

(0.016)
0.483 

(0.074)
0.550 

(0.067)
0.350 

(0.067)
0.271 

(0.042)
0.432 

(0.132)
-0.001905 

(0.000367)
308 0.740 

(0.120)
0.600 

(0.057) 
0.600 

(0.051)
0.533

(0.021)
0.516 

(0.065)
0.533 

(0.061)
0.518 

(0.070)
0.522 

(0.042)
0.329 

(0.130)
-0.000410 

(0.000352)
 



Chapter 3 

 60

Distance from undisturbed wetland (m)

-200 0 200 400 600 800 1000

Lo
g 

av
er

ag
e 

nu
m

be
r o

f e
gg

s p
er

 m
et

re
 o

f s
te

m

0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4

Distance from undisturbed wetland (m)

-200 0 200 400 600 800 1000

Lo
g 

av
er

ag
e 

nu
m

be
r o

f l
ar

va
 p

er
 m

et
re

 o
f s

te
m

0.0

0.2

0.4

0.6

0.8

1.0

A) 

B)    



Chapter 3 

 61

Distance from undisturbed wetland (m)
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Appendix 3.2 Rapid rate of recovery of an insect-plant interaction following experimental wetland 
restoration The average number of (A) eggs per metre of S. ferrugineus stem, (B) larvae per metre of 
stem, and (C) proportion of S. ferrugineus stems damaged by ‘Batrachedra’ sp. declined significantly 
with distance away from the wetland, and increased significantly over the course of the experiment. Solid 
circles and solid lines = 6 weeks, open triangles and short dashed lines = 12 weeks, solid squares and 
dotted lines = 18 weeks, solid diamonds and dashed-dotted lines = 196 weeks, and open squares and long 
dashed lines = 308 weeks. Equations of the fitted lines are given in Appendix 3.1. Negative distances 
from the wetland edge (located at 0 m) are inside the undisturbed wetland.  
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CHAPTER 4 
 

4Beetle community reassembly following experimental peat 

bog restoration 
 

4.1 ABSTRACT 

The effects of restoration on beetle species composition were investigated in an 

experimental trial in a mined peat bog in northern New Zealand. I compared the 

abundance, species richness and community composition of the ground-dwelling 

beetles within three restoration treatments (direct transfer of peat bog habitat, milled 

peat islands with no seed and milled peat islands with seed), with the beetle 

communities at an unrestored mined site and an undisturbed peat bog, 1, 13 and 25 

months after the trial was established. Even after 25 months the mined peat surface had 

the lowest abundance and species richness of beetles, and community composition was 

markedly different from the other restoration treatments and from the undisturbed peat 

bog. Although beetle communities differed significantly between the restoration 

treatments and the undisturbed control sites, there was a clear indication that after only 

2 years beetle species composition at some of the restoration treatments was 

approaching that of the undisturbed peat bog. Beetle abundance, species richness and 

community composition at the milled peat islands (with and without seed) showed a 

promising increase but lagged behind the beetle community sampled from the direct 

transfer treatments. Despite a rapid initial change in community composition following 

habitat translocation, the direct transfer islands were still the most similar in beetle 

species composition to the undisturbed peat bog after 2 years.  

 

To examine long-term beetle community reassembly on islands that had been restored 

by creating raised areas of processed peat with the addition of Leptospermum 

scoparium seed, I subsequently sampled beetles from islands that had been restored 24, 

42 and 72 months previously, and that represented the full range of restoration ages 

available at the peat mine. The monitoring of different aged restored peat islands 

(between 1 and 72 months) indicated that as the peat islands became older and the 

vegetation structure became more complex, the abundance, species richness and 

composition of the beetle community became increasingly similar to the community in 
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the undisturbed peat bog. Despite this, distinct differences between the control and 

older restored peat islands still persisted, even after 6 years, particularly at the 

individual-species level. Various environmental factors influencing the distribution of 

beetles in restoration treatment islands were investigated. The most important factors 

were canopy density, canopy height, total vegetation cover, and total L. scoparium 

cover, illustrating that changes in the beetle community were associated with the 

increasing complexity of vegetation structure related to the age of the restored islands. 

Results indicate habitat restoration is effective in initiating the reassembly of beetle 

communities in cutover peat bogs. However, it will take more than 6 years before pre-

mining beetle community compositions are attained. Ongoing monitoring to develop an 

understanding of the longer term dynamics of such ecosystems will be required. 

 

4.2 INTRODUCTION  

There has been a dramatic worldwide decline in the extent and health of wetlands 

(Keddy 2000). Remaining wetland areas are important as they provide habitat for 

indigenous biodiversity and supply valuable ecosystem services, such as flood control 

and maintenance of water quality (Whiles and Goldowitz 2005). In many countries 

legislation exists to minimize further clearing (Comin et al. 2001), and when clearing 

for specific land uses does occur, there is often a legal obligation to restore wetland 

habitat where practical (Zedler 2000). Mining is one land use in which habitat 

restoration is often possible following disturbance (Cooper and MacDonald 2000; 

Nichols and Nichols 2003). In the face of increasing demands for ecologically 

sustainable development and to mitigate adverse environmental impacts, the mining 

industry is under worldwide pressure to improve its environmental performance 

(Parrotta and Knowles 1999; van Hamburg et al. 2004).  

 

Peat mining, in particular, is widespread in the northern hemisphere where peat is used 

both as a fuel and as a soil supplement in the gardening and horticultural industries 

(Cooper and MacDonald 2000). Current peat mining methods consist of intensively 

draining bogs and then harvesting the surface layer of peat. Once peat extraction has 

been completed, bare peat surfaces typically do not revert to ‘natural’ peat bog 

communities. Even after several decades, in some cases, there appears to be little 

recolonisation by dominant plant species (Cooper and MacDonald 2000; Cobbaert et al. 

2004). Research on the restoration of mined peatlands has emerged as a new scientific 



Chapter 4 

 64

field in the last 15 years. The techniques developed have been based on the active 

reintroduction of peatland plant diaspores (any part of a plant that can regenerate a new 

individual such as seeds, rhizomes or shoots) to cut-over peat fields and on the use of 

various techniques to improve conditions for plant establishment, such as drain closure 

and rewetting, and the use of mulches (Rochefort et al. 2003).  For example, Sphagnum 

mosses, a key component of northern hemisphere bog ecosystems, are able to establish 

new colonies after fragments of plants are spread on bare peat, but only if the 

abandoned peat surfaces have been rewet by blocking drainage ditches (Gorham and 

Rochefort 2003).  

 

Internationally, another method of restoring mined areas has emerged in which habitat 

translocation (direct transfer) of biotic components of the ecosystem is used. This 

method has promoted faster restoration than other techniques (Bruelheide and Flintrop 

2000). However, direct transfer is generally the most ambitious and expensive option in 

restoration projects and is attempted only rarely, for example when a site of high 

ecological value is threatened by activities such as mining (Good et al. 1999).   

 

The scale of peat mining in New Zealand is small compared with northern hemisphere 

operations. For example, the three peat mines in northern New Zealand extract a 

combined annual total of 80,000 m3 of peat for horticultural use (Clarkson 2002). By 

comparison, the total peat harvested for the same purposes in Canada, Germany and 

Ireland in 2000 was 10,317,000 m3, 9,473,000 m3 and 2,400,000 m3, respectively 

(International Peat Society 2001). New Zealand restiad bogs are distinct from their 

northern hemisphere counterparts because their vegetation is dominated by two 

members of the angiosperm family Restionaceae, Sporadanthus ferrugineus and 

Empodisma minus, the remains of which commonly compose the bulk of peat deposits 

(Thompson et al. 1999). Restiad bogs originally covered more than 100,000 ha of 

northern New Zealand (de Lange et al. 1999), forming extensive domes with peat 

depths up to 12 m. These fragile ecosystems are now threatened, with more than 75% 

of the original area of lowland bogs converted to agricultural use. Fortunately, the 

majority of the remaining restiad bogs are protected, but one of the principal threats to 

the remaining unprotected bogs is mining for peat. Miners have been permitted to 

harvest the top one metre of peat of some intact bogs but are required to restore the 

natural vegetation so that peat formation can eventually restart.  
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Until recently, research underpinning restoration after mining had been aimed at 

establishing plant communities (Parrotta and Knowles 1999; Schipper et al. 2002), with 

the assumption that animals (and the ecosystem functions they provide) will re-

establish at the restored sites from surrounding areas as vegetation development 

proceeds. Only a few studies have monitored changes in both plant and animal 

communities following habitat disturbance and have subsequently tested whether 

species assemblages recover during restoration (Baer et al. 2002; Davies et al. 1999). 

For example, Wassenaar et al. (2005) monitored species assemblages of dung beetles, 

millipedes, trees, small mammals and birds in coastal dune forests after the removal of 

vegetation for mining. They showed that the community structure of restored dune 

forests does recover within approximately 41 years. It is these studies that have shown 

the importance of going beyond the reconstruction of plant composition in restoration 

projects, and restoring faunal components, functional interactions and processes (Hobbs 

and Norton 1996; Andresen et al. 2003). It is important to consider invertebrates, not 

only for conservation of overall biodiversity, but also because invertebrates perform 

key roles in many ecosystem processes, including pollination (Forup and Memmott 

2005), litter decomposition and nutrient cycling (Ward et al. 1991; Andersen and 

Sparling 1997), soil aeration (Abbott 1989), herbivory (Watts and Gibbs 2000), and 

seed dispersal and predation (Majer 1985). They also provide a source of food for 

vertebrate populations. Studies that have monitored changes in the invertebrate 

communities in restored habitats through time have found that during the first 2–6 years 

following restoration there is an initial increase in species diversity; however, after 8–

14 years the community composition at the restored sites was still markedly different 

from the undisturbed reference sites (Watts and Gibbs 2002; Andersen et al. 2003; 

Davis et al. 2003; Nichols and Nichols 2003).   

 

Unfortunately, there is a paucity of entomological research in New Zealand peat bogs. 

Although the invertebrate fauna of peat bogs is known to be relatively depauperate 

(Watts and Patrick 2001), there are some unique and specialized species that are 

characteristic of restiad peat bogs. For example, in 2003 a highly modified lepidopteran 

larva was discovered feeding in the narrow stems of S. ferrugineus, and it has been 

identified as an undescribed genus and species in the family Coleophoridae (refer to 

Appendix A).  
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In New Zealand, beetles have been used as indicators of restoration success (Reay and 

Norton 1999; Watts and Gibbs 2002) because they constitute approximately 50% of the 

known insect fauna and cover a wide range of trophic levels, and the dynamics of 

sampling them are better understood than for other species-rich, multitrophic groups 

(Watt 1975; Hutcheson 1997). Here, I describe the results from the first 3 years of a 

restoration trial established on a cut-over restiad peat bog. The main focus of the study 

was to compare beetle abundance, species richness and species composition at restored 

sites with those at nearby, unmined reference sites, and investigate the environmental 

factors influencing these distributions. Of particular interest was the response of the 

beetle community to different techniques of restoring mined peatlands, such as direct 

transfer of islands of peat bog habitat and artificial seeding into prepared seedbeds 

(Schipper et al. 2002). The restoration programme at the peat mine is still at the 

preliminary stage due to ongoing mining operations (Clarkson and Watts 2003), and the 

results of this study should provide useful information for future restoration 

management practices at the peat mine.  

 

4.3 METHODS 

Study area 

The study was conducted at Torehape peat bog on the Hauraki plains of the North 

Island, New Zealand (Fig. 4.1). Over 70% of Torehape has been mined for peat, with 

only about 40 ha remaining unmodified (Fig. 4.2). The undisturbed peat bog was 

dominated by dense swards of S. ferrugineus up to 3 m in height, with emergent 

Leptospermum scoparium (Myrtaceae) scattered throughout (Schipper et al. 2002).  

Leptospermum scoparium is an early successional plant in raised restiad peat bogs, and 

is particularly common at the peatland margins, but in the absence of disturbance it is 

eventually outcompeted by S. ferrugineus (Clarkson 2002). In 1998, a restoration trial 

was established on the mined peat surface to find the best approach to re-establish 

natural vegetation cover and limit further degradation of the peat. The most effective 

treatment, which encouraged the rapid establishment of bog vegetation, was creating 

raised ‘islands’ (5 m diameter and 30 cm high) of milled peat, and seeding these with 

branches of L. scoparium laden with ripe seed capsules (hereafter referred to as the 

‘standard Torehape’ technique). Milled peat is harvested peat processed by grinding 

into fine particles. The islands reached 100% vegetation cover within 2 years, with late 
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successional peat bog plants beginning to establish within this timeframe (Schipper et 

al. 2002). There are a number of possible explanations for the more rapid growth and 

greater final cover of vegetation on the raised islands. The raised treatments were above 

the winter flooding level, with a lower moisture content, and a greater nutrient content, 

and the milled peat placed back on the mined surface was finer and had a better rooting 

environment for plants (Schipper et al. 2002). Miners now use this approach to restore 

large areas (ca 100 ha) of mined peat.  

 

 
 
Figure 4.1 Location map of Torehape peat bog.  
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Figure 4.2 Aerial photograph of Torehape Bog within an agricultural landscape. The 
area outlined in red is the peat mine (110 ha), the blue line outlines the unprotected 
undisturbed restiad bog (40 ha) and the area in green is the Torehape Scientific Reserve 
(350 ha) managed by Department of Conservation. Photo: Terralink International 
Limited. 
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Experimental design 

The goals in this study were two-fold: (1) to compare short-term beetle community 

responses to different restoration techniques varying in effort to implement; and (2) to 

determine the longer term rate of community reassembly of the beetle communities 

present at the restored peatland. First, to contrast the ‘standard Torehape’ restoration 

technique with two other restoration techniques varying in cost and effort to implement, 

I compared changes in abundance, species richness and composition of beetles in 

response to the three restoration treatments, with beetle community structure at 

unrestored mined sites and at the undisturbed peat bog, at 1, 13 and 25 months after the 

trial was established (Trial 1). Subsequently, to examine longer term beetle community 

reassembly, I also sampled beetles from ‘standard Torehape’ islands on which 

restoration was initiated 24, 42 and 72 months previously, representing the full range of 

restoration ages available at Torehape peat mine (Trial 2).   

 

Trial 1: Comparison of beetle community reassembly under different experimental 

restoration techniques 

A restoration trial was established on a bare, recently mined peat surface (devoid of all 

vegetation) during November–December 2002 (Fig. 4.3). The mined area available for 

the restoration trial consisted of three ‘lanes’, approximately 45 m wide and 260 m in 

length. Each lane was separated by a drain. The experimental design was a full-

randomised block design, with five blocks at 70, 110, 150, 190 and 230 metres distance 

from the peatland. The purpose of the block design was so that each treatment was 

replicated at a known distance from the restiad bog to control for the potential 

confounding effect of distance from intact peat bog on community reassembly. 

Logistical constraints prevented the replication of treatments within each block, 

therefore I was unable to test the interaction between block and treatment effects. Three 

restoration techniques: (1) direct transfer; (2) milled peat with seed (the ‘standard 

Torehape’ technique); and (3) milled peat with no seed, were compared with an 

unrestored area (recently mined peat surface) and an undisturbed peatland (control) 

(Fig. 4.3). These five treatments were repeated for each of the two plant species (L. 

scoparium and S. ferrugineus) most representative of the dominant vegetation of early 

and late successional stages of bog development, respectively, within Torehape peat 

bog. These ‘islands’ were approximately 5 m in diameter and spaced 25 m apart. More 

detailed description of treatments follows. 
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Milled peat treatments 

For the milled peat treatments, finely milled peat was placed back on the mined peat, 

raising the surface approximately 30 cm. The milled peat treatments with no seed were 

included in the trial to examine whether simply raising the peat surface was sufficient 

to encourage plant species to colonise the islands via seed rain from the adjacent 

undisturbed peat bog. For the L. scoparium seed treatment, seeds occur inside the small 

unopened woody capsules on the branches of young shrubs. Four branches were laid 

evenly on each island for capsules to open and release seeds once dry. The estimated 

quantity of seed released was approximately 15 g per island. A potential disadvantage 

of the miners using L. scoparium seed on raised peat islands was that this treatment 

could lead to dense stands of L. scoparium that would exclude other peat bog plant 

species (Schipper et al. 2002). Therefore, in this study, S. ferrugineus seed was also 

applied to raised peat islands in a separate treatment to identify the best approach for 

rapidly establishing late successional species, such as S. ferrugineus, on cutover restiad 

bogs. For the S. ferrugineus seed treatment, seeds were collected 3 weeks before the 

trial began and 3 g of seeds (equivalent to several hundred seeds) were sown by hand 

onto each treatment island. 

 

Habitat translocation – direct transfer treatment 

The direct transfer treatments involved lifting multiple sods (peat and attached 

vegetation) approximately 1.5 X 2.0 m in diameter and approximately 30 cm thick with 

an excavator. The sods were randomly chosen from different locations within the peat 

bog, with S. ferrugineus sods removed from between 60 and 100 m from the peatland 

edge and L. scoparium turves removed from along the peatland edges (between 10 and 

30 m). The sods were immediately manhandled into position on the appropriate 

receiver plots. Every effort was made to ensure the sods were placed as close together 

as possible, though some interstitial spaces were present (approximately 3–5 cm). 

 

Recently mined peat surface  

The recently mined peat surface was included in the trial as it is the cheapest and 

simplest restoration approach (the ‘do nothing’ option). Plots were sampled within a 

defined 5-m diameter area to match the size of the treatment islands on the mined peat 

surface.  
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Undisturbed peat bog controls 

The control plots were all randomly located within the adjacent undisturbed peatland in 

areas dominated by either S. ferrugineus or L. scoparium, as appropriate. The L. 

scoparium control plots were located, on average, at approximately 30 m (±5 m) inside 

the undisturbed peat bog, and the S. ferrugineus plots were located, on average, at 

approximately 60 m (±5 m) inside the peat bog. As with the recently mined peat 

surface plots, the control sites were sampled within a defined 5-m diameter area to 

match the size of the treatment islands. 

   

Economic cost of restoration treatments 

The cost of the milled peat with no seed treatment was NZ$265 per island, the milled 

peat with seed treatment was NZ$325 per island and the direct transfer treatment was 

NZ$1050 per island. Approximately 45 islands were created per mined lane using the 

standard ‘Torehape’ restoration technique, and therefore the cost to the mining 

company to restore each lane would be approximately NZ$14,625 (in 2005 dollars). To 

date the mining company has restored 18 lanes at Torehape peat mine with a total cost 

of approximately NZ$263,250. 
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Figure 4.3 Experimental design of restoration trial at Torehape. Treatment codes: 1 = 
undisturbed S. ferrugineus control plots; 2 = undisturbed L. scoparium control plots; 3 
= recently mined peat surface - S. ferrugineus; 4 = recently mined peat surface - L. 
scoparium; 5 = milled peat, no seed - S. ferrugineus; 6 = milled peat, no seed - L. 
scoparium; 7 = milled peat with S. ferrugineus seed; 8 = milled peat with L. scoparium 
seed; 9 = S. ferrugineus direct transfer; 10 = L. scoparium direct transfer.  
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Trial 2: Long-term beetle community reassembly on restored peat islands following 

experimental restoration 

For the past 6 years, peat miners have used the ‘standard Torehape’ technique to restore 

large areas of mined peatland at Torehape. Three mined ‘lanes’ that had been restored 

with this technique 24, 42 and 72 months previously were chosen for study. All the 

islands within a lane were of similar age. Each lane was approximately 45 m wide and 

950 m in length, with approximately 40 restored peat islands distributed length-wise 

down the centre of each lane. The three study lanes were approximately 800 m apart, 

separated by drains and other lanes that had been restored with peat islands of varying 

ages. In each study lane, five islands were surveyed at random distances within each of 

three distance categories (close: 0–200 m; medium: 380–495 m; far: 700–855 m) from 

the adjoining intact peatland to control for the effects of distance of isolation from the 

intact peat bog on beetle community reassembly. Also included in the analysis of data 

from Trial 2 were the five replicate ‘standard Torehape’ islands sampled at each of 1, 

13 and 25 months in Trial 1. 

 

In addition to the 60 standard Torehape restoration islands sampled in Trials 1 and 2, 

15 control plots were sampled at approximately 30 m inside the adjoining undisturbed 

peat bog and were randomly selected from within an area dominated by L. scoparium 

adjacent to the end of the mined lanes. Each control plot covered a 5-m diameter area.   

 

Beetle sampling, sorting and identification 

Beetles were sampled using pitfall traps consisting of a 100-mm deep plastic cup (105 

mm diameter) containing 100 ml of monopropylene glycol.  Two pitfall traps were 

randomly placed approximately 3 m apart on each restoration treatment island and 

control plot. Samples from the two traps were pooled for analysis and were not treated 

as independent replicates. In Trial 1, traps were operated from 19 December 2002 to 29 

January 2003 for the 1-month samples, 19 December 2003 to 29 January 2004 for the 

13-month samples, and 19 December 2004 to 29 January 2005 for the 25-month 

samples. In Trial 2, two pitfall traps were placed on each island and the traps were 

operated from 19 December 2003 to 29 January 2004.  
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Pitfall traps have been used extensively to sample ground-dwelling beetles in New 

Zealand (Moeed and Meads 1985; Kuschel 1990; Reay and Norton 1999; Watts and 

Gibbs 2000, 2002). Capture rates in pitfall traps are not necessarily indicative of the 

density or abundance of the population being sampled, but rather provide a measure of 

the activity of individuals, which in turn is influenced by environmental variables such 

as litter and vegetation characteristics, as well as life history stage and behaviour of the 

organism. However, for simplicity I refer to frequency of trapping of a species as 

‘abundance data’ throughout the text. 

 

Beetles were sorted on the basis of external morphology into recognised taxonomic 

units (RTUs). All specimens were checked by a taxonomic specialist and identified to 

species level when possible. In problematic cases, specimens were dissected for 

genitalial characters. For convenience, RTUs are hereafter referred to as species.  

 

Measurement of environmental variables 

Restoration treatment effects 

Each restoration technique was entered as a variable in the analyses to account for the 

possible effect of restoration treatment on beetle community composition (Appendix 

4.1). Because the effect of habitat isolation on insect communities is well known 

(Denys and Schmidt 1998; Steffan-Dewenter and Tscharntke 1999; Kruess and 

Tscharntke 2000; Kruess 2003), the exact distance (m) from the peat bog edge to the 

centre of each treatment island was measured with a handheld GPS (Garmin® eTrex™) 

(Appendix 4.1 and 4.2) and included in the analyses. In addition, the age (months) of 

each treatment island was included in the analyses as a variable (Appendix 4.1 and 4.2). 

The spatial location (x, y co-ordinates) of each treatment island within the study area 

were measured with a handheld GPS.  

 

Vegetation sampling 

On each treatment island, canopy plant species cover was assessed using a modified 

Braun-Blanquet cover scale (Mueller-Dombois and Ellenbery 1974):  

1: <1%, 2: 1–5%, 3: 5–25%, 4: 25–50%, 5: 50–75%, 6: 75–100%.   

The maximum height (m) for each species was recorded (Appendix 4.1 and 4.2), and 

vascular and non-vascular plant species lists were made for each plot (full species list 

in Appendix 4.3). In Trial 1, vegetation sampling was conducted within 1 to 2 months 
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of the beetle sampling at each time interval, while in Trial 2, all vegetation sampling 

was conducted during February 2004. Canopy height was estimated against the height 

of a 2.5-m sighting pole. Canopy density was measured at each trap at 1.5 m above 

ground level using a convex spherical canopy densiometer (Appendix 4.1 and 4.2). 

 

Litter structure 

Two litter variables were measured at each sampling period: litter depth and biomass.  

Litter depth (mm) was measured to the bottom of the F-horizon (McColl 1975) at four 

random points around each pitfall trap and averaged (Appendix 4.1 and 4.2). A litter 

biomass sample was collected within a circular metal ring (area = 0.025m2) at each 

trap. The litter samples were oven dried for 24 hours at 60°C and weighed (g) 

(Appendix 4.1 and 4.2). The amount of deadwood in each plot was estimated using a 

five-point scale, with no deadwood scoring ‘one’ and abundant deadwood scoring 

‘five’ (i.e. the treatment island was difficult to move through due to the amount of 

deadwood) (Appendix 4.1 and 4.2).  

 

Peat characteristics 

One peat core was obtained from the surface layer of each plot by cutting steel 

cylinders (100-mm diameter by 75-mm deep) into the peat, which were then sealed in 

plastic bags.  In the laboratory, peat pH was determined the day after collection; 10 g 

fresh weight of peat from the core was mixed with 25 ml of distilled water and left for 

one hour before reading with a standard pH meter (Appendix 4.1 and 4.2). The rest of 

the core was weighed, and then oven-dried for 24 hours at 105°C and weighed again; 

moisture content (%) was calculated as ((wet mass-dry mass)/dry mass)*100) 

(Appendix 4.1 and 4.2).   

 

Data analysis 

Beetle species richness and abundance 

In Trial 1, differences in beetle abundance and species richness between plots were 

examined using means per treatment island (the mean of two pitfall traps). These were 

log-transformed to meet model assumptions and then analysed using a generalised 

analysis of variance (ANOVA: multi-strata) to assess the effect of the three fixed 

factors (time since colonisation, dominant plant species and restoration treatment). 

Specific comparisons between restoration techniques included control versus all 
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restoration techniques, and milled peat techniques versus direct transfer and recently 

mined peat surface. Comparisons between treatments were chosen depending on 

whether treatments were physically and structurally similar. For example, the moisture 

content and texture of the peat at the milled peat plots were expected to be quite 

different from those at the recently mined peat surface and direct transfer sites. Since 

the control treatments could not be randomised among blocks with respect to distance, 

an analysis including the control plots but ignoring block effects was used to compare 

the restoration treatments. Subsequently, the control sites were removed and the 

analysis repeated to test for differences in treatment effects with increasing distance of 

isolation from the intact peat bog. All statistical analyses were performed using GenStat 

version 6.2 (VSN International 2002). 

 

Multivariate analyses 

Variation in beetle species composition between treatment islands was analysed using 

cluster analysis and ordination techniques within the PATN multivariate analysis 

package (Belbin 1995) for both datasets. Rare species, defined as having only one 

specimen in the total dataset, were omitted. The similarities between beetle 

communities at different treatment islands were estimated using the Bray-Curtis 

association measure. Islands were then grouped into a hierarchical classification using 

an agglomerative hierarchical fusion technique (FUSE). To compare the similarity of 

beetle community composition between islands and to define the principal 

environmental gradient(s) structuring beetle assemblages, I conducted a multivariate 

analysis using semistrong hybrid multidimensional scaling (SSH). The SSH hybrid 

scaling ordination technique implements an improved version of hybrid scaling, which 

combines metric and non-metric criteria, as defined by Faith et al. (1987). It is 

considered to have some advantages over other ordination techniques such as principal 

components analysis, correspondence analysis/reciprocal averaging, and other 

multidimensional scaling programs for measuring ecological distance because it is 

more flexible and fits output distances to input distances rather than squared input and 

output distances (Minchin 1987; Belbin 1995).  SSH does not rotate the final axes to 

principal components, so maximum variation does not necessarily occur along the first 

axis (Belbin 1995). In all analyses, I used the flexible Unweighted Pair-Group Method 

using Arithmetic averages (UPGMA) clustering method (with β = -0.1) where equal 

weight is given to objects, not groups, and the Bray-Curtis association measure (Faith 
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et al. 1987). It is also possible to correlate the ordination patterns with the distributions 

of beetle species in the datasets being ordinated, using the Principal Axis Correlation 

(PCC) routine: taxa that have the most influence on the ordination patterns have the 

highest correlations. Beetle species scores are given that allow species centroids to be 

placed on the ordination graph indicating the approximate centre of a species’ 

distribution in relation to site location and environmental gradients. Two-dimensional 

ordinations provided an adequate summary of both data sets; in both cases the stress of 

the ordination (a measure of the fit between the original similarity measure and the 

resulting configuration of sites in the ordination) was 0.19 or less. Increasing the 

number of dimensions (up to four) resulted in minor reductions of stress but as this did 

not markedly change ecological interpretability (see Belbin 1995) I concluded that the 

addition of more than two axes was not warranted in this case.  

 

The data set for the Trial 1 ordination was based on 68 species and 1528 individuals 

captured from the 40 treatment islands and 10 control plots over the three sampling 

periods (1, 13 and 25 months) since the trial was established. The Trial 2 ordination 

was based on 48 species and 1008 individuals captured from islands restored by the 

‘standard Torehape’ technique and 15 control plots. Five islands within three distance 

categories (close, medium and far) from the adjoining intact peat bog were sampled 

from lanes that had been restored 24, 42 and 72 months previously. Therefore, a total of 

45 restored peat islands were included in the ordination (5 islands by 3 distance 

categories = 15 islands by 3 ages since restoration began = 45 islands). Also included in 

this ordination were the five ‘standard Torehape’ islands from the restoration trial 

sampled at each of 1, 13 and 25 months.  

 

The environmental data and plot ordination scores were then analyzed using a vector-

fitting approach to examine species-environment responses. I implemented PCC within 

PATN, a multiple linear regression program designed to see how well a set of 

environmental attributes can be fitted into ordination space. Vectors were plotted on the 

two-dimensional ordination plot to indicate the direction of best fit for each of the 

environmental variables and the correlation with species-abundance scores in that 

direction. The treatment variables included in the ordination analyses were restoration 

treatment (REST TRT), exact distance from the undisturbed peat bog (DIST), time 

since restoration treatment was established (AGE), and spatial location of each 
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treatment island. In addition, an interaction term for DIST X AGE was included in the 

PCC analyses, because the effect of distance of isolation on invertebrate community 

structure is likely to depend on time since establishment of the islands (see Chapter 2). 

Environmental variables were % total vegetation cover (%TC), % total L. scoparium 

cover (%LC), % total S. ferrugineus cover, plant species richness, canopy height (CH), 

canopy density (CD), peat moisture, pH, litter depth (LD), litter biomass, and amount 

of deadwood (DW). Treatment and environmental variables that explained significant 

(P<0.01) variation in beetle community structure among sites were illustrated by 

plotting vectors for the variables in ordination space to show graphically the gradients 

represented by environmental variation. To test the degree of intercorrelation among 

the variables a matrix of Pearson’s correlation coefficients was calculated in GenStat 

version 6.2 (VSN International 2002). 

 

4.4 RESULTS 

Trial 1: Comparison of beetle community reassembly under different 

experimental restoration techniques 

Abundance and species richness 

A total of 1,548 beetles comprising 88 species were sampled in Trial 1. The most 

species-rich family in the assemblage was Staphylinidae with 24 species (Appendix 

4.4). There was a striking difference in the abundance of beetles between restoration 

treatments (F4,80=110.22, R2=0.748, P<0.001; Fig. 4.4), which was largely a result of a 

higher number of beetles captured in the control plots (F1,80=229.05, R2=0.389, 

P<0.001). Predictably, the abundance of beetles captured was highest in the control 

plots. The direct transfer treatments had more than double the number of individuals 

captured in the other restoration treatments (F1,80=160.37, R2=0.547, P<0.001).  

 

Neither time since restoration was established nor vegetation type had a significant 

effect on the number of beetles captured at each treatment (year: F2,80=2.06, P=0.136; 

vegetation type: F2,80=1.78, P=0.192). Interestingly, there was a significant interaction 

between year and the independent contrast of direct transfer versus the other restoration 

treatments (F2,80=12.95, R2=0.655, P<0.001), indicating a decrease in the number of 

beetles captured at the direct transfer treatments at 13 months compared with 1 and 25 

months, while at the other restoration treatments the number of individuals increased 

after 13 months. 
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Figure 4.4 Changes in beetle abundance sampled from pitfall traps at each restoration 
treatment ‘island’. Closed circles = undisturbed peatland, open circles = direct transfer, 
closed squares = milled peat with seed, open square = milled peat, no seed and open 
triangles = mined peat surface. 
 

As expected, beetle species richness differed significantly among restoration treatments 

(F4,80=82.71, R2=0.694, P<0.001; Fig. 4.5). Independent contrasts showed that most of 

the treatment effect was due to a significantly higher number of beetle species captured 

in control plots compared with the restoration plots (F1,80=192.04, R2=0.403, P<0.001). 

The direct transfer treatment also had significantly more beetle species than the other 

three restoration treatments (F1,40=103.44, R2=0.455, P<0.001). Average beetle species 

richness from the recently mined peat surface and the milled peat treatments were 

similar and ranged from 2.1 to 4.6 species per site. Time since restoration and 

vegetation type did not significantly affect the number of beetle species (year: 

F2,80=1.23, P=0.297; vegetation type: F1,80=1.20, P=0.280). However, there was a 

significant interaction between year and the independent contrast of milled peat versus 

other restoration treatments (F2,40=6.33, R2=0.427, P=0.003), suggesting beetle species 

richness changed significantly at the milled peat treatments with increasing time since 

the restoration trial was established, but did not change significantly at other 

treatments.
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Figure 4.5 Changes in beetle species richness sampled from pitfall traps at each 
restoration treatment ‘island’. Symbols as in Figure 4.4. 
 

 

Beetle community composition 

Five groups of sites with differing beetle species composition were identified by the 

FUSE clustering analysis and these have been overlaid onto the ordination graph to 

identify trends in the beetle community within the restoration trial (Fig. 4.6). The 

groups form a gradation from the recently mined peat surface plots (Group I), through 

to simple restoration treatments such as milled peat islands (Group II) to direct transfer 

treatments (Groups III and IV) and the undisturbed control plots (Group V). Group II 

was co-dominated by milled peat without seed and milled peat with S. ferrugineus or L. 

scoparium seed treatments. Surprisingly, the direct transfer treatments at 13 months 

formed Group III and were distinct from the other direct transfer islands at 1 and 25 

months (Group IV). 
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Relationship of species composition to environmental gradients 

The two-dimensional ordination shows that islands were clearly separated into groups 

depending on restoration treatment (Fig 4.6). There was a distinct pattern in the 

environmental variables across the ordination with a strong gradient relating to 

restoration treatment (REST TRT; Table 4.1) and changes in the structural complexity 

of the vegetation community indicated by variables such as canopy density (CD), 

canopy height (CH), total vegetation cover (%TC), and total L. scoparium cover (%LC) 

(Table 4.1). Litter depth (LD) and the age of the treatment islands (AGE) were also 

significant environmental variables (Table 4.1). Surprisingly, the varying distances of 

the restoration treatments from the peat bog edge did not significantly affect beetle 

community composition (r = 0.354; Table 4.1). As might be expected, many of the 

environmental variables were significantly (positively) correlated with each other 

(Appendix 4.5). In particular, the undisturbed peat bog plots and direct transfer 

treatment islands were associated with a higher and more dense canopy, increased total 

vegetation cover and L. scoparium cover, and increased litter depth. The recently mined 

peat surface plots (Group I) were associated with increased amounts of deadwood 

(DW) (Fig. 4.6).  

 

Table 4.1 Environmental variables and their correlations with vectors in ordination 
space. All PCC correlation coefficients, except those <0.365, were significant at 
P<0.01.  
 

Environmental variable Code Correlation 
coefficient 

Restoration treatment REST TRT 0.834
Canopy density CD 0.794
Canopy height CH 0.786
Percent total vegetation cover %TC 0.768
Percent L. scoparium cover % LC 0.690
Litter depth LD 0.681
Age of treatment island AGE 0.632
Amount of deadwood DW 0.578
Distance from peat bog edge DIST 0.354
Distance by age interaction DIST X AGE 0.343
Plant species richness SPP 0.315
Percent S. ferrugineus cover %SC 0.295
Spatial location LOC 0.213
Litter biomass LB 0.205
Moisture MOIST 0.155
pH PH 0.142
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Figure 4.6 Two-dimensional SSH ordination of beetle species (+; see Table 4.2 for 
species names), 50 restoration trial plots (other symbols), and significant (P<0.01) 
environmental variables (arrows) in Trial 1. The five groups identified by the FUSE 
clustering analysis within the restoration trial have been superimposed. Group codes 
are: I = recently mined peat surface; II = milled peat with and without seed treatments; 
III = direct transfer at 13 months; IV= direct transfer at 1 and 25 months; and V= 
undisturbed peat bog. Samples collected at 1 month = open symbols, 13 months = grey 
filled symbols, and 25 months = closed symbols. The control plots and restored 
treatment islands are: undisturbed peat bog = circles, direct transfer = diamonds, milled 
peat with no seed = stars, milled peat with either S. ferrugineus or L. scoparium seed = 
squares, and mined peat surface = triangles. See Table 4.1 for environmental variable 
codes.  
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The PCC analysis identified the centres of distributions for each species and taxa that 

exhibited significant correlations with SSH axes are shown in Fig. 4.6 and Table 4.2. 

Species associated with the undisturbed peat bog sites that preferred a more complex 

vegetation structure (increased canopy cover, density and height) and a more 

heterogeneous ground habitat (increased litter depth) included Physobryaxis inflata 

(Staphylinidae), Aulacopodus calathoides (Carabidae), Anthicus hesperi (Anthicidae) 

and Aridius costatus (Corticariidae). Anthicus minor (Anthicidae), Selenopalpus 

cyaneus (Oedemeridae), Sapintus pellucidipes (Anthicidae), Conoderus posticus 

(Elateridae) and Conoderus exsul (Elateridae) were predominantly associated with the 

direct transfer plots. Conversely, beetles species that favoured open habitats with a 

sparse vegetation cover (such as the milled peat treatments and the recently mined peat 

surface) included two carabid species, Cicindela tuberculata and Scopodes sp. 1.  

 

Table 4.2 Beetles species from the experimental restoration trial with significant 
(P<0.01) correlations with the SSH axes (from PCC).  
 

Species Code Correlation 
coefficient 

Anthicus minor Broun, 1885 Antmin 0.736 
Cicindela tuberculata Fabricius, 1775 Cictub 0.712 
Selenopalpus cyaneus (Fabricius, 1775) Selcya 0.688 
Physobryaxis inflata Sharp, 1874 Phyinf 0.656 
Conoderus posticus (Eschscholtz, 1822) Conpos 0.635 
Sapintus pellucidipes (Broun, 1880) Sappel 0.612 
Aridius costatus (Erichson, 1842) Aricos 0.595 
Conoderus exsul (Sharp, 1877) Conexs 0.556 
Anthicus hesperi King, 1869 Anthes 0.534 
Aulacopodus calathoides (Broun, 1886) Aulcal 0.512 
Scopodes sp. 1 Scosp1 0.499 
Baculipalpus strigipennis (White, 1846) Bacstr 0.478 

 

 

Trial 2: Long-term beetle community reassembly on restored peat islands 

following experimental restoration 

Beetle community composition 

A total of 1025 beetles were captured at the peat islands using the ‘standard Torehape’ 

restoration technique, comprising 20 families and 65 species (Appendix 4.6). The 

FUSE cluster analysis produced five groups of sites with differing beetle species 

composition and these have been overlaid onto the ordination graph to identify trends  
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in the beetle community within the restored peat islands (Fig. 4.7). The groups formed 

a sequence from peat islands that were restored 1–25 months previously (Groups I and 

II) through peat islands that were 24–72 months old (Groups III and IV), to Group V, 

which was dominated by plots from the undisturbed peat bog. Group III was co-

dominated by islands that were 24 and 42 months old. Interestingly, the 25-month-old 

islands from the restoration trial formed Group II and were distinct from the 24-month-

old peat islands that had been restored by the miners, suggesting that some aspect(s) of 

the experimental restoration techniques differed.  

 

Relationship of species composition to environmental gradients 

On the ordination plot, restored peat islands of similar ages were separated into discrete 

groups, except the islands that were 24 and 42 months old, and 1 and 13 months old, 

which overlapped (Fig. 4.7). Most of the environmental variables formed a single 

gradient, generally reflecting the age of restored peat island (AGE; Fig. 4.7; Table 4.3) 

and the associated development of vegetation structure on the island, exemplified by 

variables such as canopy density (CD), canopy height (CH) and percent total vegetation 

cover (% TC) (Table 4.3). However, Pearson’s correlations showed that many of the 

environmental variables were significantly (positively) intercorrelated with each other 

(Appendix 4.7). The 72-month-old islands and the control plots (Groups IV and V) 

were associated with a higher and more dense canopy, increased vegetation cover (both 

% TC and % LC), and increased litter depth (LD). Site dispersion from the top right to 

the bottom left of the ordination plot can be partially accounted for by distance from the 

peat edge within island ages (DIST; Table 4.3). In addition, the interaction between 

distance from the peat bog edge and the age of restored peat island (DIST X AGE) 

explained significant variation in species composition (Fig. 4.7; Table 4.3) but the 

magnitude of the effect was small relative to the influence of some other significant 

variables, such as the age of the restored peat islands or canopy density (see Table 4.3). 
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Table 4.3 Environmental variables with the most significant correlations with vectors 
in ordination space. All the correlations listed were significant (P<0.01).  
 

 

Environmental variable Code Correlation 
coefficient 

Age of restored peat island AGE 0.856
Canopy density CD 0.746
Canopy height CH 0.721
Percent total vegetation cover %TC 0.673
Distance by age interaction DIST X AGE 0.671
Litter depth LD 0.647
Percent L. scoparium cover % LC 0.617
Distance from peat bog edge DIST 0.599
Amount of deadwood DW 0.314
Percent S. ferrugineus cover %SC 0.299
Plant species richness SPP 0.289
Litter biomass LB 0.242
Spatial location LOC 0.202
Moisture MOIST 0.189
pH PH 0.099
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Figure 4.7 Two-dimensional SSH ordination of beetle species (+; see Table 4.4 for 
species names), restored peat islands (other symbols) and significant (P<0.01) 
environmental variables (arrows) in Trial 2. The five site groups identified by the 
FUSE clustering analysis based on beetle community composition within the restored 
peat islands have been superimposed. Group codes are: I = 1- and 13-month-old 
restored peat islands; II = 25-month-old restored peat islands; III = 24- and 42-month-
old restored peat islands; IV= 72-month-old restored peat islands; and V= undisturbed 
peat bog. The control sites and restored peat island ages are: undisturbed peat bog = 
closed triangles, 72 months = closed circles, 42 months = grey filled circles, 24 months 
= open circles, 25 months = closed squares, 13 months = grey filled squares, and 1 
month = 42 months = open squares.  See Table 4.2 for environmental variable codes. 
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Only 13 (out of 44) beetle species were significantly correlated with sites ordering 

along SSH axes with increasing age of the peat islands and increasing complexity of 

the vegetation structure (Fig. 4.7; Table 4.4). This was most clearly seen for 

Physobryaxis inflata, Aulacopodus calathoides, Sapintus pellucidipes, Aridius costatus, 

Odontria sp. 1 (Scarabaeidae) and Conoderus exsul, which preferred older islands with 

a more complex vegetation structure (increased canopy cover, density and height) and a 

more heterogeneous ground habitat (increased litter depth). Conversely, A. minor and 

C. tuberculata were associated with islands that were younger and therefore had less 

vegetation cover and habitat complexity (Groups I and II). The herbivorous scarabaeid, 

Odontria borealis, and oedemerid, S. cyaneus, were predominantly associated with 

islands that were 24–42 months old. 

 

Table 4.4 Beetles species from the restored peat islands with significant (P<0.01) 
correlations with the SSH axes (from PCC). 
 

Species Code Correlation 
coefficient 

Selenopalpus cyaneus (Fabricius, 1775) Selcya 0.757 
Physobryaxis inflata Sharp, 1874 Phyinf 0.742 
Cicindela tuberculata Fabricius, 1775 Cictub 0.737 
Odontria borealis Given, 1960 Odobor 0.731 
Anthicus minor Broun, 1885 Antmin 0.678 
Conoderus exsul (Sharp, 1877) Conexs 0.672 
Sapintus pellucidipes (Broun, 1880) Sappel 0.657 
Aridius costatus (Erichson, 1842) Aricos 0.614 
Thyreocephalus orthodoxus (Olliff, 1887) Thyort 0.602 
Aulacopodus calathoides (Broun, 1886) Aulcal 0.597 
Odontria sp. 1 Odosp1 0.548 
Odontria indet. females Odofem 0.476 
Baculipalpus strigipennis (White, 1846) Bacstr 0.472 

 

 

4.5 DISCUSSION 

Effects of restoration technique on the beetle community 

Beetle communities differed significantly between the restoration treatments and the 

undisturbed control sites, but there was a clear indication that after only 2 years beetle 

species composition at some of the restoration treatments was rapidly becoming similar 

to that of the undisturbed peat bog. Surprisingly, distance from the undisturbed peat 

bog did not appear to play a large role in explaining the beetle composition at the 
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younger restored peat islands. In the northern hemisphere, the poor success of peatland 

vegetation reestablishment has been attributed to both isolation from a source 

population of plant species and the harsh hydrological and microclimatic conditions of 

the surfaces to be recolonised (Campbell et al. 2003; Price et al. 2003). In the present 

study, even after 25 months the mined peat surface had the lowest abundance and 

species richness of beetles, and community composition was markedly different from 

the other restoration treatments and from the undisturbed peat bog. Several studies have 

shown that bare, mined peat surfaces typically do not revert to ‘natural’ peat bog 

communities even after 40 years (Cooper and MacDonald 2000; Campeau et al. 2004; 

Cobbaert et al. 2004).  

 

The milled peat treatments with and without the addition of seed had similar 

abundance, species richness, and composition of beetles. Unfortunately, the vegetation 

recovery on the milled peat treatments at the restoration trial lagged behind the peat 

islands restored by the miners, especially in terms of vegetation cover. This may be a 

result of the restoration trial being established at the beginning of a particularly dry, hot 

and windy summer (NIWA 2003, unpublished data), which resulted in low germination 

rates of seeds and poor seedling establishment. In comparison, the peat miners typically 

initiate restoration of the mined peatland at the end of summer, after they have finished 

mining and when conditions are more favorable for successful seedling establishment 

(Clarkson et al. 2001). This could also account for the differences observed in the 

beetle communities captured at the 24-month-old restored peat islands and the 25-

month-old peat islands at the restoration trial. The monitoring of different aged restored 

peat islands (between 1 and 72 months) indicated that as the peat islands became older 

and the vegetation structure became more complex, the abundance, species richness 

and composition of the beetle community became increasingly similar to the 

community in the undisturbed peat bog. Despite this, distinct differences between the 

control and older restored peat islands still persisted, even after 6 years, particularly at 

the individual species level.  

 

I was able to identify beetle species characteristic of different restoration stages. For 

example, the predatory tiger beetle, C. tuberculata, known to be abundant in open, 

exposed habitats (Klimaszewski and Watt 1997), dominated samples collected from the 

mined peat surface and milled peat treatments. However, as the vegetation cover on 
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restored peat islands increased, the abundance of C. tuberculata declined and only a 

few specimens were captured at the direct transfer islands. No tiger beetles were ever 

captured in the undisturbed peat bog. Conversely, P. inflata was exclusively caught in 

the undisturbed peat bog as it is clearly sensitive to disturbance (Kushel 1990) and 

prefers a more complex vegetation structure. O. borealis and S. cyaneus were evenly 

distributed on the treatments islands with increasing vegetation structure, such as the 

direct transfer islands or the older restored peat islands.  

 

In a previous community-level study at Torehape, beetle species on the restored peat 

islands were monitored 2, 14 and 21 months following restoration (Clarkson and Watts 

2003). Comparisons of the beetle species captured at the restored peat islands with the 

undisturbed peat bog showed 15% of species in common 2 months after establishment, 

18% at 14 months, and 23% at 21 months after establishment (Clarkson and Watts 

2003). Comparable figures in the present study were 14% to 21% of species in common 

from 1 to 24 months after establishment of the restored peat islands, but this increased 

to 57% of beetle species in common 72 months after establishment. Extrapolation of 

the values recorded over the first 72 months following experimental restoration, 

suggests that the expected time at which the restored islands will share 100% of beetle 

species in common with the undisturbed peat bog is approximately 12 years. Although 

this predicted time may be an underestimate of the true time to community convergence 

due to the lack of longer term data points (and the likelihood that temporal trajectories 

are non-linear, rather than linear), I consider that the degree of underestimation will be 

small, given how similar the communities are on restored islands after just 6 years.  

However, I acknowledge that one or a few highly disturbance-sensitive beetle species 

(e.g., Physobryaxis inflata) may take considerably longer to reach the restored peat 

islands at greater distances from the intact peat bog (if at all). 

 

The direct transfer islands were visually striking, especially as they were surrounded by 

the recently mined peat surface. Initially, the beetle data suggested that the direct 

transfer islands were similar in species richness, abundance and composition to the 

adjoining undisturbed peat bog. After 13 months, the diversity of beetles captured at the 

direct transfer islands decreased and was similar to those collected at the other 

restoration treatments. However, the number of beetle species and individuals captured 

had increased after 25 months and the composition of the beetle community had 
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become increasingly similar to the community in the adjacent peat bog. The transient 

effects observed in beetle community could be related to the vegetation at the direct 

transfer islands surviving the translocation initially, but by 13 months most of the 

plants had died back, especially S. ferrugineus, which may reflect ‘shock’ to the 

translocation process. After 25 months, however, the vegetation was recovering and the 

key peat bog species, such as S. ferrugineus and Empodisma minus were present. 

Similarly, Cullen and Wheater (1993) and Simcock et al. (2004) found that invertebrate 

communities were strongly influenced by the disturbance of the direct transfer 

technique, especially in the first 12 months after translocation. A review of ten British 

case studies of habitat translocation after various mining operations showed that there 

were clear differences between the invertebrate communities of the control sites and of 

the translocated areas (Bullock 1998). For example, Snazell et al. (1996) found that the 

spider community changed between the 1st and 3rd years after translocation, becoming 

less dominated by disturbance-tolerant species, and showed increased abundance of 

species characteristic of undisturbed habitats, although the translocated community 

remained quite different to the donor community even after 5 years. The long-term 

recovery of invertebrate communities in the direct transfer plots will be determined to a 

large extent by the dynamics of vegetation succession, as well as by the ability of new 

species to colonise and translocated populations of poorly dispersing species to survive.  

 

Colonisation of ‘restored’ habitats by plant and animal taxa has been well studied 

(Majer and Nichols 1998; Williams and Zedler 1999; Cooper and MacDonald 2000; 

Bossuyt and Hermy 2000; Jacquemyn et al. 2003), and differences among populations 

in restored and undisturbed sites are frequently attributed to habitat isolation (Andersen 

1993; Spitzer et al. 1999; Pywell et al. 2003). For example, Armitage and Fong (2004) 

found that proximity of the created site to the natural source population strongly 

influenced snail densities; even after 4 years snail densities still remained lower than 

those in the natural site. It has been shown that the colonisation of restored peat islands 

by plant species was accelerated by closer proximity of the undisturbed peat bog and it 

was important to place the islands as stepping stones outwards from existing areas of 

intact habitat (Schipper et al. 2002). The significance of distance from peat bog edge 

was specifically considered in the analyses of the restored peat islands in the present 

study, because it is known that dispersal ability is a fundamental factor influencing 

colonisation of restored habitats (Mortimer et al. 2002; Armitage and Fong 2004). If 
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beetle species were dispersal-limited, it would be expected that beetle communities on 

the peat islands close to the wetland would become increasingly similar to the 

communities in the peat bog over time, and more distant sites would stay fairly distinct. 

Distance from the peat bog edge explained significant variation in the beetle 

composition across all sites, but it was much less important than the age of the peat 

islands and the associated development of vegetation complexity. The interaction 

between distance and age showed that initially it was important for restored islands to 

be close to the undisturbed peat bog. However, over time the distance from the 

undisturbed peat bog became less of an influence on beetle community composition.  

 

Environmental factors influencing the distribution of beetle species at restored 

mine sites 

Throughout this study, canopy density, canopy height, total vegetation cover, and total 

L. scoparium cover have been shown to influence beetle species’ distributions, 

illustrating that changes in the beetle community were associated with the increasing 

complexity of vegetation structure related to the age of the restored islands. This 

probably mirrors the gradual provision of suitable habitat for the beetles, incorporating 

such features as increased litter depth, canopy density, humidity and temperature. 

Results agree with other similar studies that suggest the composition of beetles present 

at a site is correlated to environmental factors such as soil organic content (McCracken 

1994), soil and litter moisture (Sanderson et al. 1995), vegetation age (Reay and Norton 

1999; Butterfield 1997), structural diversity of vegetation (Webb et al. 1984), 

vegetation height and density (Watts and Gibbs 2002; Gardner et al. 1997), and 

presence of deadwood on the ground (Reay and Norton 1999).  McCracken (1994) and 

Holmes et al. (1993) acknowledged that vegetation structure has a greater influence on 

carabid species than plant species composition. However, Quinn et al. (1991) and 

Sanderson et al. (1995) suggested the most important direct effect on Carabidae was 

that of soil characteristics, and that vegetation-Carabidae associations may have been 

the result of the indirect effect of soil characteristics on plant community structure. 

Clarkson and Watts (2003) found that invertebrate species richness increased as plant 

cover increased on restored peat islands. Using the ‘standard Torehape’ technique 

(Schipper et al. 2002) to restore mined peatlands allowed native peat bog vegetation to 

establish quickly and therefore invertebrates colonised these areas first (rather than the 

recently mined peat surface) due to increased habitat availability and complexity. The 
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most diverse invertebrate communities occurred in the plots with the greatest plant 

cover, therefore for invertebrate communities to develop it is important to get 

vegetation cover onto a mined surface quickly (Clarkson and Watts 2003). 

 

Several studies have found that beetle distributions in restoration chronosequences 

were closely linked to vegetative physiognomy (Reay and Norton 1999; Watts and 

Gibbs 2002; Longcore 2003). For example, Davis et al. (2003) found that dung beetle 

assemblages in restored coastal dune forests were comparable with those in natural 

forests after 9–12 years and the species convergence was related to the degree of 

closure of the canopy and its effect on microclimate (Davis et al. 2002; 2003). 

Similarly, a progressive increase in ant species richness during the first 2–6 years is 

typical of minesites undergoing restoration (Majer 1984; Majer and de Kock 1992; 

Majer and Nichols 1998; Bisevac and Majer 1999; Andersen et al. 2003; Nichols and 

Nichols 2003), and in many of these cases, species composition became similar to that 

of the undisturbed sites; however, differences still persisted even after 8–14 years. 

These studies concluded that the recovery of a rich and diverse ant fauna was assisted 

by restoration procedures that produced a diverse plant community, particularly with 

respect to vegetation structure development, such as increased plant cover, canopy 

height and plant species diversity. In addition, the rapid production of a thick litter 

layer, substantial ground cover, and the presence of woody debris were also important 

(Majer and Nichols 1998; Nichols and Nichols 2003).  

 

Implications for restoration 

The present study supports the notion that restoration of native vegetation can promote 

the reestablishment of the associated native beetle community. However, restoration of 

native vegetation in general has had mixed success regarding the reestablishment of 

invertebrate assemblages. Some invertebrate communities are quick to re-establish 

even after a short time period. For example, arthropod assemblages associated with 

Spartina quickly returned (within less than 5 years) and were indistinguishable from 

arthropod assemblages in references sites, following the reestablishment of native 

vegetation in areas previously altered by Phragmites, an invasive wetland plant 

(Gratton and Denno 2005). In contrast, invertebrate assemblages in restored coastal 

scrub communities in California were slow to recover (Longcore 2003), and trophic 

structure was different (more predators) on replanted sagebrush (Burger et al. 2003). 
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Similarly, studies of mine restoration suggest that arthropod species richness and 

abundance were consistently lower in restored sites (Parmenter et al. 1991), even after 

20 years (Bisevac and Majer 1999). Successful restoration of beetle assemblages (and 

invertebrates generally) will depend, largely, on maintaining undisturbed refuges of 

peat bog that act as sources of potential immigrants that have the dispersal ability to 

colonise restored habitats. Schipper et al. (2002) and Clarkson and Watts (2003) found 

that the ‘standard Torehape’ technique was effective in initiating the restoration of both 

plant and invertebrate assemblages in cutover bogs. The success of this restoration 

technique relies on the islands being placed as stepping stones outwards from the 

existing undisturbed peat bog (Clarkson and Watts 2003). From a conservation 

perspective, these results are encouraging and suggest that although the rate at which 

the beetle fauna recolonises restored habitats varies, with time most beetle species 

should inhabit restored peat mines. It is possible that within 12 years the restored 

islands will share 100% of beetle species in common with the undisturbed peat bog. 
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Appendix 4.1 Measured environmental variables at Torehape restoration trial (mean of all sampling periods). Vegetation type is either S. ferrugineus or L. scoparium, DIST = 
distance from wetland edge, %TC = % total vegetation cover, %LC = % total L. scoparium cover, %SC = % total S. ferrugineus cover, SPP = plant species richness, CD 1.5 
m = canopy density at 1.5 m, CH = canopy height, DW = amount of deadwood, LD = litter depth, LB = litter biomass, pH = pH of peat and MOIST = % moisture of peat. 
Negative distances from the peat bog edge (located at 0 m) are inside the undisturbed peat bog. 
 

Restoration treatment 
Trt 
Island 
ID 

Vegetation 
type DIST % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST 

Undisturbed peat bog 1391 Spofer -60 100.5 5.0 75.0 7 36.4 270.0 3.5 1.3 10.8 4.2 457.60 
 (control) 1441 Spofer -60 101.5 0.0 85.0 8 57.2 230.0 4.0 4.0 6.8 4.6 687.68 
 1691 Spofer -60 101.0 7.0 75.0 7 54.1 225.0 2.5 2.5 10.4 4.4 510.89 
 1861 Spofer -60 99.5 5.0 80.0 6 39.5 250.0 3.0 2.8 11.4 4.2 508.47 
 1881 Spofer -60 100.0 5.0 95.0 4 48.4 280.0 4.0 3.0 14.5 4.6 559.65 
 1392 Lepsco -30 102.5 80.0 0.5 8 68.6 275.0 3.0 2.4 13.4 5.4 441.16 
 1432 Lepsco -30 102.0 95.0 0.0 8 40.8 300.0 2.0 2.5 11.3 4.3 288.61 
 1512 Lepsco -30 102.5 95.0 0.0 8 35.6 295.0 2.5 2.3 11.1 4.0 290.15 
 1632 Lepsco -30 103.0 95.0 0.0 8 63.2 310.0 4.0 3.1 11.8 4.2 348.65 
 1862 Lepsco -30 102.0 80.0 0.0 8 45.5 265.0 2.5 3.1 19.1 5.0 242.03 
Mined peat surface 1393 Spofer 150 0.0 0.0 0.0 0 0.0 0.0 2.0 0.0 0.0 4.5 381.51 
 1433 Spofer 190 0.0 0.0 0.0 0 0.0 0.0 2.5 0.0 0.0 4.3 349.94 
 1493 Spofer 230 0.0 0.0 0.0 0 0.0 0.0 1.5 0.0 0.0 4.4 283.59 
 1693 Spofer 70 0.0 0.0 0.0 0 0.0 0.0 1.5 0.0 0.0 4.4 431.20 
 1863 Spofer 110 0.0 0.0 0.0 0 0.0 0.0 2.0 0.0 0.0 4.6 389.35 
 1384 Lepsco 70 0.0 0.0 0.0 0 0.0 0.0 1.5 0.0 0.0 4.6 254.34 
 1464 Lepsco 230 0.0 0.0 0.0 0 0.0 0.0 2.0 0.0 0.0 4.3 435.02 
 1684 Lepsco 110 0.0 0.0 0.0 0 0.0 0.0 2.5 0.0 0.0 4.5 368.98 
 1694 Lepsco 150 0.0 0.0 0.0 0 0.0 0.0 2.0 0.0 0.0 4.4 401.59 
 1864 Lepsco 190 0.0 0.0 0.0 0 0.0 0.0 1.5 0.0 0.0 4.4 481.90 
Milled peat, no seed 1465 Spofer 110 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.8 201.93 
 1515 Spofer 150 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.7 110.78 
 1685 Spofer 70 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 4.1 17.61 
 1695 Spofer 190 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.9 28.49 
 1865 Spofer 230 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.0 56.40 
 1466 Lepsco 190 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 4.0 26.19 
 1686 Lepsco 150 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.9 63.40 
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Restoration treatment 
Trt 
Island 
ID 

Vegetation 
type DIST % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST 

 1696 Lepsco 230 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.8 53.41 
 1856 Lepsco 110 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 4.0 31.61 
 1866 Lepsco 70 0.0 0.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.8 20.18 
Milled peat with seed 1397 Spofer 230 5.0 0.0 5.0 0 0.0 0.0 1.0 0.0 0.0 3.8 94.46 
 1437 Spofer 70 5.0 0.0 5.0 0 0.0 0.0 1.0 0.0 0.0 4.1 15.33 
 1697 Spofer 110 5.0 0.0 5.0 0 0.0 0.0 1.0 0.0 0.0 4.0 54.17 
 1857 Spofer 150 5.5 0.0 5.0 0 0.0 0.0 1.0 0.0 0.0 4.1 201.42 
 1867 Spofer 190 5.0 0.0 0.5 0 0.0 0.0 1.0 0.0 0.0 3.8 51.10 
 1398 Lepsco 230 10.0 10.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.9 82.04 
 1408 Lepsco 190 15.0 15.0 0.0 0 0.0 0.0 1.0 0.0 0.0 4.1 76.84 
 1698 Lepsco 70 10.0 10.0 0.0 0 0.0 0.0 1.0 0.0 0.0 4.2 32.26 
 1858 Lepsco 150 5.0 5.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.8 28.52 
 1868 Lepsco 110 5.0 5.0 0.0 0 0.0 0.0 1.0 0.0 0.0 3.8 52.80 
Direct transfer 1399 Spofer 150 85.0 10.0 60.0 5 36.4 211.0 2.5 1.4 6.8 3.9 476.22 
 1409 Spofer 110 75.0 0.0 65.0 5 57.2 265.0 2.0 2.0 6.6 4.1 355.47 
 1699 Spofer 70 80.5 0.0 70.0 7 54.1 200.0 2.0 3.1 9.4 4.6 264.67 
 1859 Spofer 190 85.0 0.0 60.0 5 39.5 213.0 1.5 3.6 6.6 4.1 205.14 
 1869 Spofer 230 95.5 0.0 65.0 5 48.4 245.0 1.5 2.1 7.2 4.4 449.00 
 1400 Lepsco 230 70.0 50.0 20.0 7 68.6 250.0 1.5 1.6 8.5 4.1 603.54 
 1520 Lepsco 190 90.0 85.0 0.0 6 40.8 258.0 1.5 3.0 14.1 4.9 268.51 
 1690 Lepsco 70 75.5 50.0 10.0 9 35.6 213.0 1.5 2.4 5.8 3.6 494.89 
 1860 Lepsco 110 99.5 45.0 0.0 9 63.2 310.0 2.0 0.9 7.2 3.8 541.36 
 1870 Lepsco 150 85.0 55.0 0.0 9 45.5 240.0 2.0 3.4 30.3 4.0 409.41 
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Appendix 4.2 Measured environmental variables at older restored peat islands at Torehape. AGE = months since restored peat island established and all other codes are the 
same as in Appendix 4.1. Control plots are situated within the undisturbed peat bog at negative distances from the peat bog edge (located at 0 m). 
 
Island 
Number AGE DIST % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST 

1 control -30 102.5 80.0 0.5 8 68.6 275.0 3.0 2.4 13.4 5.4 441.161 
2 control -30 102.0 95.0 0.0 8 40.8 300.0 2.0 2.5 11.3 4.3 288.611 
3 control -30 102.5 95.0 0.0 8 35.6 295.0 2.5 2.3 11.1 4.0 290.155 
4 control -30 103.0 95.0 0.0 8 63.2 310.0 4.0 3.1 11.8 4.2 348.653 
5 control -30 102.0 80.0 0.0 8 45.5 265.0 2.5 3.1 19.1 5.0 242.034 
6 control -30 102.5 80.0 0.5 8 68.6 275.0 3.0 2.4 13.4 5.4 444.661 
7 control -30 102.0 95.0 0.0 8 40.8 300.0 2.0 2.5 13.4 4.3 292.111 
8 control -30 102.5 95.0 0.0 8 35.6 295.0 2.5 2.3 11.1 4.0 293.655 
9 control -30 103.0 95.0 0.0 8 63.2 310.0 3.5 3.1 12.7 4.2 352.153 
10 control -30 102.0 80.0 0.0 8 45.5 265.0 2.5 3.2 19.1 5.0 245.534 
11 control -30 102.5 80.0 0.5 8 69.7 275.0 3.0 2.4 13.4 5.3 448.16 
12 control -30 102.0 95.0 0.0 8 41.9 300.0 2.0 2.5 13.4 4.3 295.61 
13 control -30 102.5 95.0 0.0 8 36.7 295.0 2.5 2.4 11.1 3.9 297.15 
14 control -30 103.0 95.0 0.0 8 64.2 310.0 3.5 3.1 12.6 4.2 355.65 
15 control -30 102.0 80.0 0.0 8 46.6 265.0 2.5 3.1 18.8 5.0 249.03 
16 24 50 65.5 40.0 10.0 5 0.0 116.0 1.0 1.0 6.2 3.9 102.12 
17 24 80 72.5 30.0 8.0 7 0.0 126.0 1.0 0.9 7.0 4.1 93.02 
18 24 130 35.0 15.0 9.0 5 0.0 137.0 1.0 1.0 9.0 4.2 112.94 
19 24 180 13.0 10.0 2.0 4 0.0 116.0 1.0 1.1 7.6 3.8 102.24 
20 24 210 18.0 10.0 4.0 3 0.0 99.0 1.0 1.2 6.0 3.8 104.02 
21 24 515 70.0 50.0 1.0 6 0.0 139.0 1.0 1.2 6.8 3.8 103.34 
22 24 520 55.0 45.0 5.0 3 0.0 101.0 1.0 1.1 6.4 4.2 94.34 
23 24 550 56.0 45.0 2.0 4 0.0 86.0 1.0 1.0 6.5 4.1 113.24 
24 24 570 61.0 40.0 3.0 4 0.0 114.0 1.0 0.9 6.6 3.9 97.94 
25 24 590 65.0 35.0 4.0 5 0.0 100.0 1.0 1.0 6.7 3.8 107.64 
26 24 385 66.5 35.0 1.0 4 0.0 132.0 1.0 1.0 6.4 3.6 112.99 
27 24 430 101.5 54.0 3.0 3 0.0 143.0 1.0 0.9 6.5 4.9 85.98 
28 24 430 12.0 10.0 1.0 5 0.0 135.0 1.0 0.8 8.0 4.9 92.08 
29 24 465 50.0 30.0 2.0 6 0.0 134.0 1.0 0.9 8.9 4.6 101.49 
30 24 475 40.0 15.0 2.0 5 0.0 113.0 1.0 1.0 6.7 4.0 106.86 
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Island 
Number AGE DIST % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST 

31 42 60 80.5 75.0 5.0 3 36.4 162.0 2.0 2.5 10.8 4.1 124.53 
32 42 75 101.0 85.0 10.0 5 57.5 250.0 2.0 2.4 11.5 3.8 115.43 
33 42 99 101.5 90.0 10.0 5 54.1 221.0 2.0 2.0 13.6 4.1 135.35 
34 42 140 102.5 92.0 8.0 7 39.5 202.0 2.0 3.0 12.2 4.2 124.65 
35 42 160 101.0 95.0 4.0 6 48.6 203.0 2.0 2.2 10.6 3.8 126.43 
36 42 700 100.5 97.0 3.0 6 38.6 211.0 2.0 2.0 11.4 3.8 125.75 
37 42 775 100.5 99.0 1.0 6 30.5 185.0 2.0 1.9 11.0 3.8 116.75 
38 42 810 100.0 98.0 2.0 8 39.5 198.0 2.0 1.8 11.1 4.2 135.65 
39 42 830 101.5 98.0 2.0 7 38.3 192.0 2.0 1.9 11.1 4.1 120.35 
40 42 855 100.5 99.0 1.0 8 54.9 200.0 2.0 2.0 11.2 3.9 130.05 
41 42 380 103.0 65.0 35.0 6 36.9 190.0 2.0 2.5 11.0 3.9 135.40 
42 42 400 102.0 90.0 10.0 5 40.8 180.0 2.0 2.5 11.0 3.9 108.39 
43 42 435 100.0 98.0 2.0 5 35.2 205.0 2.0 2.1 12.6 3.8 114.49 
44 42 486 100.0 96.0 4.0 7 45.5 212.0 2.0 2.3 13.5 3.9 123.90 
45 42 495 100.5 99.0 1.0 8 39.5 174.0 2.0 2.2 11.3 5.0 129.27 
46 72 30 100.0 95.0 5.0 8 45.9 315.0 3.0 3.5 16.4 3.9 145.68 
47 72 40 100.5 98.0 2.0 8 67.0 243.0 3.0 3.6 17.1 4.1 136.58 
48 72 60 101.0 90.0 10.0 14 63.6 250.0 3.0 3.4 19.1 4.2 156.50 
49 72 60 99.5 98.0 0.5 7 49.0 375.0 3.0 3.8 17.7 3.8 145.80 
50 72 90 101.0 80.0 20.0 8 58.1 310.0 3.0 3.6 16.2 3.8 147.58 
51 72 860 101.0 100.0 0.5 7 48.1 281.0 3.0 3.3 16.9 3.8 146.90 
52 72 850 100.0 99.0 1.0 7 40.0 239.0 3.0 3.1 16.5 3.8 137.90 
53 72 830 100.5 85.0 15.0 9 49.0 250.0 3.0 3.4 16.6 3.8 156.80 
54 72 810 100.0 99.0 1.0 9 47.8 235.0 3.0 3.2 16.7 4.2 141.50 
55 72 810 100.5 99.0 1.0 12 64.4 275.0 3.0 1.9 16.8 4.1 151.20 
56 72 400 101.5 97.0 3.0 9 46.4 250.0 3.0 3.4 16.5 3.9 156.55 
57 72 410 100.0 99.0 1.0 7 50.3 240.0 3.0 3.2 16.6 4.2 129.54 
58 72 430 100.5 98.0 2.0 6 44.7 228.0 3.0 3.3 18.1 4.2 135.64 
59 72 430 100.0 99.0 1.0 12 55.0 246.0 3.0 3.2 19.0 4.3 145.05 
60 72 460 101.5 97.0 3.0 13 49.0 266.0 3.0 3.1 16.8 4.4 150.42 
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Appendix 4.3 Checklist of plant species recorded in vegetation plots. *=non-native species 
 
 
Taxon Family 

Vascular species  

Baumea  teretifolia (R. Br) Palla Cyperaceae 
Blechnum novae-zelandiae (swamp form “B. minus”) Blechnaceae 
Carex secta Boott in Hook. f. Cyperaceae 
Calochilus robertsonii Benth. Orchidaceae 
Dianella nigra Colenso Liliaceae 
Drosera binata Labill. Droseraceae 
D. spathulata Labill. Droseraceae 
Empodisma minus (Hook.f.) L.A.S.Johnson & D.F.Cutler Restionaceae 
Epacris pauciflora A.Rich Epacridaceae 
Gleichenia dicarpa R.Br. Gleicheniaceae 
Gonocarpus microanthus Thunb Haloragaceae 
Histiopteris incisa (Thunb.) J.Smith Dennstaedtiaceae 
Hypochaeris radicata L. Asteraceae 
Hypolepis distans Hook. Dennstaedtiaceae 
Juncus planifolius R. Br Juncaceae 
Leptospermum scoparium J.R.Forst. & G.Forst. Myrtaceae 
Lotus pedunculatus Cav. Febaceae 
Nertera scapanioides Lange Rubiaceae 
Osmunda regalis L.* Osmundaceae 
Pteridium esculentum (Forst.f.) Cockayne Dennstaedtiaceae 
Rubus cissoides A. Cunn. Rosaceae 
Rumex acetosella L.* Polygonaceae 
Salix cinerea L.* Salicaceae 
Schoenus brevifolius R.Br. Cyperaceae 
Sporadanthus ferrugineus de Lange Heenan et B.D.Clarkson Restionaceae 
Thelymitra cyanea (Lindl.) Benth. Orchidaceae 
Vaccinium corymbosum L.* Ericaceae 
Unknown herb sp. (seedling)*  

Non-vascular species  

Campylopus acuminatus var. kirkii (Mitt.) Frahm Dicranaceae 
Dicranum robustum (Hook.f. et Wilson) Par. Dicranaceae 
Sphagnum cristatum Hampe. Sphagnaceae 
Unknown liverwort sp.  
Unknown moss sp.  
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Appendix 4.4 Total abundances of each beetle species at the restoration trial 1 month, 13 months and 25 
months after establishment and in the undisturbed peat bog. Nomenclature follows Klimaszewski and 
Watt (1997) and is ordered alphabetically by Family. 
 

Family Species name Species 
code 

Total 
abundance 

Anthicidae Anthicus hesperi King, 1869 Anthes 44 
Anthicidae Anthicus kreusleri King, 1869 Antkre 13 
Anthicidae Anthicus minor Broun, 1885 Antmin 227 
Anthicidae Sapintus pellucidipes (Broun, 1880) Sappel 63 
Brentidae Exapion ulicis (Forster, 1771) Exauli 1 
Carabidae Aulacopodus calathoides (Broun, 1886) Aulcal 40 
Carabidae Cicindela tuberculata Fabricius, 1775 Cictub 215 
Carabidae Clivina basalis Chaudoir, 1843 Cliba 5 
Carabidae Clivina vagans Putzeys, 1866 Clivag 1 
Carabidae Notagonum lawsoni (Bates, 1874) Notlaw 6 
Carabidae Rhytisternus miser (Chaudoir, 1865) Rhymis 2 
Carabidae Scopodes sp. 1 Scosp1 30 
Cerambycidae Ptinosoma sp. 1 Ptisp1 1 
Chrysomelidae Eucolaspis sp.1  Eucsp1 1 
Chrysomelidae Eucolaspis sp. 2 Eucsp2 1 
Chrysomelidae Peltoschema sp. 1 Petsp1 1 
Clambidae indet sp. 1 Clasp1 3 
Coccinellidae Coccinella undecimpunctata Linnaeus, 1758 Cocund 8 
Coccinellidae Scymnus loewi (Mulsant, 1850) Scyloe 2 
Corylophidae Holopsis sp. 1 Holsp1 3 
Corylophidae Sericoderus sp. 1 Sersp1 3 
Corylophidae Sericoderus sp. 2 Sersp2 7 
Curculionidae Dryophthorus sp. 1 Drysp1 2 
Curculionidae Listronotus bonariensis (Kuschel, 1955) Lisbon 2 
Curculionidae Sericotrogus subaenescens Wollaston, 1873 Sersub 3 
Curculionidae Sitona lepidus Gyllenhal, 1834 Sitlep 17 
Curculionidae Steriphus diversipes lineatus (Pascoe, 1873) Stediv 4 
Dytiscidae Copelatus australis Clark, 1863 Copaus 1 
Elateridae Acritelater sp. 1 Acrsp1 2 
Elateridae Agrypnus variabilis Candéze, 1857 Agrvar 5 
Elateridae Conoderus exsul (Sharp, 1877) Conexs 47 
Elateridae Conoderus posticus (Eschscholtz, 1822) Conpos 81 
Elateridae Ochosternus zealandicus (White, 1846) Ochzea 11 
Elateridae Panspoeus guttatus Sharp, 1877 Pangut 6 
Elateridae Thoramus wakefieldi Sharp, 1877 Thowak 7 
Eucnemidae Talerax sp. 1 Talsp1 1 
Hydrophilidae Cercyon sp. 1 Cersp1 12 
Latridiidae Aridius costatus (Erichson, 1842) Aricos 49 
Latridiidae Aridius nodifer (Westwood, 1839) Arinod 25 
Latridiidae Cortinicara sp. 1 Corsp1 3 
Latridiidae Melanophthalma sp. 1 Melsp1 9 
Melyridae indet. sp. 1 Indsp1 13 
Mycetophagidae ‘Triphyllus’ hispidellus (Broun, 1880) Trihis 1 
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Family Species name Species 
code 

Total 
abundance 

Mycetophagidae ‘Triphyllus’ sp. 1 Trisp1 2 
Mycetophagidae Typhaea stercorea (Linnaeus, 1758) Typste 3 
Nitidulidae Epuraea imperialis (Reitter, 1877) Epuimp 20 
Nitidulidae Epuraea scutellaris (Broun, 1880) Epuscu 3 
Oedemeridae Baculipalpus strigipennis (White, 1846) Bacstr 26 
Oedemeridae Selenopalpus cyaneus (Fabricius, 1775) Selcya 203 
Scarabaeidae Costelytra zealandica (White, 1846) Coszea 9 
Scarabaeidae Heteronychus arator (Fabricius, 1775) Hetara 5 
Scarabaeidae Odontria borealis Given, 1960 Odobor 7 
Scarabaeidae Odontria sp. 1 Odosp1 14 
Scarabaeidae Pyronota sp. 1 Pyrsp1 17 
Scirtidae indet sp. 1 Scisp1 1 
Scirtidae indet sp. 2 Scisp2 1 
Scirtidae indet sp. 3 Scisp3 1 
Scirtidae indet sp. 4 Scisp4 2 
Scirtidae indet sp. 5 Scisp5 1 
Scydmaenidae Euconnus setosus Sharp, 1875 Eucset 7 
Scydmaenidae Scydmaenidae sp. 1 Scysp1 2 
Scydmaenidae Scydmaenidae sp. 2 Scysp2 1 
Scydmaenidae Scydmaenidae sp. 3 Scysp3 5 
Staphylinidae Aleocharinae sp. 1 Alesp1 2 
Staphylinidae Aleocharinae sp. 2 Alesp2 3 
Staphylinidae Aleocharinae sp. 3 Alesp3 2 
Staphylinidae Aleocharinae sp. 4 Alesp4 2 
Staphylinidae Aleocharinae sp. 5 Alesp5 4 
Staphylinidae Aleocharinae sp. 7 Alesp7 1 
Staphylinidae Aleocharinae sp. 8 Alesp8 1 
Staphylinidae Aleocharinae sp. 9 Alesp9 1 
Staphylinidae Baeocera actuosa (Broun, 1881) Baeact 3 
Staphylinidae Brachynopus scutellaris (Redtenbacher, [1868]) Brascu 2 
Staphylinidae Brachynopus sp. 1 Brasp1 1 
Staphylinidae Carpelimus sp.1 Carsp1 7 
Staphylinidae Carpelimus sp.2 Carsp2 7 
Staphylinidae Carpelimus sp. 3 Carsp3 3 
Staphylinidae Hyperomma sp. 1 Hypsp1 1 
Staphylinidae Myllaena sp. 1 Mylsp1 2 
Staphylinidae Physobryaxis inflata Sharp, 1874 Phyinf 143 
Staphylinidae Pselaphophus atriventris Westwood, 1856 Pseatr 2 
Staphylinidae Pselaphophus sp. 1 Psesp1 7 
Staphylinidae Sepedophilus sp. 1 Sepsp1 2 
Staphylinidae ? Sta??? 1 
Staphylinidae Sytus sp. 1 Sytsp1 7 
Staphylinidae Thyreocephalus orthodoxus (Olliff, 1887) Thyort 15 
Staphylinidae Xantholinini sp. 1 Xansp1 10 
Tenebrionidae Amarygmus sp. 1 Amasp1 11 
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Appendix 4.5 Pearson correlations between environmental data using a Bonferroni adjustment for multiple comparisons. ** P<0.01, * P<0.05.  % TC = % total vegetation 
cover, % LC = % total L. scoparium cover, % SC = % total S. ferrugineus cover, SPP = plant species richness, CD 1.5 m = canopy density at 1.5 m, CH = canopy height, DW 
= amount of deadwood, LD = litter depth, LB = litter biomass, pH = pH of peat, MOIST = % moisture of peat, DIST = distance from wetland edge, AGE = months since 
restored peat island established and TRT = restoration treatment. 
 
 

  % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST DIST AGE TRT 
% TC 1              
% LC 0.69** 1             
% SC 0.58** -0.13 1            
SPP 0.85** 0.69** 0.33* 1           
CD1.5m 0.86** 0.62** 0.45** 0.90** 1          
CH 0.94** 0.71** 0.47** 0.90** 0.92** 1         
DW 0.69** 0.36* 0.48** 0.57** 0.65** 0.69** 1        
LD 0.84** 0.57** 0.47** 0.85** 0.88** 0.87** 0.65** 1       
LB 0.80** 0.67** 0.31* 0.81** 0.80** 0.86** 0.59** 0.85** 1      
pH 0.37** 0.28* 0.15 0.26 0.37** 0.33* 0.53** 0.40** 0.37** 1     
MOIST 0.59** 0.26 0.43** 0.58** 0.65** 0.61** 0.75** 0.55** 0.49** 0.47** 1    
DIST -0.63 -0.40 -0.39 -0.48 -0.48 -0.57 -0.67 -0.52 -0.48 -0.39 -0.35 1   
AGE 0.75** 0.53** 0.42** 0.55** 0.59** 0.70** 0.77** 0.63** 0.60** 0.40** 0.42** -0.83 1  
TRT -0.23 -0.17 -0.14 0.02 0.00 -0.14 -0.57 -0.07 -0.09 -0.41 -0.27 0.29* -0.70 1 
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Appendix 4.6 Total abundances of each beetle species at the peat islands using the ‘standard Torehape’ 
restoration technique 1, 13 24, 25, 42 and 72 months after establishment and in the undisturbed peat bog. 
Nomenclature follows Klimaszewski and Watt (1997) and is ordered alphabetically by Family. 
 

Family Species name Species 
code 

Total 
abundance 

Anthicidae Anthicus hesperi King, 1869 Anthes 14 
Anthicidae Anthicus kreusleri King, 1869 Antkre 6 
Anthicidae Anthicus minor Broun, 1885 Antmin 49 
Anthicidae Sapintus pellucidipes (Broun, 1880) Sappel 24 
Anthicidae Trichananca fulgida Werner and Chandler, 1995 Triful 2 
Carabidae Aulacopodus calathoides (Broun, 1886) Aulcal 15 
Carabidae Cicindela tuberculata Fabricius, 1775 Cictub 136 
Carabidae Clivina basalis Chaudoir, 1843 Cliba 2 
Carabidae Lecanomerus atriceps (Macleay, 1871) Lecatr 1 
Carabidae Notagonum lawsoni (Bates, 1874) Notlaw 1 
Carabidae Scopodes sp. 1 Scosp1 6 
Chrysomelidae Eucolaspis sp. 1 Eucsp1 3 
Coccinellidae Coccinella undecimpunctata Linnaeus, 1758 Cocund 9 
Corylophidae Holopsis sp. 1 Holsp1 1 
Corylophidae Sericoderus sp. 1 Sersp1 4 
Corylophidae Sericoderus sp. 2 Sersp2 3 
Curculionidae Dryophthorus sp. 1 Drysp1 2 
Curculionidae Rhinocyllus conicus Froelich, 1792 Rhicon 1 
Curculionidae Sitona lepidus Gyllenhal, 1834 Sitlep 5 
Curculionidae Steriphus diversipes lineatus (Pascoe, 1873) Stediv 1 
Elateridae Acritelater sp. 1 Acrsp1 1 
Elateridae Agrypnus variabilis Candéze, 1857 Agrvar 1 
Elateridae Conoderus exsul (Sharp, 1877) Conexs 148 
Elateridae Conoderus posticus (Eschscholtz, 1822) Conpos 37 
Elateridae Ochosternus zealandicus (White, 1846) Ochzea 8 
Elateridae Panspoeus guttatus Sharp, 1877 Pangut 1 
Elateridae Thoramus wakefieldi Sharp, 1877 Thowak 4 
Eucnemidae Talerax sp. 1 Talsp1 1 
Hydrophilidae Cercyon sp. 1 Cersp1 8 
Latridiidae Aridius costatus (Erichson, 1842) Aricos 91 
Latridiidae Aridius nodifer (Westwood, 1839) Arinod 5 
Latridiidae Cortinicara sp. 1 Corsp1 2 
Melyridae Indet. sp. 1 Indsp1 6 
Mycetophagidae ‘Triphyllus’ hispidellus (Broun, 1880) Trihis 1 
Mycetophagidae ‘Triphyllus’ sp. 1 Trisp1 2 
Mycetophagidae Typhaea stercorea (Linnaeus, 1758) Typste 5 
Nitidulidae Epuraea imperialis (Reitter, 1877) Epuimp 8 
Nitidulidae Epuraea scutellaris (Broun, 1880) Epuscu 2 
Oedemeridae Baculipalpus strigipennis (White, 1846) Bacstr 41 
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Family Species name Species 
code 

Total 
abundance 

Oedemeridae Parisopalpus thoracicus (Broun, 1893) Partho 1 
Oedemeridae Selenopalpus cyaneus (Fabricius, 1775) Selcya 78 
Scarabaeidae Ataenius picinus Harold, 1861 Atapic 1 
Scarabaeidae Costelytra zealandica (White, 1846) Coszea 5 
Scarabaeidae Heteronychus arator (Fabricius, 1775) Hetara 4 
Scarabaeidae Odontria borealis Given, 1960 Odobor 30 
Scarabaeidae Odontria indet. females Odofem 63 
Scarabaeidae Odontria sp. 1 Odosp1 44 
Scarabaeidae Pyronota sp. 1 Pyrsp1 17 
Scirtidae Indet sp. 1 Scisp1 6 
Scirtidae Indet sp. 2 Scisp2 2 
Scydmaenidae Euconnus setosus Sharp, 1875 Eucset 2 
Scydmaenidae Scydmaenidae sp. 1 Scysp1 1 
Scydmaenidae Scydmaenidae sp. 3 Scysp3 1 
Staphylinidae Aleocharinae sp. 2 Alesp2 2 
Staphylinidae Aleocharinae sp. 5 Alesp5 5 
Staphylinidae Aleocharinae sp. 6 Alesp6 5 
Staphylinidae Anotylus sp. 1 Anosp1 3 
Staphylinidae Baeocera actuosa (Broun, 1881) Baeact 2 
Staphylinidae Brachynopus sp. 1 Brasp1 1 
Staphylinidae Carpelimus sp.1 carsp1 1 
Staphylinidae Physobryaxis inflata Sharp, 1874 Phyinf 61 
Staphylinidae Sytus sp. 1 Sytsp1 3 
Staphylinidae Thyreocephalus orthodoxus (Olliff, 1887) Thyort 21 
Tenebrionidae Amarygmus sp. 1 Amasp1 8 
Zopheridae Pycnomerus sp. 1 Pycsp1 1 
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Appendix 4.7 Pearson correlations between environmental data using a Bonferroni adjustment for multiple comparisons. ** P<0.01, * P<0.05.  Codes as in Appendix 2.4. 
 
 

  % TC % LC % SC SPP CD1.5m CH DW LD LB pH MOIST DIST AGE 
% TC 1             
% LC 0.96** 1            
% SC 0.23 0.12 1           
SPP 0.80** 0.80** 0.14 1          
CD1.5m 0.83** 0.88** 0.13 0.76** 1         
CH 0.91** 0.90** 0.13 0.83** 0.86** 1        
DW 0.78** 0.83** 0.06 0.76** 0.93** 0.86** 1       
LD 0.88** 0.90** 0.23 0.80** 0.88** 0.92** 0.90** 1      
LB 0.88** 0.88** 0.19 0.85** 0.84** 0.91** 0.84** 0.95** 1     
pH 0.25 0.18 -0.19 0.30* 0.31* 0.27* 0.25 0.20 0.29* 1    
MOIST 0.59** 0.55** -0.13 0.55** 0.67** 0.71** 0.66** 0.55** 0.52** 0.56** 1   
DIST 0.15 0.18 0.07 0.12 -0.04 -0.04 -0.03 0.03 0.13 -0.25 -0.37 1  
AGE 0.41** 0.38** -0.25 0.38** 0.47** 0.56** 0.49** 0.39** 0.35** 0.52** 0.90** -0.52 1 
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CHAPTER 5 
 

5Altered litter decomposition rates and microbial activity in an 

experimental peat bog restoration trial  
 

 

 
 

Litter bags in the undisturbed peat bog (top) and mined plots (bottom) at Torehape 

restoration trial.
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5.1 ABSTRACT 

Restoration of mined Restionaceae-dominated peat bogs in northern New Zealand is 

currently initiated by establishing a native vegetation cover to minimise further peat 

degradation. The relative effects of various restoration techniques on litter decomposition 

rates and microbial activity within experimental litter bags were investigated in a 

restoration trial established on a mined peat surface. Peat accumulation is the result of slow 

litter decomposition, but little is known about decomposition processes in restored 

peatlands. Decomposition rates and microbial activity of litter were compared across three 

different restoration treatments, direct transfer of intact habitat ‘islands’, the addition of 

milled peat with seed and milled peat with no seed, and these treatments were compared 

with an unrestored area (recently mined peat surface) and an undisturbed peatland 

(control). It was predicted that there would be no difference in decomposition and 

microbial activity rates between the direct transfer ‘islands’ and the undisturbed peatland, 

but that litter decomposition rates and microbial activity would differ significantly in the 

more ‘simple’ restoration treatments. Litter decomposition and associated microbial 

respiration rates were significantly higher in the undisturbed peat bog sites than in any of 

the restoration treatments. Furthermore, the technique used to restore mined peatlands had 

a significant effect on both litter decomposition rates and microbial respiration. After 6 

months, microbial activity in the direct transfer and recently mined peat surface treatments 

was similar and higher than in other treatments. It is possible that because the substrates at 

the mined peat surface and the transferred ‘islands’ of intact peatland were both relatively 

old, the microbes would have had more time to colonise the substrate than on the relatively 

young milled peat islands. These results suggest that ecosystem processes such as 

decomposition and microbial community activity recover faster with some restoration 

techniques, such as direct transfer of intact habitat islands than with others. However, even 

after 12 months litter decomposition rates and microbial activity in restored habitats were 

still far from reaching the levels recorded in the undisturbed peat bog.  
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5.2 INTRODUCTION 

The world’s wetlands have declined significantly in area (Keddy 2000), and are often 

threatened by land development because they occupy fertile lowland areas that are 

valuable for agriculture. Globally, peatlands are the most widespread of all wetland types, 

covering over four million km2 (3%) of the planet’s land surface, and comprise in 

particular a significant area of the boreal and subarctic regions in the northern hemisphere 

(International Peat Society and Conservation Group 2002). In contrast, Australasian 

peatlands are generally small in area, restricted in their distribution and very few remain in 

their natural state (Whinam et al. 2003). For example, more than 75% of the original area 

of restiad peat bogs in northern New Zealand has been converted to agricultural use 

(Environment Waikato 1998). New Zealand raised peat bogs are distinct from their 

northern hemisphere Sphagnum-dominated equivalents because vegetation cover is 

dominated by two members of the angiosperm family Restionaceae, Sporadanthus 

ferrugineus and Empodisma minus, the remains of which commonly compose the bulk of 

peat deposits (Thompson et al. 1999). These fragile ecosystems are threatened and 

restricted to just a few locations within New Zealand (Clarkson 2002). One of the most 

significant threats to the remaining unprotected restiad bogs is mining for peat. However, 

miners are required to restore the mined area to original restiad peat bog vegetation after 

the permitted depth of peat has been harvested (usually 1 metre) so that peat formation can 

eventually restart. Several studies have suggested that peat accumulation is the result of 

slow litter decomposition (Clymo 1965; Thormann and Bayley 1997), and it accumulates 

annually (Thormann et al. 2001). Therefore, peatlands are an important component in the 

global carbon cycle (Szumigalski and Bayley 1996; Thormann et al. 2001). 

 

There is considerable interest in the methods used to measure the restoration of degraded 

habitats (Andersen and Sparling 1997; Covington et al. 1997; Watts and Gibbs 2002; 

Armitage and Fong 2004; Waltz and Covington 2004). Until recently, however, many 

restoration projects have focussed on the establishment of native plant species and the 

creation of plant communities that closely resemble those of undisturbed native vegetation 

(Zedler 2000). Nonetheless, other ecosystem components and processes, such as nutrient 

cycling via litter decomposition, are also important if restoration is to conserve biodiversity 
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more effectively (Potthoff et al. 2005). In most terrestrial ecosystems, the largest 

proportion of net primary productivity is consumed directly by decomposer organisms via 

the production of plant litter (Polis 1994), where it has important ‘after life’ effects 

(Findlay et al. 1996). Since litter quantity and quality play a critical role in rates of 

decomposition and nutrient cycling, it is reasonable to expect that the method used to 

restore wetlands may affect the rate of recovery. Different restoration techniques could 

potentially affect the rate of litter decomposition by altering microclimate, litter quality and 

quantity, or the species composition of the decomposer community (Kaye and Hart 1998a; 

Taylor and Middleton 2004). Microbes are fundamental for maintaining soil quality by 

mediating the processes of organic matter turnover (decomposition) and nutrient cycling 

(Jeffries et al. 2003). Most studies of microbial communities in restoration sites have been 

descriptive along chronosequences. For example, Andersen and Sparling (1997) found a 

correlation between above-ground ant activity and decomposition processes at restored 

bauxite mine sites. Only a few studies have reported the effect of management 

interventions in an experimental setting (Moynahan et al. 2002; Tian et al. 2004).  

 

Several other studies have shown the importance of microbial communities for successful 

plant establishment and growth (Noyd et al. 1995; van der Heijden et al. 1998). For 

example, legume colonisation in restored meadows was correlated with an increase in soil 

microbes and the fungal:bacterial ratio, and hence may be instrumental in restoring 

important soil-based function to grasslands (Smith et al. 2003). Similarly, some studies 

have suggested that the rate of plant community succession following initiation of 

restoration treatments will proceed faster if there has been a more complete recovery of the 

microbial community (for review see Harris 2003). An important function of the microbial 

community in restoration is their ability to metabolise a wide variety of carbon sources, 

increasing organic matter turnover and nutrient availability for plants, which may therefore 

benefit plant growth (Moynahan et al. 2002). For example, Kaye and Hart (1998a) found 

that nitrogen mineralization rates were 2–3 times greater at restoration treatments than at 

control sites. The recovery of processes such as decomposition and nutrient cycling are 

essential components in the long-term sustainability of restored sites (Brandenburg and 

Sparling 1994).  
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Numerous studies have found that between 4 and 21 years after restoration, litter 

decomposition and microbial respiration rates were similar to those of undisturbed sites 

(Sawada et al. 1994; Kaye and Hart 1998b; Moynahan et al. 2002; Heneghan et al. 2004; 

Potthoff et al. 2005). However, the majority of these studies have examined whether 

conventional management techniques, such as simply replanting native species, or adding 

fertilized topsoil followed by replanting with native species, alter litter decomposition and 

microbial respiration rates. An emerging restoration technique involves the direct transfer 

of intact habitat from an undisturbed area, which would otherwise be completely destroyed 

by a change in land use, to a new receptor site undergoing restoration (Bruelheide and 

Flintrop 2000). Relocating many components of an intact ecosystem (both the physical and 

biotic environment of a species or community), allows community recovery (e.g., 

establishment of poorly dispersing organisms) and restoration to proceed faster than 

conventional restoration techniques (Simcock et al. 2004).  Habitat translocation (direct 

transfer) has been used in Britain (Cullen and Wheater 1993; Bullock 1998), Europe 

(Bruelheide and Flintrop 2000) and North America (Moritsch and Muir 1993), and the 

communities translocated, in most cases, represent a threatened habitat or contain 

threatened species (Good et al. 1999). In New Zealand, the technique was pioneered in the 

late 1990s, and studies have concentrated on monitoring changes in the plant communities, 

and the chemical and physical characteristics of soil (Ross et al. 2000; Simcock et al. 

2004). However, miners are reluctant to use the technique on a frequent basis as it is an 

expensive option in restoration projects.  

 

This study examines the decomposition and microbial respiration rates of litter in an 

undisturbed restiad bog and in restored mined areas, to determine whether different 

restoration techniques have differential effects on the rapid re-establishment of nutrient 

cycling processes. It was expected that there would be no difference in decomposition and 

microbial activity rates between the directly transferred ‘islands’ and the undisturbed 

peatland, but that litter decomposition rates and microbial activity would differ 

significantly in the ‘simpler’ restoration treatments. The potential implications of this 

research for wetland restoration are that ecosystem processes such as decomposition and 
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microbial community activity may be able to recover faster with the application of a 

greater level of restoration intervention. 

 

5.3 METHODS 

The description of the study area, and the details and layout of the restoration trial at 

Torehape peat mine have already been outlined in the Methods section of Chapter 4 (pages 

66–71).  However, the following sections (study area and experimental design) reiterate 

specific relevant details. 

 

Study area 

The study was conducted at Torehape peat bog on the Hauraki plains of the North Island, 

New Zealand. Mining for horticultural peat occurs at Torehape, but the miners are required 

to restore the area progressively to original peat bog vegetation once mining has been 

completed. The area of the peat mine is 150 ha, of which 40 ha remains unmodified. The 

undisturbed peat bog at Torehape is dominated by thick stands (up to 3 m high) of the key 

peat forming species, S. ferrugineus. Emergent Leptospermum scoparium (Myrtaceae) 

shrubs are scattered throughout the peat bog and are particularly common at disturbed 

edges (Schipper et al. 2002). Leptospermum dominates early successional stages in the 

developmental sequence of restiad peat bogs and is eventually out-competed by S. 

ferrugineus (Clarkson 2002). From an earlier restoration trial established on the mined peat 

surface, Schipper et al. (2002) found the most successful treatment to encourage the rapid 

establishment of bog vegetation was raised ‘islands’ (5 m diameter and 30 cm high) of 

processed peat, seeded with branches of L. scoparium laden with ripe seed capsules. 

Within 2 years, the islands reached 100% vegetation cover, with late successional peat bog 

plants beginning to establish within this timeframe (Schipper et al. 2002). This approach is 

now used by the miners at Torehape to restore large areas (ca 100 ha) of mined peat.  

 

Experimental design 

A restoration trial was established on the recently mined peat surface during November–

December 2002. Once mining was completed, the area available for the trial consisted of 

three ‘lanes’, approximately 45 m wide and 260 m in length and separated by a drain. The 
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experimental design was a full-randomised block design, with five blocks at 70, 110, 150, 

190 and 230 metres distance from the peatland. The purpose of the block design was so 

that each treatment was replicated at a known distance from the restiad bog to control for 

the potential confounding effect of distance from intact peat bog. Three restoration 

techniques; (1) direct transfer, (2) milled peat with seed (the standard technique employed 

at Torehape) and (3) milled peat with no seed, were compared with an unrestored area 

(recently mined peat surface) and an undisturbed peatland (control) (refer to Fig. 4.3, 

Chapter 4, page 71). These five treatments were repeated for each of the two plant species 

(L. scoparium and S. ferrugineus) representing the dominant vegetation types in early and 

late successional stages of bog development, respectively, within Torehape peat bog. One 

replicate of each of the four other treatments for each plant species was randomly allocated 

to the eight ‘islands’ that occurred within each block. These islands were approximately 5 

m in diameter and spaced 25 m apart. More detailed description of treatments follows. 

 

Milled peat treatments 

For the milled peat treatments, finely milled peat was placed back on the mined peat, 

raising the surface approximately 30 cm. The milled peat treatments with no seed were 

included in the trial to examine whether simply raising the peat surface was sufficient to 

encourage plant species to colonise the islands via seed rain from the adjacent undisturbed 

peat bog. For the L. scoparium seed treatment, seeds were left inside the small unopened 

woody capsules on the branches of young shrubs. Four branches were laid evenly on each 

island for capsules to open and release seeds once dry. The quantity of seed released was 

approximately 15 g per island. A potential disadvantage of the miners using L. scoparium 

seed on raised peat islands was that this treatment could lead to very dense stands of L. 

scoparium, which could exclude other peat bog plant species (Schipper et al. 2002). 

Therefore, in this study, S. ferrugineus seed was also applied to raised peat islands in a 

separate treatment to identify the best approach for rapidly establishing late successional 

species, such as S. ferrugineus, on cutover restiad bogs. For the S. ferrugineus seed 

treatment, seeds were collected 3 weeks before the trial began and 3 g of seeds (equivalent 

to several hundred seeds) was sown by hand onto each treatment island.  
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Habitat translocation – direct transfer treatment 

The direct transfer treatments involved lifting multiple turves (and vegetation) 

approximately 1.5 x 2.0 m in diameter and approximately 30 cm thick with an excavator. 

The turves were randomly chosen from different locations within the peat bog, with S. 

ferrugineus turves removed from between 60–100 m from the peatland edge and L. 

scoparium turves removed from along the peatland edges (between 10–30 m). The turves 

were immediately manhandled into position on the appropriate receiver plots. Every effort 

was made to ensure that the turves were placed as close together as possible, though some 

interstitial spaces were present (approximately 3–5 cm). 

 

Unrestored recently mined peat surface and undisturbed peat bog controls 

The recently mined peat surface was included in the trial as it is the cheapest and simplest 

restoration approach. Plots were sampled within a defined 5 m diameter area to match the 

size of the treatment islands on the mined peat surface. The control plots were all randomly 

located within the adjacent undisturbed peatland in areas dominated by either S. 

ferrugineus or L. scoparium, as appropriate. The L. scoparium control plots were located, 

on average, at approximately 30 m (±5 m) inside the undisturbed peat bog, and the S. 

ferrugineus plots were located, on average, at approximately 60 m (±5 m) inside the peat 

bog. As with the recently mined peat surface plots, the control sites were sampled within a 

defined 5 m diameter area to match the size of the treatment islands.   

 

Litter decomposition and microbial activity 

The rate of litter decomposition was measured at the Torehape restoration trial using the 

litter bag technique (Falconer et al. 1933). Green culms of S. ferrugineus were collected 

from within the undisturbed buffer peatland and were oven-dried to a constant weight 

(60˚C for 48 hours) before being placed in the litter bags. Fresh material was collected 

from the trial site as senescent or dead material was not available in sufficient quantity. 

Although the oven-drying process may have affected the absolute rate of decomposition, 

oven-dried litter provided a more standardized, uniform substrate for experimental 

comparisons. Moreover, it was the relative effect of restoration treatments on 

decomposition rates that was of immediate interest, not the absolute decomposition rates 
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themselves. Litter bags (n=1000) were 10 x 10 cm with two different mesh sizes: (a) 

coarse mesh (2.0 mm), and (b) fine mesh (0.1 mm). It is expected that the majority of litter 

organisms could invade the 2-mm mesh bags, whereas only micro-organisms (including 

Protozoa and Nematoda) may invade the 0.1 mm mesh bags. All litter bags contained a 

total of 10.0 g (±0.05 g) of oven-dried S. ferrugineus culms. Ten bags of each mesh size 

were randomly placed on the ground surface at each restoration island and at the controls 

on 10 March 2003. Half the litter bags (n=500) were retrieved on 8 September 2003 (t=6 

months) and the remainder were collected on 8 March 2004 (t=12 months). Six and 12 

months were chosen for sampling intervals to allow for comparisons between short- and 

long-term trends.  

 

The litter bag method has a number of drawbacks (St John 1980; Boulton and Boon 1991), 

and although it may underestimate actual decomposition rates, it is assumed that biases are 

standard across sites and allow direct comparisons to be made between treatments 

(Didham 1998). 

 

Basal respiration was taken as a measure of total respiration rates of the litter microbial 

community. Immediately after harvest, each litter bag was placed in a 1L airtight container 

and kept at 25°C. The total CO2-C released after 4 hours incubation was measured by 

injecting 1 ml of a head space sample from the 1L container into an Infra Red Gas 

Analyser (IRGA). Litter samples were then weighed and oven-dried at 60°C for 48 hours 

and re-weighed to obtain the proportion of mass loss per sample. In addition, the % 

moisture content of each litter sample was calculated by the formula: 

% moisture content = ((FW–ODW)/ODW)*100; where FW is the fresh weight of litter and 

ODW is the weight of litter after drying at 60°C for 48 hours. 

 

Data analysis 

Decomposition of litter was analysed using the proportion of litter mass remaining after 6 

and 12 months. A generalised analysis of variance (ANOVA: multi-strata) within GenStat 

version 6.2 (VSN International 2002) was used to assess the effects of the fixed factors 

mesh size, vegetation type, and restoration treatment on the litter decomposition and 
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microbial respiration rate, and the percent moisture content of the litter. Vegetation type 

and restoration treatment were tested among islands in the between-islands stratum and 

mesh size was tested among bags in the within-islands stratum.  

 

Specific comparisons between restoration techniques included (1) control versus all 

restoration techniques combined, and (2) milled peat techniques versus direct transfer and 

recently mined peat surface techniques combined. Orthogonal contrasts were chosen a 

priori based on physical and structural dissimilarity among treatments. For example, the 

moisture content and texture of the peat at the milled peat plots were compared with those 

at the recently mined peat surface and direct transfer sites.  

 

An ANOVA analysis including the control plots and ignoring block effects showed that the 

control treatments were very different from the restoration treatments and were more 

variable. Since the control plots were not randomised amongst the treated plots at different 

distances from the wetland, the eight restoration treatments were subsequently analysed 

separately using rows as blocks. No transformation of the data was necessary as the 

residuals from the analyses of the untransformed data were normally distributed with a 

spread approximately constant over treatments.  

 

To assess the relationship between litter decomposition, microbial respiration rates and 

percent moisture content of the litter, a simple linear regression with treatment groups was 

performed using the means per treatment island within GenStat version 6.2 (VSN 

International 2002) at 6 and 12 months. Because the control plots were obviously different 

from the restoration treatments, they were omitted from the dataset and the regression 

analysis repeated to test whether there was a difference between the restoration treatments. 

First, the model tested whether there was a significant association between two variables, 

and then whether the interaction term was the same across the restoration treatments. 

Finally, the model tested whether the slope of the relationship was the same across the 

restoration treatments. To obtain a regression line for each of the treatments, a separate 

linear regression model was fitted to the data.  
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5.4 RESULTS 

Effect of restoration treatments on litter decomposition 

Across all restoration treatments, the proportion of litter mass lost varied from 10 to 60% 

after 6 months and from 13 to 62% after 12 months. There was a significant treatment 

effect after 6 months (F4,40=45.39, R2=0.557, P<0.001; Fig. 5.1; Appendix 5.1), which was 

due largely to higher decomposition rates in the control plots compared to the restoration 

treatments (8.7%±0.39 standard error of the difference (SED); F1,40=154.99, R2=0.312, 

P<0.001). In addition, there was a significant effect of restoration treatments after 6 

months (F3,28=8.73, R2=0.099, P<0.001; Fig. 5.1), with the milled peat treatments having 

significantly more litter mass remaining (2.2%±0.18 SED; F1,28=24.78, R2=0.094, 

P<0.001) than the direct transfer or recently mined peat surface treatments. Similar trends 

in litter decomposition were observed after 12 months (treatment effect – F4,40=38.10, 

R2=0.528, P<0.001; control versus restoration treatments – F1,40=139.90, R2=0.484, 

P<0.001, restoration treatment effect – F3,28=13.24, R2 =0.150, P<0.001; milled peat 

treatments versus other treatments – F1,28=33.66, R2=0.127, P<0.001; Fig. 5.1).  

 

Litter bag mesh size and vegetation type did not significantly affect the amount of litter 

remaining after 6 or 12 months (mesh size – 6 months F1,40=0.10, P=0.759; mesh size – 12 

months F1,40=2.12, P=0.153; vegetation type – 6 months F1,40=0.54, P=0.468; vegetation 

type – 12 months F1,40=0.26, P=0.613). However, at both 6 and 12 months there was a 

significant effect of litter bag mesh size on the degree of difference in litter mass loss 

between control versus restoration treatments (6 months – F1,40=41.57, R2=0.035, P<0.001; 

12 months – F1,40=24.69, R2=0.025, P<0.001).  
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Figure 5.1 The effect of restoration treatments on decomposition rates (mean ± SE, n=100 
litter bags) of bagged Sporadanthus litter after 6 months (solid circles) and 12 months 
(open circles). 
 

 

Effect of restoration treatments on microbial activity 

Across all plots, the average microbial respiration rate decreased from 30.4 µg CO2-Cg-1h-1 

after 6 months (range: 14.33–55.00 CO2-Cg-1 h-1) to 12.6 µg CO2-Cg-1 h-1 after 12 months 

(range: 2.29–48.57 CO2-Cg-1 h-1). There was a marked difference in the respiration rates 

between the treatments (6 months – F4,40=44.00, R2=0.557, P<0.001; 12 months, microbial 

respiration – F4,40=80.01, R2=0.783, P<0.001; Fig. 5.2; Appendix 5.2), which was largely a 

result of higher rates in the control plots (6 months –  F1,40=120.93, R2=0.380, P<0.001; 12 

months – F1,40=318.86, R2=0.780, P<0.001). With the controls removed from the analysis, 

there was a marked difference in respiration rates between the restoration treatments after 6 

months (F4,40=21.00, R2=0.349, P<0.001; Fig. 5.2). The direct transfer and the recently 

mined peat surface treatments had similar respiration rates and these were more than twice 

the rates recorded from the milled peat treatments (F3,28=62.43, R2=0.346, P<0.001; Fig. 
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5.2). Surprisingly, these effects had diminished after 12 months but were still significant 

(treatment effect – F3,28=6.34, R2=0.086, P=0.002; milled peat treatments versus other 

treatments – F1,28=15.01, R2=0.068, P<0.001).   
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Figure 5.2 The effect of restoration treatments on microbial respiration rates (mean ± SE, 
n=100 litterbags) of bagged Sporadanthus litter after 6 months and 12 months of study. 
Symbols as in Figure 5.1. 
 

 

At 6 months, litter bag mesh size had a weak but significant effect on the respiration rates 

across all treatments (F1,40=17.79, R2=0.010, P<0.001). Rates in the fine mesh bags were 

higher at the control plots and direct transfer treatments, but lower in the milled peat 

treatments and recently mined peat surface plots (Fig. 5.3). However, after 12 months there 

was no longer a significant effect of mesh size on respiration rates (F1,40=0.83, P=0.368). 

There was no significant difference in respiration rates between the two different 

vegetation types (6 months – F1,40=0.95, P=0.335; 12 months –  F1,40=0.09, P=0.764).   
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Figure 5.3 After 6 months, microbial respiration rates were higher in fine mesh litter bags 
(solid circles) than in coarse mesh bags (open circles) in the control plots and direct 
transfer treatments, whereas the reverse was true for the milled peat treatments and 
recently mined peat surface plots. 
 

 

Effect of restoration treatment on the moisture content of litter 

Across all sites, the percent moisture content of litter samples ranged from 15 to 371% 

after 6 months and from 8 to 375% after 12 months. Again, there was a significant 

difference in the moisture content of the litter between the treatments (6 months – 

F4,40=222.38, R2=0.910, P<0.001; 12 months – F4,40=55.44, R2=0.763, P<0.001; Fig. 5.3; 

Appendix 5.3), largely a result of higher rates in the control plots (6 months – 

F1,40=858.33, R2=0.878, P<0.001; 12 months – F1,40=221.68, R2=0.762, P<0.001). There 

was a striking difference in the moisture content of litter samples between the restoration 

treatments (6 months – F3,28=11.01, R2=0.309, P<0.001; 12 months – F3,28=12.71, 

R2=0.190, P<0.001). Litter from the direct transfer and the recently mined peat surface 

plots had similar average moisture content that was more than three times the average 

moisture content recorded from litter samples in the milled peat treatments (F1,28=30.74, 

R2=0.287, P<0.001). This effect was diminished but was still significant after 12 months 

(F1,40=28.52, R2=0.142, P<0.001).  
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At 6 months, litter bag mesh size had a weak but significant effect on the moisture content 

of litter when comparing all treatments (F1,40=13.54, R2=0.024, P<0.001). Litter from the 

fine mesh bags at the milled peat treatments had a significantly lower moisture content 

compared with the direct transfer and recently mined peat surface treatments (mesh size-

treatment contrast interaction effect: F1,28=5.18, R2=0.073, P=0.01). However, after 12 

months there was no effect of mesh size on the moisture content of the litter samples 

(F1,40=1.16, P=0.287). There was no significant difference in percent moisture content 

between the two different vegetation types (6 months – F1,40=0.00, P=0.954; 12 months – 

F1,40=0.20, P=0.657). 

 

Interaction between the moisture content of the litter, decomposition rates, and 

microbial activity 

Interaction between moisture content of litter and decomposition rate 

Overall, there was a significant positive relationship between percent loss of litter mass and 

percent moisture content of the litter after both 6 and 12 months (F1,90=155.45, R2=0.602, 

P<0.001 and F1,90=271.51, R2=0.654, P<0.001, respectively; Fig. 5.4). Although the 

restoration treatments only had one-tenth of the moisture levels of the control plots, the 

relationship between moisture content and decomposition rate was still significant after the 

controls were excluded from the model (6 months – F1,72=11.18, R2=0.124, P=0.001; 12 

months – F1,72=44.71, R2=0.305, P<0.001). The slopes of the relationship between percent 

litter mass lost and percent moisture content were similar at the milled peat treatments, and 

these differed markedly compared with the direct transfer and mined peat surface treatments 

(Fig. 5.4; Appendix 5.4). However, this apparent difference between treatments was caused by 

high leverage from a few isolated data points, and there was no significant difference in the 

slopes of the relationships between treatments (F3,72=1.11, P=0.351). Similar trends were 

observed between the restoration treatments after 12 months (F3,72=2.30, P=0.084; Fig 5.4B), 

but in this case there was a significant difference in the slopes of the relationship between 

percent litter mass lost and percent moisture content of litter across restoration treatments 

(F3,72=7.66, R2=0.156, P<0.001). 
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Figure 5.4 Relationship between litter decomposition rates and percent moisture content of litter 
for the four restoration treatments after (A) 6 and (B) 12 months. Equations of the fitted lines are 
given in Appendix 5.4. Note the difference in scales on the x-axes. The controls are not shown to 
allow adequate separation of treatment effects at the selected scale (percent moisture content at 
control sites varied from 41 to 310%, and there was a significant positive relationship between 
litter decomposition and moisture rates in controls; Appendix 5.4). Open triangles and solid line 
= direct transfer, open squares and short dashed line = milled peat with no seed, open diamonds 
and dotted line = milled peat with seed and open circles and dashed-dotted line = mined peat 
surface. 

A) 

B) 
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Interaction between moisture content of litter and microbial respiration rate 

As with litter decomposition rates, microbial respiration rates increased with increasing 

litter moisture content (6 months - F1,72=159.52, R2=0.540, P<0.001; 12 months - 

F1,72=35.09, R2=0.248, P<0.001; Fig. 5.5A). After excluding the controls from the 6 month 

data, the relationship differed significantly between the restoration treatments (F3,72=10.45, 

R2=0.106, P<0.001), and there was a significant difference in the slopes of  the 

relationships between microbial respiration rate and percent litter moisture content across 

restoration treatments (F3,72=10.50, R2=0.107, P<0.001). These trends were still evident 

after 12 months, although there was no longer a significant difference among restoration 

treatments (F3,72=3.16, P=0.030; Fig 5.5B; Appendix 5.4).  
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Figure 5.5 Relationship between microbial respiration rates and percent moisture content of 
litter after (A) 6 and (B) 12 months. Equations of the fitted lines are given in Appendix 5.4. 
Note the difference in scales on the x-axes. Symbols and lines as in Figure 5.4.  
 

Interaction between decomposition of litter and microbial activity 

As expected, there was a significant linear relationship between the percent litter mass lost and 

microbial respiration rate after both 6 and 12 months (F1,90=20.78, R2=0.217, P<0.001 and 

B) 

A) 
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F1,90=10.15, R2=0.545, P<0.001, respectively; Fig. 5.6). After 6 months, there was no significant 

difference in the slopes of the relationship across restoration treatments (F3,72=0.63, P=0.597). 

Similar trends were observed after 12 months (F3,72=0.76, P=0.519; Fig. 5.6B; Appendix 5.4). 
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Figure 5.6 Relationship between microbial respiration rates and percent litter mass lost after 
(A) 6 and (B) 12 months. Equations of the fitted lines are given in Appendix 5.4. Note the 
difference in scales on the x-axes. Symbols and lines as in Figure 5.4. 

A) 

B) 
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5.5 DISCUSSION 

Effect of restoration on litter decomposition and microbial respiration rates 

Litter mass loss and microbial activity rates were higher in the undisturbed control plots 

than in any of the restoration treatments when measured after both 6 and 12 months, even 

when ‘islands’ of intact wetland were directly transferred onto the mined peat surface.  

These results are consistent with other studies that have shown pristine peatlands, which 

have favourable microclimatic conditions with a substantial plant cover, have higher rates 

of organic matter decomposition than drained peatlands (Richert et al. 2000; Laiho et al. 

2004). Litter decomposition rates are controlled by temperature, moisture availability, 

acidity, nutrient-status of the ecosystem, litter quality (lignin, N and carbohydrate content), 

and activity of the decomposer community, in particular the activity of microorganisms 

(Thormann et al. 2001; Dilly and Munch 2004). Within the restoration treatments in the 

present study, some techniques had higher litter decomposition and microbial respiration 

rates than others. The direct transfer and recently mined peat surface treatments had similar 

high litter microbial activity and decomposition rates and it is possible that because the 

substrates at the mined peat surface and the transferred ‘islands’ of intact peatland are both 

relatively old, the microbes would have had more time to colonise the substrate than they 

would have on the relatively young milled peat islands. 

 

My results suggest that after 12 months, litter decomposition and microbial activity rates in 

these habitats were still far from reaching the levels recorded in the undisturbed peatland. 

This is perhaps not surprising, as Heneghan et al. (2004) found it took 21 years of 

revegetation following clear-cut harvesting of a northern temperate forest before litter 

decomposition rates in harvested areas had converged with the adjacent control sites. 

However, this is not necessarily always the case, as specific micro-environmental 

conditions at a site can greatly alter relative treatment effects in restoration trials.  For 

example, Ward et al. (1991) found no correlation between the rate of eucalypt litter 

decomposition and time since rehabilitation at bauxite mines in Western Australia. In 

general, decomposition rates were higher in restoration plots where understorey and litter 

cover were greater, and soil moisture levels were higher (Ward et al. 1991). Richert et al. 

(2000) examined the decomposition rates of plant roots during the ‘rewetting’ of a drained 
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fen peatland in Germany. Restoring a sufficient water level in the peatland via rewetting 

renewed decomposition processes and therefore potentially peat accumulation in the longer 

term (Richert et al. 2000). However, the investigation period of 3 years seemed too short to 

assess the future development of the fen with respect to vegetation and soil processes 

(Richert et al. 2000). Unfortunately, there has been no comprehensive overview of this 

research topic and these are the only studies of which I am aware that have examined 

decomposition rates at restoration sites. 

 

When determining the rate of litter decay, another consideration is the combined effects of 

litter quality and changes in the composition of the microbial community. However, I am 

aware that in the present study these mechanisms could not be separated, although it is 

expected both would be operating concurrently. Numerous studies have explored the effect 

of litter quality on decomposition rates (Hector et al. 2000; Smith et al. 2003; Schadler and 

Brandl 2005) and in a review of decomposition rates in litter mixtures (litter from one or 

more plant species) Wardle (2002) found that neutral, positive and negative effects of litter 

diversity on decomposition rates were possible. However, any effect on decomposition rate 

should be attributed to a change in the activity of the decomposer community in these 

mixtures. It is widely accepted that microbial communities define litter decomposition 

phases in response to the changing quality of the remaining litter (Wagger et al. 1998; 

Dilly and Munch 2004). The initial phase is characterised by a rapid loss of litter mass in 

which soluble compounds are decomposed, followed by a slow phase during which 

complex, highly recalcitrant molecules (such as lignin and cellulose) are degraded (Torres 

et al. 2005). However, other studies have found changes in the composition and structure 

of the microbial community to be more important than litter quality.  For example, 

Ohtonen et al. (1999) examined changes in microbial community composition in soils 

along a glacial successional sequence, and noted that as plant succession proceeded, the 

microbial community shifted from bacterial-dominated to fungal-dominated. Similarly, 

Harris et al. (1993) and Moynahan et al. (2002) examined the recovery of soil microbial 

communities within restoration projects after mining and found the fungal:bacterial ratio 

increased with time and plant succession, though some fungi species were slow to colonise 
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restoration treatments (Moynahan et al. 2002) or were completely absent (Harris et al. 

1993).  

 

Recent research undertaken by restoration ecologists has demonstrated the importance of 

the recovery of soil microbial communities for successful plant establishment and growth, 

and plant community development (van der Heijden et al. 1998; Moynahan et al. 2002), 

but only a few studies have examined how the soil microbiota respond to different 

restoration strategies. For example, Sawada et al. (1994) followed changes in the soil 

microbial respiration rates at sites rehabilitated by returning fertilized topsoil to mined 

bauxite pits followed by replanting with Eucalyptus and Acacia species. They found that 

the respiration rates in 6-year-old rehabilitated soil were equivalent to those of unmined 

forest soils (Sawada et al. 1994). A similar response was observed by Potthoff et al. 

(2005), where 4 years after replanting native grass species, soil microbial activity was 

nearly the same as in undisturbed sites. Kaye and Hart (1998b) investigated several 

restoration treatments (native grass litter addition, prescribed burning and thinning of 

mature trees) in ponderosa pine (Pinus ponderosa) communities and found that after 

approximately 3 years the microbial respiration rates were almost identical to rates at the 

natural sites. While these three studies contrast very different restoration techniques, taken 

together these data are consistent in suggesting that microbial communities can recover 

rapidly from severe habitat disturbance, such as mining, with restoration effort. 

  

Factors controlling litter degradation and associated microbial respiration 

1 Influence of moisture 

It has been suggested that soil moisture content is one of the most important factors 

influencing litter decomposition and microbial respiration rates (Ward et al. 1991; Dilly 

and Munch 2004; Kurzatkowski et al. 2004). For example, Thormann and Bayley (1997) 

reported that the presence of adequate moisture (i.e. the water-table level relative to the 

peat surface) is an important factor determining the rate of litter mass lost in northern 

hemisphere Sphagnum peatlands (which are considered to be the functional equivalent of 

New Zealand’s Sporadanthus-dominated restiad bogs; van Breemen 1995). In addition, 

Richert et al. (2000) found that litter decomposition rates increased as a sufficient water 
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supply was restored by rewetting a degraded fen. However, although high water levels will 

increase the moisture levels at the peat surface and in the litter, they may cause anoxic 

conditions that inhibit microbial activity during decomposition (Bridgham and Richardson 

1992). In the present study, the restoration islands were situated on the peat mine and were 

subjected to alternating extremes of drying and wetting, whereas in the natural peat bog the 

water table level was consistently about 4–9 cm below the peat surface throughout the year 

(Watts, unpublished data). This could have been one reason why microbial activity and 

decomposition rates were higher and more constant in the undisturbed peat bog, 

particularly during the 12-month sampling period at the end of summer when the water 

table at the mined site would have been at its lowest. An increase in surface moisture 

retention with increasing plant cover and litter structure may also be responsible for the 

higher rates of litter decomposition and microbial respiration in the intact peat bog 

(Sundaravalli et al. 2001). Hence, restoration techniques that lead to an early increase in 

plant and litter cover should promote increased rates of decomposition processes. The 

moisture content of litter collected from milled peat islands was extremely low and 

therefore soil microclimate may be unsuitable for the microbial community (Sparling, pers. 

comm.).  

 

2 Influence of litter bag mesh size  

While there was no main treatment effect of mesh size on litter decomposition rates, there 

was a significant interaction between mesh size and the independent contrast between 

control plots versus all other restoration treatments. At the control plots, the fine mesh bags 

lost proportionally more litter mass than the coarse bags, but at the other restoration 

treatments this trend was reversed. Similar trends were observed with microbial respiration 

rates and litter moisture content at 6 months, although these effects had diminished after 12 

months. Numerous studies have manipulated mesh size to exclude the meso- or 

macroinvertebrate fauna grazing on the litter and reduce functional complexity (Bradford 

et al. 2002; Koukoura et al. 2003; Schadler and Brandl 2005). However, the confounding 

effects of moisture retention by the fine mesh bags make the faunal exclusion effect hard to 

interpret. 
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There are few comparative studies with which to compare the current experiment except 

for Ward et al. (1991) who compared eucalypt decomposition rates in litter bags of three 

mesh sizes at rehabilitated bauxite mines in Australia. In that study, litter weight loss from 

fine mesh bags was generally slightly higher than losses from medium and coarse litter 

bags, and losses from the fine mesh bags on the forest sites were similar to those on the 

restored areas (Ward et al. 1991). In other habitats, comparisons of decomposition rates 

between fine and coarse mesh have been made for grasslands (Bradford et al. 2002; 

Koukoura et al. 2003), forests (Yamashita and Takeda 1998; Irmler 2000; Barajas-Guzman 

and Alvarez-Sanchez 2003; Schadler and Brandl 2005), and plantations (Kurzatkowski et 

al. 2004), but the findings from these studies have been conflicting. However, in most 

cases litter mass loss has been significantly greater from coarse mesh bags, independent of 

decomposer community complexity (but see Irmler 2000 and Barajas-Guzman and 

Alvarez-Sanchez 2003). In other instances, fine mesh size bags have been shown to retain 

moisture longer and exhibit an increase in decomposition rates (Ward et al. 1991; Irmler 

2000,) but the magnitude of the effect will depend on the litter’s moisture status (Swift et 

al. 1979). This supports the findings in the present study, that fine mesh bags had higher 

litter moisture content, litter mass loss and respiration rates at the control plots where the 

peat substrate had higher moisture levels and a more equitable microclimate (shelter, 

greater nutrient content, plant cover). Thus, decomposition and microbial community 

processes in the fine mesh bags could probably proceed at higher rates for longer periods 

of time during dry spells, than in coarse mesh bags at the same sites.  

 

Implications for restoration management  

Litter decomposition and microbial respiration rates in the direct transfer treatment were 

the closest to those measured in undisturbed peat bog compared with the recently mined 

peat surface and the milled peat treatments over the duration of the experiment. 

Unfortunately, despite the apparent ecological benefits of the direct transfer techniques, it 

may not be economically feasible to manoeuvre multiple turves from the intact peat bog to 

the mined areas requiring restoration. The other restoration treatments were still far from 

reaching the levels of litter decomposition and associated microbial respiration rates seen 

in the undisturbed peatland. Of course, it could be unrealistic to expect that ecosystem 
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process rates, such as litter decomposition and microbial community activity, in restored 

mined peatlands would be similar to an undisturbed peat bog after a short time period (12 

months). Clarkson and Watts (2003) found that the raised ‘peat island’ technique was 

effective in initiating the restoration of both plant and invertebrate assemblages in cutover 

bogs.  However, based on recovery after other disturbances (e.g. fire; Clarkson 1997), it 

will probably take 10 or more years before pre-mining species composition is attained, and 

the timeframe for the recovery of a fully functioning bog ecosystem may be substantially 

longer (Clarkson and Watts 2003). Therefore, long-term studies are required to assess 

long-term changes in the ecological functioning of restored peatlands following mining 

and these studies should also be aimed at estimating the relative rates of peat 

accumulations under different restoration treatments.  
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Appendix 5.1 Analysis of variance for percent original litter weight remaining after (A) 6 months and (B) 12 months. The same analyses were performed with 
controls removed, but results are not presented here (see text for statistical significance in these analyses). Other = Direct transfer and Mined peat surface 
treatments combined, v means versus and * indicates an interaction term. 
 
A)  
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 3573.05 4 893.26 45.39 <0.001 
   Control v Restoration treatments 3050.27 1 3050.27 154.99 <0.001 
   Milled peat v Other  494.58 1 494.58 25.13 <0.001 
   Seed v No seed 2.94 1 2.94 0.15 0.701 
   Direct transfer v Recently mined peat surface 25.26 1 25.26 1.28 0.264 
Vegetation type 10.56 1 10.56 0.54 0.468 
Vegetation type*Treatment 213.46 4 53.37 2.71 0.043 
   Control v Restoration treatments*Vegetation type 18.08 1 18.08 0.92 0.344 
   Milled peat v Other*Vegetation type 41.16 1 41.16 2.09 0.156 
   Seed v No seed*Vegetation type 2.31 1 2.31 0.12 0.734 
   Direct transfer v Recently mined peat surface*Vegetation type 151.91 1 151.91 2.03 0.145 
      
Residual between islands 7887.22 40 19.68 2.37  
           
Comparisons within islands      
Mesh size 0.79 1 0.79 0.10 0.759 
Mesh size*Treatment 384.42 4 96.11 11.58 <0.001 
   Control v Restoration treatments*Mesh size 344.97 1 344.97 41.57 <0.001 
   Milled peat v Other*Mesh size 18.81 1 18.81 2.57 0.140 
   Seed v No seed*Mesh size 12.69 1 12.69 1.53 0.223 
   Direct transfer v Recently mined peat surface*Mesh size 7.95 1 7.95 0.96 0.334 
Mesh size*Vegetation type 57.03 1 57.03 6.87 0.012 
Mesh size*Treatment*Vegetation type 93.55 4 23.39 2.82 0.038 
   Control v Restoration treatments*Mesh size*Vegetation type 43.94 1 43.94 5.30 0.027 
   Milled peat v Other*Mesh size*Vegetation type 12.04 1 12.04 1.45 0.235 
   Seed v No seed*Mesh size*Vegetation type 11.08 1 11.08 1.33 0.244 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 8.30 1 8.30 1.00 0.323 
      
Residual within islands 331.90 40 8.30 0.75  
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B) 
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 10752.69 4 2688.17 38.10 <0.001 
   Control v Restoration treatments 9871.86 1 9871.86 139.90 <0.001 
   Milled peat v Other  746.66 1 746.66 10.58 0.002 
   Seed v No seed 23.10 1 23.10 0.33 0.57 
   Direct transfer v Recently mined peat surface 111.07 1 111.07 1.57 0.217 
Vegetation type 18.35 1 18.35 0.26 0.613 
Vegetation type*Treatment 20.61 4 5.15 0.07 0.99 
   Control v Restoration treatments*Vegetation type 12.44 1 12.44 0.18 0.677 
   Milled peat v Other*Vegetation type 8.16 1 8.16 0.12 0.736 
   Seed v No seed*Vegetation type 0.01 1 0.01 0.00 0.993 
   Direct transfer v Recently mined peat surface*Vegetation type 0.00 1 0.00 0.00 0.992 
      
Residual between islands 2822.55 40 70.56 3.31  
           
Comparisons within islands      
Mesh size 45.29 1 45.29 2.12 0.153 
Mesh size*Treatment 580.79 4 145.20 6.80 <0.001 
   Control v Restoration treatments*Mesh size 527.10 1 527.10 24.69 <0.001 
   Milled peat v Other*Mesh size 0.14 1 0.14 0.01 0.936 
   Seed v No seed*Mesh size 37.94 1 37.94 1.78 0.190 
   Direct transfer v Recently mined peat surface*Mesh size 15.62 1 15.62 0.73 0.397 
Mesh size*Vegetation type 2.01 1 2.01 0.09 0.761 
Mesh size*Treatment*Vegetation type 11.88 4 2.97 0.14 0.967 
   Control v Restoration treatments*Mesh size*Vegetation type 6.17 1 6.17 0.29 0.594 
   Milled peat v Other*Mesh size*Vegetation type 2.01 1 2.01 0.09 0.760 
   Seed v No seed*Mesh size*Vegetation type 0.66 1 0.66 0.03 0.861 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 3.04 1 3.04 0.14 0.708 
      
Residual within islands 853.89 40 21.35 1.48   
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Appendix 5.2 Analysis of variance for microbial respiration rates after (A) 6 months and (B) 12 months. Codes as in Appendix 5.1.  
 
A) 
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 452925.70 4 113231.40 44.00 <0.001 
   Control v Restoration treatments 311194.20 1 311194.20 120.93 <0.001 
   Milled peat v Other  140481.10 1 140481.10 54.59 <0.001 
   Seed v No seed 540.90 1 540.90 0.21 0.649 
   Direct transfer v Recently mined peat surface 709.60 1 709.60 0.28 0.602 
Vegetation type 2451.50 1 2451.50 0.95 0.335 
Vegetation type*Treatment 5470.50 4 1367.60 0.53 0.713 
   Control v Restoration treatments*Vegetation type 22.90 1 22.90 0.01 0.925 
   Milled peat v Other*Vegetation type 365.50 1 365.50 0.14 0.708 
   Seed v No seed*Vegetation type 141.10  141.10 0.05 0.816 
   Direct transfer v Recently mined peat surface*Vegetation type 4941.00  4941.00 1.92 0.174 
      
Residual between islands 102935.80 40 2573.40 5.14  
           
Comparisons within islands      
Mesh size 8903.80 1 8903.80 17.79 <0.001 
Mesh size*Treatment 19429.30 4 4857.30 9.70 <0.001 
   Control v Restoration treatments*Mesh size 15744.20 1 15744.20 31.45 <0.001 
   Milled peat v Other*Mesh size 1012.30 1 1012.30 2.02 0.163 
   Seed v No seed*Mesh size 1812.30 1 1812.30 3.62 0.114 
   Direct transfer v Recently mined peat surface*Mesh size 860.50 1 860.50 1.72 0.197 
Mesh size*Vegetation type 144.40 1 144.40 0.29 0.594 
Mesh size*Treatment*Vegetation type 1646.10 4 411.50 0.82 0.519 
   Control v Restoration treatments*Mesh size*Vegetation type 525.60 1 525.60 1.05 0.312 
   Milled peat v Other*Mesh size*Vegetation type 383.40 1 383.40 0.77 0.387 
   Seed v No seed*Mesh size*Vegetation type 109.10 1 10.91 0.22 0.643 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 628.00 1 628.00 1.25 0.269 
      
Residual within islands 20023.80 40 500.60 0.95   
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B) 
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 672619.50 4 168154.90 80.01 <0.001 
   Control v Restoration treatments 670106.90 1 670106.90 318.86 <0.001 
   Milled peat v Other  1984.10 1 1984.10 0.94 0.337 
   Seed v No seed 68.10 1 68.10 0.03 858 
   Direct transfer v Recently mined peat surface 460.40 1 460.4 0.22 0.64 
Vegetation type 191.90 1 191.90 0.09 0.764 
Vegetation type*Treatment 1116.90 4 279.20 0.13 0.969 
   Control v Restoration treatments*Vegetation type 498.50 1 498.50 0.24 0.629 
   Milled peat v Other*Vegetation type 145.60 1 145.60 0.07 0.794 
   Seed v No seed*Vegetation type 71.50 1 71.50 0.03 0.855 
   Direct transfer v Recently mined peat surface*Vegetation type 401.30 1 401.30 0.19 0.664 
      
Residual between islands 84062.40 40 2101.60 7.49  
           
Comparisons within islands      
Mesh size 233.00 1 233.00 0.83 0.368 
Mesh size*Treatment 732.00 4 183.00 0.65 0.629 
   Control v Restoration treatments*Mesh size 12.10 1 12.10 0.04 0.836 
   Milled peat v Other*Mesh size 77.70 1 77.70 0.28 0.602 
   Seed v No seed*Mesh size 3.70 1 3.70 0.01 0.909 
   Direct transfer v Recently mined peat surface*Mesh size 638.40 1 638.40 2.28 0.139 
Mesh size*Vegetation type 1.50 1 1.50 0.01 0.943 
Mesh size*Treatment*Vegetation type 911.10 4 227.80 0.81 0.525 
   Control v Restoration treatments*Mesh size*Vegetation type 711.50 1 711.50 2.54 0.119 
   Milled peat v Other*Mesh size*Vegetation type 14.00 1 14.00 0.05 0.824 
   Seed v No seed*Mesh size*Vegetation type 1.50 1 1.50 0.01 0.941 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 184.00 1 184.00 0.66 0.423 
      
Residual within islands 11221.70 40 280.50 1.20   
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Appendix 5.3 Analysis of variance for moisture content of litter after (A) 6 months and (B) 12 months. Codes as in Appendix 5.1. 
 
A) 
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 4560554.40 4 1140138.60 222.38 <0.001 
   Control v Restoration treatments 4400660.50 1 4400660.50 858.33 <0.001 
   Milled peat v Other  148873.80 1 148873.80 29.04 <0.001 
   Seed v No seed 40.00 1 40.00 0.01 0.93 
   Direct transfer v Recently mined peat surface 10980.00 1 10980.00 2.14 0.151 
Vegetation type 16.90 1 16.90 0.00 0.954 
Vegetation type*Treatment 8826.40 4 8826.40 0.43 0.786 
   Control v Restoration treatments*Vegetation type 135.60 1 135.60 0.03 0.872 
   Milled peat v Other*Vegetation type 928.10 1 928.10 0.18 0.673 
   Seed v No seed*Vegetation type 21.40 1 21.40 0.00 0.949 
   Direct transfer v Recently mined peat surface*Vegetation type 7741.30 1 7741.30 1.51 0.226 
      
Residual between islands 205080.20 40 5127.00 6.40  
           
Comparisons within islands      
Mesh size 10853.90 1 10853.90 13.54 <0.001 
Mesh size*Treatment 5972.10 4 5972.10 1.86 0.136 
   Control v Restoration treatments*Mesh size 1514.20 1 1514.20 1.89 0.177 
   Milled peat v Other*Mesh size 4006.00 1 4006.00 5.00 0.031 
   Seed v No seed*Mesh size 0.00 1 0.00 0.00 0.998 
   Direct transfer v Recently mined peat surface*Mesh size 451.80 1 451.80 0.56 0.457 
Mesh size*Vegetation type 84.30 1 84.30 0.11 0.747 
Mesh size*Treatment*Vegetation type 5557.10 4 1389.30 1.73 0.162 
   Control v Restoration treatments*Mesh size*Vegetation type 4704.30 1 4704.30 2.10 0.200 
   Milled peat v Other*Mesh size*Vegetation type 803.20 1 803.20 1.00 0.323 
   Seed v No seed*Mesh size*Vegetation type 20.50 1 20.50 0.03 0.874 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 29.00 1 29.00 0.04 0.850 
      
Residual within islands 32063.90 40 801.60 1.41   
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B) 
  SS df MS F ratio P value 
Comparisons between islands      
Treatment 2767384.70 4 691846.20 55.44 <0.001 
   Control v Restoration treatments 2766256.30 1 2766256.30 221.68 <0.001 
   Milled peat v Other  844.80 1 844.80 0.07 0.796 
   Seed v No seed 15.50 1 15.50 0.00 0.972 
   Direct transfer v Recently mined peat surface 268.10 1 268.10 0.02 0.884 
Vegetation type 2493.60 1 2493.60 0.20 0.657 
Vegetation type*Treatment 10856.50 4 10856.50 0.22 0.927 
   Control v Restoration treatments*Vegetation type 10743.90 1 10743.90 0.86 0.359 
   Milled peat v Other*Vegetation type 0.70 1 0.70 0.00 0.994 
   Seed v No seed*Vegetation type 15.50 1 15.50 0.00 0.972 
   Direct transfer v Recently mined peat surface*Vegetation type 96.40 1 96.40 0.01 0.930 
      
Residual between islands 499142.60 40 12478.60 13.90  
           
Comparisons within islands      
Mesh size 1043.90 1 1043.90 1.16 0.287 
Mesh size*Treatment 4334.60 4 4334.60 1.21 0.323 
   Control v Restoration treatments*Mesh size 4274.90 1 4274.90 2.76 0.350 
   Milled peat v Other*Mesh size 18.20 1 18.20 0.02 0.888 
   Seed v No seed*Mesh size 8.50 1 8.50 0.01 0.923 
   Direct transfer v Recently mined peat surface*Mesh size 33.00 1 33.00 0.04 0.849 
Mesh size*Vegetation type 119.40 1 119.40 0.13 0.717 
Mesh size*Treatment*Vegetation type 477.10 4 477.10 0.13 0.969 
   Control v Restoration treatments*Mesh size*Vegetation type 465.50 1 465.50 0.52 0.476 
   Milled peat v Other*Mesh size*Vegetation type 1.60 1 1.60 0.00 0.967 
   Seed v No seed*Mesh size*Vegetation type 9.90 1 9.90 0.01 0.917 
   Direct transfer v Recently mined peat surface*Mesh size*Vegetation type 0.00 1 0.00 0.00 0.996 
      
Residual within islands 35913.60 40 831.30 1.08   
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Appendix 5.4 Linear regression equations showing the association among litter decomposition rates, microbial 
respiration rates and litter moisture content in different restoration treatments.  
 

6 months Treatment Constant ± SE Slope ± SE F 1,18 P-value 
% litter mass lost versus % litter moisture content       
   Control 6.29 ± 5.94 0.075 ± 0.021 12.9 0.002 
 Direct transfer 21.98 ± 1.99 0.005 ± 0.025 0.04 0.839 
 Milled peat with seed 14.15 ± 2.35 0.201 ± 0.080 0.42 0.526 
 Milled peat without seed 13.92 ± 2.08 0.217 ± 0.069 9.94 0.006 
  Mined peat surface 20.76 ± 0.71 0.019 ± 0.010 3.54 0.076 
Microbial respiration rate versus % litter moisture content       
   Control 32.50 ± 2.81 0.078 ± 0.099 0.62 0.443 
 Direct transfer 18.73 ± 5.56 0.204 ± 0.071 8.15 0.011 
 Milled peat with seed  -31.35 ± 5.97 1.577 ± 0.204 59.79 <0.001 
 Milled peat without seed  -36.24 ± 7.09 1.746 ± 0.235 55.11 <0.001 
 Mined peat surface 21.97 ± 3.11 0.169 ± 0.045 13.88 0.002 
% litter mass lost versus microbial respiration rate       
   Control 21.69 ± 3.28 0.107 ± 0.059 3.33 0.85 
 Direct transfer 20.76 ± 2.43 0.047 ± 0.069 0.48 0.499 
 Milled peat with seed 20.17 ± 0.71 0.034 ± 0.044 0.58 0.454 
 Milled peat without seed 18.58 ± 0.58 0.115 ± 0.033 12.13 0.003 
  Mined peat surface 18.21 ± 1.17 0.116 ± 0.035 10.81 0.004 
12 months           
% litter mass lost versus litter moisture content       
   Control 32.15 ± 8.92 0.035 ± 0.013 6.78 <0.001 
 Direct transfer 23.50 ± 3.70 0.229 ± 0.232 0.98 0.336 
 Milled peat with seed 9.44 ± 4.03 1.091 ± 0.268 16.81 <0.001 
 Milled peat without seed 8.14 ± 4.42 1.240 ± 0.269 21.19 <0.001 
 Mined peat surface 26.27 ± 2.56 0.113 ± 0.130 0.76 0.395 
Microbial respiration rate versus % litter moisture content       
   Control 16.95 ± 6.21 0.155 ± 0.028 29.41 <0.001 
 Direct transfer  -6.06 ± 3.74 0.691 ± 0.228 9.19 0.007 
 Milled peat with seed 0.69 ± 1.18 0.141 ± 0.078 3.25 0.088 
 Milled peat without seed 2.91 ± 2.38  -0.029 ± 0.149 55.11 <0.001 
 Mined peat surface  -6.75 ± 2.76 0.562 ± 0.140 16.12 <0.001 
% litter mass lost versus microbial respiration rate       
   Control 27.49 ± 2.84 0.242 ± 0.055 18.82 <0.001 
 Direct transfer 25.88 ± 1.92 0.455 ± 0.317 2.07 0.168 
 Milled peat with seed 22.61 ± 2.89 1.141 ± 0.995 1.32 0.266 
 Milled peat without seed 27.74 ± 0.98  -0.245 ± 0.372 0.43 0.519 
  Mined peat surface 27.88 ± 0.78 0.141 ± 0.159 0.78 0.388 
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CHAPTER 6 
 

6Synthesis 
 
This chapter reviews the main objectives of the thesis, summarises the major research 

outcomes, and then discusses the management implications of these findings for 

restoration in mined peat bogs and for future restoration research within these ecosystems.  

 

6.1 REVIEW OF THESIS OBJECTIVES 

The objectives of this thesis were to investigate the impact of habitat loss and isolation on 

invertebrate community structure and ecosystem functioning, and to determine the relative 

rate of recovery following experimental habitat restoration using a range of restoration 

techniques varying in the intensity of management intervention. 

 

The effects of habitat loss and isolation on the invertebrate community in a mined restiad 

bog ecosystem were similar in magnitude to those observed in other disturbed ecosystems 

(Zabel and Tscharntke 1998; Golden and Crist 1999; Kruess and Tscharntke 2000; 

Armitage and Fong 2004). Wetland habitat loss caused a significant change in invertebrate 

community composition on Sporadanthus ferrugineus plants and caused an almost 

complete failure of a specialist insect-plant interaction on isolated plants. Thus, the degree 

of isolation of restoration areas from intact habitats will have a major impact on the rate 

and patterns of recovery in invertebrate community composition.  

 

There is an emerging body of evidence in the literature that suggests invertebrate 

communities can recovery relatively rapidly following restoration (Davies et al. 1999; 

Gratton and Denno 2005; Wassenaar et al. 2005). For example, Andresen (2003) found 

that dung beetle communities in continuous forest and 10-ha fragments were similar within 

11 years with only moderate restoration effort. My results support these studies, as there 

was a clear indication after 2 years that beetle species composition at some of the 

restoration sites was approaching that of the undisturbed peat bog. Of increasing interest is 
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whether ecosystem processes such as litter decomposition and nutrient cycling in which 

invertebrates play key roles, can also recover. 

 

Numerous studies have found that between 4 and 21 years following habitat restoration, 

the litter decomposition rates in restored habitats were similar to those in undisturbed sites 

(Sawada et al. 1994; Moynanhan et al. 2002; Heneghan et al. 2004; Potthoff et al. 2005). 

At Torehape, the ecosystem processes measured (litter decomposition and microbial 

community activity) recovered faster with some restoration techniques, such as direct 

transfer of intact habitat islands than with others. This is the first time comparisons have 

been made between different restoration techniques. However, even after 12 months litter 

decomposition rates and microbial activity in restored habitats were still far from reaching 

the levels recorded in the undisturbed peat bog. Therefore, long-term studies are required 

to assess changes in the ecological functioning of restored peatlands following mining, and 

these studies should be aimed at estimating the relative rates of peat accumulation under 

different restoration techniques. 

 

6.2 IMPLICATIONS FOR RESTORATION 

Problems of habitat isolation for restoration management 

While initial site management practices have the potential to significantly accelerate the 

development of natural peat bog communities, the immigration of potential colonists to 

mined peatlands depends on the occurrence of residual populations at edges or in adjacent 

intact habitats. Moreover, this critical dependency on distance to source area is even more 

important in the case of rare and localised species. The targeting of restoration projects on 

land immediately adjacent (within 400 m) to intact habitats is likely to result in a more 

rapid rate of recovery of the invertebrate community at the restored sites. Therefore, at 

Torehape the current recommended practice of restoring the mined area by establishing 

raised ‘habitat islands’ 30 m apart should result in colonisation by most invertebrates, but 

only if the restoration islands are placed as stepping stones outwards from existing areas of 

intact habitat. However, there are current mining applications being processed that seek to 

mine the remaining intact habitat adjacent to the peat mine, and this would remove the 

only source population available for restoration recovery within a 1-km radius. Even then, 
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this peat bog habitat is heavily disturbed and the closest intact peat bog habitat (Kopuatai 

peat dome) is approximately 4.5 km away. This would almost certainly mean that recovery 

of invertebrate community structure would be far less successful in the future. From a 

conservation management perspective this would be a negative development, especially as 

data show that the recovery of insect-plant interactions following experimental habitat 

restoration can be remarkably rapid. These results suggest the potential to restore not only 

physical structure and species dominance within regenerating communities, but also key 

interactions between species. While trials have identified techniques for establishing a 

vegetative cover that includes the peat-forming species, S. ferrugineus and Empodisma 

minus, this does not equate to ‘complete’ restoration at Torehape, as this will depend on 

long-term monitoring of peat formation rates. 

 

Developing a focus on species interactions in restoration ecology 

Although there has been a spate of recent studies investigating changes in species 

interaction strengths in response to land-use change (Dubbert et al. 1998; Dicks 2002; 

Potts et al. 2003), this approach is rare in restoration research. In habitat fragmentation 

studies, a focus on the strength of interactions among species has provided greater insight 

into the impact of habitat loss on community structure than the measurement of changes in 

abundance and species richness alone (Kruess and Tscharntke 1994; Steffan-Dewenter and 

Tscharntke 2000; Schulke and Waser 2001; Denys and Tscharntke 2002). Species 

interaction approaches such as the one described in Chapter 3 can start to reveal whether 

restored sites are ‘working’ from a functional as well as a structural point of view. It is 

hoped that ecological restoration projects will increasingly be designed to monitor both the 

structural and functional aspects of community change through time, because this will 

provide a more comprehensive measure of their sustainability. 

 

Recovery of restored restiad peat bogs 

Restoration of degraded ecosystems is a relatively new management approach (Young 

2000), and the effects of restoration treatments on various ecosystem functions and 

components are poorly understood (Ehrenfeld and Toth 1997). Although beetle 

communities differed significantly between the restoration treatments and the undisturbed 
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control sites, there was a clear indication after only 2 years that beetle species composition 

at some of the restoration treatments was approaching that of the undisturbed peat bog. The 

monitoring of different aged restored sites indicated that as sites became older and the 

vegetation structure became more complex, the beetle community became increasingly 

similar to the community in the undisturbed peat bog. This is consistent with other studies 

that have shown beetle distributions within restoration chronosequences are closely linked 

to vegetative physiognomy (Reay and Norton 1999; Davis et al. 2002; 2003; Watts and 

Gibbs 2002; Longcore 2003). These strong relationships suggest attention to such detailed 

habitat features may facilitate successful restoration of invertebrate communities. 

However, even after 6 years distinct differences in beetle community composition between 

the intact peat bog and older restored sites still persisted, particularly at the individual 

species level. The lack of convergence toward natural peat bog beetle communities 

supports the widely accepted view that development of species-rich invertebrate 

communities, containing at least some late-successional species, takes time. Unfortunately, 

few restoration studies have followed the long-term recovery of invertebrate communities, 

and future restoration projects should include long-term monitoring programmes focussing 

on any compositional changes. 

 

The restoration of mined peatlands using manipulative restoration techniques, such as 

direct transfer of islands of peat bog habitat and artificial seeding into prepared seedbeds, 

does hasten the recovery rate of beetle and microbial communities and peat bog 

functioning relative to abandoned cut-over peat bogs undergoing natural succession. 

Therefore, peat miners could use direct transfer of islands of intact habitat to restore mined 

peatlands effectively. However, this technique is significantly more expensive than 

artificial seeding into prepared seedbeds. 

 

One clear opportunity offered by information gained during this study, is the potential for 

using measures of microbial community activity as indicators of change during habitat 

disturbance and restoration. This integrated study has revealed how individual ecosystem 

components respond to disturbance and subsequent habitat restoration, and it underscores 

the importance of understanding microbial community difference in the context of existing 
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vegetation and peat conditions. The increased understanding of how micro-organisms react 

to disturbance and subsequent habitat restoration, and how this fits with current ecological 

thought, offers great potential to restoration managers. 

 

6.3 DIRECTIONS FOR FUTURE RESEARCH 

This thesis has identified five main areas of further research that would enhance 

understanding of the impact of habitat loss and isolation on invertebrate community 

structure and ecosystem functioning, and the subsequent rate of recovery following 

experimental habitat restoration. These range from local-scale tri-trophic interactions 

among species to wider landscape-scale influences of land-use change on ecosystem 

components and functioning, linking fundamental ecological research to applied 

restoration management issues.  

 

• Further investigation is required to determine the lifecycle of ‘Batrachedra’ sp. and its 

associated parasitoids and predators. Three hymenopteran ectoparasitoids 

(Aprostocetus sp. (Eulophidae: Tetrastichinae); Sierola sp. (Bethylidae: Bethylinae) 

and Diaulomorpha sp. (Eulophidae: Eulophinae)) have been associated with 

‘Batrachedra’ sp. larvae but since it was first discovered during a pilot survey for 

Chapter 3, the exact details of its lifecycle and of its parasitoids or predators remain a 

mystery. It is important to ascertain the degree to which habitat loss and isolation affect 

higher trophic groups associated with this specialised insect-plant interaction.  

 

• The effects of restoration treatments may occur at different temporal scales, from 

immediate invertebrate responses to those that occur decades or even centuries post-

treatment. Therefore, a primary consideration for restoration monitoring studies should 

be the temporal qualities of the ecological parameters being measured. This thesis 

documents short-term treatment effects that may not reflect long-term responses to the 

restoration treatments. As such, it is important to continue monitoring changes in 

invertebrate community structure and peat bog functioning at the restored sites at 

Torehape peat mine to assess longer-term trends. 
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• There is a real need to develop the application of microbial ecology to practical 

problems arising from human interaction with the landscape. Restoration ecologists are 

beginning to understand successional processes that lead to the recovery of microbial 

communities, but these patterns may be especially difficult to reveal in severely 

disturbed systems where harsh abiotic influences may overpower biotic factors. Before 

we can adequately evaluate successional processes on disturbed sites, it is necessary to 

understand how improving abiotic conditions will reduce limitations to 

microorganisms and expedite litter/soil ecosystem recovery.  

 

• The influence of the spatial arrangement of restiad wetlands needs to be more carefully 

considered when implementing restoration schemes. The colonisation of new sites by 

species with limited powers of dispersal is likely to be a slow process and it is possible 

that active intervention may be required in some instances. For example, it may be 

comparatively easy to establish new populations of the threatened plant, Sporadanthus 

ferrugineus, but the reintroduction of the specialised stem-boring ‘Batrachedra’ sp. 

ubiquitous on S. ferrugineus, may be more difficult and require active intervention. 

 

• In northern hemisphere mined peatlands, the surrounding land use has been shown to 

impact upon restoration success. For example, weed species have been shown to 

invade restored peat bogs, and similarly at Torehape peat mine one potentially 

troublesome weed recorded was blueberry (Vaccinium corymbosa), which had spread 

from an adjoining blueberry farm. Blueberry is a native of North American bogs, 

where it is readily dispersed by fruit-eating birds. In New Zealand, blueberry has 

naturalised in undeveloped peat bogs elsewhere in the district, such as Moanatuatua 

Bog. This may also be the case for an unknown number of invertebrate invasions in 

this system as well. Consequently, it will be important to consider the role played by 

the surrounding land-use mosaic in determining restoration goals.  

 

The restoration of degraded habitats is the only option to mitigate or reverse the effects of 

habitat fragmentation. This research has increased our knowledge and understanding of the 

ecological consequences of peat bog habitat loss from mining, but has also highlighted the 
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need for further comprehensive investigation into how ecosystem components and 

processes respond to the restoration of restiad bogs in New Zealand. 
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APPENDIX A 
 

7The world’s thinnest caterpillar? A new genus and species of 

Coleophoridae s.l. (Lepidoptera) from Sporadanthus ferrugineus 

(Restionaceae), a threatened New Zealand plant3 
 

ABSTRACT 

Houdinia flexilissima gen. et sp. nov. is described from peatlands in the North Island of 

New Zealand. The extremely narrow larvae mine in the living stems of Sporadanthus 

ferrugineus (Restionaceae), a large endemic rush, pupating in the stems. Eggs, larvae, 

pupae and adults are fully described and illustrated. The new genus is assigned to 

Coleophoridae sensu lato on the basis of characters shared with a taxon currently placed in 

Batrachedra. Because of its morphological distinctiveness, as well as threats to the habitat 

of its very local host-plant, H. flexilissima is considered a species of high conservation 

status. 

 

INTRODUCTION 

The species described here was first discovered by CHW in 2003. She was conducting an 

experimental trial to examine the effect of wetland habitat loss and isolation on the 

invertebrate community associated with restiad vegetation at Torehape, North Island, New 

Zealand. Having noticed star-shaped mines on the culms of Sporadanthus ferrugineus de 

Lange, Heenan et B.D. Clarkson, she subsequently discovered remarkably attenuate 

reddish larvae inside the culms. The identity and even ordinal placement of these highly 

modified larvae remained uncertain until October 2004, when RJBH found a lepidopteran 

pupa of the same colour as the larvae inside one of the stems. Numerous mined stems were 

collected by RJBH and CHW, and moths of both sexes were subsequently reared. Adults 

were later disturbed in numbers by day by kicking the host-plant.  

                                                 
3 This appendix has been submitted to Invertebrate Systematics by Robert H. Hoare, Corinne H. 
Watts and John D. Dugdale. This chapter does not constitute a publication in the sense of the 
International Code of Zoological Nomenclature, and the new name proposed here should therefore 
not be regarded as available. 
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The new species was assigned to the superfamily Gelechioidea on the basis of the basally 

scaled proboscis and the mesally approximated pupal antennae (cf. Kaila 2004). Family 

placement of autapomorphic new taxa within this superfamily can be problematic, since 

the higher classification is still in a state of flux; however, the recent cladistic analysis by 

Kaila (2004) should begin to place matters on a firmer footing. Kaila (loc. cit.) has 

suggested an expanded concept of Coleophoridae to include taxa formerly placed in 

Stathmopodinae and Batrachedridae, and this classification is followed here. Placement of 

the new taxon in this broad concept of Coleophoridae is fully discussed below. 

 

Although it is desirable to describe new taxa in the context of comprehensive taxonomic 

revisions of the groups to which they belong, this moth is described in isolation here 

because of its morphological distinctiveness, especially in the larva, its restricted 

distribution, and its association with a specialised and potentially threatened host-plant. 

 

METHODS  

Moths were reared by placing sections (up to ca 50 cm long) of mined Sporadanthus culms 

in closed plastic bags. The culms were harvested in mid-October, close to the time of adult 

emergence, and the rearing method would probably not have been successful if they had 

been collected much earlier, due to deterioration of the host material. 

 

Slide preparations of genitalia, wing venation and larvae followed the methods described 

by Hoare (2000) for Nepticulidae, except that a solution of 3% acid fuchsin in 70% ethanol 

was substituted for the acid fuchsin-azophloxin stain described there, and no lactophenol 

was used. No attempt was made to ‘unroll’ larvae for slide preparations due to their 

extremely narrow proportions. Larval, genital and other adult structural characters were 

examined in glycerol following staining and prior to slide-mounting. 

 

Since a new genus is erected here for a single species, the assignment of characters to one 

rank or the other in the description is bound to be somewhat arbitrary (cf. Scoble 1983: 3–

4). Adult structural characters (except genitalia) and characters of immatures have been 
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treated under the genus description, and characters of adult coloration, scale vestiture, and 

genitalia, together with behaviour and biology of all stages, under the species description. 

 

The following abbreviations are used for specimen repositories: 

BMNH: British Museum (Natural History), London, England; MZH: Zoological Museum, 

Finnish Museum of Natural History, University of Helsinki, Finland; NZAC: New Zealand 

Arthropod Collection, Landcare Research, Auckland, New Zealand; OMNZ: Otago 

Museum, Dunedin, New Zealand. All specimens are deposited in NZAC unless otherwise 

stated. 

 

TAXONOMY 

Houdinia Hoare, Dugdale and Watts gen. nov. 

Type species: Houdinia flexilissima, sp. nov., here designated. 

 

Diagnosis 

The following characters appear to be unique autapomorphies of the new genus: forewing 

with long falcate apex supported by vein R4; uncus of male genitalia twisted to right; larva 

extremely attenuated; larval head with epicranial flexure; larva with T2 and T3 chaetotaxy 

reduced to 6 pairs of setae; abdominal chaetotaxy of larva reduced to 4 pairs of setae; pupa 

with dorsal portions of head and T1–2 modified into ‘plug’. In the context of its 

assignment to Coleophoridae sensu lato, the following characters are also significant: 

metathoracic furca not produced anteriorly into bent laminae; abdominal tergites of adult 

lacking spines. 

 

Description 

Adult (Figs 1–19). Head (Figs 3, 4): Ocelli and chaetosemata absent. Interocular index ca 

0.79; supraocular index (Kristensen & Nielsen 1979) 0.4. Transfrontal suture indistinct, 

represented by a band between antennal bases lacking scale sockets. Mouthparts: labrum 

small, central lobe without spinules, pilifers each with ca 4–5 setae; maxillary palpi 

minute, apparently 1-segmented; labial palpi short, drooping, not recurved; vom Rath’s 

organ a shallow depression at about 1/3 length of segment 3 with 2–3 long hair-like 

sensilla (chaetica); segment 3 apically blunt; proboscis short, ca 2x length of labial palpi, 



Appendix A 

 161

with ca 5 well-spaced peg-like sensilla (styloconica?) in apical 1/3. Antennae ca 1.1x 

length of forewing; scape elongate, gently arched, broadening distally, with pecten of ca 9 

curved hair-like scales in basal 1/2; pedicel subquadrate, ca 1/4 length of scape, and ca 1/2 

length of first flagellar segment; flagellum with ca 32–45 segments; flagellomeres 

elongate, each with 4 diffuse bands of sensilla. Vestiture: frons and vertex with appressed 

lamellate scales directed forwards and downwards; scales from dorsal margin of eyes 

behind antennae spreading, directed towards and meeting in midline on occiput. Labial 

palpi with appressed lamellate scales; proboscis scaled for most of its length. Antennae 

with more or less appressed scales; 2 annuli of scales per flagellomere. 

 

Thorax: prothorax as in Figs 5, 6; laterocervicales (preepisternum) without membranous 

windows, and without hair-plates; parapatagia not observed; foretibia without epiphysis. 

Mesothorax (Figs 7, 8): sternopleural region rather elongate; upper sector of precoxal 

suture absent; marginopleural suture short; preepisternum weakly sclerotised. Metathorax 

(Figs 9, 10): infraepisternum without intercoxal lamella; lateral margin of laterophragmata 

fused with secondary furcal arms relatively near the bases of the latter; metafurca apically 

bifurcate, without bent laminae (sensu Kaila 2004: fig. 12), but with distinct dorsoposterior 

lobes; no chiasma between secondary arm and its lamina; furcal stem very long; posterior 

part of metacoxa with lobe. 

 

Wings (Fig. 11): Forewing and hindwing both very narrow; apices of both wings produced 

into long attenuate points, that of the forewing decurved. Forewing venation: cell long and 

relatively broad, reaching nearly to termen; chorda present, faint; R4 branched with R5; R4 

extended into the produced wing apex; R5 to termen; 2 M veins present; CuA extremely 

short; 1A + 2A without basal fork. Retinaculum a flap arising from a spur of Sc. Hindwing 

venation: Rs curved upwards to meet costa at ca 2/3, and extending into the produced wing 

apex, branched with M1; cell open; CuA1 and CuA2 well developed; 1A + 2A weak, non-

tubular. 

 

Abdomen (Figs 12, 13): abdominal base of same structure in both sexes; S2 with venulae 

very long, taking up most of length of segment, apodemes short. S8 more strongly 

sclerotised than S3–7, without apodemes. Tergites lacking spines.
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Figs 1–2. Houdinia flexilissima, sp. nov., adults: 1, male; 2, female. 
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Figs 3–6. Houdinia flexilissima, male: 3, denuded head, frontal view (mp = maxillary palp; 
tp = tentorial pit); 4, labial palp segment 3 (ss = scale sockets; vr = vom Rath’s organ); 5, 
laterocervicales; 6, prothorax, caudal view (ep = endopleuron; f = furca; pa = patagium; pn 
= pronotum; pp = propleuron). 
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Figs 7–11. Houdinia flexilissima, male thorax: 7, tegula, ventral view; 8, sterno-pleural 
region of mesothorax, ventral view (ac = anapleural cleft; an = anepisternum; bs = 
basisternum; lm = lower sector of mesepimeron; ms = marginopleural suture; ps = lower 
sector of precoxal suture); 9, posterior part of metathorax, caudal view (dp = 
dorsoposterior process of metafurcal apophysis; ec = eucoxa; fs = furcal stem; m = meron; 
pl = posterior margin of laterophragma; sa = secondary arm of furca); 10, infraepisternum; 
11, wing venation (r = position of retinaculum). 
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Figs 12–17. Houdinia flexilissima, male abdomen: 12, abdominal base (a = S2 apodeme; v 
= venula); 13, S8; 14, genital capsule, ventrolateral view (dj = dorsal process of juxta; pv = 
posterior process of vinculum; sl = setose lobe fused to interior face of valva; tv = 
submembranous tooth of valva); 15, uncus, ventral view, showing right-hand twist; 16, 
right valva, ventral view; 17, aedeagus, ventral view (be = bulbus ejaculatorius; da = dorsal 
sclerite of aedeagus; de = ductus ejaculatorius; hv = hook-like sclerite in vesica). 
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Figs 18, 19. Houdinia flexilissima, female genitalia: 18, segments 8–10, ventral view, and 
posterior portion of ductus bursae (o = ostium); 19, ductus and corpus bursae (ab = 
appendix bursae; ds = ductus seminalis; o = ostium; s = signum). 
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Ovum (Fig. 20). White, elliptical, flattened against culm; surface with ca 15 parallel 

longitudinal grooves. 

 

 
 

Fig. 20. Houdinia flexilissima, ovum and early mine in culm of Sporadanthus ferrugineus. 
 

 

Larva (final instar). (Figs 21–27) Colour pinkish orange; head-capsule and thoracic 

sclerites pale brown; shape cylindrical, threadlike (etiolated); length up to 28.5mm, and 

width up to 0.9mm. The thread-like appearance is enhanced by A2–7 being about 5x 

longer than thick.  

 

Head capsule (Figs 21–23) ovoid, slightly flattened dorsally, semi-prognathous; 

epicranium extended posteriorly as slender ovate lobes, with a transverse flexure or break 

extending across the lobes at a level just posterior to the posterior apex of the coronal 

suture and anterior apex of the lateral epicranial notch. Laterally, a sclerotised bar extends 

from the epicranial lateral notch forward to a point halfway between the notch and the 

stemmata. Mandibles stout, 3-toothed, mandibular (scrobe) setae 2, well-separated, equal 

1 mm 
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in size. Antennae apparently 2-segmented, 1/3 length of mandible. Stemmata black, single 

(penultimate instar) or 2 large and 1 small stemmata (last instar). Labrum apically truncate, 

with a seta at either lateral apical corner; anteroclypeus very short, almost 

indistinguishable. Frontoclypeus elongate-triangular, adfrontal suture thickened, coronal 

suture (fused adfrontal ridges) very short, less than 0.25x length of frons; FC setae 

represented by setal pair C1 (large) anteriorly, and paired punctures on the frons (sensu 

Stehr 1987: 288, fig. 26.1) representing setae F1 and punctures Fa. Epicranial chaetotaxy 

reduced, with only the setae A1, A2 and L1 fully developed; the rest are reduced to minute 

stubs or punctures (A3, P1, P2, all stemmatal setae (S series, Stehr, 1987: loc. cit.), AF 

series and (posterior to the transverse flexure) the MD series). Ventrally, epicranium with 

only seta S3 (or possibly SS3) developed; others represented by minute stubs or punctures, 

including MG1 or MGa. Hypostomal lobes strip-like, 3x longer than wide; anteriorly 

contiguous with the stout base of the basistipes; no recognisable cardo. Maxillary palpi 

unmodified. Labium basally with a pair of setal punctures, and apically, a stout truncate 

conical spinneret. Submentum with median pair of setae. 

 

Thorax (Fig. 25): T1, T2 roughly equal in length, T3 about 1.5X longer than either. T1 

with pronotal sclerite 5-lobed anteriorly, the dorsal (central) lobe truncate anteriorly and 

the widest and longest; flanking this, a shorter supra-spiracular lobe and below this is an 

even shorter lobe bearing spiracle; both lower lobes rounded anteriorly. Pronotal area 

covered in a transversely rugose creeping welt. T2 with a dorsal, anteriorly truncate sclerite 

and a lateral, anteriorly rounded sclerite (absent in penultimate instar). T3 with dorsal and 

subdorsal areas covered by a tumid transversely rugose creeping welt. Thoracic legs 

replaced by 3 pairs of stout, spicule-covered stumps, each pair with members equally 

widely spaced and largest on T3. 

 

Abdomen (Figs 26, 27): A2–7 attenuated, about 5x longer than thick; A1–7 lacking 

sclerites and creeping welts; A8 and A9 with dorsal and ventral creeping welts; A9 

dorsally mound-like; A10 with anal shield and paraproct/‘proleg’ zone strongly 

sclerotised; anal shield with a narrow acuminate apex slightly protruding and clothed with 

minute spines ventrally. A3–6 lacking prolegs and crochets. Anal proleg bases present, 

sclerotised, apically indented; but anal prolegs and crochets absent. Hypoproct micro-
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spinulose. Chaetotaxy (Figs 25–27): T1 with at least 10 pairs of setae: XD1, XD2, D1, D2, 

SD2, SD1, L1, SV1, SV2 and (on the outer face of the ‘foreleg stump’) V1; 2 punctures 

apparently represent L2 and L3; dorsal chaetotaxy not fully understood, apparently with 

one or two extra setae in the D-XD groups (see Fig. 25 and Comments under species 

description). T2 and T3 with 6 pairs of setae (D1, SD1, L1, SV1, SV2, V1), just anterior to 

mid-segmental length. A1–8 with 4 pairs of setae: D2 (by its posterior position), SD1, a 

reduced SD2, and SV (postero-ventral to D2); the positions of SD1 and SD2 relative to the 

spiracle vary between segments and instars. A9 with 2 pairs of setae (D2 and SD1). A10 

with one lateral and one dorsal pre-apical setal pairs (possibly SD1 and D2 by position), 

lateral face of anal proleg base with 2 setae horizontally in line, a single dorsal proleg base 

seta subapically, and a single paraproct seta.  
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Figs 21–27. Houdinia flexilissima, final instar larva: 21, head capsule, dorsal view (ef = 
epicranial flexure); 22, maxillae and labium; 23, head capsule, ventral view; 24, whole 
larva, habitus, lateral; 25, thorax, lateral (s = spiracle); 26, A1, A2, lateral; 27, A8–10, 
lateral. 
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Pupa (Figs 28–30). (Based on a single pharate adult female in ethanol, not dissected or 

stained). Colour in life orange. Head (Figs 29, 30): clypeo-labral suture developed, 

frontoclypeal suture absent; labial palpi exposed; antennae converging at level of 

abdominal segment 4, then diverging to apex, which is level with abdominal apex; no 

chaetotaxy observed. Vertex and occiput of head and dorsal portions of antennal scape, 

prothorax and anterior part of mesothorax developed into a subcircular ‘plug’ at ca 45 

degrees to body axis; posterior rim of plug somewhat raised and explanate; whole ‘plug’ 

surface finely scobinate and more strongly sclerotised than remainder of pupal cuticle. 

Fore-femora exposed. No chaetotaxy observed on thoracic segments. Abdomen (Fig. 28) 

with spiracles slightly raised; no spines, and chaetotaxy apparently very reduced, with 

setae very small; only setae observed are a pair of dorsal (D) and a pair of subdorsal (SD) 

setae on segments 3–6, a pair of SD setae on A7, and four setae in a transverse row 

dorsally on A10. 

 

 
 

Figs 28–30. Houdinia flexilissima, pupa (pharate adult): 28, habitus, lateral view (ae = 
adult eye showing through cuticle); 29, ‘plug’ formed from head, prothorax and portion of 
mesothorax, dorsolateral view (a = base of adult antennal flagellum showing through 
cuticle; m = anterior portion of mesonotum; o = occiput; p = pronotum; s = antennal scape; 
v = vertex; w = wing-base); 30, head and thoracic appendages, ventral view (g = galea; lp 
= labial palp). 
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Etymology. The genus is named after the renowned escapologist Harry Houdini (1874–

1926). The name alludes not only to the remarkable metamorphosis of the attenuate larva 

and the adult’s escape from the tight confines of the Sporadanthus stem, but also to the 

manner in which the species itself escaped detection by entomologists for so long. 

 

Houdinia flexilissima Hoare, Dugdale and Watts sp. nov. 

 

Material examined 

Holotype. ♂, New Zealand, WO, 37.19S, 175.27E, Torehape wetland (mine site), emg. 21 

Oct 2004, R. Hoare, C. Watts; larva / pupa in stem of Sporadanthus ferrugineus 14 Oct 

2004. 

Paratypes. New Zealand: WO, 6♂, 6♀, same data as holotype, but emg.23 Oct (2♂♂), 24 

Oct (1♂), 25 Oct (1♂ (NZAC), 1♀(OMNZ)), 26 Oct (1♂), 27 Oct (1♂, 2♀), 28 Oct (1♀), 

29 Oct (2♀♀); 2♂♂, 5♀♀ (NZAC), 2♂♂, 1♀ (OMNZ), 1♂, 1♀ (BMNH), 1♂, 1♀ 

(MZH), same locality, disturbed from Sporadanthus ferrugineus by day, 30 Oct 2004, R. 

Hoare, C. Watts ; 1♀, 37.19.3S, 175.27.6E, Torehape wetland (Dept of Conservation 

Reserve), at night, 14 Oct 2004, R. Hoare, C. Watts, A. Emmerson; 2♂♂, 1♀, 37.57S, 

175.23E, Moanatuatua Swamp, emg. 25 Oct (1♂), 28 Oct 2004 (1♂, 1♀), C. Watts, larvae 

/ pupae in stems of Sporadanthus ferrugineus Oct 2004. 

Other material examined. New Zealand: WO, 3♂♂, 37.19.3S, 175.27.6E, Torehape 

wetland (Dept of Conservation Reserve), 29 Oct 2004, R. Hoare, beaten from 

Sporadanthus ferrugineus (1 pinned, 1 in alcohol, 1 slide-mounted). 

 

Description 

Adult male (Fig. 1). Wingspan 12 mm. Frons and proboscis scales silvery grey; labial 

palpi duller brownish grey; spreading scales around eyes and over antennal bases white. 

Antenna silvery grey, scape edged white in front and behind. 

 

Thorax shining grey, scales edged pale ochreous, most conspicuously on tegulae; tegulae 

anteriorly white. Forewing shining greyish ochreous, costa narrowly white to 1/2 (i.e. to 

base of costal cilia); sometimes a faint indication of two longitudinal silvery streaks, one 
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above and one below fold; a slightly elongate blackish spot in centre of wing at 3/4; cilia 

pale ochreous. Hindwings pale greyish, cilia pale ochreous. Underside of both wings 

whitish, cilia pale ochreous. Forelegs grey; tarsus with scales edged pale ochreous; midlegs 

silvery grey basally, shading to pale ochreous on tarsi; hindlegs ochreous, greyish on 

dorsal surface of tarsi; outer tibial spur of each pair dark shining grey, inner spur pale 

silvery to ochreous. 

 

Abdomen pale silvery grey; T2–3 with appressed conspicuously scalloped yellow-edged 

scales. Scale tuft surrounding genitalia on segment 9 greyish white to yellowish white; 

genitalia (when visible) conspicuously orange with black-tipped uncus. 

 

Adult female (Fig. 2). Wingspan 12 mm. As for male, except: forewing paler and more 

yellowish ochreous, less greyish than in male; silvery streaks above and below fold often 

more conspicuous, though still faint. Abdomen longer than that of male, and usually with 

orange body contents showing through conspicuously, especially on basal segments; 

ovipositor tip barely protruding beyond surrounding whitish scales. 

 

Male genitalia (Figs 14–17). Tegumen a broad triangle. Uncus (Fig. 15) a narrow digitate 

process, sinuous, twisted apically to right. Gnathos absent. Valvae (Fig. 16) situated 

ventrally, opposing tegumen, basally contiguous; basal 1/3 of valva broad, subquadrate, the 

outer margin produced into an elongate curved process reaching beyond uncus and 

terminating in a mesally directed submembranous ‘tooth’; inner surface of valval base with 

a setose dorsal lobe laterally (probably representing lateral arm of juxta fused to valva). 

Vinculum extended anteriorly into oblong saccus with well-sclerotised lateral margins; 

posteriorly with triangular process overlapping base of valvae. Juxta scoop-like, extended 

dorsally and forming a broad, submembranous, apically rounded triangular process in 

proximal part of diaphragma, resembling a reduced gnathos; phallocrypt dorsal to this and 

adjacent to anal tube. Aedeagus (Fig. 17) elongate, somewhat broadening apically; curved 

basally where it widens into bulbus ejaculatorius; dorsal aedeagal wall with elongate 

sclerite; left lateral portion of vesica (in ventral view) with prominent backward-directed 

hook-like sclerotisation; apex of (uneverted) vesica denticulate. 
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Female genitalia (Figs 18, 19). Segments 8–10 (Fig. 18) moderately extensible. Segment 

10 with ovipositor lobes forming a dorsally convex ‘cap’; the ventral concavity extending 

anteriorly as a median groove, the margins of which become progressively less sclerotised 

towards anterior end of segment; dorsally, ovipositor lobes moderately sclerotised and 

separate apically, forming a small V-shaped notch. Segment 9 a short membranous tube, 

less than 1/2 length of segment 10. T8 with weak sclerotisation at ca 1/2 length; sclerite 

anteriorly biconcave; S8 not well sclerotised. Ostium bursae on segmental boundary 

between S7 and S8, broad, occupying most of segmental width. Ductus bursae (Fig. 19) 

broad, smooth, without colliculum or other sclerotisation. Corpus bursae ovoid, with 

narrow end anterior; postero-ventrally produced into a lobe (appendix bursae) with 

scattered scobinations, from which ductus seminalis arises; a pair of weakly S-shaped 

signa in central portion of corpus, each with one margin finely serrate. 

 

Host plant and distribution 

The only known host is Sporadanthus ferrugineus (Restionaceae), an endemic dioecious 

perennial with smooth wiry culms (stems) that form dense swards up to 3 m high (de 

Lange et al. 1999). Before European settlement, S. ferrugineus dominated the late 

successional stages of raised peat bogs distributed throughout the lowlands of northern 

North Island, from Kaitaia to just south of Hamilton and Papamoa (Fig. 31). However, 

widespread drainage and conversion to pasture has meant that S. ferrugineus is now a 

threatened species, restricted to just three locations (Torehape, Kopouatai and Moanatuatua 

peat domes) in the Waikato-Hauraki Plains region of New Zealand’s North Island (de 

Lange et al. 1999). Mines of H. flexilissima have been observed at all three sites, and 

adults reared from Torehape and Moanatuatua. Larval damage present on historical 

herbarium specimens (Waikato University; Lincoln herbarium) indicates the distribution of 

H. flexilissima was formerly throughout the Waikato, wherever S. ferrugineus occurred 

(Fig. 31).  
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Fig. 31. Distribution of Sporadanthus ferrugineus and Houdinia flexilissima in the 
northern North Island of New Zealand showing past and present occurrences. 
 

 

Biology 

The eggs are laid in late spring (October–November) near the scale-like leaf base. The 

young larvae mine in the green photosynthetic layer of the culm leaving star-shaped mines 

extending up the culm (Fig. 20). Later instars burrow in the deeper tissues of the culm, 

showing no external sign of their presence. Although more than one mine is commonly 
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observed on a single culm, only one larva has ever been found inside each culm. Despite 

this damage, the vigour of the plant seems unaffected. Pupation occurs in the internodes of 

the culms in a chamber lined with fine whitish silk, the exit-hole usually being just above a 

leaf. Adults hatch over spring (October–December). The behaviour of the pharate adult at 

eclosion is a mystery, since no pupal remains could be found in or protruding from stems 

from which adults had hatched; however, most emergence holes are surrounded by a rim of 

shed scales. In the rearing containers, adults rested on the brownish leaves at the internodes 

of the host culms and in this position were well camouflaged and extremely hard to detect.  

 

Houdinia flexilissima appears to have a 2-year life cycle, based on the presence of earlier 

instar larvae in stems at the time of adult emergence. Three hymenopteran ectoparasitoids 

(Aprostocetus (Ootetrastichus) sp. (Eulophidae: Tetrastichinae); Sierola sp. (Bethylidae: 

Bethylinae) and Diaulomorpha sp. (Eulophidae: Eulophinae)) have been associated with 

the larva (J.A. Berry, pers. comm.).  

 

Etymology 

The specific name ‘flexilissima’ (superlative of the Latin adjective ‘flexilis’) means ‘very 

flexible or pliable’. It refers to the extraordinary larva of the new species. 

 

Comments 

The larva of Houdinia must constitute one of the most modified (and certainly one of the 

thinnest) larvae of all Lepidoptera. The extremely attenuate form is reminiscent of that 

described for Opostegidae by Davis (1989). However, whilst the Houdinia larva is longer 

(more than 25 mm) than the longest Opostegidae larvae, e.g., Notiopostega atrata Davis, 

Davis gives the maximum width of the latter as 1.1 mm, whereas Houdinia attains a 

diameter of no more than 0.9 mm. The strongly reduced chaetotaxy and the transverse 

suture in the posterior region of the head capsule also constitute notable modifications of 

Houdinia. These modifications perhaps reflect tight constraints imposed by the architecture 

of the host-plant; de Lange et al. (1999) describe the culms of Sporadanthus ferrugineus as 

‘brittle’ and ‘rigid’, and these characteristics may have selected for the attenuation of the 

Houdinia larva. However, Houdinia is singular in that it has developed in this way, for 
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larvae of other miners and tunnelers in Cyperaceae, Juncaceae and Restionaceae are not 

etiolated.  

 

The prothoracic chaetotaxy of the larva needs further investigation. All larval setae are 

microscopic, and staining and slide-mounting are necessary to see them; because the body 

is too thin to ‘unroll’ as described for Nepticulidae by Hoare (2000), interpretation is made 

difficult by the distortion and folding of the flattened, macerated larva. There also appears 

to be some lateral asymmetry in the slide-mounted larva. 

 

The pupa is described here from a single specimen; it was considered inappropriate to 

make a slide mount of this for fear of damage, and in order that the specimen can be 

viewed from all angles when studied in future. Therefore the reduced chaetotaxy is 

probably not fully understood. It is assumed that the ‘plug’ formed by the dorsal part of the 

head and thorax lies flush with the exit-hole in the host stem, but this has not been 

observed, no doubt due to the excellent crypsis involved. Further studies of pupal structure 

and behaviour are required. 

 

Systematic placement 

Kaila (2004) has explored the phylogeny of the Gelechioidea with an extensive data 

matrix, including 143 in-group taxa and 193 characters from larvae, pupae and adults. The 

systematic placement of Houdinia is discussed here in the light of Kaila’s results and his 

tentative classification, which is based in turn on that of Hodges (1998). Further 

comparative information, relating to the coleophorid genera Idioglossa Walsingham and 

Epimarptis Meyrick, has been gleaned from Sugisima and Arita (2000) and Sugisima 

(2004). 

 

The male genitalia of H. flexilissima closely resemble those of an undescribed New 

Zealand gelechioid species whose larvae mine in the leaves of Baumea teretifolia 

(Cyperaceae). This undescribed species is itself closely related to an Australian taxon 

mining Lomandra longifolia (Xanthorrhoeaceae); the Australian taxon was included by 

Kaila (2004) in his analysis as ‘Batrachedra’ eustola Meyrick, but this identification needs 

checking (L. Kaila, pers. comm.). ‘B.’ eustola requires a new genus since its inclusion in 
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Batrachedra renders that genus paraphyletic (Kaila 2004). In the context of Kaila’s 

analysis, possible synapomorphies linking all three species include (character number and 

state from Kaila (2004) in parantheses): retinaculum of male forewing arising from a spur 

of Sc (46-0); movement of valvae restricted (105-1); ductus seminalis basally dilated as a 

sac (134-1). None of these characters constitute unique apomorphies defining the group, 

since they all occur elsewhere in Gelechioidea (Kaila, loc. cit.); indeed, the restricted 

movement of the valvae is one of the synapomorphies defining the ‘gelechiid lineage’, 

which includes all these Batrachedra-like moths. However, due to character-state reversal 

along the branch, this character, along with the two others listed, was recovered as an 

autapomorphy of ‘B.’ eustola by Kaila. Other shared characters in the male genitalia are: 

lateral lobes of juxta fused to dorsal surface of valvae; gnathos absent; saccus broad and 

robust. Three larval characters not used by Kaila could also constitute possible 

synapomorphies of the three taxa (although they may also be convergent adaptations to 

internal feeding): pronotum fused with spiracular plate posteriorly (this needs checking in 

‘B.’ eustola, where the pronotum has a posterior arm but this does not closely approach the 

spiracle); crochets absent; A10 with paraproct overshadowing anal proleg. This state of the 

paraproct also occurs in the New Zealand elachistid Elachista gerasmia Meyrick. Because 

of these shared characters (especially in the genitalia), Houdinia is provisionally assigned, 

along with ‘Batrachedra’ eustola and the undescribed Baumea-miner, to Coleophoridae in 

the sense of Kaila. 

 

The classification adopted here is tentative, because there are several important respects in 

which Houdinia differs from its apparent relatives. The abdominal tergites of Houdinia 

lack spines; tergal spines are present in both the other species, forming two patches per 

segment in the Baumea-miner and one per segment in eustola. None of the notable 

modifications of the larva (flexure of head capsule, extreme attenuation, strong reduction 

of abdominal chaetotaxy) is shared by either of the other two species. In Kaila’s analysis, 

complete loss of SV setae on A3–6 of the larva was recovered as a unique synapomorphy 

linking ‘Batrachedra’ eustola with Coleophoridae sensu stricto (character 184-3); but 

despite its reduced chaetotaxy, Houdinia is interpreted as retaining an SV seta on these 

segments. A further unique synapomorphy found by Kaila to link Stathmopoda + 

Idioglossa + Batrachedra sensu lato + Coleophoridae sensu stricto is the modification of 
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the anteromedian process of the metafurca into a pair of bent laminae (character 37-1); 

Houdinia lacks this modification, having a more straightforwardly Y-shaped metafurca, 

rather similar to that of Epimarptis hiranoi Sugisima (Sugisima 2004: fig. 12b). It should 

be noted that Kaila (2004) excluded Epimarptis from his final cladistic analysis because it 

shifted position in the most parsimonious trees between Coelopoeta, Stathmopoda and 

Batrachedra, causing a collapse of resolution in the basal clades of Coleophoridae s.l. in 

the consensus trees. Houdinia appears to show a mosaic of plesiomorphic and apomorphic 

characters analogous to (but not congruent with) that found in Epimarptis (cf. Sugisima 

2004).  

 

Conservation status of Houdinia flexilissima 

Although Sporadanthus-dominated peatbogs are estimated to have covered more than 100 

000 ha of the northern North Island of New Zealand before European settlement, S. 

ferrugineus is now restricted to three isolated populations at Torehape (less than 200 ha), 

Kopouatai (2000 ha) and Moanatuatua peat domes (140 ha) (de Lange et al. 1999) (Fig. 

31). The plant is very susceptible to fire damage and the gradual lowering of wetland water 

table depths, and if these processes continue at the locations where S. ferrugineus survives, 

it is likely the species will start to decline in these remnant populations (Clarkson 1997; de 

Lange et al. 1999). De Lange et al. (1999) recommended a conservation classification of 

‘Declining’ for S. ferrugineus, whilst noting that according to IUCN (1994) criteria, it 

would be considered ‘Endangered’. The populations of H. flexilissima seem to be stable 

where S. ferrugineus is found, but as this is the only known host, the conservation status of 

the moth needs to be appraised. 

 

The only other species of Sporadanthus found in New Zealand is S. traversii, which is 

widespread over much of the northern Chatham Island peat bogs, and also present on the 

Southern Tablelands (de Lange et al. 1999). All three authors have visited Chatham Island, 

and none observed mines on S. traversii. There is thus no evidence that H. flexilissima is 

associated with S. traversii. A further six species of Sporadanthus are now recognised in 

Australia, having been transferred to that genus from Lepyrodia (Briggs & Johnson 1998); 

to our knowledge none of these has been searched for stem-miners. 
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APPENDIX C 
 

8Are systems with strong underlying abiotic regimes more 

likely to exhibit alternative stable states?4 
 

Keywords assembly rules, alternative ecosystem states, priority effects, propagule 

limitation, restoration ecology, species invasion, trait dispersion. 

 

Suding, Gross and Houseman (2004) demonstrate how conceptual advances in 

alternative ecosystem states theory have led to a greater understanding of why degraded 

systems are often resilient to restoration management. In their review they pose one (of 

several) ‘outstanding’ questions (Box 3 in Suding et al. 2004): “Are there predictable 

characteristics that indicate when a system will follow a successional pathway and/or 

that indicate the presence or absence of alternative ecosystem states?” We suggest that 

the persistence of alternative stable states might be predicted from simple consideration 

of assembly rules for systems structured along a gradient of environmental adversity. 

We raise the hypothesis that strongly abiotically- or disturbance-structured 

assemblages, with non-random trait under-dispersion (Weiher and Keddy 1995), are 

more likely to exhibit catastrophic phase shifts in community structure than 

assemblages which are weakly structured by environmental adversity. 

 

To some extent, perceptions of the importance and prevalence of alternative stable 

states in restoration ecology stem from the systems-perspective within which the 

authors are based. Suding et al. (2004) consider that restoration efforts have 

traditionally focused on ways in which to reestablish historical disturbance regimes 

(both abiotic, such as fire and hydrological regimes, as well as biotic, such as grazing 

intensity) as a means by which to promote successional revegetation of the site. 

However, this is only one of two common historical approaches to restoration. The 

other, and arguably the more frequent, is to reestablish the vegetation cover of the site 

by reseeding or replanting. In fact, the importance of reinstating former disturbance 

regimes would not be recognised if some degraded systems were not resilient (sensu 
                                                 
4 Published as Raphael K. Didham, Corinne H. Watts and David A. Norton. 2005. Oikos 
110:409–416. 
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Beisner et al. 2003) to addition of native plant propagules (e.g., at the trivial extreme, it 

is obvious that replanting bog plants in a drained wetland is futile) (Whisenant 1999).  

 

When former disturbance regimes are reinstated, some systems follow a simple 

successional pathway to community reassembly (e.g., Mitsch and Wilson 1996; Baer et 

al. 2002; Copeland et al. 2002), but there are a growing number of examples in which 

superficially quite similar systems appear to be irreversibly altered (e.g. van de Koppel 

et al. 1997; Anderson et al. 2000). Suding et al. (2004) and other recent reviews (Crespi 

2004; Mayer and Rietkerk 2004; Rietkerk et al. 2004; van Nes and Scheffer 2004) 

make a compelling case for rapid (‘catastrophic’) shifts between multiple stable basins 

of attraction in community composition that are internally maintained by positive 

feedbacks between species and environment (hysteresis, sensu Beisner et al. 2003). 

However, beyond the reductionist, case-by-case arguments for species-specific or 

context-dependent mechanisms causing the state change in each example (e.g., Mayer 

and Rietkerk 2004), are there any generalisable predictions that can be made about 

which systems are more likely to exhibit resilient alternative ecosystem states?  

 

Our reading of the literature suggests that the overwhelming majority of cases in which 

alternative stable states have been detected, and which are resilient to restoration 

management efforts, come from systems that were historically subject to moderate to 

extreme abiotic regimes: for example, wetlands (Zedler and Callaway 1999; Zedler 

2000), streams (Wootton et al. 1996; Bradley and Ormerod 2002), deserts (e.g. 

Whisenant 1999), arid grasslands or rangelands (van de Koppel et al. 1997; Anderson 

et al. 2000; Van de Koppel and Rietkerk 2004), woodland savannas (Sankaran et al. 

2004), salt marshes (Srivastava and Jefferies 1996; van de Koppel et al. 2005), 

intertidal mud flats (van de Koppel et al. 2001) and so on (see other empirical examples 

in van de Koppel et al. 1997; Scheffer et al. 2001; Scheffer and Carpenter 2003; Hobbs 

and Norton 2004; Mayer and Rietkerk 2004; Rietkerk et al. 2004; Suding et al. 2004). 

This is not to say that all abiotically-controlled systems will necessarily exhibit 

multiple stable states (as the empirical grassland and wetland examples in Suding et al. 

2004, p.46, make clear), or that systems with weak abiotic gradients or disturbance 

regimes never exhibit alternative states (as is clear from empirical examples of coral 

reefs: Nyström et al. 2000; Aronson et al. 2004; Bellwood et al. 2004; lakes: van Nes et 

al. 2002; Martin 2004; and tropical forests: Wilson and Agnew 1992; Sternberg 2001; 
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see also examples in Scheffer et al. 2001; Scheffer and Carpenter 2003; Mayer and 

Rietkerk 2004), but it does raise the possibility that systems with inherently strong 

underlying abiotic regimes may (1) be more prone to enter resilient alternative states, 

(2) switch more readily to an alternative state following a lower level of perturbation, 

or (3) be more difficult to restore, than systems which are weakly structured by 

environmental adversity. Here we present this hypothesis in the context of a qualitative 

model of assembly rules for communities structured along a gradient of environmental 

adversity, and briefly discuss the empirical basis and management implications of our 

arguments. 

 

A model of community assembly 

One model of community assembly (Weiher and Keddy 1995) places communities 

along an axis of environmentally-enforced to competitively-induced adversity, which at 

the extremes gives rise to deterministically-structured assemblages with non-random 

patterns of trait dispersion among species (the abscissa in Fig. 1). Extreme 

environmental adversity is often associated with comparatively low species diversity 

and strong directional selection for traits that allow survival under the prevailing 

conditions. Consequently, the trait complexes of species living in environments with 

strong underlying abiotic gradients or disturbance regimes all tend to be more similar to 

each other than expected by chance alone. Conversely, competitive adversity promotes 

the coexistence of species with trait complexes that are more different from each other 

than expected by chance alone (Weiher and Keddy 1995; Chase and Leibold 2003).  

 

Chase and Leibold (2003) consider that “true alternative stable states” exist only when 

(1) all species have access to the local community, (2) any species could establish if it 

arrived first, and (3) later colonists are prevented from establishing even though they 

could have survived if they had got there first (Chase and Leibold 2003: p.128). This is 

likely to occur in cases where community assembly is particularly strongly influenced 

by site or assemblage history, in addition to species interactions (Chase and Leibold 

2003). The constraints that trait under-dispersion pose for community assembly, are 

that there will be fewer species adapted to the strong underlying abiotic conditions 

prevailing at the site, and these species will, on average, be more similar to each other 

in their niche requirements than species in communities with random dispersion or 

over-dispersion of traits. Consequently, historical differences in arrival and 
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establishment will appear more dichotomous among the smaller set of potential 

colonists, and there will be a greater likelihood of these early colonists reaching 

dominance and excluding future colonists from establishing. 

 

Interestingly, the central concept of variation in the degree of resilience to restoration 

management along a gradient of environmental adversity is embodied in Hobbs and 

Norton’s (2004; p.75) prior suggestion that “there are a number of different filters [on 

community assembly] that vary in their importance along relatively easily defined 

gradients” and “the resistance of degraded systems to restoration (that is, the degree of 

effort needed to restore the system to a particular state) will vary along these 

gradients.” Hobbs and Norton (2004, Fig. 5.1) also suggest that phase transitions 

involving the alteration of abiotic or disturbance regimes result in more severe state 

changes, that are more difficult to restore, than those involving changes in biotic 

variables. However, they do not formalize the reasoning or potential mechanisms 

underlying these observed relationships. 

  

Why should trait under-dispersion increase the likelihood of alternative stable 

states? 

We argue that communities with strong trait under-dispersion may exhibit resilient 

alternative stable states more frequently, because at least three of the major processes 

controlling community assembly are likely to result in greater divergence in 

compositional states in under-dispersed compared with over-dispersed communities. 

Under environmental adversity, we predict that propagule limitation, stochastic priority 

effects, and alterations to the regional species pool will all have much more extreme 

consequences for community assembly than they would in competitively-structured 

assemblages.  

 

First, propagule limitation imposes constraints on the outcome of lottery competition 

during early succession, and on the subsequent trajectory of community assembly 

(Drake 1990). Even if no extinctions have occurred within the regional species pool, 

dispersal and propagule supply can be limiting in fragmented landscapes (Hanski 1998; 

although this depends strongly on species traits, Henle et al. 2004), and these 

landscapes are most often the prime focus of restoration management. All other factors 

being equal, the same level of propagule limitation during colonization should have a 
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much greater effect on the outcome of successional processes in systems that are 

abiotically- or disturbance-driven, because these systems typically contain fewer 

species that tend to have more similar traits. Consequently, trait under-dispersion 

should give rise to a relatively small number of alternative community states 

characterised by different dominant species, and these species will be more likely to 

resist displacement by newly-arriving propagules that share very similar traits. For 

example, in experiments with two fungal-feeding Drosophila species with very similar 

traits, Shorrocks and Bingley (1994) found that when average arrival time of species 

was altered (i.e. relative propagule limitation, which they referred to as ‘fugitive’ 

situations) then the sequence of arrival had a marked effect upon species coexistence. 

In simplified ecological niche models, this is akin to saying that species have very 

similar zero net growth isoclines in relation to the prevailing environmental stresses, 

and so each discrete combination of species is more likely to represent an uninvasible 

equilibrium (see Chase and Leibold 2003, p.109). 

 

Second, even if we assume an equal probability of all species reaching the local site (no 

propagule limitation), stochastic priority effects can generate discrete assembly 

trajectories in many communities (Belyea and Lancaster 1999; Weiher and Keddy 

1999; Chase and Leibold 2003). The term ‘priority effect’ is often used informally to 

denote variation in community assembly that arises from species-specific effects of 

early colonists on subsequent succession, regardless of whether the sequence of 

colonization was determined by a significant difference in propagule pressure between 

species, or by chance events. However, the term is used more formally in the assembly 

rules literature to refer to the effects of stochastic colonization events on community 

assembly, when those communities are assembled from a common species pool (i.e. all 

individuals have an equal probability of reaching the local site, as defined by Chase and 

Leibold 2003). Examples of such priority effects are discussed in Ehmann and 

MacMahon (1996), Sunahara and Mogi (2002) and Munday (2004). We use priority 

effects in the latter sense of the term, and consider that the probability of stochastic 

priority effects leading to alternative stable states also becomes more likely under 

strong environmental adversity. In large part, this will be the case because stochastic 

abiotic effects (e.g. disturbance) will play an increasingly large role over resource and 

interference competition as mechanisms of community structuring (Drake 1990). For 

example, both theoretical (Amarasekare 2002) and empirical studies (e.g. D’Antonio et 
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al. 2001; Palmer et al. 2002) show that early colonization of a resource can allow an 

inferior competitor to reach dominance and effectively exclude a superior competitor 

from establishing. Once again, we predict that chance early colonists will be more 

likely to reach dominance under conditions of strong environmental adversity and will 

be much more resilient to subsequent species replacement, because resident and 

colonizing species all tend to be more similar in their trait complexes than expected by 

chance alone. 

 

Third, it is likely that most of the catastrophic ecosystem state changes observed 

recently stem from alterations to the regional species pool (through extinctions and 

invasions) which collectively have a dramatic effect on the outcome of species 

interactions and community assembly in degraded landscapes. Ultimately, synergies 

between pervasive landscape alteration (which changes the metapopulation dynamics 

of interacting populations; Hanski 1998) and the large number of species invasions in 

disturbed landscapes (Hobbs and Huenneke 1992; Gurevitch and Padilla 2004; Marvier 

et al. 2004; With 2004) may explain the widespread appearance of resilient alternative 

stable states in many different ecosystems. It is perhaps not surprising that many of the 

examples of resilient alternative states in the restoration literature involve the 

establishment of invasive species (Zedler 2000; Hobbs and Norton 2004; Suding et al. 

2004). Even allowing for differences in native versus invader propagule availability 

and stochastic priority effects, it is likely that the presence and persistence of 

alternative stable states are contingent upon the identity of the invader. Some invaders 

will be superior competitors under a wide range of conditions, whereas others may only 

exclude or displace native species in disturbed (not fully restored) habitats (Lonsdale 

1999). For example, Corbin and D’Antonio (2004) have shown that invasion of exotic 

propagules alone was not sufficient to cause the transition of California coastal prairie 

grasslands from native perennial to exotic annual grass dominance in the 19th Century, 

without the synergistic effects of changes in land use and climate. More importantly, 

Mack and D’Antonio (1998) provide plausible positive feedback mechanisms by which 

an increased abundance or biomass of some invaders may alter the disturbance regime 

of a system, promoting further invasion, and triggering the transition to an alternative 

state. Although Mack and D’Antonio (1998) compile a large number of empirical 

examples of such effects, there are few cases where this has proven to result in stable 
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states that are resilient to the reinstatement of the former abiotic or disturbance regime 

through restoration management.  

 

Once again, it is likely that the impact of invasive species will be stronger in 

communities structured by environmental adversity, because in these harsh 

environments natives and invaders will tend to share traits that allow them to survive 

under the prevailing abiotic or disturbance regime and will be much more similar in 

their niche requirements than species in communities with random-dispersion or over-

dispersion of traits. We are not aware of any direct comparative tests of this 

supposition, but many empirical studies in the contentious diversity-invasion resistance 

debate are founded on gradients from low-nutrient or environmentally adverse 

conditions to high productivity conditions. For example, Lindig-Cisneros and Zedler 

(2002) showed that reed canary grass, Phalaris arundinacea, invaded more readily 

under low-diversity native plant canopies subject to adverse disturbance conditions, 

than under low-diversity native plant canopies subject to favourable conditions for 

native plant growth. In another example, Lennon et al. (2003) showed that Daphnia 

lumholtzi invaded experimental mesocosms with low nutrient availability more readily 

than it invaded high-nutrient mesocosms. In these and other (sometimes contrasting) 

cases, the emerging realisation is that species-specific dominance effects of resident 

species (facilitation or inhibition) may account for differential diversity-invasion 

relationships (Hodgson et al. 2002; Smith et al. 2004), and the exact nature of the 

relationship depends critically on the cause of the underlying species richness gradient 

(Moore et al. 2001). 

 

Empirical evidence for the relative frequency of alternative stable states along a 

gradient in environmental adversity 

The classical example of a system switching to a resilient alternative stable state is the 

over-grazing of arid grasslands, in which reduced vegetation cover causes a decrease in 

water infiltration rate into the soil, that further limits plant growth rates (Rietkerk and 

van de Koppel 1997). Ultimately, this positive feedback mechanism can lead to 

irreversible desertification of arid grasslands (van de Koppel et al. 1997). Similarly, 

Srivastava and Jefferies (1996) found that a positive feedback between high-intensity 

snow goose grazing on arctic salt marsh vegetation and increased soil salinity following 

vegetation removal, caused an irreversible shift to uncolonisable bare soil. While these 
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and numerous other case studies show that alternative stable states are frequently 

observed in abiotically harsh environments (see also Whisenant 1999; Zedler and 

Callaway 1999; Anderson et al. 2000; Zedler 2000; Scheffer et al. 2001; Bradley and 

Ormerod 2002; Scheffer and Carpenter 2003; Hobbs and Norton 2004; Mayer and 

Rietkerk 2004; Sankaran et al. 2004; Suding et al. 2004; and most notably Rietkerk et 

al. 2004), there has been no comprehensive comparative analysis of the relative 

frequency of hysteresis across systems varying in environmental adversity (but see 

Genkai-Kato and Carpenter 2005).  

 

The few studies available that do compare stable states across multiple sites or systems, 

provide some support for our hypothesis. The most compelling example comes from 

the intertidal mudflat system of van de Koppel et al. (2001), in which there is a positive 

feedback between benthic diatom cover and the stabilization of silt under the force of 

increasing wave erosion. Even though diatoms secrete substances that stabilize the silt 

and clay sediments that are essential for their growth, current velocities above a 

threshold value can still impose bottom sheer stress on the substrate and cause rapid 

erosion (van de Koppel et al. 2001). The resulting low silt fraction in the substrate 

inhibits diatom growth and sediment binding, so that further erosion occurs more 

readily at lower current velocities, and the system does not recover. Importantly, van de 

Koppel et al. (2001) found that in sites with intermediate to high bottom sheer stress, 

there was a significant bimodal distribution of benthic silt content and diatom cover, 

indicating that the tidal flat system exhibited two (co-occurring) alternative stable 

states. Conversely, in sites with low bottom sheer stress the system exhibited only 

unimodal silt content and diatom cover distributions, indicating that only a single stable 

state existed (van de Koppel et al. 2001). 

 

Few other examples are as clear-cut as van de Koppel et al. (2001), but application of 

the same general perspective to systems not traditionally considered to be abiotically 

controlled (i.e. lakes, tropical forests and coral reefs) may prove instructive in 

explaining the occurrence of alternative stable states. For lake systems, the rapid shift 

from oligotrophic to eutrophic conditions has been an important (Scheffer et al. 2001) 

and costly (Martin 2004) management issue worldwide. However, it is already well 

recognized that eutrophication is not a problem for all lakes in general, but for a 

specific subset of shallow to intermediate depth lakes (Scheffer et al. 2001; van Nes et 
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al. 2002; Genkai-Kato and Carpenter 2005), due to high phosphorous input but limited 

sediment storage and stability (compared to deep lakes), as well as differences in 

horizontal lake mixing as a function of lake depth (van Nes et al. 2002). In the context 

of our model, shallow to intermediate depth lakes may represent systems with a higher 

degree of abiotic- or disturbance control (compared to deep lakes) and are thus more 

prone to enter an alternative stable state following a similar degree of perturbation.  

 

For tropical forests, there are only two studies that we are aware of that refer to 

alternative stable states following perturbation (Wilson and Agnew 1992; Sternberg 

2001), as compared to the much larger number of examples from arid woodlands (see 

references above). Importantly, both of these studies involved systems where water 

availability was seasonally limiting and the maintenance of plant community structure 

was marginal under altered hydrological conditions. For example, Sternberg (2001) 

predicted that savanna-forest hysteresis in the Amazon basin would only occur 

following deforestation in specific areas with marginal dry season precipitation 

(moisture stress). In regions with a more even seasonal distribution of precipitation, 

hysteresis was not predicted to occur (Sternberg 2001). 

 

Substantial recent interest in alternative stable states has focused on the collapse of reef 

systems from coral-dominated to algal-dominated reefs over very short time intervals 

(Nyström et al. 2000; Scheffer et al. 2001; Aronson et al. 2004; Bellwood et al. 2004). 

Arguably, coral reefs are the archetypal example of diverse, competitively-structured 

assemblages that under our hypothesis would be expected to be the systems least likely 

to show hysteresis. There has been intense debate about whether recent changes to reef 

communities indicate rapid threshold shifts between states (e.g. Nyström et al. 2000), 

or whether they are simply the cumulative outcome of massive multiple stressors over 

the past hundred years (e.g. Pandolfi et al. 2003). In principle, of course, if any system 

is disturbed hard enough, for long enough, it will change so dramatically that it may be 

considered to be in an alternative ecosystem state. Scheffer and Carpenter (2003) make 

a persuasive case that sudden, often dramatic, regime shifts stem from a series of events 

that incrementally decreased the resilience of a system. Whether this condition is 

permanent, or recovery is simply very slow, remains to be seen (for example, some 

reefs have eventually recovered over several decades without management input; e.g. 

Edmunds and Carpenter 2001). The most important point seems to be that “a 
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disturbance that could previously be buffered by a diverse functional group…became 

the trigger that caused an ecosystem with reduced resilience to shift from a coral-

dominated state to one dominated by algae” (Nyström et al. 2000, p.414). However, as 

Bellwood et al. (2004) point out, reef collapses have not occurred uniformly throughout 

the world. Instead, the low-diversity Caribbean reefs have been much more susceptible 

to collapse than the high-diversity Indo-Pacific reefs. Bellwood et al. (2004) contend 

that lower species diversity within functional groups in the Caribbean gave these 

systems an inherently lower resilience to anthropogenic disturbances. From the 

perspective of our model, it could therefore be suggested that low-diversity Caribbean 

reefs are analogous to systems that are more abiotically-structured than high-diversity 

Indo-Pacific reefs. The general inference is that systems with inherently low functional 

(trait) diversity may be more prone to enter alternative states and may be more resistant 

to recovery (Bellwood et al. 2004), as we would also predict under environmentally 

adverse conditions. 

 

Determining the scale or extent of abiotic structuring in assemblages 

An intrinsically difficult problem in trying to determine the relative extent of abiotic 

structuring of assemblages, is that the spatial scale of the study or system is crucially 

important. For example, at some spatial or temporal scales coral reefs may be 

considered to be competitively structured, and at others they may be considered to be 

abiotically structured. Two studies that we are aware of give empirical examples of 

alternative stable states that were ‘entrained’ by removal of biotic interactions 

(predation); one in an intertidal system (Paine and Trimble 2004) and one in a meadow 

system (Schmitz 2004). Both systems, from the perspective of the small-scale 

experiments conducted by the observers, would be considered to be biotically 

structured. However, at larger scales Paine’s intertidal system is heavily structured by 

disturbance (wave action), and Schmitz’s meadow system was surrounded on all sides 

by hardwood forest, and presumably represented one point along a continuum of 

successional revegetation following past disturbance. Quantifying the strength of 

abiotic drivers across multiple scales will be one of the central challenges in attempting 

a comprehensive, comparative assessment of the relative frequency of alternative stable 

states across systems varying in environmental adversity (Rietkerk et al. 2004). 
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Alternative stable states or long-term transients? 

One of the most important unresolved questions is whether alternative ‘stable’ states 

are in fact permanent in their own right (Petraitis and Latham 1999). While constraints 

on propagule access and stochastic priority effects have fundamental effects on 

community assembly, these are better thought of as generating transient alternative 

states where succession (to the restoration goal) might proceed only slowly without 

increased natural or artificial propagule addition over time (assuming competitive 

hierarchies are maintained). Consequently, propagule limitation and priority effects do 

not necessarily result in permanent alternative stable states. Even with alteration to the 

regional species pool through extinctions and invasions, it may be difficult to 

distinguish between long-term transients and permanent states. Of course, Fukami 

(2004) suggests that long-term transient community dynamics can still make assembly 

history important for community structuring, even in the absence of alternative stable 

states. However, the question is really how to determine the time-scale of transience if 

the rate of ‘succession’ grossly exceeds the time-frame of human observation. In 

particular, long-term transients could confound comparison of the frequency of 

hysteresis across systems. For instance, we expect that in most cases the rate of 

transition between community states will simply be much slower under strong 

environmental adversity (e.g. in arid ecosystems), giving rise to the perception of 

alternative stable states (Fig. 1). Furthermore, the rate of transition is likely to be 

proportional to the lifespan of the dominant organisms. Even in some communities that 

might commonly be considered to be competitively-structured, rather than abiotically 

structured, community transition can be extraordinarily slow. For example, in their 

rocky intertidal community, Paine and Trimble (2004) found that experimental removal 

of top-predator starfish from 5m2 plots allowed mussels to become dominant over 

canopy-forming algae, yet even at this small spatial scale it took 20-30 years of 

continuous monitoring before it was clear that plots would return to an algal-dominated 

state following star-fish reintroduction. At the other extreme, long lag times in 

community responses to perturbation can actually mask the existence of threshold 

changes in community composition (Milchunas and Lauenroth 1995).  

 

Transience versus permanence of alternative ecosystem states would appear to be 

crucial to long-term perspectives on the need for management action in a given 
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situation (Beisner et al. 2003). However, the distinction may be a moot point if even 

short-term transients are unacceptable for ecological, social or aesthetic reasons (Hobbs 

and Norton 2004), especially in the face of potentially rapidly changing global 

conditions. 

 

Conclusion 

We suggest that the measurement of trait dispersion may prove to be of key importance 

in predicting the prevalence and persistence of long-term transient and alternative 

stable states in restoration ecology (Fig. 1). Hysteresis may be most frequent in 

ecosystems with strong underlying abiotic regimes, where traits of species are 

markedly under-dispersed (e.g. wetlands and arid ecosystems). Clear resolution of 

management options will require discrimination of propagule limitation, stochastic 

priority effects and alteration of the species pool as determinants of short-term and 

long-term state changes in community assembly. Unfortunately, synergistic interactions 

between landscape change and species invasion in degraded systems (e.g. Gurevitch 

and Padilla 2004; Marvier et al. 2004; With 2004) are likely to introduce threshold 

effects on the probability of successful management solutions to local restoration 

problems (Hobbs 2001; Hobbs and Norton 2004; Suding et al. 2004). We agree with 

Bellwood et al. (2004) that the solution does not lie in the conservation of focal species 

or focal processes, but instead in enhancing the resilience of critical functional groups 

to future disturbance. Nowhere will this be more important than in systems structured 

by moderate to strong environmental adversity, which appear to be much more prone to 

catastrophic regime shifts.  
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Figure 1 A qualitative model for the likelihood of alternative stable states in restoration ecology. Ecological perception of the ‘permanence’ of 
alternative states is a function of the time-scale of observation and the rate of community response to perturbation, and may equally represent an 
axis from short-term to long-term transience in community structure. For simplicity, we align trait dispersion along a single axis of 
environmentally-enforced to competitively-induced adversity (after Weiher and Keddy 1995). 
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