
1 
 

Land use effects on biodiversity and  

ecosystem services 

_________________________________________________________ 

A thesis submitted in partial fulfilment of the requirements for the degree of 

Doctor of Philosophy in Ecology 

At the University of Canterbury, Christchurch 

New Zealand 

Laureline Rossignaud 

2020 

__________________________________________________________ 

  



 

2 
 

Abstract 

Since human arrival, New Zealand biodiversity has suffered from habitat destruction through land use 

change and the introduction of exotic plants and animals, leading to declines and extinctions of numerous 

native and endemic species. Such biodiversity loss can worsen ecosystem processes and services (e.g., 

water quality, pollination) which affect human well-being. My main objective was to study the effects of 

land use at several scales (land use on-site and adjacent land cover) on biodiversity and ecosystem services 

in Canterbury, New Zealand. 

I examined native forest biotic resistance to exotic plant invasions by assessing the native-exotic plant 

richness relationship across spatial scales. I considered species competitive interactions, climate 

heterogeneity and environmental factors using a subset of the National Vegetation Survey, the Land Cover 

Database and climate data. The results showed that native tree diversity increased the resistance of forest 

to exotic plant invasions. Exotic grassland adjacent to forest plots led to an increase in exotic plant richness 

across all scales. Species competitive interactions affected the native-exotic richness relationship at small 

spatial scales while climate heterogeneity affected it at larger scales, consistent with hypotheses and the 

results of previous studies. 

I assessed land use effects on insect pest control services, particularly through predation by birds. I 

exposed artificial caterpillars made from plasticine to predators within three land uses (exotic grassland, 

exotic forest and native forest), measured the proportion of each adjacent land cover type, and performed 

repeated 5-minute bird counts. I found no significant effect of local land use or bird relative abundance 

on predation rates by birds despite adjacent woody vegetation influencing bird community structure. 

However, bird predation rates on caterpillars were lower than in overseas studies for unknown reasons.  

I examined land use effects on bird pollination service to harakeke (New Zealand flax, Phormium 

tenax). I compared fruit production between hand-pollinated and naturally pollinated flowers at sites with 

three different adjacent land uses and related this to bird abundance. I found that greater abundance of 

bird pollinators and lower proportion of adjacent exotic forest were correlated with higher fruit set, but I 

found little evidence for harakeke pollen limitation. Harakeke’s ability to self-pollinate may maintain a 

sufficient level of pollination when pollinator abundance is limited. 

Finally, I analysed the long-term population trends of forest bird species and changes in the bird 

community structure at Craigieburn Forest Park in response to intermittent control programmes of stoat 

(Mustela erminea) an important introduced predator of birds. I compared 5-min bird count data from 

1978-82 and 1999-2004 with my own data collected in 2019-20. Although bird population trends varied 

between species, bellbird, rifleman and tomtit appeared to have benefited from stoat control. However, 

the recent arrival of ship rats might bring new threats to local bird populations. 

My research provides complementary new information on the influence of land use and adjacent land 

cover types on several ecosystem services. My findings highlight the importance of forest patches for 

maintaining bird biodiversity and the ecosystem services provided by birds. These results can assist 

decision making by land managers to enhance on native biodiversity and ecosystem services. 
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Chapter 1. 

Introduction to biodiversity and ecosystem services 

 

View of the Canterbury plans from Peel forest February 2017 
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Ecosystem services and biodiversity 

What are ecosystem services? 

Ecosystem services is a human-centred concept which aims to describe and value ecosystems using 

natural sciences and sometimes economic tools (Millennium Ecosystem Assessment or MEA, 2005). An 

ecosystem service is defined as a contribution of ecosystems to the well-being of people and society, such 

as satisfactory living conditions, health, and security (Fig. 1.1) (MEA 2005; Brockerhoff et al. 2017). 

Ecosystem services are generally divided into four groups which are provisioning services (e.g., food, 

water), regulating services (e.g., water quality, flood and disease mitigation), cultural services (e.g., 

recreation, aesthetics or spiritual fulfilment) and supporting services (e.g., soil formation, nutrient cycling) 

(MEA 2005; Haines-Young & Potschin 2018). Each ecosystem service relies on complex underlying 

ecological functions (e.g., photosynthesis, pollination, food web dynamics) which involve multiple 

interactions between biotic and abiotic factors (MEA 2005; Brockerhoff et al. 2017). According to 

Brockerhoff et al. (2017), ecosystem functions “are the ecological (biological, chemical and physical) 

mechanisms that support the integrity or maintenance of ecosystems”. Many ecosystem processes that 

underpin ecosystem services and functions are strongly associated with biological diversity or 

‘biodiversity’ (Fig. 1.1) (Díaz et al. 2005; Hooper et al. 2005; MEA 2005; Balvanera et al. 2006).  

How can biodiversity improve ecosystem services?  

There is a widely held view of the importance of biodiversity to ecosystem services as many ecosystem 

processes are influenced by the composition of local communities (including species abundance and 

functional traits) (Díaz et al. 2005; Hooper et al. 2005; Cardinale et al. 2012). Many studies have 

investigated the impacts of biodiversity loss on ecosystem processes, arguing that promoting biodiversity 

can benefit ecosystems functions and services (Díaz et al. 2006; Cardinale et al. 2012). For instance, 

greater tree species diversity can increase forest productivity because of complementarity effects related 

to differences between species in their use of nutrients, water and light (Forrester & Bauhus 2016). 

Furthermore, greater tree species diversity can reduce damage caused by herbivorous insects due to the 

reduction of the density of individual species of host trees or an increase of the diversity of natural 

enemies (Jactel & Brockerhoff 2007; Brockerhoff et al. 2017; Guo et al. 2019). High diversity of wild 

pollinators was shown to improve the pollination service and increase crop yields (Klein et al. 2007; 

Garibaldi et al. 2014). In addition, biodiversity contributes to the stability of ecosystem processes involved 

in the provision of ecosystem services by improving resistance and resilience against disturbances and 

variation of abiotic factors over time such as drought, disease or species invasions (Díaz et al. 2005; 

Hooper et al. 2005; Balvanera et al. 2006; Brockerhoff et al. 2017). Ecosystem processes are strongly 

influenced by species functional characteristics (Díaz et al. 2005; Hooper et al. 2005; Balvanera et al. 

2006). Greater functional richness associated with redundancy (species with similar functional traits and 

fulfilling the same functional roles) can provide functional and temporal niche complementarity which 

can stabilise ecosystem processes (Hooper et al. 2005; Brockerhoff et al. 2017). Therefore, changes in 

species composition such as species introductions or local species losses can have important impacts on 

ecosystem services (Díaz et al. 2005).  
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Fig. 1.1 Connection between biodiversity, ecosystem services and human well-being from MEA (2005) 

page 19. 

 

Impact of human activities and land use change on biodiversity 

Global biodiversity loss 

The ongoing and widespread decline of species is a growing concern for many reasons, including 

possible cascading impacts on ecosystem processes and human society (Díaz et al. 2006; Ceballos et al. 

2017). Biodiversity loss has been documented across most taxa including well-known vertebrate 

extinctions (Ceballos et al. 2017) as well as the recent observation of the strong reduction of insect 

populations (Hallmann et al. 2017; Sánchez-Bayo & Wyckhuys 2019), and the important decline of bird 

species (Robertson et al. 2007; Rosenberg et al. 2019; Şekercioğlu et al. 2019). Well before a species 

becomes extinct, its abundance and distribution can be greatly reduced which limits its contribution to 

ecosystem services; such species can be considered ‘functionally extinct’ (e.g., kakapo, Strigops 

habroptilus in New Zealand) (Díaz et al. 2005; Cardinale et al. 2012; Gaston et al. 2018). These recent 

studies revealed that this is not only a concern for rare species but also for numerous initially-common 

and widespread species which are experiencing a reduction of abundance and range distribution (Ceballos 

et al. 2017). Common species are the major providers of ecosystem services which suggests that many 

ecosystem services are at risk or may have been already affected (Winfree et al. 2015; Gaston et al. 2018).  
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Impact of land use change 

Habitat fragmentation and conversion have been associated with the ongoing loss of biodiversity and 

impacts on the provision of ecosystem services (MEA 2005; Polasky et al. 2011; Newbold et al. 2015). Land 

use change or intensification of management practices can strongly affect biodiversity and the ecosystem 

processes and services that depend on biodiversity (Díaz et al. 2005; Polasky et al. 2011). The conversion 

of natural habitats into human-modified landscapes aims to optimize the provision of a specific service 

(e.g., food, timber production) but often this leads to the homogenisation of the landscape and a 

reduction of resources such as food, shelter and nesting sites that are important for biodiversity (Cardinale 

et al. 2012). Landscapes with reduced habitat heterogeneity typically exhibit limited species abundance 

and diversity (Newbold et al. 2015). For instance, local and regional land use modification (e.g., 

agricultural intensification, conversion of forest into crop lands) and the increased distance to natural 

habitat can reduce the effectiveness of pollination service through the local loss of wild bee species and 

their functional role (Klein et al. 2007; Burkle et al. 2013; Rader et al. 2014). Adjacent land cover 

composition has been shown to influence biodiversity and ecosystem services by influencing the dispersal 

of native and non-native species (e.g., habitat connectivity, propagule pressure) and the availability of 

important resources (e.g., shelter, food) (Sullivan et al. 2005; Wiser & Allen 2006; Wenny et al. 2011; 

Barbaro et al. 2012). 

Impact of introduced species 

Accidental or intentional introduction of non-native species can be followed by important 

modifications of ecosystems and their biodiversity especially when one of these species becomes invasive 

(Brockerhoff et al. 2010; Vilà et al. 2011; Shackleton et al. 2018). Many invasive species were shown to 

have strong impacts on ecosystem processes and the provision of ecosystem services (Vilà et al. 2011; 

Cardinale et al. 2012; Boyd et al. 2013). Modification of community composition can directly influence the 

provision of ecosystem services such as nutrient cycling (e.g., nitrogen fixing plant species) (Ehrenfeld 

2010), water quality (Brooks et al. 2016) and can directly impact human interests by reducing crop yield. 

For example, the light brown apple moth, Epiphyas postvittana, affects the productivity of horticultural 

crops in countries where it has established (Suckling & Brockerhoff 2010). Other invaders can spread 

diseases such as the mosquito Aedes aegypti which spreads yellow fever (Schaffner et al. 2013). However, 

some exotic species can also contribute to the provision of ecosystem services in areas where native 

species are limited such as urban areas or agricultural landscapes (Brockerhoff et al. 2005; Brockerhoff et 

al. 2008a; Barbaro et al. 2012) although, they may not fully replace native species (Kelly et al. 2006; Stavert 

et al. 2017). 

New Zealand’s natural history 

A threatened unique biodiversity 

New Zealand’s biodiversity has been separated from the rest of Gondwanaland for about 80 million 

years (Knapp et al. 2005), and has a high percentage of endemic species which resulted in a highly specific 

and vulnerable biota (Wardle 1991; Taylor & Smith 1997). Native species present life history traits adapted 
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to the absence of terrestrial mammalian predators or competitors, with three endemic bats being the 

only native land mammals (Taylor & Smith 1997; Kelly & Sullivan 2010). Many native New Zealand bird 

species are long-lived, have a low reproductive rate and nest on the ground; many native plants have slow 

growth (Blackburn et al. 2004; McGlone 2006; Kelly & Sullivan 2010). There has also been very extensive 

habitat clearance since human arrival in ~1280 AD (Wilmshurst et al. 2008) and especially European 

colonisation since 1769 (Taylor & Smith 1997). The community composition of New Zealand ecosystems 

has always been influenced by ongoing colonisation (self-introduction) of various species from Australia 

(Kelly & Sullivan 2010), although at a much slower rate than introductions by people. However, since the 

beginning of human colonisation, first by Maori around 750 years ago and then by Europeans from the 

1840s, the archipelago has undergone various disturbances within a short period of time leading to a high 

local and global extinction rate of native species (Holdaway 1989; Wilmshurst et al. 2008; Kelly & Sullivan 

2010).  

Causes of extinction of native species 

Biodiversity loss in terrestrial habitats is mainly due to habitat loss and to the introduction of exotic 

species which cause predation pressure and resource competition (Tilman et al. 1994; Chown et al. 1998; 

Wilmshurst et al. 2008; Kelly & Sullivan 2010; Newbold et al. 2015). Native forest was originally the main 

land cover in New Zealand and covered about 83% of the country, but it has been reduced to about 23% 

today due to intense deforestation and conversion into human habitats (mainly agricultural land, 

settlements, roads, and plantation forest) (Brockerhoff et al. 2003; Ewers et al. 2006). The arrival of 

humans from Polynesia, then Europe led to three main waves of bird extinctions (Holdaway 1989). The 

first wave was attributed to the immediate impacts of predation by Maori and the two mammal species 

they introduced: kiore or Polynesian rat (Rattus exulans) and kuri or domestic dogs (Canis familiaris), with 

the rapid loss of the most vulnerable endemic species such as 9 species of large moa (Dinornithiformes) 

and the small New Zealand wrens (Acanthisittidae) (Tennyson 2010). The second wave was from slower 

declines of species under ongoing human hunting and habitat destruction (e.g., native forest clearance) 

(Holdaway 1989). The third wave followed the arrival of Europeans and the subsequent introductions of 

many other exotic species of predators and competitors such as domestic cats (Felis catus), stoats 

(Mustela erminea), ship and Norway rats (Rattus rattus and R. norvegicus), and brushtail possums 

(Trichosurus vulpecula) (Holdaway 1989; Holdaway 1999). These introductions led to the extinction of 

more native species such as laughing owl (Sceloglaux albifacies) and huia (Heteralocha acutirostris) as well 

as very large population declines of several species (e.g., kakapo Stripops habroptius, saddleback 

Philesturnus carunculatus and hihi or stitchbird Notiomystis cincta) that survived only due to intense 

conservation efforts. In addition, more than 25,000 plant species, including ornamental and crop plants 

and weeds, have been introduced by humans with about 2,200 among them which are naturalised (i.e. 

with self-sustaining wild populations), almost equal to the number of native plant species (Wardle 1991; 

Taylor & Smith 1997; Williams & Cameron 2006). A number of invertebrates were also intentionally 

introduced such as social bees (e.g., honey bee Apis melifera, bumblebees Bombus spp.) for the pollination 

of crops (Donovan 2007). However, far more invertebrates, mainly insects (ca. 1500 species), were 

introduced accidentally (Edney-Browne et al. 2018). Some of these, such as the wasps Vespula germanica 
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and V. vulgaris, compete with birds for food and put high predation pressure on native invertebrates in 

areas where they reach high densities (Beggs 2001; Lester et al. 2013).  

Status of New Zealand’s biodiversity and its future outlook 

Out of 487 bird species recorded in New Zealand (endemic, native, exotic and vagrant), about 59 

species are extinct while 71 of the remaining species are threatened and 23 critically endangered 

(Robertson et al. 2017). According to De Lange et al. (2013), 289 vascular plant species are considered 

threatened, 749 others are at risk and 8 have become extinct. Numerous insects are also threatened, 

although data are much less extensive for that group (Hitchmough et al. 2007). Over the last decades, 

programmes were initiated from country to regional scale to protect and restore native biodiversity. 

Predation by introduced mammals is the main threat to native birds (Innes et al. 2010). Many programmes 

are run across New Zealand to control introduced species like herbivorous and carnivorous mammals 

(e.g., brushtail possums, stoats, rats) or invasive insects (Vespula spp.) using various techniques such as 

traps for stoats or possums (Miskelly & Robertson 2002; Kelly et al. 2005) at small-scale and poison baits 

(e.g., Vespex against Vespula wasps or 1080 against mammals) at small to larger scales (O'Donnell & Hoare 

2012; Lester et al. 2013; Elliott & Kemp 2016). Despite technical and economic challenges, there is a long-

term national goal to make New Zealand (mammalian) ‘predator free’ at least for a subset of the worst 

mammalian pests by 2050 (Russell et al. 2015; Owens 2017). Eradication of predatory mammals is 

routinely achieved on islands or in fenced reserves, which has improved local bird diversity and abundance 

(Graham & Veitch 2002; Miskelly & Robertson 2002; Miskelly 2018). However, a general reduction of 

some distribution ranges suggests declines are continuing for numerous species including relatively 

common birds like rifleman (Acanthisitta chloris), and South Island tomtit (Petroica macrocephala) 

(Robertson et al. 2007; Innes et al. 2010; Walker & Monks 2018).  

Other programmes are focused on the preservation or restoration of natural vegetation (Norton et al. 

2018). Large areas of native forest less impacted by human activities have been gazetted as national parks 

or reserves (Smith 2012; Daugherty & Towns 2019) while ongoing programmes aim to increase native 

vegetation cover and connectivity using native forest remnants on private lands or active restoration 

(Craig et al. 2000; Norton et al. 2018). For instance, the One Billion Tree project supported by the New 

Zealand government aims to restore or improve biodiversity, land productivity and other various 

ecosystem services (i.e., water quality, erosion control) by encouraging the planting of trees to increase 

the forest cover (Wyse 2020). Mammal pest control combined with increasing forest cover was shown to 

benefit the local avifauna especially in areas with less than 10% of native forest suggesting that the 

combination of these various programmes benefit native biodiversity (Ruffell & Didham 2016). 

Ecosystem services in New Zealand 

Overview of studies on ecosystem services  

New Zealand is now dominated by exotic land uses with a focus on primary production and crops with 

high market values such as pastoral agriculture for dairy, beef and sheep, croplands, and exotic plantation 

forest (Ewers et al. 2006; Gómez-Creutzberg et al. 2020; Landcare Research 2020). Ecosystem services are 

not studied evenly across land uses in New Zealand. A meta-analysis by Gómez-Creutzberg et al. (2020) 
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summarised the contributions of different land uses or land cover types to various ecosystem services 

from as well as the current information gaps for key ecosystem services such as pollination and climate 

regulation (Fig. 1.2). They found 136 studies comparing the level of contribution to ecosystem services of 

at least two land uses. Supporting and regulating ecosystem services were the most commonly 

investigated within different land uses, although the number of studies were very unbalanced. For 

example, there were 57 studies on nutrient cycling versus only three studies on pollination services (Fig. 

1.2). Studies investigating the value of ecosystem services between land uses were generally focusing on 

high producing grassland, exotic forest and native forest (Fig. 1.2). Although different land uses can 

provide redundant and complementary ecosystem services, land uses oriented towards highly economic 

activities were found to provide a more restricted number of ecosystem services (mainly primary 

production) whereas natural and semi-natural land use contributed to regulation services (Gómez-

Creutzberg et al. 2020). Cultural services were mainly associated with Maori culture and are not well 

represented across land uses and often complex to measure.  

Ecosystem services provided by birds 

Birds have been recognised as important contributors to a large range of ecosystem services such as 

supporting services with nutrient cycling via excrement, provision of food, regulating services like 

pollination and pest management, and cultural services like bird watching (Wenny et al. 2011; Sekercioglu 

et al. 2016). Birds are highly mobile species and are present across almost all ecosystems (Wenny et al. 

2011). Most ecosystem services provided by birds are improved with bird abundance (Gaston et al. 2018). 

Other species sometimes depend on birds such as plant species for pollination and seed dispersal (Stouffer 

& Bierregaard Jr 1995; Kelly et al. 2010). Therefore, the loss of bird species can have strong cascading 

effects on ecosystem functions (Şekercioğlu et al. 2004; Wenny et al. 2011). Unfortunately, extinction of 

bird species and the reduction of their population sizes is predicted to continue in future decades 

(Şekercioğlu et al. 2004). 

Despite the uniqueness of New Zealand’s avifauna, with many endemic species, for ecosystem services 

only the seed dispersal and pollination services provided by birds are well understood (Kelly et al. 2010; 

Carpenter et al. 2018). Many New Zealand endemic plants have a close mutualistic relationship with 

native birds, with about 30% of tree species having bird-visited flowers and 59% having fleshy fruits and 

seed dispersed by birds (Kelly et al. 2010). Two endemic New Zealand honeyeater species (tui, 

Prosthemadera novaeseelandiae; bellbird, Anthornis melanura) and the native silvereye (Zosterops 

lateralis) are known to provide significant pollination services to at least 48 native plant species (Craig et 

al. 1981; Kelly et al. 2006; Kelly et al. 2010). As they also feed on fruits, tui, bellbird, and silvereye are 

contributing to the seed dispersal along with kereru (Hemiphaga novaeseelandiae) and the more recently 

recognised weka (Gallirallus australis) (Kelly et al. 2010; Carpenter et al. 2018). Other endemic species 

(especially stitchbird, saddleback) are known to be major contributors to both ecosystem services at sites 

where they still occur, but they are considered functionally extinct due to their extremely restricted 

distribution (Şekercioğlu et al. 2004; Kelly et al. 2006). Although the diet of New Zealand birds has been 

well described (O'Donnell & Dilks 1994; Murphy & Kelly 2003; Seaton et al. 2008), the pest management 

service (e.g., invertebrates, rodents) is still poorly understood. Only one study has investigated the 
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contribution of native and exotic birds to the regulation of herbivorous insects (Barbaro et al. 2012). The 

past and ongoing loss of bird species and the declining abundance and distribution range of the remaining 

species threaten ecosystem processes and services (Anderson et al. 2011; Iles & Kelly 2014). Pollination 

failure was documented for some native plants on the mainland where bird pollinators are present in low 

abundance and richness (Kelly et al. 2010; Anderson et al. 2011). These observations are raising concerns 

about potential cascading effects on native plant communities and show the need for more research 

investigating contributions of birds to ecosystem functions and services to improve the understanding of 

the potential consequences of further bird declines. 

 

 

Fig. 1.2 Matrix showing the distribution of studies of ecosystem services tallied by type of ecosystem 

service (bottom axis) and land cover type (right axis) in New Zealand. Taken from Figure S5 of Gómez-

Creutzberg et al. (2020). Note that the row and column totals do not match the sum of row and column 

counts because some studies include data on several ecosystems or land covers. Likewise, the row and 

column totals do not add up to the grand total (lower right) which corresponds to the total number of 

included studies. 
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Thesis outline 

The main objective of this thesis is to investigate the effects of what I will call ‘land use’ (land use type 

at a site, up to 200 m radius) and ‘adjacent land cover’ types (land use in the wider area out to various 

distances between 500 m and 5 km) on biodiversity and ecosystem services. Others have used 

‘surrounding land cover’ for the larger scale (e.g., Deconchat et al. 2009; Ruffell & Didham 2016), but I will 

use ‘adjacent’ to include both nearby land cover and the ‘surrounding’ which suggests an encircling land 

use.  I will study these land use effects using the three main land uses of New Zealand: native forest, exotic 

forest and exotic grassland. I organized my research around three regulation services which have been 

relatively little studied in New Zealand: invasion resistance and insect pest control which are both 

considered ‘pest regulation services’ and pollination service (Fig. 1.2). As birds are important providers of 

several ecosystem services, the final data chapter examines the long-term bird population trends in native 

forest.  
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Chapter 2.  

Testing the drivers of the invasion paradox: effects of competition and 

habitat heterogeneity on native-exotic plant richness relationships 

across spatial scales 

 

Canopy gap in native forest, Arthur’s Pass December 2016 
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Abstract  

Resistance of native communities to invasions by exotic plants has often been investigated by studying 

the relationship between native and exotic species richness. The biotic resistance hypothesis suggests 

that greater native richness limits exotic species invasions. However, both negative and positive native-

exotic richness relationships (NERR) have been found at local scales. At larger spatial scales, the 

relationship is mainly positive, seemingly refuting the biotic resistance hypothesis. Here, I explore the 

effects of species competitive interactions, environmental factors and habitat heterogeneity on the NERR 

across spatial scales in New Zealand native forests by considering relationships between plant tiers (height 

classes). I combined data from the National Vegetation Survey, New Zealand Land Cover Database and 

NIWA’s climate database and developed generalised additive models to predict exotic richness from 

native richness at different tiers (ranging from the ground to above 5 m height), land cover, plant 

competition (tree basal area and native species ground cover), mean annual temperature and total 

rainfall. The analysis was run at five spatial scales, from single 20 x 20 m plots on an 8 km grid to groups 

of plots spread across grid cells of up to 128 x 128 km. Habitat heterogeneity across scales was measured 

using the variance of climatic conditions among plots within a group. At the plot level, a negative native 

tree-exotic richness relationship (NTERR) was observed. The NTERR reversed with increasing spatial scale. 

Species competitive interactions showed a negative relationship with exotic richness at small and 

intermediate scales (≤ 32 km scale). Rainfall and temperature heterogeneity contributed to the positive 

NTERR at the largest scale (128 km scale). Adjacent exotic grassland land cover had a positive relationship 

with exotic richness across all spatial scales but did not prevent the reversing NTERR. This shows the 

importance of considering vegetation structure and adjacent land cover types when testing the biotic 

resistance hypothesis in forest systems. These results support the hypothesis that the native-exotic 

richness relationship is driven at small spatial scales by competitive interactions among species, and at 

larger scales by habitat heterogeneity. 
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Introduction 

There are growing concerns about the loss of biodiversity across most taxonomic groups and habitats 

(Barnosky et al. 2011; Ceballos et al. 2017). Biological invasions are known to be one of the major threats 

to biodiversity (Allen & Lee 2006; Brockerhoff et al. 2010; Vilà et al. 2011) with strong impacts on 

ecosystems functioning and the provision of ecosystem services (Cardinale et al. 2012; Boyd et al. 2013). 

The ongoing increase in biological invasions and their impacts necessitates that we improve our 

knowledge of factors influencing the susceptibility or resistance of ecosystems to invasions. 

Biotic resistance of ecosystem is widely considered a key factor influencing susceptibility to biological 

invasions (Levine & D'Antonio 1999; Jeschke et al. 2012; Iannone III et al. 2016; Nunez-Mir et al. 2017). 

This hypothesis, generally referred to as the “Biotic resistance hypothesis” or the “Biodiversity-invasibility 

hypothesis” posits that species-rich ecosystems are more resistant to biotic invasions than ecosystems 

with low biodiversity (Elton 1958). Competitive interactions are thought to be among the main 

mechanisms involved in biotic resistance (Levine et al. 2004). Establishment of exotic plant species can be 

strongly limited by native plant communities preventing access to essential resources such as light, 

nutrients and space. For instance, undisturbed forest with a closed-canopy and limited light availability in 

the understorey is typically less affected by invasions of exotic plant species (Pierson & Mack 1990; Jesson 

et al. 2000; Jagodziński et al. 2019). Other mechanisms such as direct and indirect effects of herbivory, 

predation and pathogens can also be associated with biotic resistance (Levine et al. 2004; Bufford et al. 

2016). Resident herbivores may negatively affect exotic species establishment which may lack defences 

due to absence of a shared evolutionary history (Tilman 1997; Parker & Hay 2005; Parker et al. 2006). The 

efficacy of biotic resistance mechanisms may vary depending on the characteristics of exotic species 

(Bufford et al. 2016; Nunez-Mir et al. 2017). For example, Martin et al. (2009) showed that although 

undisturbed forests were resistant to most invasions, they were susceptible to invasion by shade-tolerant 

plants. Greater native diversity can improve biotic resistance by maintaining the competitive pressure for 

diverse resources both spatially and temporally (i.e., niche complementarity) (Levine & D'Antonio 1999) 

or by promoting herbivore diversity which increases the likelihood of an exotic plant species being eaten 

(Levine et al. 2004).  

Biotic resistance was studied using a range of biodiversity measures but the relationship between 

native and exotic species richness is the most commonly used (Jeschke et al. 2012). The strength and 

direction of the native-exotic richness relationship (NERR) was found to vary with the spatial scale of the 

studied area (Shea & Chesson 2002; Herben et al. 2004; Fridley et al. 2007). At small spatial scales (e.g., 

within experimental plots of 10 x 10 m or less), NERRs are mainly negative, suggesting the presence of 

biotic resistance (Figure 2.1). This appears to be driven by interspecific interactions such as competition 

for resources and space (Tilman 1997; Jagodziński et al. 2019). However, some studies of local populations 

at small spatial scales have observed positive NERRs (Cleland et al. 2004; Wiser & Allen 2006). When the 

spatial scale of studies was extended, the NERR was most often positive (Stohlgren et al. 2003; Herben et 

al. 2004; Davies et al. 2005; Iannone III et al. 2016). This could be because external biotic and abiotic 

factors influencing both native and exotic species composition in parallel may overwhelm species 

interactions (Levine & D'Antonio 1999; Naeem et al. 2000; Davies et al. 2005; Fridley et al. 2007; Nunez-
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Mir et al. 2017). The reversal of the NERR from negative to positive with increasing scale was described 

as the “invasion paradox” by Fridley et al. (2007). 

Many confounding factors are involved in biotic invasions that can influence apparent biotic resistance 

outcomes across spatial scales. Biotic acceptance and facilitation processes were suggested to explain the 

positive NERR at the local scale (Fridley et al. 2007; Nunez-Mir et al. 2017). Biotic acceptance would be 

observed when favourable habitats with greater resource availability allow coexistence of high numbers 

of both native and exotic species (Stohlgren et al. 1999). Facilitation relationships between native and 

exotic species could offset competition in specific environmental conditions (Bruno et al. 2003). Factors 

which change with spatial scale such as habitat heterogeneity, propagule pressure and disturbances may 

influence NERRs and lead to positive relationships with increasing spatial scale (Fridley et al. 2007) while 

not necessarily affecting local biotic resistance. Spatial heterogeneity would favour higher numbers of 

both native and exotic species by providing a wider range of ecological niches than found in homogenous 

areas. The level of habitat heterogeneity usually increases with the spatial scale of the observation, which 

by itself can generate a positive NERR (Fig. 2.1). High propagule pressure is known to improve exotic 

species establishment success especially during early phases of invasions (Timmins & Williams 1991; 

Brockerhoff et al. 2014; Iannone III et al. 2016). This factor could explain a positive NERR at both small 

and large scales. However, at small scales, propagule pressure might have a weaker effect than biotic 

resistance allowing the observation of a negative NERR, whereas at larger spatial scales, more areas with 

strong propagule pressure may be included, overcoming biotic resistance and generating a positive NERR 

(Fridley et al. 2007). Natural or anthropogenic disturbances can reduce local diversity, reduce the 

competitiveness of native species, and increase resource availability, all of which favour exotic species 

establishment (Davis et al. 2000; Eschtruth & Battles 2009; Lembrechts et al. 2016). Increasing the spatial 

scale should increase the area of disturbed habitat which would result in higher invasion rates and 

consequently, contribute to a positive NERR (Fridley et al. 2007). Two recent meta-analyses confirmed 

the scale dependency of the NERR (Peng et al. 2019; Tomasetto et al. 2019). Spatial scale was described 

as a combination of grain size and the spatial extent of studies. Both studies found that grain size had a 

stronger effect on variation in the NERR than spatial extent. They also noted an unbalanced number of 

studies across regions with few located in the southern hemisphere. 

New Zealand’s strong history of species introductions provides an excellent opportunity to examine 

the NERR (Hulme 2020). More than 25,000 plant species have been introduced of which 2,146 are 

naturalised with self-sustaining wild populations, almost equal to the number of native plant species 

(2,300) (Diez et al. 2009). Previous studies have investigated biotic resistance of native forest in New 

Zealand, mainly regarding single exotic species and at the local scale (Wiser et al. 1998; Sullivan et al. 

2005; Wiser & Allen 2006), leaving a gap for more general studies combining multiple factors potentially 

involved in plant invasions. Several biotic and abiotic factors were found to favour exotic species 

establishment, such as anthropogenic or natural disturbance, low elevation, high soil fertility or propagule 

pressure (Timmins & Williams 1991; Jesson et al. 2000; Sullivan et al. 2005; Wiser & Allen 2006). However, 

intact native forest in New Zealand’s has been shown to be relatively resistant to invasion by exotic species 

(Jesson et al. 2000; Wiser & Allen 2006). Interestingly, greater native diversity was found to favour exotic 

richness in native forest at a small scale (Wiser et al. 1998; Wiser & Allen 2006). Forest succession is known 
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to be driven by interspecific competition for resources such as light and space (Connell & Slatyer 1977; 

Kunstler et al. 2012; Lohbeck et al. 2014). Both native and exotic species richness can be limited in old-

growth forest with a closed canopy (Timmins & Williams 1991) but the creation of canopy gaps after 

disturbance (e.g., tree fall) may release both native and exotic species from competition, especially in the 

ground tier, and thus generate a positive NERR (Davis et al. 2000; Eschtruth & Battles 2009; Iannone III et 

al. 2014; Iannone III et al. 2016). Measuring forest biotic resistance by separating native tree species from 

other native species and controlling for forest type or localized disturbance may reveal a different pattern 

than the one observed by Wiser and Allen (2006). 

 

 

Fig. 2.1 Summary of hypotheses about factors explaining the invasion paradox. (A) The 

invasion paradox is when the native-exotic richness relationship reverses from negative 

at small spatial scales to positive at large scales. (B) Biotic resistance can create a negative 

native-exotic richness relationship at small spatial scale but have no effect at large scales. 

(C) Habitat heterogeneity can generate the positive native-exotic richness relationship at 

large spatial scale while having no effect at small scales. The hypothesis is that B and C 

combine to create A. (My own diagram, based on mechanisms given in Fridley et al. 

(2007)). 
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My aim was to test the biotic resistance hypothesis in New Zealand’s native forests by assessing spatial 

scale effects on the native-exotic plant richness relationship (NERR) (Fig. 2.1) and to what extent this was 

affected by potentially confounding factors including interspecific competition for light and space, 

disturbance, propagule pressure and climatic conditions. I used the New Zealand National Vegetation 

Survey (NVS), Land Cover Database (LCDB) and NIWA climate data to examine the presence of the NERR 

and the invasion paradox in native forest plots and to test possible causes of the invasion paradox. Here, 

I (1) tested whether focusing on native tree richness (rather than all native plant species) reveals 

competition effects driving part of the NERR; (2) investigated the relationship between native tree and 

exotic plant richness across increasing spatial scales from 20 x 20 m to 128 x 128 km plots; (3) determined 

if considering potential confounding factors (species competitive interactions, habitat heterogeneity, 

propagule pressure or disturbance) would explain a reversing NERR with increasing scale. I used tree basal 

area and cover of native species at ground level as proxies for competition for both light and space, and 

adjacent land cover types as surrogates for propagule pressure and disturbance. Habitat heterogeneity 

was assessed by considering temperature and rainfall variation. 

Methods 

New Zealand native forest  

New Zealand native forest still covers about 23% of the land area, from the sea coast to subalpine tree 

line (~1500 m) across diverse climatic conditions (Wardle 1991). Undisturbed lowland forests are 

dominated by evergreen conifer or broadleaved tree species with long-lived conifer species (e.g., kauri, 

Agathis australis; rimu, Dacrydium cupressinum; kahikatea, Dacrycarpus dacrydioides) occupying a 

sometimes-discontinuous upper canopy and “broadleaved” trees (evergreen angiosperms) making a 

continuous canopy beneath that, with lower layers which include small trees, tree ferns, saplings and 

shrubs (Wardle 1991). Evergreen southern beech species (Nothofagaceae) dominate cooler and drier 

areas of New Zealand mainly at higher elevations (Wardle 1991).  

Data sets used in the analysis 

I obtained New Zealand native forest inventory data from the National Vegetation Survey databank 

(NVS; www.landcare.cri.nz/science/nvs) (Wiser et al. 2001). In this study, I used a subset of NVS data 

collected under the Land Use and Carbon Analysis System (LUCAS) by the Ministry for the Environment 

(MfE). LUCAS data were obtained from permanent 20 x 20 m plots established on an 8 x 8 km grid across 

New Zealand. Plots were surveyed from 2002 to 2007 with a standardised ‘Recce’ method (Allen 1992; 

Allen 1993) which is based on Braun-Blanquet’s (1927) cover-abundance plot relévé method (Westhoff & 

Van Der Maarel 1978). The plot information includes vegetation structure and composition, site 

description (i.e., elevation and observed land cover) and location. For each plot, I calculated overall native 

species richness by combining native plant species present across seven height tiers (Tier 1: over 25 m, 

Tier 2: 12 to 25m, Tier 3: 5 to 12 m, Tier 4: 2 to 5 m, Tier 5: 0.3 m to 2 m, Tier 6A: 0 to 0.3 m vascular plants 

and Tier 7A: vascular epiphytes). “Native trees” (as opposed to shrubs, etc.) were defined as being present 

in Tier 3 or above, i.e. ≥ 5 m in height, including vines and tree ferns but excluding epiphytes (Tier 7A) and 

used to calculate native tree richness for each plot. Exotic and native ground species richness were 
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obtained from exotic or native species occurring at Tier 6 (0 to 0.3 m). As there were very few native forest 

plots with exotic species in the tier 3 and above (16 plots out of 949 with only one or two exotic tree/shrub 

species), I focused on exotic plants in the ground tier and their relationships with native plant species 

richness. 

Native tree basal area and native species ground cover at Tier 6 were used as proxies for interspecific 

competition for light and space. Tree basal area was measured on stems of at least 2.5 cm diameter at 

breast height (Payton et al. 2004). Native ground cover was calculated for each plot, or group of plots in 

enlarged grid cells, by combining the cover classes using modified Braun-Blanquet scale (1:<1%; 2: 1-5%; 

3: 6- 25%; 4: 26-50%; 5: 51-75% and 6: 76-100%) of each native species present at Tier 6. Plots described 

as native forest in the “Observed land cover” record (land cover observed during the survey), presenting 

at least one native tree species (≥ 5 m in height) and having tree basal area information were kept for the 

analysis (N=949).  

I measured the adjacent land cover types for each plot using the New Zealand Land Cover Database 

version 5 (LCDB5; 2008-2009) available from the LRIS download portal (Landcare Research 2020). LCDB 

describes New Zealand land cover in 33 land cover classes, based on satellite imagery. I calculated the 

proportion of adjacent land cover types within 200, 1000 and 5000 m radii using ArcMap version 10.4.1. 

I defined six new classes by creating meaningful groupings of LCDB5 classes resulting in the following: 

native woody, native grasslands, exotic woody, exotic grasslands, disturbed land, and non-vegetated lands 

(Table S1). To describe climatic conditions, I used site mean annual temperature (°C) and annual total 

rainfall (mm) from NIWA meteorological data (30 year normals 1981-2010) (Wratt et al. 2006).  

To study spatial scale effects on native-exotic richness relationships (NERRs), I generated six spatial 

scales from the NVS grid. I created new enlarged grids by increasing the NVS grid dimensions from 

originally 8 x 8 km to 16 x 16 km, 32 x 32 km, 64 x 64 km and 128 x 128 km. Plots located within the 

enlarged grid cells were grouped together as a new spatial scale group (Table S2). I summarized plot 

information by calculating the mean proportion of adjacent land cover, mean annual temperature, mean 

annual total rainfall, mean tree basal area and mean native ground cover for each new spatial scale group. 

Species richness was calculated for all native plant, native tree, native ground species and exotic ground 

species grouping at each spatial scale using plant species present within an enlarged grid cell. 

Heterogeneity of climatic conditions was used as a proxy for habitat heterogeneity. Total annual rainfall 

and mean annual temperature heterogeneity were calculated from the square root of the variance of 

total annual rainfall and mean annual temperature across plots present within an enlarged grid cell. 

Statistical analysis  

The most suitable radius between 200, 1000 and 5000 metres was first selected to describe exotic 

adjacent land covers which were used as proxy for propagule pressure and disturbance. I ran linear models 

fitted with negative binomial error distribution in R software (R Development Core Team 2018) with he 

“MASS” package (Venables & Ripley 2002) predicting exotic richness from native richness, annual mean 

temperature, annual total rainfall and the proportion of exotic adjacent land covers for each radius, and 

the best radius (lowest Akaike Information Criterion, AIC) (Sakamoto et al. 1986) was kept for further 

analysis.  
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Then, I investigated NERRs at plot level and larger spatial scales using Generalized Additive Models 

(GAM) fitted with negative binomial error distribution and optimised smoothing parameters following the 

Restricted Maximum Likelihood (REML) method from the “mgcv” package (Wood 2017). I predicted exotic 

ground richness from all native, native ground and native tree richness with annual mean temperature, 

annual total rainfall and proportion of exotic adjacent land covers included as covariables to control for 

climatic conditions, propagule pressure and disturbances. GAMs were preferred over generalized linear 

models as they can account for linear and non-linear relationships between variables. The suitability of a 

model was assessed by looking at residuals, number of basis dimensions for smoothed parameters using 

the “gam.check” function which performs diagnostics for a fitted GAM model, and percentage of deviance 

explained (Wood 2017). Collinearity between smoothed terms was checked for each GAM model by 

examining pairwise concurvity values. Pairwise concurvity provides a value between 0 (no collinearity) 

and 1 (high collinearity) between paired factors. Explanatory variables showing a pairwise concurvity 

value above 0.8 were not included in the same model. GAM model selection was based on AIC and 

percentage of deviance explained. I examined the role of species richness vertical distribution in the NERR 

by comparing models predicting exotic ground tier richness from all native richness or native tree and 

native ground tier richness. To analyse the spatial scale effect on NERR, I focused on the native tree-exotic 

richness relationship (NTERR). Native ground tier richness was not included in GAM models at larger 

spatial scales as this variable was correlated with native tree richness. To account for the difference in 

sampling effort, I included the number of plots per enlarged grid cell as a covariable. The role of species 

competitive interactions was investigated across spatial scales by including tree basal area and native 

ground cover in GAM models. The climate heterogeneity effect on NTERR was tested by including mean 

annual temperature and annual total rainfall heterogeneity as predictors in GAM models at different 

spatial scales. Although models were run for each spatial scale, results at intermediate scales (i.e., 16 x 16 

km and 64 x 64 km grid) are not shown unless necessary (e.g., climate heterogeneity at small scale). 

Results 

Across the 949 plots, 1182 vascular plant species were recorded (including 120 identified only to genus) 

with 955 native and 207 exotic species (see Table S8, S9 for a list of most common species). One tree 

species Griselinia littoralis (Griseliniaceae) and two ferns, Notogrammitis billardierei (Polypodiaceae) and 

Blechnum discolor (Blechnaceae), were the three most common native species. Mycelis muralis 

(Asteraceae) was the most frequent exotic species followed by Anthoxanthum odoratum (Poaceae) and 

Hypochaeris radicata (Asteraceae). Weinmannia racemosa (Cunoniaceae) and Lophozonia menziesii 

(Nothofagaceae; this is the name used in the LUCAS dataset for Nothofagus menziesii) were the two most 

common trees (above 5 m height) followed by Griselinia littoralis and Melicytus ramiflorus (Violaceae). 

Exotic species were mainly forb and graminoid plants with only three shrub/subshrub species (gorse, Ulex 

europaeus; blackberry, Rubus fruticosus and mist flower, Ageratina riparia) present in at least ten plots. 

Six exotic tree species (Pinus radiata, Pinus pinaster, Crataegus monogyna, Populus spp. [treated as one 

species], Salix cinerea and Salix sp.) were found above 5 m height, each in no more than three plots.  
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There was a marked difference in the native exotic richness relationship (NERR) when native species 

across all tiers or only the tree tiers (> 5 m) were used as the independent variable (Fig. 2.2; Table S2.4). 

Although the NERR for all native plants (all tiers) vs exotics in the ground tier was significantly positive 

(Fig. 2.2A), the NERR based on native trees was significantly negative (Fig. 2.2B). In addition, the NERR 

based on native plants in the ground tier only was positive (Fig. 2.2C). Thus, the observed positive NERR 

for all native plants reflects a correlation between native ground tier and exotic ground tier richness. 

Consequently, I focus on the richness effects of the upper tiers (> 5 m) on the ground tier, the native tree 

exotic richness relationship (NTERR). I observed a reversing slope of the NTERR with increasing scale (Fig. 

2.3; Table S2.5). At the plot scale (i.e., when single 20 m2 plots on an 8 km grid were assessed), there was 

a significant negative NTERR. At an intermediate scale (32 km grid), the NTERR was non-significant, and 

at the regional scale (128 km grid), it was significantly positive (Fig. 2.3). This pattern of a scale-dependent 

inversion of the native-exotic richness relationship corresponds to the invasion paradox.  

 

Fig. 2.2 Effects on log exotic plant richness in the ground-level tier of (A) richness of all native plants, (B) native tree 

richness (for trees taller than 5 m), and (C) richness of native plants in the ground-level tier. Hatched lines show 

±95% confidence intervals and vertical bars the distribution of observation along the predictor. Level of significance 

with *** for P < 0.001. 

 

Fig. 2.3 Relationship between native tree richness (for trees taller than 5 m) and log exotic plant richness in the 

ground-level tier (solid curve) at three different scales: at the plot level considering plots on (A) an 8 km grid, (B) 

groups of plots merged to a 32 km grid and (C) to a 128 km grid. Hatched lines show ±95% confidence intervals. 

Marks above the x-axis indicate the distribution of observations. Level of significance with non-significant (ns), * P < 

0.05 *** P < 0.001. 
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When controlling for competitive relationships between exotic and native species (tree basal area and 

native ground tier cover), the NTERR still reversed with increasing scale (compare Fig. 2.4A-C with Fig. 2.3, 

Table S2.6 and S2.5). However, the strength of the NTERR was weaker at the plot level when tree basal 

area and native ground tier cover were included in the model than without those terms (as in Fig. 2.3) 

(Chi2 reduced from 21.18 to 9.717; Tables S2.5, S2.6 respectively). Exotic ground tier richness showed a 

significant negative relationship with tree basal area only at small to intermediate scales (i.e. up to the 32 

km grid) (Fig. 2.4D-F). Similarly, a significant negative relationship was found between exotic ground tier 

richness and native ground tier cover only at a small scale (Fig. 2.4G-I). Tree basal area and native ground 

tier cover improved the strength of the models (e.g., at plot level: deviance explained went from 34% for 

the model with native tree richness, climatic conditions and exotic adjacent land cover types as predictors 

to 46.9% with native tree richness, climatic conditions, exotic adjacent cover types, tree basal area and 

native ground tier cover) (Table S2.5 and S2.6).  

 

Fig. 2.4 Relationships at three different scales (8, 32 and 128 km grid) between log exotic plant richness 

in the ground-level tier (solid curve) and (A-C) native tree richness (for trees taller than 5 m) from models 

including tree basal area and native ground tier cover, (D-F) mean tree basal area (m2 per ha) and (G-I) 

mean native ground cover. Hatched lines show ±95% confidence intervals. Marks above the x-axis 

indicate the distribution of observations. non-significant (ns), * P < 0.01, ** P < 0.001, *** P < 0.001.  
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Climate heterogeneity influenced the native tree-exotic richness relationship across spatial scales (Fig. 

2.5, Table S2.6). The negative NTERR at plot level became non-significant at large spatial scales if climate 

heterogeneity was included (Fig. 2.5A-C showing NTERR from 16 to 128 km grid), whereas it was 

significantly positive at large spatial scales when climate heterogeneity was not considered (Fig. 2.3C). 

However, when assessed individually, neither climate heterogeneity variable showed a significant 

relationship with exotic ground tier richness at large spatial scale (Fig. 2.5F, I). Only mean annual 

temperature heterogeneity had to be kept in the model to observe a non-significant NTERR at large spatial 

scale (Table S2.6: 128 km models). The effect of temperature heterogeneity on NTERR confirmed the 

influence of habitat heterogeneity on the positive NTERR observed at larger scales. Interestingly, total 

rainfall heterogeneity presented a significant positive relationship with exotic ground tier richness at 

medium scale (i.e., 32 km grid) which became non-significant at large scale (Fig. 2.5D-F). 

 
Fig. 2.5 Relationships between log exotic plant richness in the ground-level tier (solid curve) and (A-C) 

native tree richness (for trees taller than 5 m), (D-F) square root of total rainfall variance between plots 

from a similar group scale (Rainfall heterogeneity) and (G-I) km grid scale and square root of mean 

annual temperature variance (Temperature heterogeneity) at three different scales (16, 32 and 128 km 

grid). Hatched lines show ±95% confidence intervals. Marks above the x-axis indicate the distribution of 

observations. non-significant (ns), ** P < 0.001. 
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Among the land cover types within the area adjacent to plots, exotic grassland was a valuable proxy of 

propagule pressure to study biotic resistance across spatial scales. The amount of exotic grassland near 

plots had a significant positive effect on exotic ground tier richness across all spatial scales (Table S4-6). 

By contrast, exotic woody adjacent land cover had a positive effect on exotic ground tier richness only at 

a small scale (Table S5). However, the pattern of the NTERR was still negative at the small spatial scale 

and positive at the large scale despite the consideration of exotic adjacent land cover (Fig. 2.3). Thus, 

adjacent land cover appears not to contribute to the change in direction of the NTERR with increasing 

spatial scale. However, exotic ground tier richness showed a negative relationship with annual total 

rainfall at the small and intermediate scale (i.e., plot level and 32 km grid) and affected the NTERR. The 

positive NTERR at the large scale (128 km grid) became non-significant when annual total rainfall was 

included into the model (Table S5).  

Discussion 

Role of native tree richness 

My results show the importance of considering the relationships between overstory and understorey 

plant species when investigating forest biotic resistance, as they influence exotic plant species invasion 

processes. Plots with a greater number of native tree species had lower exotic richness, despite the 

positive relationship between overall native and exotic richness. This latter positive native-exotic richness 

relationship (NERR) has been previously observed at local scale in New Zealand native forest (Wiser et al. 

1998; Wiser & Allen 2006). In my study, the positive NERR was mainly explained by the positive 

relationship between native and exotic species found at ground tier. Native and exotic species in the 

understorey may respond to similar environmental conditions allowing both native and exotic species 

richness to be higher in more favourable areas (Shea & Chesson 2002). As the models used in this analysis 

controlled for climatic conditions, tree richness and propagule pressure, other environmental factors 

could influence native and exotic richness such as soil characteristics (e.g., PH, fertility, moisture) (Timmins 

& Williams 1991; Wiser et al. 1998; Gilbert & Lechowicz 2005) or localised disturbances which could 

increase light and nutrient availability (e.g., tree fall, herbivory) (Jesson et al. 2000; Eschtruth & Battles 

2009; Iannone III et al. 2014).  

In contrast, mature trees are known to have a direct impact on seedling and sapling survival near the 

ground, and hence on canopy replacement and exotic species invasions (Davis et al. 2000; Martin et al. 

2009; Guo et al. 2015). In old-growth forest, mature trees fill the canopy space limiting light availability in 

the understorey (Brockerhoff et al. 2003; Jagodziński et al. 2019) and potentially monopolising resources 

(e.g., water, nutrients: Coomes & Allen 2007) hence limiting exotic plant establishment and growth. The 

observed negative native tree-exotic richness relationship (NTERR) suggests that greater native tree 

diversity contributes to the biotic resistance of native forest. High diversity of fully grown native trees may 

improve the occupancy of the canopy space and the exploitation of available resources (e.g., Sercu et al. 

2017) . Furthermore, non-native plants established in New Zealand are mainly associated with open and 

disturbed habitat as many were introduced as garden plants, for agriculture or as accidental introductions 

with seed imports (Timmins & Williams 1991; Hulme 2020). Although native tree diversity can favour 
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biotic resistance against most exotic species in New Zealand, some shade-tolerant exotic species can still 

invade forests (Martin et al. 2009), such as Mycelis muralis which was the most commonly seen exotic 

species (Blom 2002; Wiser & Allen 2006). 

Invasion paradox 

In this study, I found also a reverse native-exotic richness relationship (NERR) with increasing scale, 

which has been described in the literature as the invasion paradox (Fridley et al. 2007). This relationship 

has previously been documented mainly considering richness of all native plants, irrespective of 

relationships between overstorey and understorey tiers (Herben et al. 2004; Fridley et al. 2007; 

Tomasetto et al. 2019). This contrasts with my results which showed a reversing pattern only for the native 

tree-exotic ground tier richness relationship (NTERR) as the NERR with all native plants was positive at all 

spatial scales. Several different processes have been suggested as potentially influencing the NERR across 

spatial scales such as interspecific interactions (e.g., competition, facilitation), habitat heterogeneity, 

disturbance and propagule pressure (Shea & Chesson 2002; Fridley et al. 2007). At a local scale, species 

competitive interactions apparently caused the negative NTERR, which is consistent with previous 

observations and with theory (Naeem et al. 2000; Chen et al. 2010). Both proxies for interspecific 

competition, tree basal area and native ground tier cover, had a negative relationship with exotic ground 

tier richness at small and intermediate scales. These findings underpin the importance of both the density 

of the tree canopy and the density of ground cover in forest biotic resistance. The combination of large 

native trees (Martin et al. 2009; Jagodziński et al. 2019) and dense native species at lower tiers may greatly 

reduce the availability of light and space, limiting exotic establishment (e.g., lower seed germination, 

growth) (Jesson et al. 2000). Interestingly, exotic ground tier species richness showed a negative 

relationship with native ground tier cover whereas the relationship was positive with native ground tier 

richness. Proxies for interspecific competition such as species cover could encompass different 

mechanisms involved in biotic resistance than species richness and provide different information about 

the level of resistance against exotic plant invasions of a studied habitat (Jeschke et al. 2012). For instance, 

Iannone III et al. (2018) investigated the contribution of trees to biotic resistance by focusing on maximum 

tree height, density and evolutionary relatedness with exotic cover as a proxy for exotic plant dominance 

whereas exotic species richness was associated with species establishment.  

At large scales, intraspecific competitive interactions were not influencing NTERR as the NTERR 

remained positive despite considering tree basal area. The detection of intraspecific interactions may be 

limited at larger scale by habitat heterogeneity and the size of the studied area, as more plant individuals 

not directly interacting are included (Fridley et al. 2007). Larger spatial scales can include a greater number 

of available resources, and heterogenous or disturbed habitats which may display low species competitive 

interactions (Davies et al. 2005; Fridley et al. 2007). Here, temperature heterogeneity and mean annual 

rainfall were influencing the NTERR at large spatial scale. This observation is consistent with previous 

studies suggesting that external factors and habitat heterogeneity, which affect both native and exotic 

species, could drive the positive NERR at larger spatial scale (Naeem et al. 2000; Shea & Chesson 2002; 

Davies et al. 2005). Although mean annual rainfall was limiting the positive NTERR to a non-significant 

trend at the largest scale, the NTERR was clearly non-significant when temperature heterogeneity was 
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considered, avoiding the invasion paradox. This suggest that habitat heterogeneity may be a stronger 

driver of the positive NERR at large scale than mean environmental factors which is similar to Davies et 

al. (2005) findings. Although Davies et al. (2005) used different environmental factors (i.e., soil 

characteristics, slope and aspect), they found that habitat heterogeneity strongly influenced the NERR at 

larger scale, not habitat favourability which corresponds to the hypothesis that favourable habitat can 

support more native and exotic species. Previous New Zealand studies observed that fewer exotic species 

were found in high rainfall areas (Ullmann et al. 1995). Wiser and Allen (2006) observed a negative 

latitude-exotic richness relationship in New Zealand native forest using a subset of the National 

Vegetation Survey. They suggested that the observed pattern was driven by the South Island where the 

West Coast has higher rainfall and higher native forest cover, compared to the drier East coast which has 

high exotic grassland cover and human population and low native forest cover.  

Propagule pressure, represented by exotic adjacent land cover types, had a strong effect on exotic 

richness at all spatial scales. A greater proportion of adjacent exotic grassland cover favoured exotic 

ground tier richness at all scales from plot level to the largest scale (128 x 128 km). These results are 

consistent with the literature (Timmins & Williams 1991; Iannone III et al. 2016) and may support Wiser 

and Allen (2006) hypothesis linked to the negative longitude-exotic richness relationship with high exotic 

land cover on the east part of the South Island. However, the invasion paradox pattern was observed 

despite the consideration of propagule pressure. Adjacent exotic vegetation would have different 

relationships with native and exotic richness. Adjacent exotic vegetation provides propagules of exotic 

plant species explaining the positive relationship (Wiser & Allen 2006; Iannone III et al. 2015) whereas 

native species propagules from exotic vegetation would be more limited leading to a non-significant 

relationship. However, pine forest adjacent to native forest in New Zealand were showed to have more 

native species than exotic in their understory with a stronger difference in older stand (Brockerhoff et al. 

2003; Forbes et al. 2019). Adjacent exotic woody vegetation may promote both exotic and native richness 

but its effect may be overridden by exotic grassland with increasing scale as exotic grasslands cover 

greater areas in New Zealand than exotic forests (Brockerhoff et al. 2003; Walker et al. 2006; Landcare 

Research 2020). This result reveals that propagule pressure is an essential factor when studying biotic 

resistance as it can be a cofounding factor influencing exotic plant establishment (Wiser & Allen 2006; 

Iannone III et al. 2015). However, propagule pressure does not explain the invasion paradox as it does not 

vary with spatial scale which invalidate the hypothesis stated in Fridley et al. (2007).  

In conclusion, this study was able to investigate processes involved with native-exotic richness 

relationships (NERR) in New Zealand native forest. I tested previously stated hypotheses on the invasion 

paradox using a single detailed dataset about vegetation plot data combined with environmental data 

which allowed me to build novel models including predictors not previously considered together. I found 

evidence that native tree diversity can favour forest resistance to exotic plant invasions in New Zealand 

at a local scale where interspecific competitive interactions take place. When considering temperature 

heterogeneity and mean annual rainfall, I did not observe the reversing NERR with increasing scale. These 

results are consistent with the suggestion that species competitive interactions drive the NERR at small 

spatial scales while habitat heterogeneity combined with key external factors such as rainfall drive this 

relationship at larger scales. Although the adjacent land cover type did not contribute to the invasion 
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paradox, it is a relevant factor to include as a covariable. I also showed the importance of considering 

vegetation structure to test the biotic resistance hypothesis especially in forest systems. This study 

supports previous findings that the invasion paradox can be considered as an accidental consequence of 

the study design, which inevitably has different factors influencing species richness at different spatial 

scales. 
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Chapter 3.  

Land use effect on bird predation of insects as an indicator of potential 

pest control services 

 

Fantail on the edge of a native forest, Lake Brunner Reserve May 2017 
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Abstract 

‘Pest control’ and ‘invasion resistance’ are valuable ecosystem services potentially limiting damage from 

pests, diseases and invasive species establishment, respectively. Insectivorous birds have been 

recognised as important contributors to insect pest control; however, bird species loss and community 

change due to habitat conversion or degradation may affect such ecosystem services. Here, I 

investigated the effects of land use and adjacent land cover types on the bird community and insect pest 

control services provided by birds. Artificial caterpillars made from green plasticine (that mimicked the 

appearance of actual caterpillars) were attached to twigs of woody plants exposed to predators within 

three different land use types (native forest, exotic forest and exotic grassland) and examined for signs 

of attack. For each site, the proportion of each adjacent land cover type was measured using the New 

Zealand Land Cover Data Base and bird communities were assessed by performing three 5-min bird 

counts. Predation rate was calculated as the ratio between the total number of exposed caterpillars and 

the number of caterpillars showing attack marks from birds, rodents or invertebrates. I found a higher 

predation rate by insect predators in exotic grassland than in exotic forest and a positive relationship 

with the proportion of adjacent woody vegetation within a 500 m radius. However, no significant 

relationship was found between land use or bird relative abundance and predation rate by birds despite 

land use and adjacent land cover types influencing bird community structure and insectivorous bird 

abundance. The overall predation rate was 4.7%. Bird attacks accounted for less than a fifth of these 

while the rest was due to mammals, insects and unknown predators. The low predation rate by birds 

may be explained by a limited caterpillar detection rate in land use types with low densities of 

insectivorous birds. Predation by invertebrates was positively related to the proportion of adjacent 

woody vegetation, which suggests that adjacent forest patches are important to improve the predation 

of insect pest. 
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Introduction 

Regulation of insect populations is a valuable ecological service provided by various taxa including 

birds, mammals and arthropods (Maas et al. 2016; Meyer et al. 2019). Native and exotic herbivorous 

insects are known to greatly impact both wild plants and crops during major outbreaks which may be 

exacerbated by various factors including climate change (Kremen & Chaplin-Kramer 2007; Gregory et al. 

2009; Deutsch et al. 2018). Herbivorous insect populations are mainly influenced by top-down 

mechanisms involving natural enemies (Vidal & Murphy 2018) but also by competitors, bottom-up 

effects, resource availability and plant defences (Denno et al. 2002; Moon & Stiling 2002; Gruner et al. 

2005). Biodiversity can enhance this ecosystem service as herbivorous insect control increases with the 

abundance and species richness of natural enemies (Griffiths et al. 2008). Vertebrate predators such as 

birds or reptiles were observed feeding on both herbivorous insects and invertebrate predators which 

may limit the regulation service provided by invertebrate predators (Martin et al. 2013; Maas et al. 

2016). However, Mooney et al. (2010) showed that high abundance of vertebrate predators still 

improves herbivorous insect control and reduces plant damage despite their interference with 

invertebrate predators. Greater predator richness and increased functional diversity can limit 

intraspecific competition as well as providing complementary predation pressure (Díaz et al. 2006; 

Mooney et al. 2010). Major ongoing biodiversity loss associated with human activities (e.g., habitat 

conversion, non-native species introduction, chemical use) is threatening ecosystem functioning and 

services including pest control (MEA 2005; Polasky et al. 2011; Newbold et al. 2015; Brockerhoff et al. 

2017). 

Local natural enemy communities can be influenced by various landscape features indirectly affecting 

regulation of herbivorous insect populations (Kremen & Chaplin-Kramer 2007; Poch & Simonetti 2013; 

Klapwijk et al. 2016; Philpott et al. 2020). Studies investigating the insect enemy-prey relationship in 

relation to land use and land management showed that management intensity of agricultural lands (e.g., 

use of fertiliser, pesticides, grazing intensity) and removal of natural vegetation negatively impact 

arthropod biodiversity and pest control (Hunter 2002; Karp et al. 2016; Meyer et al. 2019). Natural or 

semi-natural habitats provide more resources (e.g., food, shelter) to arthropods and generally support 

higher diversity and abundance of insects (Landis et al. 2000). However, anthropogenic land uses can 

also provide important resources which may increase predation pressure on pest and other herbivorous 

insects (Rand et al. 2006). Connectivity between adjacent land uses can influence predator-prey 

relationships by allowing movements of natural enemies from one land use to another, and so locally 

control populations of native and non-native herbivorous insects (Hunter 2002; Rand et al. 2006; Karp 

et al. 2016). Ongoing land use conversion and management can modify local species composition; thus, 

it is important to improve our understanding of land use impacts on natural predator-prey relationship 

to maintain or improve herbivorous insect control service.  

Birds are commonly important contributors to pest control services and found across most 

ecosystems (Wenny et al. 2011). A majority of bird species are either primarily or secondarily 

insectivorous with many birds preying on invertebrates especially during the breeding season (O'Donnell 

& Dilks 1994; Philpott et al. 2009; Wenny et al. 2011). Insectivorous and omnivorous bird species are 
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density-dependent consumers which exert a top-down effect that may limit insect outbreaks 

(Şekercioğlu et al. 2004; Wenny et al. 2011; Giffard et al. 2012). Pest control services by birds benefit 

plant species indirectly by decreasing damage to leaves, seeds or wood, thereby improving crop yield or 

forest regeneration (Şekercioğlu et al. 2004; Mäntylä et al. 2011; Wenny et al. 2011; Giffard et al. 2012). 

However, the ability of birds to supress insect herbivores can be influenced by various environmental 

factors such as vegetation structure and composition (Bereczki et al. 2014; Muiruri et al. 2016) and the 

presence of different adjacent land uses (Barbaro et al. 2012). These factors may affect bird species 

differently depending on bird functional traits (Philpott et al. 2009) and seasonality (e.g., migratory birds, 

breeding periods, local migrations) (Kellermann et al. 2008), and so modify bird communities. 

New Zealand experienced intense conversion and destruction of natural vegetation with large areas 

of native forest converted into agricultural land, plantation forest or settlements (Wardle 1991; 

Brockerhoff et al. 2003; Ewers et al. 2006). Native forest originally occupied approximately 85% of the 

mainland and is now reduced to 23%. Such strong transformation of the natural landscape was partly 

responsible for the substantial reduction of New Zealand’s native biodiversity, particularly of birds 

(Holdaway 1989). In addition, native bird biodiversity has been greatly reduced by introduced 

mammalian predators such as stoats (Mustela erminea), rats (Rattus spp.), and brushtail possums 

(Trichosurus vulpecula) which are an ongoing threat for the remaining native species (Holdaway 1999; 

Craig et al. 2000; Innes et al. 2010). Loss of bird biodiversity and the reduction of bird abundance affect 

their provision of ecosystem services such as pollination and seed dispersal which is contributing to a 

gradual decline of native plant species (Kelly et al. 2010; Anderson et al. 2011; Iles & Kelly 2014, see 

Chapter 4). Only limited information is available about the contribution of birds to insect pest control in 

New Zealand (Barbaro et al. 2012). However, several studies revealed an ongoing decline of common 

native bird species including many insectivorous species such as rifleman (Acanthisitta chloris) and 

tomtit (Petroica macrocephala) and a reduction of their geographic distribution (Elliott et al. 2010; 

Walker & Monks 2018). Barbaro et al. (2012) suggested that the increase of functional richness by exotic 

bird species may help to maintain pest control services, although this may be limited to forest edges 

where higher densities of birds were recorded. Conversion of natural habitats and the removal of shelter 

belts are still ongoing. Therefore, there is an urgent need to provide more information on the 

importance of key land uses and adjacent vegetation types and their role in the provision of insect pest 

control services. This would benefit native forest and plantation forest regeneration growth and crop 

production. 

For this study, my objectives were to investigate the effects of land use and adjacent land cover types 

(native forest, exotic forest and exotic grassland) on the bird community and their role in insect pest 

control services. I assessed local bird abundance with 5-minute counts, and estimated predation rates 

on Lepidoptera larvae using artificial caterpillars. Artificial caterpillars have been widely used to monitor 

attacks rate by birds in different land uses (e.g., forest, grassland, orchards) to investigate various 

ecological processes (e.g., edge effects, forest fragmentation, bird-prey relationships) (Mäntylä et al. 

2008a; Barbaro et al. 2012; Roslin et al. 2017; Valdés-Correcher et al. 2019). Although artificial 

caterpillars underestimate predation pressure compared with the use of live prey, it is a valuable method 

which is practical (e.g., low cost, no need for insect rearing, rapid production) and provides useful 
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information on the identity of predators (Lövei & Ferrante 2017). Here, I investigated whether three 

land uses and adjacent land cover types influence: (1) bird community structure and abundance of 

insectivorous bird species, and (2) the predation rates by birds and other potential predators (e.g., 

insect, rodents). 

Methods 

Study sites 

This study was carried out from 19 March to 23 April 2019 in the Canterbury region, South Island, 

New Zealand. Sites were selected within six different areas called “clusters”: the Port Hills (centred 

around 43° 36' S, 172° 38' E), Gebbies Pass (43° 40' S, 172° 37' E), the Canterbury Plains (43° 31' S, 172° 

06' E), Mt Hutt (43° 34' S, 171° 31' E), Rockwood forest (43° 29' S, 171° 46' E) and Mt Oxford (43° 16' S, 

172° 07' E) (Fig. 3.1). For each cluster, I selected two sites per land use (native forest, exotic forest and 

exotic grassland). Only the Canterbury Plains did not present native forest patches. The Port Hills, 

Gebbies Pass, Mt Hutt, Rockwood forest and Mt Oxford are hilly with a mixed vegetation cover from 

pastoral land, pine plantation to native forest whereas the Canterbury Plains are mainly flat and 

dominated by agricultural land (e.g., crops, pasture) (Fig. 3.1). Native forest on the Port Hills and the 

Gebbies Pass area is regenerating scrub and forest dominated by mahoe (Melicytus ramiflorus), kanuka 

(Kunzea ericoides), broadleaf (Griselinia littoralis), and fivefinger (Pseudopanax arboreus) (Wilson 2008). 

The native forest sites at Mt Hutt, Mt Oxford and Rockwood forest were located within beech forest 

(Nothofagus solandri, sometimes called Fuscospora spp.) (Burrows & Wilson 2008). All exotic forest sites 

are pine plantations (Pinus spp.). All sites were set up at least 200 m from another land use type to 

prevent potential edge effects (Barbaro et al. 2012). 

The adjacent land cover types of each site were assessed using the New Zealand Land Cover Database 

version 5 (LCDB5; summer 20018/19) (Landcare Research 2020). Sites were considered independent 

when adjacent land covers were not overlapping at 200 m radius. I calculated the proportion of adjacent 

land cover types within 200, 500, 1000 and 5000 m radii using ArcMap version 10.4.1. The various land 

cover types were combined into six main land uses: native woody, native grasslands, exotic woody, 

exotic grasslands, disturbed lands, and non-vegetated lands (see Table S3.1). In this study, “land use” 

corresponded to the land use type observed at the site whereas “adjacent land cover types” 

corresponded to the proportion of adjacent land cover types at different radii (200, 500, 1000 and 5000 

m). To mention an adjacent land cover type with its associated radius, I refer to the type of land cover 

directly followed by the radius value (i.e., exotic woody 500). 
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Fig. 3.1 Location of study sites (N = 34) for artificial caterpillars in the Canterbury region, New Zealand, with different land covers (native woody: light green, exotic woody: 

dark green, exotic grassland: beige, native grassland: yellow, disturbed land: red) from the Land Cover Data Base Version 5.0 (LCDB5, 2018 record). Site names correspond 

to the clusters Mt Hutt (Hutt), Rockwood forest (Rock), Mt Oxford (Oxford), Canterbury Plains (CP), Port Hills (PH) and Gebbies Pass (Geb); and dominant land use observed 

on site: native woody (NW), exotic woody (EW) and exotic grassland (EG). Circles are 1 km radius. 
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Predation on caterpillars  

The artificial caterpillars were made from non-toxic light green modelling clay (Noris Club®8421) 

rapped around thin steel wires (Ø = 0.5 mm) mimicking two Lepidoptera species naturally occurring 

throughout the summer in New Zealand (Pseudocoremia suavis and Pieris rapae) (Barbaro et al. 2012). At 

each site, I selected five available shrub or tree as a support for 50 artificial caterpillars per site which 

were proxies to measure predation rate on a pest insect (Skoczylas et al. 2007; Mäntylä et al. 2008a; 

Barbaro et al. 2012; Muiruri et al. 2016). Ten artificial caterpillars were placed on an external part of 

branches of each selected plant with five at ground level (0-70 cm) and five at the lower understory (1.20-

2 m). In grassland sites, I used isolated trees and shrubs or hedgerows to expose artificial caterpillars. 

When some shrubs among the five selected plants in grassland were shorter than 1.20 m, I decided to 

only expose five artificial caterpillars at ground level. Artificial caterpillars were exposed to predators such 

as birds, mammals and invertebrates for three days, then examined for signs of attack by a predator and 

if damaged replaced by new ones, three times giving a total of 9 days of exposure. A small number of 

artificial caterpillars were exposed for more than three days as the bad weather prevented me from 

checking them. Previous studies showed a peak of bird attacks within 4-9 days (Posa et al. 2007; Mäntylä 

et al. 2008a). Attack marks were identified to type of predator (peck marks for birds, teeth marks for 

mammals or mandible marks for insects) (Fig. 3.2) and recorded on site. When more than one attack mark 

was found on an artificial caterpillar, I recorded one attack from each predator type. For instance, when 

one insect and two bird attack marks were found on an artificial caterpillar, I recoded one bird and one 

insect attack. In the totals, this was counted as two attack events. Predation rate was calculated for all 

predators combined and for each predator type, as the ratio between the total number of exposed 

artificial caterpillars and the number of attacked caterpillars.  

From 19 March to 15 April 2019, I carried out a supplementary experiment to test the effect of greater 

height above ground on bird predation rate at seven sites which were also used by the main experiment, 

with five on the Port Hills and two on the Canterbury Plains. Four sites were within exotic forest and three 

in native forest. Five artificial caterpillars per height per site were exposed to predators at three heights 

(2, 4 and 6 m) on freshly cut off branches maintained at suitable height using bamboo poles and tape (Fig. 

3.3). Bamboo poles were placed along tree trunks from the same species as the branches used to place 

caterpillars. Artificial caterpillars were checked every three days for 9 days for signs of attacks to calculate 

the predation rate (see detailed method above). 

Bird counts 

The bird community of each site was assessed by performing five-minute bird counts three times per 

site spread over the duration of the field experiment. I stood quietly and recorded all birds seen or heard 

within an estimated 100 m radius for 5 minutes (Dawson & Bull 1975). Bird counts took place during 

suitable weather (no wind or light wind, no rain) between 9 am and 6 pm. To prevent double counting, 

approximate bird locations and flying directions were mapped on paper while recording. 
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Fig. 3.2 Attack marks on artificial caterpillar from: (A) birds (triangle shape for the bill), B. 

invertebrates (mandible shape), (C) mammal (teeth shape) and (D) rodents (front teeth 

shape). Photo taken during the predation rate assessment in March- April 2019. 

 

Fig. 3.3 Photo showing bamboo stick with artificial caterpillars 

exposed at three heights (2, 4 and 6 m) on freshly cut off pine 

branches attached to the bamboo stick in exotic forest (Pinus spp.) 

A B 

C D 
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Statistical analysis 

To determine the effects of adjacent land cover, I first selected the radius explaining the most deviance 

(or lowest AIC) for each adjacent land cover type and measured the level of correlation between each 

adjacent land cover type (native woody, native grassland, exotic woody, exotic grassland, non-vegetated 

lands, disturbed lands) using principal component analysis (PCA) using the “FactoMineR” package in R (Le 

et al. 2008).  

The effect of land use and adjacent land cover types on predation rate was tested using generalized 

linear mixed models (GLMMs) with the “lme4” package (Bates et al. 2015) in R software version 3.5.1 (R 

Development Core Team 2018). Models were run with binomial error distribution predicting predation 

rate of all predators, birds, or insects from height (ground level or lower understory), land use, and 

adjacent land cover types. Plant and site identity were included as random factors. For models predicting 

bird predation rate, the mean number of primarily secondarily insectivorous birds (combined) per 5-min 

bird count (here termed “abundance of insectivorous birds”) was also included as a fixed effect (Table 

3.1). For each response variable, models were selected according to their Akaike Information Criterion 

(AIC) with lower AIC showing a better fit (Sakamoto et al. 1986). For the final models predicting predation 

rate by all predators or only birds, I determined whether the sample size was suitable to detect a 

significant relationships between predation rate and adjacent land cover types by running power analysis 

using the “powerSim” function from “simr” package (Green & MacLeod 2016). To test whether bird 

predation rate varied depending on height in the canopy, additional models were run using data collected 

from both experiments at common sites (N = 7). Bird predation rate was predicted from height which had 

four levels (0.3, 2, 4 and 6 m), land use and adjacent land cover types as fixed effects and site identity as 

random factor with binomial error distribution. 

I investigated whether land use and adjacent land cover types were explaining variation in bird 

communities by using non-metric multidimensional scaling (NMDS) with the “metaMDS” function (999 

iterations) from the vegan package in R (Oksanen et al. 2019). A Bray-Curtis dissimilarity matrix was 

generated from mean numbers of birds per 5-min count per site with bird species included if they were 

recorded from at least two different sites. A stress of 0.18 was reached after 20 iterations when the model 

considered the first and second ordination axes. Then, I tested the effect of land use and adjacent land 

cover types (native woody, exotic woody and exotic grassland) on NMDS axis 1 and 2 projections by 

calculating the goodness of fit (R2) using the “envfit” function with 999 random permutations. To test 

whether land use and adjacent land cover influenced the abundance of insectivorous birds, I ran GLMM 

models with a negative binomial distribution. Abundance of insectivorous birds was predicted from land 

use, adjacent land cover with date and site identity as random factors. 

Results 

Bird counts  

I recorded 25 bird species during 102 bird counts performed in this study, with 12 native and 13 exotic 

species (Table 3.1). Overall, 20 species were recorded in exotic grassland (8 native and 12 exotic species), 

16 in native forest (7 natives and 9 exotics) and 14 in exotic forest (7 natives and 7 exotics). Silvereye was 
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the most common bird in native and exotic forest whereas starling was the most common in exotic 

grassland. On the artificial caterpillars, I observed a variety of bill marks (mainly smaller bill marks of 

different sizes and shapes) suggesting that multiple smaller bird species were responsible for the attacks 

(Fig. 3.2). Therefore, I excluded potential caterpillar predators with larger bills. I considered twenty species 

as potential caterpillar predators (Table 3.1). 

Table 3.1 Mean number of birds per 5-min count per land use (native forest: n = 30 counts, exotic forest: n = 

36 and exotic grassland: n= 36) for all bird species, ranked by abundance. *species not used for non-metric 

multidimensional scaling analysis. Primary or secondary insectivorous bird species with smaller bills in triangle 

shape were considered as potential artificial caterpillar predators as I observed only small attack marks.  

Common name Scientific name Status 
Potential 
predators 

Native 
forest 

Exotic 
forest 

Exotic 
grassland 

Silvereye Zosterops lateralis Native Yes 3.7 1.79 0.66 

European goldfinch Carduelis carduelis Exotic Yes 1.93 0.56 0.95 

Bellbird Anthornis melanura Native Yes 1.78 0.35 0.02 

New Zealand fantail Rhipidura fuliginosa Native Yes 0.58 1.23 0.05 

Common redpoll Carduelis flammea Exotic Yes 0.5 0.69 0.2 

New Zealand pigeon 
Hemiphaga 
novaeseelandiae 

Native No 0.4 0 0 

European greenfinch Carduelis chloris  Exotic Yes 0.38 0.1 0.16 

Eurasian blackbird Turdus merula Exotic Yes 0.35 0.58 0.11 

Grey warbler Gerygone igata Native Yes 0.25 1 0.07 

Chaffinch Fringilla coelebs Exotic Yes 0.25 0.35 0.05 

South Island tomtit Petroica macrocephala Native Yes 0.15 0.19 0 

Common starling Sturnus vulgaris Exotic Yes 0.15 0 2.02 

Dunnock Prunella modularis  Exotic Yes 0.13 0.48 0.05 

Swamp harrier Circus approximans Native No 0.03 0 0.06 

Australasian magpie Gymnorhina tibicen Exotic Yes 0.03 0.08 0.3 

Song thrush* Turdus philomelos  Exotic Yes 0.03 0 0 

Gull* Larus spp. Native No 0 0.08 0 

Rifleman* Acanthisitta chloris Native Yes 0 0.06 0 

House sparrow Passer domesticus Exotic Yes 0 0 0.68 

Paradise shelduck Tadorna variegata Native No 0 0 0.32 

Spur-winged plover Vanellus miles Native No 0 0 0.16 

Yellowhammer Emberiza citrinella  Exotic Yes 0 0 0.07 

Rock pigeon* Columba livia Exotic Yes 0 0 0.05 

Eurasian skylark* Alauda arvensis Exotic Yes 0 0 0.02 

Welcome swallow* Hirundo neoxena Native Yes 0 0 0.02 

The non-metric multidimensional scaling analysis included 19 bird species and showed a significant 

variation of bird communities between land use and adjacent vegetation types (Fig. 3.4, Table S3.2). Each 

land use (native forest, exotic forest and exotic grassland) was significantly associated with different bird 

communities, as shown by no overlapping ellipses (Fig. 3.4a). Among all adjacent land use types, the 

proportion of native woody, exotic woody and exotic grassland significantly explained bird community 

variation at each radius (except exotic woody 5000) (Table S3.2). Exotic grassland and woody vegetation 
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(combination of native and exotic woody) vectors were negatively correlated (Fig. 3.4b). Adjacent land 

cover at 1 km radius showed higher R2 than other distances for each land cover type with exotic grassland 

1000 and woody vegetation 1000 explaining most bird community changes (R2 = 0.61 and 0.60 

respectively) (Fig. 3.3b, Table S3.2). Bird community composition was significantly explained by ten bird 

species’ responses to environmental factors (Fig. 3.5a, Table S3.2). Redpoll and silvereye were more 

common in native forest sites whereas grey warbler, fantail and chaffinch were associated with exotic 

forest sites and with greater exotic woody adjacent vegetation. House sparrow, paradise shelduck and 

several less common species like Yellowhammer were associated with exotic grassland. Land use had a 

significant effect on the abundance of insectivorous birds combined, with both native and exotic forest 

being related to higher bird abundance than exotic grassland (z = -3.65, P <0.001) (Fig. 3.5b). Adjacent 

land cover showed no significant relationship with insectivorous bird abundance (Table S3.3). 

 
Fig. 3.4 Non-metric multidimensional scaling (NMDS) of bird community composition across sites in significant 

relation with A. land use (R2 = 0.31, p-value = 0.001), B. proportion of adjacent land cover types (native woody: 

NW, exotic woody: EW and both combined: woody) at different radii (500, 1000, 5000 m) (see Table S3.2 for R2 

and p-value). 

Predation on artificial caterpillars 

Overall, I recorded 4995 artificial caterpillar exposures, usually for three days, with 233 showing signs 

of predation (4.7%). I recorded attacked marks from insect predators (148), birds (41) and mammals (25 

including 15 by rodents). Unfortunately, 19 caterpillars were attacked by unidentified predators as only 

the metal wire remained (Table 3.2). 

The PCA analysis showed that the land use types of interest (native forest, exotic forest, exotic 

grassland) were not correlated with each other, with the first axis (31.21%) separating exotic grassland 

cover type from native and exotic woody and the second axis (17.2%) isolating native woody from exotic 

woody cover type (Fig. S3.1). Among the radii, 500 m contributed the most to the PCA for exotic grassland 

and combined woody vegetation whereas 1 km showed a higher contribution for exotic and native woody 

vegetation. Therefore, in models predicting predation rate I included in priority exotic grassland 500, 
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woody vegetation 500, native woody 1000 or exotic woody 1000. However, I found no significant effect 

of land use or adjacent land cover type on total predation rate (all predators combined) (Table S3.3). The 

best model included only height, with total predation rate significantly higher at ground level (Table 3.3, 

Fig. 3.6). The model including woody 500 showed a delta AIC of 1.23 suggesting a small potential positive 

contribution of land cover type to insect control (Table S3.3). The power analysis which calculates the 

chances to detect an effect showed that, given the low attack rates, the sample size prevented the 

detection of a significant effect of woody500 (Power = 40% for a coefficient of woody 500 modified from 

the actual 0.5 to a hypothetical 1.0 value corresponding to an increase of the total predation rate adjusted 

to mean woody 500 from 2.9% to 3.7% , alpha = 0.05, number of simulations = 200). Although the final 

model predicting predation rate by birds included native woody 1000, the relationship was non-significant 

(Fig. 3.7, Table 3.3 and S3). The power analysis revealed that, given the unexpectedly low predation rate, 

the sample size was too small to detect a significant relationship (Power = 53% for a coefficient of native 

woody 1000 modified from the actual -2.8 to a hypothetical -4.0 value corresponding to an increase of 

the bird predation rate adjusted to mean native woody 1000 from 0.03% to 0.02%, alpha = 0.05, number 

of simulations = 200).  

The supplementary height experiment showed no significant differences of predation rate by birds 

depending on the height of exposure (Table 3.3 and S3). When focussing on predation rate by insects, 

both land use and adjacent land cover types had a significant effect (Table 3.3 and S3, Fig. 3.8a,b). 

Predation rate by insects was significantly higher in exotic grassland than in exotic forest (Table 3.3, Fig. 

3.8a). Woody 500 showed a significant positive effect on predation rate by insect (Table 3.3, Fig. 3.8b).  

 

Fig. 3.5 Bird community composition across sites with (A.) a projection from non-metric multidimensional scaling 

explained by bird species (see Table S3.2 for R2 and p-value), and (B.) mean abundance (±SE) of insectivorous birds 

per 5 min count in relation to land use type at the site (native forest, exotic grassland and exotic forest), with 

abundance being significantly lower in exotic grassland than in native and exotic forest (P <0.001). Significant 

relationships shown with *. 
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Table 3.2 Total number of exposed and attacked caterpillar per predator type (insect, bird, 

mammal, unknown and all predators) per land use (native forest, exotic forest, exotic grassland). 

Among mammal attack marks some were identified as rodents and are shown in brackets.  

Predator type Native forest Exotic forest Exotic grassland 

Exposed caterpillars 1500 1785 1710 

    

Insect 56 36 56 

Bird 6 22 13 

Mammal 7 (3) 9 (4) 9 (8) 

Unknown 3 13 3 

All predators 72 80 81 

 

Table 3.3 Best binomial generalized linear model outputs predicting overall predation, bird 

predation and insect predation rate from height (0.3 and 2 m in the main experiment, or 0.3, 2, 4 

and 6 m in the supplementary experiment) and land use (native forest, exotic forest, exotic 

grassland) or adjacent land cover type (native woody: NW, exotic woody: EW) at different radii 

(200, 500, 1000, 5000 m). Plant within site identity was included as random factor. 

Predation Fixed effect Estimate Std. Error z value P 

All predators (Intercept) -3.532 0.235 -15.004 <0.001 

 Height2 -0.319 0.144 -2.218 0.027 

Bird (Intercept) -5.421 0.482 -11.243 <0.001 

 NW1000 -2.791 1.751 -1.594 0.111 

Insect (Intercept) -4.925 0.488 -10.089 <0.001 

 Woody500 3.681 1.321 2.787 0.005 

 Native forest -1.914 0.988 -1.938 0.053 

 Exotic forest -2.992 0.989 -3.026 0.002 

Sup.exp: Bird (Intercept) -9.401 2.727 -3.447 <0.001 

 Height2 -0.389 0.9058 -0.43 0.667 

 Height4 1.415 1.3494 1.049 0.294 

 Height6 0.849 1.3948 0.609 0.543 
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Fig. 3.6 Predicted mean predation rate (±SE) from all predators per height (ground 

level: 0.3 m, lower understory: 2 m). Ground level predation was significantly higher 

than in the lower understory (P = 0.027). See Table 3.2 for model output. 

 

 

Fig. 3.7 Relationship between adjacent native forest cover at 1 km radius and bird 

predation rate (P = 0.11). 
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Fig. 3.8 Predicted mean predation rate (±SE) from invertebrate predators: (A) per land use (native forest, exotic 

forest, exotic grassland), (B) effect of adjacent woody vegetation at 500 m radius. 

Discussion 

Land use effect on bird communities 

My results showed that the composition of the bird community was influenced by both land use and 

adjacent land cover type (native forest, exotic forest, exotic grassland), but only land use had an effect on 

the abundance of insectivorous birds. Each land use had a combination of native and exotic bird species 

although the bird community of exotic grassland was more dominated by exotic species. Native species 

such as silvereye, bellbird, fantail, grey warbler and tomtit were principally recorded in forest although 

silvereye and bellbird were more common in native forest than in exotic forest. Native forest provides 

more diverse food sources including nectar and fruits, which are an important part of the diet of silvereye 

and bellbird, whereas plants producing nectar and fleshy fruits are usually less common in exotic forest 

and in grassland (Clout & Gaze 1984; Murphy & Kelly 2003). This was the case also at my study sites with 

understory plants in exotic forest being very scattered and exotic grassland hedges dominated by Scotch 

broom (Cytisus scoparius). Exotic bird species are mainly found in human-disturbed habitat (Barnagaud et 

al. 2014; Wotton & McAlpine 2015). Chaffinch, blackbird and song thrush were the only exotic species 

commonly observed in native forest (Deconchat et al. 2009; Barnagaud et al. 2014; Wotton & McAlpine 

2015). I recorded blackbird and chaffinch regularly in native forest along with other exotic species such as 

goldfinch, redpoll and greenfinch which are typically associated more with exotic habitats (Clout & Gaze 

1984; Barnagaud et al. 2014). However, most of my native forest sites were in relatively small and 

fragmented patches which can be visited by exotic birds from adjacent open habitats for complementary 

food source and shelter (Deconchat et al. 2009; Barbaro et al. 2012). For instance, large flocks of finches 

including goldfinch, greenfinch and redpoll were counted in the beech forest at Rockwood Forest, which 

may be related to the great production of seeds by beech trees in the year of my study (there was a beech 

mast in autumn 2019, see Chapter 5). This relationship has been noticed previously (Clout & Gaze 1984).  
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Insectivorous birds, which included both native and exotic birds that are either primarily or secondarily 

insectivorous, were more abundant in native and exotic forest than in exotic grassland. This is likely due 

to a combination of edge effects enhancing bird density in forest (Barbaro et al. 2012) and bird 

requirements for trees providing shelter and food, which are limited in large exotic grassland areas 

(Deconchat et al. 2009). Despite exotic forest presenting a distinct bird community from native forest, the 

two forest types had similar numbers of individuals. These observations may be linked to the habitat 

preference and life history trait of each bird species (Barnagaud et al. 2014). For instance, although the 

strictly insectivorous fantail and grey warbler were present in native and exotic forests, they were more 

common in exotic forest than in native forest. Their presence in exotic forest can be explained by habitat 

requirements mainly based on tree presence (Clout & Gaze 1984; Deconchat et al. 2009) and the exclusion 

from native forest because of competition with other native species such as bellbird (Miskelly 2018). The 

absence of a relationship between adjacent land use and insectivorous bird abundance may also be 

explained by the diversity of bird species included in this group. In addition, for some bird species very 

small ‘forest’ patches may be sufficient, and such small blocks of trees may not be mapped in the LCDB5 

(Brockerhoff et al. 2008b; Deconchat et al. 2009).  

Land use effect on herbivorous insect control 

The overall predation rate of artificial caterpillar was low and mainly related to attack marks from 

insects. Because of the low number of attacks by birds, no effect of land use, adjacent land cover or 

insectivorous bird abundance on herbivorous insect control was detected. Previous studies using artificial 

caterpillars also showed a low predation rate by birds, although those studies still showed a much higher 

predation rate than in my study (Barbaro et al. 2012; Roslin et al. 2017; Valdés-Correcher et al. 2019). For 

instance, Barbaro et al. (2012) who examined the predation rate by birds in Banks peninsula, Canterbury, 

had a predation rate by birds of 10% in native forest interior which is much higher than my findings 

(predation rate by birds in native forest: 0.4%). Multiple factors may limit the rate of caterpillar attack by 

birds in the forest understory or in open grassland. Firstly, predation by birds has been shown to increase 

with the abundance of insectivorous birds (Barbaro et al. 2012; Bereczki et al. 2014). However, the New 

Zealand avifauna has been greatly reduced following the introduction of mammalian predators 

(Şekercioğlu et al. 2004; Innes et al. 2010). Most native species recorded in this study are forest birds with 

only silvereye (a relatively recent arrival from Australia) showing a relative abundance above 2 individuals 

per 5-min count, which might be too low to contribute to a meaningful insect pest control service. A 

similar hypothesis was suggested by others with regard to the provision of other ecosystem services like 

pollination or seed dispersal (Kelly et al. 2005; Anderson et al. 2011). The contribution of non-native birds 

to insect pest control may also be limited by their different habitat requirements (Clout & Gaze 1984; 

Barnagaud et al. 2014). Barbaro et al. (2012) found that the bird predation rate was considerably higher 

at edges compared to forest interiors due to higher bird diversity (presence of both exotic and native 

species) and higher foraging activity by exotic birds and silvereye at forest edges.  

Secondly, the predation rate can be influenced by the foraging behaviour of birds (e.g., foraging 

method, exploited height in forest) (O'Donnell & Dilks 1994). My supplementary experiment on the effects 

of height above ground on predation rate by birds found no evidence that there is more bird foraging 
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activity at canopy level. Grey warbler, silvereye and bellbird have been observed foraging in the upper 

and lower understory of native forest (O'Donnell & Dilks 1994; Murphy & Kelly 2003). In this study, I saw 

bellbird foraging in the upper and lower understory of native forest whereas silvereyes were mainly in the 

canopy. Grey warblers were heard in the forest canopy. A stronger contrast between foraging activity 

between the canopy and the ground level can be expected in older pine forest with more foliage and 

higher primary productivity above 15 m height (Clout & Gaze 1984). Although tomtit and several exotic 

forest birds (blackbird, dunnock, song thrush) forage in the lower understory and at the ground level, their 

low abundance may not be enough to exert much predation pressure on herbivorous insects (Gill 1980; 

O'Donnell & Dilks 1994). Another hypothesis explaining the low predation rate by birds could be linked to 

their ability to find prey (Mäntylä et al. 2008a; Mäntylä et al. 2008b). In native and exotic forest, low light 

reflection in the understory may limit birds’ ability to detect caterpillars (Mäntylä et al. 2008b) or the lack 

of damaged leaves and the absence of volatiles released by unaffected host plants may also prevent birds 

from locating this food source (Mäntylä et al. 2008a). I regularly saw fantails flying around artificial 

caterpillars without any interest in them. This appears to reflect the preference of fantail for preying on 

flying invertebrates (Gill 1980). It is also possible that my artificial caterpillars were less attractive to 

generalist birds (e.g., bellbird, silvereye) which may have preferred foraging on other available food 

sources like fruits (O'Donnell & Dilks 1994; Murphy & Kelly 2003). Collectively, these observations suggest 

that bird life history characteristics including foraging behaviour and habitat preferences may influence 

insect pest control spatially and temporally (Gill 1980; O'Donnell & Dilks 1994; Deconchat et al. 2009).  

Interestingly, the rate of caterpillar predation by insect predators was influenced by both land use and 

adjacent woody vegetation. Exotic grassland showed a significantly higher predation rate of caterpillars 

than exotic forest. Previous studies suggested that anthropogenic land uses such as crops or pastures may 

provide more resources to generalist predators, leading to an increase of the predation rate (Rand et al. 

2006). Most artificial caterpillars in exotic grassland were placed on hedges or isolated shrubs which may 

lead to higher local insect diversity and abundance by providing a greater complementary food supply 

and more shelter than pure grassland (Macdonald et al. 2018; Albrecht et al. 2020). For instance, Scotch 

broom, which is used for hedges and invades open habitats in New Zealand, was found to host 

Lepidoptera species and generalist predators (Memmott et al. 2000). In this study, sites in exotic forest 

presented a relatively poor understory diversity and complexity with only few isolated patches of exotic 

plants (e.g., elder, Sambucus nigra; blackcurrant, Ribes nigrum; gorse, Ulex europaeus) or growing pine 

saplings. Although managed pine forest can host a diverse community of insect species (Hutcheson & 

Jones 1999; Hodge et al. 2010), the low predation rate on artificial caterpillars may be related to the 

limited vegetation productivity in the understory (Clout & Gaze 1984). A higher density of herbivorous 

insects and their predators may be located in the upper canopy (Brockerhoff et al. 2012). In addition, 

insect populations at ground level are mainly detritivore and may be hidden within the debris (Hutcheson 

& Jones 1999) potentially attracting mostly specialist predators such as parasitoid wasps which would 

ignore artificial caterpillars (Hodge et al. 2010). About half of the native forest sites were beech forest 

which is known to support a high density of introduced wasps (Vespula spp.) from February to April (Beggs 

2001; Lester et al. 2013). Introduced wasps are very efficient generalist predators which, at high densities, 

can limit invertebrate populations or even cause the local extirpation of certain insect species (Beggs & 



Chapter 3: Insect pest control service 

47 
 

Rees 1999), and thus they may have contributed to the predation rate recorded in native forest. Adjacent 

woody vegetation at 500 m radius was improving the predation rate by invertebrate predators. Adjacent 

woody vegetation can provide supplementary shelter or complementary food source which may benefit 

invertebrate predator communities (Berndt et al. 2008; Pawson et al. 2008). A spillover of insect predators 

from woody vegetation increasing predation in adjacent land use can be generated depending on insect 

dispersal ability (Hunter 2002; Karp et al. 2016).  

In conclusion, this study showed an influence of land use and adjacent land cover types on bird 

communities and insect predation by invertebrates. I found that insect predators may contribute to some 

extent to the control of herbivorous insects, which may be improved by adjacent forest cover. Variation 

in bird community composition across land uses was consistent with previous studies. The higher 

abundance of insectivorous birds in both native and exotic forest shows that forest vegetation can 

enhance insectivorous bird populations. However, the low number of attacked caterpillar by birds 

prevented me from detecting an effect of land use on insect pest control by birds. Testing this hypothesis 

in areas with higher bird density such as forest reserves or predator free islands may offer a more accurate 

understanding of the importance of birds as insect pest control agents in New Zealand.  
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Chapter 4.  

Land use effects on the bird pollinator community and pollination 

service to New Zealand flax or harakeke (Phormium tenax) 

 

Bellbird visiting flowers of New Zealand flax in the Rockwood forest area, Canterbury, in December 2019 
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Abstract 

Pollination is an important ecosystem service which is declining worldwide due to the reduction of 

pollinator abundance and diversity. The effectiveness of the pollination service can be limited by land use 

modification, distance to natural habitat, climate change, or invasive species through their impacts on the 

pollinator community and their functional diversity. Although many studies have focused on honeybees 

or wild insect pollinators, more and more are now supporting the contribution of birds to plant pollination 

success. In this chapter, I examine the effect of land use and adjacent land cover type on pollination 

service by birds to New Zealand flax or harakeke (Phormium tenax). I compared fruit set between hand-

pollinated and naturally pollinated flowers at sites adjacent to or within three land uses (native forest, 

exotic forest, exotic grassland). Bird local abundance was assessed by performing 5-minute bird counts. 

Hand-pollinated flowers had higher fruit set than naturally pollinated flowers and the hand-pollination 

fruit set significantly increased with more exotic grassland which suggest some level of pollen limitation. 

Fruit set had a significant positive relationship with the abundance of bird pollinators, and a negative 

relationship with proportion of adjacent exotic forest. Although, pollen limitation measured by the log 

odds ratio, was not significantly associated with pollinator abundance, land use or adjacent land cover, 

the observed trends were consistent with the fruit set analysis. I observed fruit abortion potentially 

caused by seed predators (probably Cecidomyiidae). The proportion of adjacent native woody vegetation 

at 1 km radius had a negative relationship with the number of fruits infested by cecidomyiid larvae. 

Harakeke’s ability to self-pollinate may maintain the level of pollination when pollinator abundance is 

limited. However, fruit set can be reduced by seed predators which causes harakeke to abort developing 

fruits. Adjacent land cover types may either favour or reduce fruit infestation by facilitating pest 

management services provided to harakeke which have not been described yet in New Zealand. 
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Introduction 

Pollination is a fundamental but vulnerable ecological process declining worldwide which supports 

plant diversity and their associated ecosystem services (MEA 2005; Potts et al. 2010; Wenny et al. 2011; 

Brockerhoff et al. 2017). Many wild plants and agricultural crop species rely on animal-mediated 

pollination by invertebrates or vertebrates (Klein et al. 2007; Ollerton et al. 2011). The reduction of the 

naturally occurring pollination service can have a strong economic impact by limiting crop yield or 

requiring expensive methods to maintain pollination success (e.g., hand-pollination, managed honeybee 

hives) (Klein et al. 2007; Potts et al. 2010). The destruction or conversion of natural habitats has been 

shown to influence invertebrate and bird pollinator interactions with host plants (Burkle et al. 2013). In 

New Zealand, loss of bird pollinator abundance and diversity reduced the pollination service provided to 

native plants, potentially leading to slow declines of plant populations (Anderson et al. 2011; Iles & Kelly 

2014). Such studies investigated the bird pollination service by comparing mainland areas with predator-

free islands, or before and after mammal pest control in native forest. Therefore, an evaluation of land 

use effects on bird pollinators may provide new information about the causes of reduced pollination 

success. Such information may also have practical implications for programs aiming to enhance pollination 

services in natural areas or for crops.  

Land use change and habitat removal are among factors responsible for the loss of pollinator 

biodiversity (Potts et al. 2010; Winfree et al. 2011; Vanbergen & the Insect Pollinators Initiative 2013). 

Although the best-known pollinator is the honeybee (Apis mellifera) which is widely used to pollinate crop 

plants, many studies are showing the importance of wild insect pollinators (Winfree et al. 2008; Garibaldi 

et al. 2014; Rader et al. 2016). However, wild pollinator communities are strongly affected by land use 

change (Biesmeijer et al. 2006; Vanbergen & the Insect Pollinators Initiative 2013). Intensification of 

managed agricultural land, habitat loss and fragmentation reduce pollinator richness and affect plant-

pollinator interactions through their negative impact on resource availability for pollinators (e.g., food, 

nesting sites) both spatially and temporally (Winfree et al. 2011; Burkle et al. 2013; Rader et al. 2014). 

Exotic species are commonly found in agricultural fields, but studies showed that these exotics may not 

compensate for native species loss in the provision of the pollination service (Stavert et al. 2017). 

Increasing habitat heterogeneity through the conservation of adjacent patches of native vegetation or 

creation of hedges or areas offering a combination of insect-pollinated plant species can increase the 

provision of food and nesting resources and thus, increase pollinator abundance and diversity (Garibaldi 

et al. 2011; Moreira et al. 2015). In New Zealand’s agricultural fields especially in the Canterbury region, 

hedges are dominated by exotic shelterbelt trees (mainly Pinus radiata and Cupressus macrocarpa) which 

harbour few wild insect pollinators, limiting the pollination service (Macdonald et al. 2018).  

The pollinator fauna of New Zealand is a combination of native and exotic species including insects 

(Hymenoptera, Diptera, Coleoptera and Lepidoptera) and vertebrates (birds, bats, lizards and rats) 

(Newstrom & Robertson 2005; Newstrom-Lloyd 2013). The archipelago has a low diversity of native insect 

pollinators (Newstrom & Robertson 2005); for example, among the 28 native bee species, thirteen were 

introduced (Donovan 2007). About 17 native bird species are known to provide pollination services to at 

least 48 native plant species (Craig et al. 1981; Kelly et al. 2010). Unfortunately, the populations of many 
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native pollinator species have strongly declined because of habitat loss and as a result of the introduction 

of mammalian predators such as rats (Rattus spp.), stoats (Mustela erminea) and brushtail possums 

(Trichosurus vulpecula) (Holdaway 1989; Holdaway 1999; Şekercioğlu et al. 2004). Stitchbird populations 

declined the most and are now present only on predator free islands or in wildlife sanctuaries (Salvador 

et al. 2019). Tui (Prosthemadera novaeseelandiae), bellbird (Anthornis melanura) and silvereye (Zosterops 

lateralis) are the most important native bird pollinators on the mainland (Kelly et al. 2010; Walker & 

Monks 2018). Silvereye is the only common pollinating bird species in New Zealand; it is widespread across 

the country (Robertson et al. 2017; Walker & Monks 2018) (Robertson et al 2007, Walker and Monks 

2018). Tui are commonly found across the North Island and in all but the driest parts of the South Island 

(e.g., Nelson, West coast, Southland), whereas bellbirds are common in the South Island but now absent 

on the northern North Island (Robertson et al 2007, Walker and Monks 2018).  

The effectiveness of the pollination service provided by birds depends on the abundance and diversity 

of local bird pollinators (Anderson 2003; Anderson et al. 2011; Iles & Kelly 2014). Several cases of 

mutualism failure were documented for native plants on the mainland where bird pollinators are present 

in low abundance and richness, raising concern about potential cascading effects on native plant 

communities (Kelly et al. 2010; Anderson et al. 2011). Only bird-visited plants that are tolerant of self-

pollination showed no pollen limitation (Robertson et al. 2008; Kelly et al. 2010). However, self-pollination 

may reduce offspring fitness long-term due to inbreeding depression (Robertson et al. 2011). Although 

native birds are still threatened by predation from introduced mammals, the bird pollination service can 

also be affected by habitat modification and land use change (e.g., native forest conversion into 

agriculture) and native forest fragmentation (e.g., patch isolation, reduction of forest size) via a mismatch 

with bird habitat requirements (Barnagaud et al. 2014). Tui and bellbird are forest birds which depend on 

the proximity of native forest patches and adjacent native forest cover (Deconchat et al. 2009; Barnagaud 

et al. 2014; Ruffell & Didham 2016). Since human arrival, large areas of native forest, which originally 

covered 85% of New Zealand, were converted into intensively managed landscapes, especially at low 

elevation where 90% of the area is now occupied by exotic vegetation (e.g., farms, plantation forests, 

roads and settlements) leaving only small native forest remnants (Wardle 1991; Brockerhoff et al. 2003). 

In such modified landscapes, where some of the native pollinators have declined or are locally extinct, 

silvereye and potentially some exotic birds such as the common starling (Sturnus vulgaris), chaffinch 

(Fringilla coelebs) and house sparrow (Passer domesticus) may provide pollination services (Craig & 

Stewart 1988; Kelly et al. 2006; Iles & Kelly 2014). Hence, it is important to investigate how land use may 

affect pollination. 

New Zealand flax or harakeke (Phormium tenax) is an iconic monocotyledonous long-lived native herb 

which provides a range of cultural, regulating and supporting services (McGruddy 2006). Harakeke has 

been historically used by Maori and Europeans for its fibre and medicinal qualities (Sparrow 1965; 

McGruddy 2006). Harakeke is now commonly used in restoration programmes, landscape management 

(e.g., erosion control, wetland buffer) and by various land-based industries (e.g., for biocomposites, 

cosmetics, food) (Reay & Norton 1999; McGruddy 2006). Harakeke grows in the lowlands and can be 

regularly found in native and exotic habitats across New Zealand, including on roadsides and riversides 

where they may be wild, or planted for environmental reasons (e.g., restoration, flood mitigation) 
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(McGruddy 2006; Wehi & Clarkson 2007). Flax flowers are ornithophilous with a 3 cm-long tubular corolla, 

coloured red or yellow, and produce abundant nectar (Craig & Stewart 1988). Harakeke characteristics 

allowed us to study bird pollination services across land use. 

In this Chapter, I tested the effect of three land uses and adjacent land cover types (native forest, exotic 

forest, and exotic grassland) on bird pollination services in the Canterbury region by focusing on harakeke. 

I examined harakeke pollination success at different sites by comparing the fruit set of hand-pollinated 

and naturally pollinated flowers. Specifically, I addressed the following questions: (1) Do land use type (at 

the site) and adjacent land cover influence bird community structure and the abundance of bird 

pollinators? (2) Do land uses and adjacent land cover types influence harakeke pollination success? (3) 

Does the abundance of bird pollinators affect harakeke pollination success? 

Methods 

Study species 

The reproductive system of harakeke favours outcross pollination. When there is competition for 

resources (i.e. more developing fruits than the plant has resources to ripen), there is selective abortion of 

self-pollinated flowers, increasing the proportion of outcrossed flowers (Becerra & Lloyd 1992; Jesson et 

al. 2006). The flowering period of harakeke can last from November to February (Becerra & Lloyd 1992; 

Jesson et al. 2006; Wehi & Clarkson 2007). However, New Zealand flax is a mast seeding species with large 

variation from year to year in flowering intensity (Brockie 1986; Webb & Kelly 1993; Schauber et al. 2002; 

Kelly et al. 2013). When it flowers, each harakeke shoot can produce a tall inflorescence (up to 5 m long) 

presenting alternating secondary peduncles which support tertiary peduncles with clusters of one to five 

flowers (Becerra & Lloyd 1992). Its flowers are hermaphroditic with a male and female phase which can 

slightly overlap (Craig & Stewart 1988). The main bird pollinators of harakeke are bellbird, silvereye, tui 

and starling (Sparrow 1965; Craig & Stewart 1988). Although bees and other native invertebrates were 

observed visiting harakeke flowers, insect pollination has been suggested to be uncommon and 

dominated by self-pollen (Craig & Stewart 1988; Howell & Jesson 2013). For instance, bees are thought to 

not contribute to harakeke pollination very effectively due to the distance separating the stigma from the 

stamens (Craig & Stewart 1988) and the bees’ preference for male-phase flowers which produce more 

rich nectar (Craig & Stewart 1988; Howell & Jesson 2013). Bees are more likely in general to self-pollinate 

flowers than birds, as bees move between plants less often than birds do (Howell & Jesson 2013; Anderson 

et al. 2016). Pollinated harakeke flowers develop long seed pods (hereafter called “fruit”) containing up 

to 200 seeds (Craig & Stewart 1988). Harakeke fruit contains two types of seeds: large seeds with a fully 

developed wing and embryo, and small non-viable seeds (Craig & Stewart 1988; Craig 1989a; Tisch 1996); 

the latter were ignored. 

Study sites 

This study was carried out at 11 sites from November 2019 to January 2020 in Christchurch, the Port 

Hills, the Canterbury Plains and Foothills of the Southern Alps (Fig. 4.1), South Island, New Zealand. The 

Canterbury Plains are a flat area at low elevation (rising gently from sea level to about 300 m elevation) 
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dominated by agricultural land. The Port Hills are remnants of the ancient Lyttelton Volcano which rise 

steeply from sea level to nearly 600 m at the highest elevation. The Foothills rise from the western edge 

of the Canterbury Plains from about 350 m to >800 m. Both the Port Hills and the Foothills are covered by 

a combination of native forest, pine forest and pastoral lands. I selected 11 study sites, each with at least 

10 flowering harakeke plants. All study sites were located in open areas along roadsides.  

I used the New Zealand Land Cover Database version 5 (LCDB5; summer 20018/19) (Landcare Research 

2020) to assess the adjacent land cover types of each site (Fig. 4.1). Sites were considered independent 

when they were at least 2 km apart. However, I had to reduce this spacing to 400 m apart on the Port Hills 

to include sites for each of the three land uses (native forest, exotic forest and exotic grassland). Because 

flax mainly grows in open habitats, I had more sites where the predominant local land use was exotic 

grassland (n = 6) than exotic forest (n = 3) or native forest (n = 2). Sites varied more widely in the amount 

of forest in adjacent land cover types. I calculated the proportion of adjacent land cover types within 200, 

500, 1000 and 5000 m radii using ArcMap version 10.4.1. The detailed LCDB5 land cover types were 

combined into six main land use types: native woody vegetation, native grassland, exotic woody 

vegetation, exotic grassland, disturbed land, and non-vegetated land (see Table S2.1), whereby I focussed 

on the first three main land use types as there was very little native grassland, and the last two are too 

modified to be of interest for my objectives. For some analyses, native woody and exotic woody 

vegetation were combined into a “woody” category. I defined “land use” as the immediate vicinity of the 

site itself (i.e., the proportion of native woody, exotic woody and exotic grassland within 200 m radius) 

whereas “adjacent land cover types” is the wider landscape (the proportion of adjacent land cover within 

500, 1000 and 5000 m radii). To mention an adjacent land cover type with its associated radius, I will refer 

to the type of land cover directly followed by the distance value (e.g., exotic woody 500).  

 

 

Fig. 4.1 Site locations (N= 11) in the Canterbury region, New Zealand with different land use covers (native woody 

vegetation: light green, exotic woody vegetation: dark green, exotic grassland: beige, native grassland: yellow, 

disturbed land: red) from the land cover data base version 5 (LCDB5, 2018 record). Circles around study sites are 

1 km radius. 
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Pollination experiment 

Two treatments (natural pollination control, and hand-cross pollination) were each applied once on 

ten flowers on a single inflorescence, repeated on ten harakeke plants per site. For cross-pollination, fresh 

pollen was collected on site using cut-off stamens from flowers on three to four harakeke not included in 

the experiment. Pollen was mixed in a small container, and applied with a paintbrush when the stigma 

was well developed and sticky (Craig & Stewart 1988). Ten other flowers were tagged and left for natural 

pollination. Flowers were marked with a permanent marker pen (either light blue or pink) indicating 

treatment. I recorded coordinates (Easting/Northing), elevation and the location of tagged flowers (i.e., 

the number of secondary branches up the stalk and tagged flower position on the stalk). On each plant 

only a single flower stalk was used, but to get 20 flowers usually 2-3 secondary branches were used, with 

treatments in pairs on each secondary branch (i.e. equal numbers of hand and open-pollinated flowers 

per secondary). Due to the lack of synchrony of harakeke flowers opening across sites, this treatment 

application phase lasted from 22 November to 16 December 2019 (24 days). Pollination success was 

measured by recording the development of an enlarging fruit, assessed about three weeks after treatment 

application while fruits were still growing.  

Seed predation 

A preliminary experiment revealed that the low rate of developing fruit may be linked to the presence 

of seed-predatory insect larvae in fruits leading to early abortion as I found larvae in fruits which were 

easily detached from the plant. These insects appear to be cecidomyiids, possibly an undescribed species 

as there appear to be no records in the literature. To rear adult insects from these larvae, I placed some 

infected fruits containing larvae in pots filled with sterile potting mix that I left outside within thin mesh 

bags under bushes for shelter in January 2019 for subsequent retrieval during the next harakeke flowering 

season (summer 2019-20). To control for a potential link between fruit abortion and seed predation, I 

decided to measure the seed predation rate of fruits at each site by randomly selecting 10 fruits from non-

hand pollinated flowers (control and non-treated flowers) of five harakeke plants included in the 

experiment. Fruits were opened and checked for the presence of larvae the following day in the laboratory 

using a dissecting microscope. Fruits were classified as infested or not.  

Bird counts 

Local bird population abundance was assessed by performing five-minute bird counts three times at 

each site during the flowering period of harakeke. I recorded all birds seen or heard within an estimated 

100 m radius for 5 minutes during suitable weather (light wind, no rain) (Dawson & Bull 1975) between 9 

am and 6 pm. To prevent double counting, approximate bird locations and flying directions were mapped 

on paper while counting. These bird counts were used to measure the relative abundance of bird 

pollinators at each site. 

Seed germination experiment 

I measured the effect of hand-pollination on seed germination success to investigate whether seed 

germination could reflect pollination success (seeds from out-crossed versus self-pollinated flowers) 



Chapter 4: Bird pollination service 

55 
 

(Jesson et al. 2006). However, I expected no differences between the two treatments due to harakeke’s 

tolerance of self-pollination (Tisch 1996). I collected five mature fruits per treatment per studied harakeke 

plant at two sites located on the Port Hills (see Fig. 4.1: PH_EG1 and PH_EW1) which were showing 

opposite fruit set trends: PH_EG1 had more fruits on hand-pollinated flowers than on open flowers, 

probably indicating pollen limitation, whereas fruit set was relatively even for PH_EW1 indicating no 

pollen limitation. I collected 100 randomly selected large seeds from each treatment per harakeke plant 

individual. When the number of 100 seeds was not reached, I collected more fruits from unmanipulated 

flowers of harakeke that were part of the experiment. Seeds were stored in Manilla envelopes in a 

refrigerator at 5°C for 12 weeks to break dormancy (Mackay et al. 2002). Then, in May 2020, seeds were 

placed for germination in trays with one tray per treatment per harakeke plant. Seeds were placed evenly 

on potting mix and covered by a thin layer of sand. Trays were left in a heated glasshouse with a 

temperature varying between 12 to 20 °C during winter and 16 to 30°C in spring and watered four times 

a week. Seedlings were counted and removed as they germinated. The germination experiment was 

finished on 12/11/2020 after 6 months. 

Statistical analysis 

I investigated whether land use and adjacent land cover types explained variation in bird community 

composition among sites. All bird species with individuals recorded at more than one site were included 

in the analysis (N = 19 species, Table 4.1). Non-metric multidimensional scaling (NMDS) was performed in 

R software version 3.5.1 (R Development Core Team 2018) using the “metaMDS” function (999 iterations) 

of the “vegan” package (Oksanen et al. 2019) with a Bray-Curtis dissimilarity matrix on the mean number 

of each bird species per 5-min bird count per site. A stress of 0.099 was reached after 20 iterations when 

the model considered the two first ordination axis. I tested the relationship between land use, adjacent 

land cover types and the ordination of bird communities by calculating the goodness of fit (R2) using the 

“envfit” function with 999 random permutations. I used a similar approach to examine which bird species 

explained NMDS projections.  

The response of bird pollinators to land use and adjacent land cover types was examined using 

generalized linear mixed models (GLMM) with a Poisson distribution from the “lme4” package (Bates et 

al. 2015) in R. The relative abundance (the number of birds per 5-min bird count) of all pollinating birds 

or each pollinator species was predicted from the proportion of adjacent native woody, exotic woody or 

exotic grassland with site ID as a random factor. The rate of seed predation (proportion of fruits attacked 

by insects) was tested against land use and adjacent land cover types using GLMM with a beta-binomial 

distribution (Harrison 2015) from the “glmmTMB” package (Brooks et al. 2017) to allow for 

overdispersion. The rate of seed predation was predicted from land use or adjacent land cover types with 

date of manipulation (a proxy for flower opening period) and site ID as random factors.  

The relationship of harakeke fruit set (proportion of flowers making a fruit) with land use, adjacent 

land cover types and the relative abundance of bird pollinators was investigated using GLMM with 

binomial distribution. Fruit set was predicted from treatment (hand-pollination vs natural pollination), 

land use, adjacent land cover types, seed predation rate and mean number of bird pollinators per 5-min 

bird count per site, with date of manipulation and plant ID within site as random factors. Replicates were 
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secondary branches on an inflorescence, so the random term for plant ID was included to allow for this 

data structure. Pollen limitation would be detected as a treatment effect with higher fruit set for hand-

pollinated than naturally pollinated flowers. An interaction term between treatment and land use or 

adjacent land cover type was included. For each response variable, several models were run to identify 

the best combination of land use or adjacent land cover type and different radii (500, 1000 or 5000 m) 

using corrected Akaike Information Criterion (AICc) tests (Sakamoto et al. 1986). To clearly distinguish a 

land use effect from the effect of adjacent land cover, land cover types at 200 m radius (defined as land 

use) were tested separately from land cover at other radius. The “predict” function associated with 

“glmmTMB” package (Brooks et al. 2017) was used to calculate fitted means and their standard errors. 

Germination rate was predicted from treatment and plant ID within site as random factors using GLMM 

with binomial beta-binomial distribution. 

To test whether land use, adjacent land cover types or bird pollinator abundance influenced harakeke 

pollen limitation (PL), I also used a direct index of pollen limitation from the literature. I calculated for 

each harakeke plant the log response ratio (Knight et al. 2006) corresponding to PL = log (HP/NP) where 

HP is the proportion fruit set from hand-pollinated flowers (treatment) and NP the proportion fruit set 

from naturally pollinated flowers (control). A positive PL value suggests the presence of pollen limitation 

with higher fruit set for hand-pollinated flowers, a negative value suggests the opposite (naturally 

pollinated flowers had higher fruit set) and a value of 0 indicates no pollen limitation (no difference in 

fruit set between the two treatments). For this analysis replicates were plants, but 5 of the 110 plants 

could not be included as they had zero fruit set for hand-pollinated flowers making the PL minus infinity, 

leaving 105 replicates. I predicted pollen limitation from land use, adjacent land cover types, seed 

predation rate and bird pollinator abundance, with site ID as a random factor using linear mixed models 

(LMM) with the “nlme” package (Pinheiro et al. 2019). The best model was selected using the lowest AIC 

(Sakamoto et al. 1986). LMM model residuals were checked for normality and homoscedasticity. 

Results 

Bird community changes and bird pollinator abundance 

Across all five-minute bird counts, I recorded 25 bird species with 10 natives and 15 exotics (Table 4.1). 

Sites dominated by native woody vegetation had 14 bird species observed with 4 natives and 10 exotics. 

Sites dominated by exotic woody or exotic grassland had 21 (7 natives and 13 exotics) and 22 (8 natives 

and 14 exotics) bird species recorded respectively. Silvereye and bellbird were the most common bird 

pollinators recorded across the three land uses and starling was recorded only in exotic land uses (exotic 

woody and grassland vegetation). I decided to focus on these three bird pollinators because I saw them 

visiting harakeke flowers during my experiment. The non-metric multidimensional scaling (NMDS) analysis 

showed that adjacent land cover type explained some of the variation in bird community composition 

between the study sites (Fig. 4.2a, Table S4.1). Native and exotic woody vegetation were separated by the 

two NMDS axes. Bird community change was mainly explained by native woody 5000 showing an R2 above 

50% (Fig. 4.2a, Table S4.1). The proportion of exotic woody 500 was marginally non-significant (R2 = 0.48, 

P = 0.064). Bird community projections were driven by seven bird species (Fig. 4.2b, Table S4.1) with 
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welcome swallow, yellowhammer, and grey warbler correlated with native woody vegetation (or higher 

elevation as native forest was more common on the hills), fantail and greenfinch with exotic woody 

vegetation, and house sparrow and skylark vectors pointing in different directions (perhaps towards 

grassland) (Fig. 4.2a and b). 

When focussing on bird pollinator species, total bird pollinator abundance had a significant positive 

relationship with woody land use (Fig. 4.3a, Table S4.2) and woody adjacent land cover at 500 m radius 

(Table S4.2). The best fitting GLMM model used woody adjacent land cover (native and exotic combined), 

but bird pollinator abundance increased also significantly with the proportion of exotic woody 200 (Table 

S4.2). Positive relationships with land use and adjacent woody vegetation were mainly driven by bellbird 

as it was the only pollinator species presenting a significant positive relationship with all woody or exotic 

woody vegetation cover (Fig. 4.3b, Table S4.2). Both silvereye and starling did not show any significant 

relationship with land use or adjacent land cover types even though starling was absent from all native 

woody sites (Table 4.1). 

Table 4.1 Mean number of birds per 5 min count per dominating land use (2 native forest sites: n = 6 

bird counts, 3 exotic forest sites: n= 9 and 6 exotic grassland sites: n= 18) for all bird species, ranked by 

mean abundance. In bold, bird pollinators. *species not used for non-metric multidimensional scaling 

analysis (NMDS) as they were not recorded in more than one site. 

Bird name Bird species Status 
Native 
forest 

Exotic 
forest 

Exotic 
grassland 

Common Redpoll Carduelis flammea exotic 3.33 1.44 0.79 

Silvereye Zosterops lateralis native 2.5 1.44 1.53 

Bellbird Anthornis melanura native 2 2.44 0.68 

Yellowhammer Emberiza citrinella exotic 1.5 0.78 1.53 

European goldfinch Carduelis carduelis exotic 1.33 6.11 3.84 

House sparrow Passer domesticus exotic 1.17 1.89 1.21 

Dunnock Prunella modularis exotic 1.17 0.56 0.42 

Eurasian blackbird Turdus merula exotic 0.83 1.56 0.26 

Eurasian skylark Alauda arvensis exotic 0.83 0 0.79 

Welcome swallow Hirundo neoxena native 0.67 0.22 0.63 

European greenfinch Carduelis chloris exotic 0.5 5.78 1.16 

Chaffinch Fringilla coelebs exotic 0.5 5 0.89 

New Zealand fantail Rhipidura fuliginosa native 0.17 0.78 0.11 

Common pheasant Phasianus colchicus exotic 0.17 0.11 0.05 

Common starling Sturnus vulgaris exotic 0 1.89 0.16 

Rock pigeon* Columba livia exotic 0 0.22 0 

Australasian magpie Gymnorhina tibicen exotic 0 0.11 0.47 

Song thrush Turdus philomelos exotic 0 0.11 0.21 

Grey warbler Gerygone igata native 0 0.11 0.11 

Sacred kingfisher* Todiramphus sanctus native 0 0.11 0 

Shining cuckoo* Chrysococcyx lucidus native 0 0.11 0 

Pukeko Porphyrio melanotus native 0 0 0.21 

Paradise shelduck* Tadorna variegata native 0 0 0.11 

Southern Black-backed gull* Larus dominicanus native 0 0 0.05 

Mallard* Anas platyrhynchos exotic 0 0 0.05 
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Fig. 4.2 Non-metric multidimensional scaling (NMDS) of bird community composition across sites in relation to (A) 

proportion of adjacent land cover types (native woody: NW, exotic woody: EW and both combined: woody) at 

different radii (200, 500, 1000, 5000 m) with site variables explaining bird community changes as vectors with “*” 

being significant and “.” a trend (P <0.1), (B) Bird species with only species significantly explaining community 

changes shown (P <0.01).  

 

 

Fig. 4.3 Mean number of pollinating birds per 5-min bird count (lines are predicted value +/- SE) versus proportion 

of adjacent woody vegetation at 200 m radius. (A) All bird pollinators (bellbird, silvereye and starling), (B) bellbird 

only. 

Seed predation and fruit set 

In January 2019, I noticed that some developing fruits were aborted on several harakeke on the Port 

Hills as they were easily detached. Harakeke fruits normally stay attached on the inflorescence as it dries. 

I found larvae ranging from translucent to orange (early to later instars) in aborted fruits collected from 

the plant or on the ground (Fig. 4.4a, b). In the rearing bags, from November to mid-December 2019, more 

than 100 presumed cecidomyiid (Diptera) adults emerged from these pots (Fig. 4.4c). These emerged 
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individuals will be used for identification in the following months. I observed similar adult cecidomyiids 

on plants while hand-pollinating harakeke flowers in November-December 2019 which were apparently 

laying eggs into the stigma (Fig. 4.4d). Parasitoid wasps also emerged from pots and had also been 

observed in the field during the experiment (Fig. 4.5). Insect larvae were found in fruits across all sites 

with a mean proportion attacked fruits of 0.45 per site (range 0.14 to 0.80). The best model predicting 

insect seed predator presence included proportion of native woody 1000 (Fig. 4.6, Table S4.3). The 

proportion of attacked fruits had a significant negative relationship with native woody vegetation (Table 

S4.4). Although the model using native woody 1000 showed the lowest AICc, exotic woody 1000 had a 

significant positive relationship with seed predation rate (Table S4.4). However, when both native woody 

1000 and exotic woody 1000 were included as predictors, only native woody was significant (Table S4.4). 

Overall, 2163 harakeke flowers were monitored from 110 harakeke plants with half being hand-

pollinated and the other half open to natural pollination. At two sites, some flowers were lost due to 

damage by wind, disease or predation and were excluded from the analysis. Hand-pollinated flowers 

produced 698 fruits (proportion fruit set 0.64) and naturally pollinated flowers 633 (0.59). The model 

showing the lowest AICc (Table S4.3) predicted fruit set from treatment (hand-pollinated vs. naturally 

pollinated), exotic woody 1000, mean number of bird pollinators and interaction between treatment and 

exotic woody 1000. As expected, significantly fewer naturally pollinated flowers (control) developed a 

fruit than hand-pollinated flowers (Table S4.5). Fruit set had a significant positive relationship with bird 

pollinator abundance (Fig. 4.7a, Table S4.5) whereas fruit set declined significantly with increasing exotic 

woody 1000 (Fig. 4.7b, Table S4.5). Interestingly, the interaction between treatment and exotic woody 

1000 was significant with higher fruit set for the control treatment with the increase of the proportion of 

exotic woody 1000 (Fig. 4.7b, Table S4.5). When investigating the relationship between fruit set and land 

use type (at 200 m radius), only the model including the interaction between exotic grassland and 

treatment was significant. Fruit set increased with exotic grassland 200 only for the hand-pollinated 

treatment (Fig. 4.7c, Table S4.5), consistent with increasing preference for the outcrossed hand-pollinated 

fruit if less outcrossed pollen arrived on naturally pollinated flowers in more grassy areas. 

To test whether pollen limitation of harakeke might affect seed quality rather than quantity (through 

outcrossed seed being fitter), I measured seed germination rates for outcrossed vs natural seeds. I sowed 

3196 large seeds (1303 from hand-pollinated flowers, 1893 from naturally pollinated flowers). Overall, 

1089 seeds successfully germinated (34.1%) with 438 hand-pollinated (33.6% germination) and 651 

naturally pollinated (34.4%). The GLMM model showed no significant differences between the two 

treatments (z value for the naturally pollinated treatment = 0.36, P = 0.72). This confirmed my hypothesis 

that seed germination rate does not vary with harakeke pollination success. 
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Fig. 4.4 Seed predation on harakeke: (A) infested fruit of New Zealand flax with insect larvae (summer 2018-

19), (B) larva under microscope (length <2 mm), (C) adult cecidomyiids (male: M, female: F, length about 2 mm) 

reared in pots from the summer season 2018-19, (D) female cecidomyiid laying eggs in harakeke flower 

(summer 2019-20). 

 

Fig. 4.5 Parasitoid wasp on harakeke: (A) female parasitoid wasps laying eggs in flower of New Zealand flax 

(summer 2019-20), (B) female parasitoid wasp under microscope reared in pots in November 2019 from fruit 

collected in summer 2018-19 (length about 2 mm). 

A B 
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Fig. 4.6 Insect seed predation rate on fruits (proportion attacked) 

proportion of adjacent native woody vegetation at 1000 m radius. Line 

is fitted value +/- SE. For details of stats test see Table S4.4. 

 

Fig. 4.7 Fitted Fruit set (proportion) +/- SE predicted from (A). mean number of bird pollinators per 5-min count, 

(B). the proportion of adjacent exotic woody vegetation at 1000 radius and (C). proportion of adjacent exotic 

grassland vegetation at 200 m radius. Treatments: hand-pollination (HP, filled circles) and natural pollination (OP, 

open triangles). 
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Harakeke pollen limitation 

The pollination treatment effect on fruit set (log response ratio) per plant ranged between -1.79 and 

1.61 with a mean of 0.52 suggesting the existence of pollen limitation, consistent with the significant 

effect of hand-pollination on fruit set mentioned above. In the analysis testing factors which affected PL, 

the best AICc was for the null model, but models including adjacent land cover (NW500 + EW5000 + Seed 

predation) or land use (EG200) were very close in dAICc (<2; Table S4.3, Fig. 4.8). However, no model 

including pollinator abundance had good support. The effect of exotic grassland 200 was interesting (Fig. 

4.8C, Table 4.2), as it was consistent with the trends found in fruit set (Fig. 4.7C). Pollen limitation 

appeared to increase with greater EG200, albeit in the PL analysis not significantly so. The non-significance 

may be due to having to exclude 5 plants where the PL could not be calculated.  

 

 

Fig. 4.8 Fitted pollen limitation (log odds ratio) +/- SE predicted from (A) native woody adjacent land cover at 500 

m radius, (B) exotic woody adjacent land cover at 5000 m radius and (C) land use exotic grassland at 200 m radius. 

All relationships were non-significant (see detailed outputs in Table 4.2). 
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Table 4.2 Model outputs predicting pollen limitation from land use or adjacent land cover types (native 

woody: NW, exotic woody: EW), mean number of bird pollinators per 5-m count per site (Pollinators) and 

seed predation rate with site ID as a random factor.  

Pollen limitation model Fixed effect Estimate Std. Error DF t value P 

Land use  (Intercept) -0.131 0.191 94 -0.683 0.496 

 EG200 0.3294 0.268 9 1.226 0.251 

Adjacent land cover (Intercept) -0.292 0.505 94 -0.578 0.564 

 NW500 0.813 0.746 7 1.090 0.312 

 EW5000 -0.287 1.440 7 -0.199 0.848 

  Seed predation 0.765 0.749 7 1.021 0.341 

Discussion 

The results showed that land use influences the community of bird pollinators and, to some extent, 

their effect on pollination of harakeke. The abundance of bird pollinators, especially bellbirds, increased 

with adjacent woody vegetation cover. The fruit set of harakeke improved with bird pollinator abundance 

but declined with adjacent exotic woody cover, despite bellbirds being about equally abundant at native 

forest sites and exotic forest sites but considerably less abundant in exotic grassland. Fruit set increased 

significantly with hand-pollination, showing there was some pollen limitation, and there was a significant 

interaction where the hand-pollination effect was greater with more exotic grassland within 200 m. 

However, when measuring pollen limitation directly with the ratio between fruit set of hand and naturally 

pollinated flowers, similar trends were found but none reached statistical significance. The difference 

between the conclusions of the analyses of fruit set vs analysis of the log odds ratio (which measures 

pollen limitation directly) is probably due to having to exclude five plants from the latter analysis because 

of the way the log odds ratio is calculated. 

Harakeke pollination mechanisms have been studied previously using fruit set (Jesson et al. 2006; 

Howell & Jesson 2013). My study showed an increase in fruit set with higher abundance of bird pollinators 

which is consistent with previous findings (Howell & Jesson 2013). Greater abundance of bird pollinators 

is correlated with a higher visitation rate which would increase the chances of pollination (Anderson 2003) 

and thus, the production of fruits by harakeke (Becerra & Lloyd 1992; Jesson et al. 2006). Bellbird, tui, 

stitchbird, silvereye and starling were reported visiting harakeke flowers (Craig & Stewart 1988). However, 

only bellbird, silvereye and starling are commonly found in Canterbury. Although tui were reintroduced 

near Akaroa on Banks Peninsula in 2009 and 2010 (Molles 2010), almost none have been observed on the 

Port Hills and I recorded none in my study. The land use influence on the bird pollinator community was 

mainly related to bellbird response to woody vegetation on site (200 m radius) and within a 500 m radius. 

Bellbird is an endemic forest bird which has been shown to depend highly on the proximity to native forest 

patches, although it also uses resources in exotic forest (Deconchat et al. 2009). In this study, I observed 

a significant relationship only with the combination of both native and exotic woody vegetation. The part 

of the Canterbury region in which this study took place has only small or isolated patches of native forest 

remnants which are often adjacent to exotic forest (mainly pine plantation). This landscape composition 

may have prevented the detection of an effect from a single woody land use. Bellbird can travel medium 

distances (at least 500 m) to reach isolated locations with high resource availability (Spurr et al. 2010). I 
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speculate that the increase of bellbird abundance at harakeke sites with mixed woody vegetation cover 

may reveal a synergistic effect between native forest patches and exotic forest with the latter allowing 

bellbird to exploit larger areas and facilitating improved connectivity (Deconchat et al. 2009; Barnagaud 

et al. 2014). The absence of a relationship between land use and silvereye abundance is consistent with 

its wide distribution and its broader habitat use than endemic bird pollinators (Robertson et al. 2007). The 

naturalisation of silvereye (it colonised New Zealand by itself from Australia in the 1850s) is relatively 

recent, and it is assumed to have benefited from human landscape modifications (Heather & Robertson 

2005). Starling are known to occasionally visit harakeke flowers and can potentially contribute to the 

pollination service (Kelly et al. 2010). I did observe starling visiting harakeke flowers but only very few 

visits compared with bellbird and silvereye. Land use showed no significant relationship with starlings 

which is probably linked to the low number of starlings I recorded across land uses during my bird counts.  

Hand-pollinated flowers produced higher fruit set than naturally pollinated flowers, showing some 

degree of pollen limitation, especially at sites with more exotic grassland within 200 m. Higher fruit set 

was also associated with higher pollinating bird abundance, and lower at sites with more adjacent land 

use in exotic forest. The importance of high abundance of bird pollinators is consistent with previous 

studies on other native plant species that depend on bird pollination (Anderson et al. 2011; Iles & Kelly 

2014). Bird pollinated plants were found to produce higher fruit set on predator-free islands with a higher 

abundance and richness of bird pollinators than in mainland areas (Anderson et al. 2011). Craig (1989b) 

found that harakeke had a low fruit set proportion of 0.21 on Tiritiri Matangi Island which may be linked 

to there being only one documented pollinator species (tui) on the island at that time. However, when 

measuring pollen limitation directly as the log odds ratio, I found similar trends but none were statistically 

significant. The absence of a relationship between each studied factor and the pollen limitation index may 

be due to the fact that the log odds ratio is unable to be calculated for some plants, lowering the sample 

size. This raises the question of whether the pollen limitation index is the best measure to use, even 

though it has been widely applied (Knight et al. 2006).  

Analysis of pollen limitation in harakeke is complicated by partial self-compatibility, which may 

compensate for the absence of outcross pollination (Howell & Jesson 2013). This was consistent with 

naturally-pollinated fruit set being unaffected by the proportion of exotic grassland at 200m radius, even 

while hand-pollinated fruit set increased (Fig. 4.7c). If self-pollinated seeds had lower fitness, that may 

mean that pollination failure could be present but not be detected by pollen limitation measures. 

However, I found no evidence for higher germination rates of outcrossed seed, alleviating this concern. 

Howell and Jesson (2013) mentioned that genetic diversity within the local harakeke population may be 

as important as pollination service. Some of the harakeke patches used in this experiment were probably 

initially planted. If these patches present good genetic diversity or are near other patches of harakeke 

(e.g., the Port Hills which has many patches of harakeke), the visitation by birds or bees may provide 

outcross pollination (Howell & Jesson 2013).  

This study is the first to document the presence of cecidomyiid larvae in harakeke fruits and the effect 

of adjacent native woody vegetation on the seed predation rate by these larvae. Lower fruit set could also 

be related to the presence of insect seed predators. In this experiment, I noticed the presence of 

cecidomyiid larvae in fruits at all sites, with heavily-infested fruits being aborted or about to be aborted 



Chapter 4: Bird pollination service 

65 
 

by harakeke. Only one cecidomyiid species (Resseliella xanthorrhoeae) has been previously described on 

harakeke in Australia and New Zealand but its larvae were feeding on leaves causing large tissue necrosis 

(Kolesik & Baker 2013). Therefore, the observed cecidomyiid larvae in this experiment are expected to 

belong to a different species. It may be an undescribed species, and work to identify or describe it is 

underway. The larvae of this cecidomyiid species presumably pupate in the soil from autumn to late spring 

to emerge as adults at the beginning of the harakeke flowering season, since adults emerged from my 

bags kept outside over winter. Seed predators and flower midges from the Cecidomyiidae were described 

previously on several native plants including Eucalyptodiplosis chionochloae on tussock grasses 

(Chionochloa spp.) (Kolesik et al. 2007). Like in Chionochloa, mast-seeding (masting) in harakeke may have 

an influence on the abundance of seed predators. On mast-seeding plants, seed predators are often highly 

specialised with strategies such as prolonged diapause which enables them to overcome years with 

limited resource availability. Otherwise, generalist seed predators would be expected to be more limited 

through predator satiation (Kelly et al. 2000; Kolesik et al. 2007). I found that land use had an effect on 

the rate of seed predation. Sites with a greater proportion of adjacent native woody at 1 km radius showed 

a lower seed predation rate.  

Parasitoid wasps were observed in the field laying eggs into flowers, and emerged from bags containing 

only harakeke fruits. Parasitoid wasps are important natural predators commonly used as biological 

control agent against insects and thus provide valuable pest management service (Kenis et al. 2017). 

Native woody vegetation may provide suitable microhabitats to parasitoid wasps allowing them to 

suppress cecidomyiid populations to lower levels than in other land uses (Lassau & Hochuli 2007; Kendall 

& Ward 2016). Parasitoid wasps can respond positively to habitat complexity as an environment with 

greater plant diversity is more likely to provide a larger abundance and diversity of hosts (Fraser et al. 

2007; Kendall & Ward 2016). For instance, Kendall and Ward (2016) showed that Braconidae wasps in 

New Zealand were influenced by landscape heterogeneity with a higher abundance in mixed angiosperm 

forest than forest dominated by kauri (Agathis australis). However, parasitoid wasps which are host 

specific are more likely to be mainly influenced by their host abundance rather than the habitat (Kendall 

& Ward 2016).  

In conclusion, harakeke showed signs of pollen limitation across the sites studied in Canterbury. 

Increasing bird pollinator abundance by extending or planting new patches of native, exotic or mixed 

woody vegetation may improve the pollination service and thus, harakeke and other native plants 

pollination success. Although harakeke tolerates self-pollination, which may maintain the level of 

pollination when pollinator abundance is limited, in the long-term self-pollination could potentially lead 

to loss of genetic diversity and inbreeding depression at sites with limited pollinators. In addition, the 

presence of seed predators can reduce fruit production, adding another limitation to harakeke 

reproduction. This study found evidence for modest effects of adjacent land cover types on bird 

abundance and their pollination services, but also found that certain land cover types can reduce fruit 

predation of harakeke from a cecidomyiid fly, suggesting the potential for land cover effects on pest 

management services provided to harakeke.  
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Chapter 5.  

Effect of intermittent pest control on forest bird populations at 

Craigieburn forest from 1978 to 2020 

 
Photo of a rifleman along Lyndon saddle track, Craigieburn Forest Park in May 2019 
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Abstract  

Birds contribute to ecosystem functioning and provisioning of ecosystem services such as pollination and 

seed dispersal. Many New Zealand native bird species are threatened by introduced mammalian 

predators and numerous pest management programmes are run across the country. Despite that, 

measuring the efficacy of such programs is often limited by resources and thus long-term population 

status of many native birds is not well documented. Here, I examined long-term population trends of 

forest bird species and changes in the bird community structure at Craigieburn Forest Park where 

intermittent stoat control programmes were carried out. I analysed 10,938 5-minute bird count datasets 

covering the periods 1978-1982, 1999-2004 and 2019-2020 by assessing trends over time in the relative 

abundance of each bird species with season, elevation, and site location as co-variables. Bird community 

changes were analysed using non-metric multidimensional scaling. Bellbird was the only native species 

showing a continuous increase. Grey warbler declined after 1982 and remained low. Tomtit and rifleman 

declined between 1982 and 2004 but recovered subsequently. Brown creeper was stable then declined 

abruptly by 2019-20. The bird community changed across years and was partially explained by changes in 

mountain beech seed crops, stoat control, and ship rat population size. These findings suggest that long-

term trends of bird populations are influenced by the interactions of species vulnerability to stoat 

predation and consistency of pest control efforts. Of considerable concern is that ship rats, which were 

absent at Craigieburn before 2004, are now common and pose a new threat to many native birds. I 

therefore, recommend the inclusion of ship rats in current pest control programmes to avoid further bird 

population declines.  
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Introduction 

New Zealand’s biodiversity has experienced major declines and extinction events (e.g., Şekercioğlu et 

al. 2004, Kelly and Sullivan 2010) resulting from direct and indirect impacts of colonisation by humans 

since the 1300s (Wilmshurst et al. 2008; Innes et al. 2010). Birds were particularly affected, with about 59 

species extinct while 71 of the remaining bird species are threatened and 25 are critically endangered 

(Robertson et al. 2017). Such species loss can strongly impact ecosystem processes and services by 

reducing bird species density with some endemic species now functionally extinct or range restricted 

(Anderson et al. 2011; Iles & Kelly 2014). The dominant role of introduced mammalian predators as a main 

cause of declines of native birds in New Zealand has been demonstrated clearly (Innes et al. 2010). Despite 

recent publications on general long-term bird population trends using bird species distribution range 

(Walker & Monks 2018; Walker et al. 2019) or meta-analysis (Fea et al. 2020), detailed trends data for 

native bird populations for periods longer than 10 years are rare. This is especially true for species that 

appear to remain common which limits the ability to detect gradual population declines locally and 

nationally (Elliott et al. 2010; Miskelly 2018).  

Together with human caused habitat change, predation by introduced mammalian predators such as 

rats (Rattus spp.), feral cats (Felis catus), weasels (Mustela nivalis), stoats (Mustela erminea) and brush-

tailed possums (Trichosurus vulpecula) was responsible for the rapid extinction of many endemic birds 

(Holdaway 1989; Holdaway 1999) and remains the main threat to endemic and native bird species (Innes 

et al. 2010). Although, mice (Mus musculus), rats and introduced wasps (Vespula spp.) (in areas with high 

densities) are known to be strong competitors for food resources, isolating competition impacts on native 

bird population from predation remains challenging (Beggs 2001; Innes et al. 2010). Exotic mammals and 

introduced wasps are well established in much of New Zealand and their interactions with native species 

are complex and challenge exotic pest control efforts. For example, mice and rat populations increase 

after periodic masting of beech tree (Nothofagaceae), followed by increases of their chief predator, the 

stoat (King 1983; Alley et al. 2001). Exotic Vespula wasps benefit from honeydew production from sooty 

beech scale insects (Ultracoelostoma spp.) that are associated with beech (Beggs 2001).  

National and regional government agencies have pursued campaigns of intensive pest control for many 

decades with the goal of preserving endangered endemic bird species (Russell et al. 2015). Ongoing pest 

control programmes of various intensity are conducted across the mainland with small-scale trapping 

targeting rats, stoats, possums (Miskelly & Robertson 2002; Kelly et al. 2005), wasps poisoning (Lester et 

al. 2013) and larger-scale areal application of 1080 poison (O'Donnell & Hoare 2012; Elliott & Kemp 2016). 

Several shorter-term (< 10 yrs) studies have demonstrated that targeted pest control efforts can suppress 

pest numbers and even allow threatened bird populations to recover (Graham & Veitch 2002; Kelly et al. 

2005). Importantly, some species that survived early historic extinction events, and that were believed to 

have stable populations, were found to present local declines including the kaka, Nestor meridionalis and 

mohua, Mohoua ochrocephala (Elliott et al. 1996; Moorhouse et al. 2003). This revealed that conservation 

efforts need to be invested in maintaining not only known rare and endangered populations but also 

seemingly common endemic species (Elliott et al. 2010). 
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Although few long-term studies exist, there is evidence declines of not threatened bird species have 

already occurred. For instance, the New Zealand Bird Atlas data investigating bird species distribution 

range revealed a general reduction of the original distribution range for a large number of species 

including bird species believed to be relatively common such as the rifleman (Acanthisitta chloris) and 

South Island tomtit (Petroica macrocephala) (Robertson et al. 2007; Innes et al. 2010; Walker & Monks 

2018). Although such range reductions are suggestive of population declines, little long-term relative 

abundance data is available for these relatively common species (Innes et al. 2010). A single study by 

Elliott et al. (2010) in the northern South Island investigated long-term bird population trends in Nelson 

Lakes National Park, an area with no pest control programmes. There, they showed that the native bird 

community changed significantly over the past 30 years with declines of several common bird species 

such as bellbird (Anthornis melanura), rifleman and South Island tomtit and increases among some rarer 

species (yellow-crowned parakeet Cyanoramphus auriceps, South Island robin Petroica australis). A 

growing brushtail possum population and arrival of Vespula wasps were suggested to be possible causes 

of these declines. Such short- and long-term studies highlight the diversity of responses observed among 

different bird species as well as the general lack of information about relatively common bird species 

which could be experiencing undetected declines despite pest control programmes (Elliott et al. 2010). I 

suggest that this is a critically important question for the future of New Zealand’s native bird populations 

and for emerging initiatives such as the Predator-Free New Zealand 2050 campaign (Owens 2017).  

Here, I used bird count historical data from Craigieburn Forest Park, a native mountain beech forest 

(Nothofagus solandri var. cliffortioides, sometimes called Fuscospora cliffortioides) which has hosted 

intermittent pest control programmes (King 1983; Kelly et al. 2005), to examine long-term bird population 

responses to pest control. I explore two aspects of bird populations in this area: 1) I investigated whether 

there were long-term changes in forest bird population sizes by comparing the relative abundance of birds 

in three periods spanning 42 years; and 2) I explored associations of high seed-fall years, arrival of ship 

rats, and pest control programmes with bird population trends. I included both common native and exotic 

bird species in my  analyses because exotic species can display different responses to biotic events and 

pest control (O'Donnell & Hoare 2012; Miskelly 2018). In addition, I included kea (Nestor notabilis) and 

the migratory long-tailed cuckoo (Eudynamys taitensis) to provide supplementary information about rarer 

bird species with diverse life histories.  

Methods 

Studies used in analyses 

I analysed data from three unpublished or partially published bird surveys carried out in Craigieburn 

Forest Park over a span of nearly 42 years. The first were unpublished surveys done from 1978 to 1982 by 

multiple observers and led by Eric Spurr. The second survey was carried out from 1999 to 2004 and was 

partially published by Kelly et al. (2005). The third survey was done in 2019 and 2020 by myself and several 

additional observers. All bird counts were performed following the standard five-minute bird count 

method (Dawson & Bull, 1975) although there were some minor differences (concerning the area 

surveyed, station locations and time of year sampled) which I controlled for in my statistical analyses. 
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Study area 

Bird surveys took place in the Cheeseman, Broken River and Craigieburn catchments in Craigieburn 

Conservation Area, Canterbury, New Zealand (centred around 17142.5’E, 4391.1’S) (Fig. 5.1). 

Craigieburn Forest Park is a relatively isolated native forest patch adjacent to a large area of cleared 

pastoral lands, tussock grassland and pine (Pinus spp.) plantation as well as some alpine vegetation. All 

sites had similar subalpine climate, vegetation, tree age, and aspect (Shanks et al. 1990). This forest is 

dominated by mountain beech trees which are known for periodic masting (King 1983) and the production 

of honeydew (Murphy & Kelly 2003).  

 

Fig. 5.1 Study site locations within Craigieburn Forest Park, Canterbury, New Zealand. 

Stations along Broken river catchment (Broken River road, Lyndon saddle and Dracophyllum 

track), Craigieburn ski field road and Cheeseman road (Topographic mapping at 1:50, 000 

scale, with blue grid at 1 km spacing). 

Bird counts 

All bird count stations were spaced 200 m apart along gravel roads or walking tracks from 800 m to 

the tree-line at about 1300 m. At each marked station, experienced counters recorded all birds seen or 

heard within an estimated 100 to 200 m radius for 5 minutes (Dawson & Bull 1975). Bird counts only took 

place in suitable weather (no rain, low wind) typically between 9 am and 4 pm. Regional survey protocols 

acknowledge that New Zealand forest birds typically sing into the late morning and afternoon (Dawson & 
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Bull 1975). Between 1978 and 1982, 8,321 bird counts were conducted in the Broken River catchment (i.e. 

all tracks in Fig. 5.1 except Cheeseman and Craigieburn ski roads) following four tracks by 15 trained 

observers (Eric Spurr, unpublished data). Bird counts were conducted in April and October 1978, April to 

June, August, and October 1979 and every two months from February 1980 to December 1982. The 

second bird survey was carried out between May 1999 and January 2004 (Kelly et al. 2005). Birds were 

counted on the Broken River, Cheeseman and Craigieburn ski roads and Dracophyllum track (Fig. 5.1) by 

four observers. Bird counts were done in May and September 1999, October 2001 and every January from 

2000 to 2004. The third set of counts was performed in March-June 2019 and January 2020 on all three 

ski roads plus Dracophyllum and Lyndon Saddle tracks by seven observers. For some bird species, I use 

shortened common names such as “redpoll” instead of “common redpoll” (see full common name in Table 

3). 

Table 5.1 Summary of seed-fall, ship rat populations and pest control (stoat and wasp) at Craigieburn Forest 

Park with mountain beech seeds per m-2, ship rat common presence or absence (see text for details), pest 

control location including Broken River valley (BR), Cheeseman valley (CH) and Craigieburn valley (CR) and 

information reference. Years without bird counts (*).  

Year Seed-fall /m2 Rat Presence Pest control Pest control site Reference 

1976* 3394 absent stoat BR King, 1983 

1977* 1.6 absent stoat BR King, 1983 

1978 593 absent stoat BR King, 1983 

1979 6587 absent none   

1980 8.1 absent none   

1981 28.2 absent none   

1982 6600 absent none     

1999 6083 absent none   

2000 3503 absent stoat BR Kelly, 2005 

2001 13 absent stoat BR Kelly, 2005 

2002 5340 absent none   

2003 4.9 absent none   

2004 7958 absent none     

2019 5355.1 common stoat, wasp BR-CH-CR Goldring pers.com 

Pest control programmes and beech mast 

I obtained information about mountain beech seed fall for each year of this study (Table 5.1). Different 

pest management was carried out over the last 40 years, initially as part of research projects (King 1983; 

Spurr 2000; Kelly et al. 2005) which targeted stoats in the Broken River catchment (Table 5.1). Stoats were 

trapped from November 1973 to May 1978 and in spring 2000-01. Brushtail possums are present at 

Craigieburn but only limited possum trapping has been carried out since the 1980s  (Kelly et al, 2005, Ray 

Goldring, personal communication) due to the risk possum traps pose to kea. Since 2007, pest mammal 

trapping programmes have been run by community groups the Craigieburn Trapping Alliance and New 

Zealand Conservation Trust using DOC200 kill traps which target stoats, but also catch other mammals 

including weasels, rats, hedgehogs, and a few ferrets, feral cats and possums (Ray Goldring personal 

communication). No rats at all were caught in the 1980s (King 1983) and only a single ship rat was trapped 
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in 1999-2004 (Kelly et al. 2005). However, three ship rats were caught in 2008-09, and since then 383 

more have been caught 2010-19 (Ray Goldring personal communication). A Vespula wasp management 

programme has been carried out since 2015 using targeted poison bait (Vespex) (Crossland 2017). 

Table 5.2 Total number of five-minute bird counts by season and period. Seasons are: Autumn (Mar-

May), Winter (Jun-Aug), Spring (Sep-Nov), Summer (Dec-Feb). Bird count numbers in brackets 

correspond to winter counts which were assigned to autumn (Mar-Jun) or spring (Aug-Nov) for future 

analyses. The number of study years corresponds to calendar years. 

Period Years Autumn Winter Spring Summer Total 

1978-1982 5 2160 (+1520) 2800 1441 (+1280) 1920 8321 

1999-2004 6 270 0 510 1230 2010 

2019-2020 2 238 (+40) 40 0 330 608 

Statistical analysis 

Data from the three bird surveys (also called study periods) were combined into a large dataset and 

homogenised by adjusting format of shared names (locations, birds, observers) and time (hour, date). Bird 

count stations were not reused across study periods, but I grouped stations within three spatial scales: 

sites (catchment, i.e. Cheeseman, Broken River or Craigieburn), subsite (the particular road or track, e.g., 

Dracophyllum track), and finally individual stations (constant within a period). Season and elevation were 

included as fixed effects (Elliott et al. 2010). Although the four seasons were not surveyed evenly, the 

large number of counts performed across the four seasons in 1978-82 (Table 5.2) allowed us to account 

for seasonal trends in bird populations and extend predictions to the other two periods of counts. Winter 

season counts were missing or rare in 1999-2004 and 2019-20 (Table 5.2), so I added June bird counts into 

the “autumn” category and August counts into “spring” (see Table 5.2 bird count numbers in brackets). In 

order to maintain December and January-February bird counts within the same summer season, summer 

was defined as customary in New Zealand (December-February). I created a new “seed year” factor with 

one seed year corresponding to 12 months from March to February of the next calendar year. Each year 

started in March as major seed and fruit resources (especially during mast) are available in autumn with 

a direct or delayed impact on some bird species, rodent and stoat numbers (King 1983; O'Donnell & 

Phillipson 1996; O'Donnell & Hoare 2012).  

I used generalized linear mixed models (GLMMs) with the “lme4” package (Bates et al. 2015) in R 

software version 3.5.1 (R Development Core Team 2018) to consider factors showed to influence 5-min 

bird counts (Dawson & Bull 1975; Dawson et al. 1978; Hartley 2012) and to compensate for the 

unbalanced study design. For each bird species, the response variable was the number of birds per 5-

minute count. Fixed effects were seed year or study period (i.e., three survey periods), season, elevation 

(in m asl) and site, and random effects were observer name, date and station identification (station ID 

within subsite within site). Study period was used as fixed effect with the 1999-2004 period as a reference 

to explore the general bird species trends whereas, seed year was used in separated models to examine 

bird population trends in more details. GLMMs were first run with a Poisson distribution. For some bird 

species there was significant overdispersion with a large number of zeros. Therefore, when required, I 

adjusted each model with the most suitable error distribution: Poisson, negative binomial, zero-inflated 
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Poisson or zero-inflated negative binomial. Zero-inflated mixed models were run using the “glmmTMB” 

package (Brooks et al. 2017). I ran models for each species presenting different combination of 

explanatory variables, random factors and error distributions then selected the best model using the 

Akaike Information Criterion (AIC) (Sakamoto et al. 1986) (Table S5.1). In some cases, two models (GLMM 

or zero-inflated mixed models) were selected to investigate the study period and seed year trends of a 

bird species (e.g., rifleman in Table S5.1).  

I tested whether pest control and beech mast events could explain changes in bird community 

structure by using information about pest management history and mountain beech seed-fall. Bird species 

with individuals recorded during at least two bird count periods were included in the analysis (Table 5.3). 

I created a Bray-Curtis dissimilarity matrix from mean numbers of birds per 5-min count per site (Broken 

River, Cheeseman or Craigieburn) per season and used this matrix for non-metric multidimensional scaling 

(NMDS) using the “metaMDS” function (999 iteration) of the vegan package (Oksanen et al. 2019). A stress 

of 0.09 was reached after 20 iterations when the model considered the three first ordination axis. I then 

tested the relationship between six factors (seed year, season, site, stoat control, log of seed-fall, rat 

presence/absence) and NMDS projections on axis 1 and 2 by calculating the goodness of fit (R2) using the 

“envfit” function with 999 random permutations. 

Results 

Overall, I detected 33 bird species (20 natives and 13 exotics). Bellbird was the most abundant bird 

species across all bird counts and study periods, followed by silvereye and two exotic species, redpoll and 

chaffinch (Table 5.3). Although no kea were recorded in 2019 (seed year), residents at Castle Hill village 

and personal observation confirmed that some keas do remain in Craigieburn Forest Park in 2020. Long-

tailed cuckoo was present at Craigieburn only in summer for the breeding season.  

Although spring was included in the analysis when accounting for bird seasonal trends, I decided to 

present only bird population trends in autumn and summer due to the absence of spring counts in 2019 

(see Table S5.2 and S5.3 for detailed spring outputs). Bellbird was the only species showing a significant 

increase over the three study periods (Table 5.4, Table S5.2). Four species (rifleman, tomtit, chaffinch and 

dunnock) decreased between 1978-82 and 1999-2004 then, recovered by 2019-20. Although grey warbler 

also decreased between 1978-82 and 1999-2004, its population did not show a recovery in the 2019-20 

survey. By contrast, the goldfinch population was relatively low between 1978-82 and 1999-2004 but 

increased by 2019-20. Significantly more kea were observed in 1999-2004 than in 1978-82. The absence 

of kea during the bird counts in 2019-20 prevented us from obtaining any significant results between 

2019-20 and the two other bird count periods. Brown creeper abundance was stable from 1978 to 2004 

but showed a significant decline by 2019-20. Six species (silvereye, fantail, long-tailed cuckoo, redpoll, 

blackbird and greenfinch) showed no significant trends across the three bird surveys (Table 5.4, Table 

S5.2). 
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Table 5.3 Raw mean number of birds per 5 min count for all birds recorded at Craigieburn across three bird surveys 

(1978-1982, 1999-2004, 2019-2020), ranked by mean abundance. * Bird species not used in NMDS analysis 

because they were recorded only in one bird count period. **Migratory bird only present in New Zealand for 

breeding season (Summer), so means are based only on summer counts. 

Bird common name  Species name Status 1978-82 1999-2004 2019-20 

Bellbird Anthornis melanura Native 2.271 2.513 5.140 

Common redpoll Carduelis flammea Exotic 1.749 0.641 0.729 

Silvereye Zosterops lateralis Native 1.345 0.877 1.613 

Chaffinch Fringilla coelebs Exotic 1.243 0.825 1.286 

Rifleman Acanthisitta chloris Native 1.062 0.347 0.507 

Brown creeper Mohoua novaeseelandiae Native 0.407 0.288 0.064 

South Island tomtit Petroica macrocephala Native 0.397 0.314 0.385 

Grey warbler Gerygone igata Native 0.315 0.181 0.156 

Eurasian blackbird Turdus merula Exotic 0.163 0.105 0.089 

Dunnock Prunella modularis  Exotic 0.122 0.012 0.071 

European greenfinch Carduelis chloris  Exotic 0.107 0.061 0.031 

New Zealand fantail Rhipidura fuliginosa Native 0.061 0.119 0.039 

European goldfinch Carduelis carduelis Exotic 0.056 0.003 0.110 

Kea Nestor notabilis Native 0.038 0.080 0 

Australasian magpie Gymnorhina tibicen Exotic 0.025 0.001 0 

Song thrush Turdus philomelos  Exotic 0.021 0.051 0.030 

Long-tailed cuckoo** Eudynamys taitensis Native 0.058 0.012 0.015 

Yellowhammer Emberiza citrinella  Exotic 0.008 0.002 0.013 

Southern black-backed 
gull* 

Larus dominicanus 
Native 0.003 0 0 

New Zealand falcon Falco novaeseelandiae Native 0.001 0.001 0.002 

Common starling* Sturnus vulgaris Exotic 0.001 0 0 

Swamp harrier* Circus approximans Native 0.001 0 0.003 

Shag spp.* Phalacrocorax spp. Native 0.0005 0 0 

Parakeet spp. / kakariki Cyanoramphus spp. Native 0.0004 0.012 0.008 

Eurasian skylark* Alauda arvensis Exotic 0.0002 0 0 

Tui* Prosthemadera 
novaeseelandiae 

Native 0.0002 0 0 

New Zealand pigeon* Hemiphaga novaeseelandiae Native 0.0001 0 0 

Mallard* Anas platyrhynchos Exotic 0.0001 0 0 

Paradise shelduck* Tadorna variegata Native 0 0.002 0 

South Island robin* Petroica australis Native 0 0.0005 0 

Welcome swallow* Hirundo neoxena Native 0 0 0.007 

Canada goose* Branta canadensis Exotic 0 0 0.003 
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Table 5.4 Long-term population trends for each study bird species at Craigieburn Forest 

Park based on models predicting number of birds per 5-min bird count from study period 

(1978-82, 1999-2004, 2019-20) and other covariables (see Table S1 and S2 for more detailed 

information). P-values are shown in brackets and “ns” corresponds to non-significant. * 

Brown creeper: 2019-20 significantly different from 1978-82 (z value = -2.0026, p-value = 

0.043); Grey warbler: 2019-20 significantly different from 1978-82 (z value = -3.05, p-value 

= 0.002). 

Bird species 1999-2004 vs 1978-82 2019-20 vs 1999-2004 

Native   

Bellbird Increase (0.023) Increase (0.010) 

Rifleman Decrease (<0.001) Increase (0.008) 

Brown creeper ns (0.880) Decrease* (0.064) 

Tomtit Decrease (0.012) Increase (0.045) 

Grey warbler Decrease (<0.001) ns* (0.098) 

Silvereye ns (0.223) ns (0.154) 

Fantail ns (0.774) ns (0.774) 

Kea Increase (0.010) ns (0.222) 

Long-tailed cuckoo ns (0.120) ns (0.732) 

Exotic   

Blackbird ns (0.550) ns (0.297) 

Chaffinch Decrease (0.015) Increase (0.003) 

Redpoll ns (0.559) ns (0.851) 

Dunnock Decrease (<0.001) Increase (0.005) 

Greenfinch ns (0.722) ns (0.617) 

Goldfinch ns (0.157) Increase (0.044) 

Models with seed year as fixed effect had lower AIC values than models including study periods when 

both seed year and study period were examined using similar models (GLMM or zero-inflated mixed 

model) and distributions (Poisson or negative binomial). Two exceptions were dunnock and long-tailed 

cuckoo with study period showing a lower AIC than seed year due to the presence of different covariables 

or random factors in model formula (Table S5.1). Species with similar long-term trends such as rifleman 

and tomtit had different seed year trends (e.g., rifleman population increased from 2000 to 2003 whereas 

tomtit decreased) (Fig. 5.2, Table S5.2 and S5.3). Species whose population abundance changed little 

across the three study periods such as silvereye, blackbird or long-tailed cuckoo had significant variation 

among years (Fig. 5.2, 5.3 and 5.4, Table S5.2 and S5.3). Interestingly, all study exotic species (blackbird, 

chaffinch, redpoll, dunnock, greenfinch, goldfinch) showed significant increase during beech mast years 

especially in 1978-1982 (Fig. 5. 4, Table S5.3). 

The NMDS analysis showed significant changes in the bird community structure across seed years (r2 

= 0.52, p-val = 0.001; Table S5.4, Fig. S5.1). Seasonal trends were found at the community level with the 

bird community structure in autumn being significantly different from summer and spring (Fig. 5.5a, Table 

S5.4). Although some bird species showed variations in relative abundance between sites (Table S5.2 and 

S5.3), site did not significantly explain bird community changes (Table S5.4). Stoat control, ship rat 

presence/absence and mountain beech seed-fall (in log) had a significant relationship with bird 

community structure (Fig. 5.5, Table S5.4). 
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Fig. 5.2 Fitted mean number of each common native bird species per 5-min bird count per seed year (year) at 

Craigieburn forest with autumn (circle, solid line) and summer (triangle, dotted line) seasonal trends. Fitted 

values are predicted for Broken River, but the analysis uses data from all sites. When elevation was significant 

(brown creeper, grey warbler, silvereye and fantail), fitted values are predicted for 950 m. 
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Fig. 5.3 Fitted mean number of each selected native bird species per 

5-min bird count per seed year (year) at Craigieburn forest with no 

significant seasonal trends. Codes and conventions as for Figure 2. 

Means were adjusted at 950 m elevation for kea. 
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Fig. 5.4 Fitted mean number of each common exotic bird species per seed year (year) at Craigieburn. 

Conventions as for Figure 2. When autumn and summer counts did not differ significantly, a single line is 

shown based on all seasons (see dunnock and greenfinch). Fitted values are for 950 m elevation when 

significant (blackbird, chaffinch, redpoll and greenfinch).  
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Fig. 5.5 Non-metric multidimensional scaling (NMDS) of bird community composition across sites (Broken River, 

Cheeseman and Craigieburn Valleys) and study seed years (1978-82, 1999-2003, 2019) in relation with four factors: 

A. seasons, B. total mountain beech seed-fall per m2 as vector, C. stoat control, and D. rat presence/absence. Ellipses 

are standard errors associated with the centroid of each factor level. Goodness of fit (r2) and p-values are shown for 

each factor and vector. 

Discussion 

Long-term bird population trends 

Bellbird was the only native bird species to consistently increase across the entire study period likely 

in part due to stoat control programmes. The benefits of pest control for bellbird populations has been 

well documented (Graham & Veitch 2002; Kelly et al. 2005; O'Donnell & Hoare 2012; Miskelly 2018). The 

small-scale stoat control carried out by Kelly et al. (2005) during two breeding seasons (summer 2000-01 

and 2001-02) at Craigieburn forest revealed that stoat trapping can increase bellbird nesting success. 

Bellbird is a relatively long-lived species (5- 10 years) with adults less vulnerable to predation (Kelly et al. 

2005). The observed positive long-term trend suggests that intermittent seasonal stoat control 

programmes timed during the breeding season allowed the bellbird population to increase through better 

nest success during periods of stoat control. Once adults, bellbirds are likely to survive until the next pest 
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control event (Kelly et al. 2005; Parlato et al. 2015; Walker et al. 2019). In the absence of mammal 

predator control, bellbirds might have declined as observed in Nelson Lakes National Park by Elliott et al. 

(2010).  

In this study, the analysis of the rifleman population across study periods showed that rifleman 

increased between 1999-2004 and 2019-20. This observation contradicts my results from rifleman seed 

year trends which suggest that rifleman population remained low in 2019. Such contradiction can be 

explained by inherent differences between a generalized linear model and a zero-inflated model with 

zero-inflated model expected to predict higher fitted means (Brooks et al. 2017). As the study period 

presented a better fit (lower AIC), I will consider that rifleman population appears to be recovering from 

its significant decline between 1982 and 1999 and thus it is probably benefitting from predator control at 

Craigieburn Forest Park. Contradictory observations were made about rifleman population responses to 

pest control with either a positive response (O'Donnell & Hoare 2012) or a decline (Vianen et al. 2018). 

The decline of rifleman between 1982 and 1999 could be at least partly linked to the lack of stoat control 

for 21 years (from 1979 to 2000). Although rifleman is also a quite long-lived species (6- 9 years), it is a 

cavity nesting bird which is a key trait for high vulnerability to stoat and rat predation in New Zealand 

(O'Donnell 1996; Parlato et al. 2015; Walker et al. 2019). Incubating adults in cavity holes are less likely to 

escape or defend themselves against predators which would reduce the population size for a few years 

(O'Donnell 1996; Parlato et al. 2015).  

Tomtit showed a similar general trend to rifleman with a reduction of its distribution range (Walker & 

Monks 2018) and a decline in the 2000’s at Craigieburn forest. However, tomtit displayed a negative 

response following stoat control in 2000-01 and 2001-02. O'Donnell and Hoare (2012) observed tomtit 

declines after predator control which is consistent with my observation. Tomtit may compete with some 

native birds (e.g., bellbird) for food. Competitive relationships for resources have been previously 

observed between silvereye, grey warbler or fantail and other native birds (Innes et al. 2010; Miskelly 

2018). Similarly, the observed grey warbler declines between 1982 and 2004 could be related to bellbird 

general increase which may have intensified competition for invertebrates with exotic species such as 

mice and Vespula wasps (Beggs 2001). There have been well recorded declines of silvereye on islands 

following mammal predators eradication due to competition with other native bird species (e.g., Tiri 

Matangi: Graham & Veitch, 2002)  . Here, silvereye population has been broadly stable over the last 40 

years suggesting an absence or reduce level of competition with bellbird. Grey warbler, fantail and 

silvereye are commonly observed in suburban and urban habitats throughout much of New Zealand and 

appear to be less vulnerable to predation by mammals compared to other endemic birds (Ruffell & 

Didham 2016; Miskelly 2018). Nevertheless, grey warbler and fantail have been shown to benefit from 

predator control (O'Donnell & Hoare 2012; Vianen et al. 2018). Without carefully controlled experimental 

studies, it is difficult to distinguish the relative roles of competition and  predation for tomtit and grey 

warbler populations (Innes et al. 2010). 

In some cases, exotic bird species can be excluded from an area as a result of competition with endemic 

birds (Miskelly 2018). However, in this study, exotic bird population trends appear to be stable over 

decades of sympatry with native endemic birds. Exotic bird populations showed pronounced short-term 

increases during mountain beech mast years. Blackbird and chaffinch are widely distributed across New 
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Zealand and commonly observed in native forest (Robertson et al. 2007). Greenfinch, goldfinch and 

redpolls are common in habitats altered by human activities such as urban and suburban areas, pine 

forest, and grasslands (Case 1996; Barnagaud et al. 2014). Because Craigieburn forest is relatively small 

and surrounded by alpine vegetation and exotic grasslands, large flocks of individuals of those finches may 

regularly move from the adjacent grasslands into the mountain beech forest in response to abundant seed 

crop production and associated increases in arthropods (Alley et al. 2001). O'Donnell and Hoare (2012) 

observed that blackbirds and redpoll increased during mast events. Rifleman and tomtit populations were 

also found to increase in high mast years (O'Donnell & Hoare 2012). The importance of beech mast for 

some bird species could partly explain the 2019 apparent recovery of rifleman and tomtit as well as 

increases in chaffinch and dunnock, because 2019 was a beech mast year.  

The dramatic brown creeper population decline between the last two survey periods raises concerns. 

Brown creeper is present across much of the South Island’s native forest with a stable distribution range 

between 1969-79 and 1999-2004 (Walker & Monks 2018). This population decline could be related to on-

off events like cold winters rather than a slow declining process. Alternatively, the recent arrival of ship 

rat at Craigieburn around 2010 may have impacted the brown creeper population and native bird 

community in general. Ship rats were completely absent during the first study period and almost 

completely absent during the second study period (one individual caught in 2000-01). Since 2010, pest 

control programmes at Craigieburn are regularly catching ship rats showing that they are now well 

established (Ray Goldring, pers. comm.). Ship rat establishment may have been favoured by low stoat 

density and/or by climate change (Walker et al. 2019). Although rifleman and tomtit populations are 

showing an increase in the presence of a new ship rat invasion, we could expect a stronger recovery if 

new pest control programmes were implemented to target ship rats (Graham & Veitch 2002; Miskelly & 

Robertson 2002).  

Implications for bird-mediated ecosystem services 

For millions of years, New Zealand’s ecosystems evolved in the absence of land mammals (only three 

bat species) (Holdaway 1989). Partly for this reason, birds play important roles in native forests 

(Sekercioglu et al. 2016). Seed dispersal and pollination are the best understood services provided by birds 

(Kelly et al. 2010; Anderson et al. 2011). In New Zealand, population declines among native birds due to 

predation and competition affect ecosystem functioning and services provided to native flora such as 

pollination and seed dispersal (Anderson et al. 2011). A number of endemic New Zealand plants have a 

close mutualistic relationship with native birds with about 30% of tree species having bird-visited flowers 

and 59% having fleshy fruits, highlighting the importance of bird pollination and seed dispersal (Kelly et 

al. 2010). Bellbird, silvereye and tui are common and widespread species which provide both pollination 

and seed dispersal services as they feed on nectar and fruits (Anderson et al. 2006; Kelly et al. 2010). 

Bellbird and silvereye are the most common native species found at Craigieburn forest and are probably 

the main species providing pollination and dispersal services to native flora. Although kea is present, its 

density is now probably too low to provide significant services. 

Pest control can indirectly benefit ecosystem functioning by helping to maintain species at suitable 

densities to fulfil their ecosystem roles. In some cases, the restoration or improvement of pollination 
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services have been documented following mammal pest control (Iles & Kelly 2014). However, Kelly et al. 

(2005) found no evidence of a short-term increase in pollination service for mistletoe (Peraxilla 

tetrapetala) in Craigieburn after stoat control, despite a significant increase in bellbird abundance. They 

suggested that bellbird density may have been too low to detect a change in pollination rates. Here, 

bellbird population has increased significantly over the last 40 years, apparently in response to successive 

stoat control programmes and it is now around 3.4 bellbirds per 5-minute bird count (summer 2020) 

compared to 1.8 per summer count in 1978-82. This suggests that pollination service should be improving 

at Craigieburn with a growing bellbird population and stable silvereye population.  

In contrast, I identified a marked decline of some insectivorous endemic bird species including brown 

creeper, rifleman and grey warbler. The absence of studies focusing on contributions of native 

insectivorous bird to provision of ecosystem services is preventing the assessment of potential 

consequences of insectivorous bird loss on ecosystem functioning. Declines in brown creeper populations 

could also affect long-tailed cuckoos because the cuckoo is a brood parasite that relies on just two species 

as hosts: brown creeper and its now-rare congener the yellowhead (Mohoua ochrocephala) (Robertson 

et al. 2001). Yellowhead, which is only present in the South Island, is declining and has disappeared from 

most of its former range (Robertson et al. 2007; Innes et al. 2010). In the absence of yellowhead, this 

documented decline in brown creeper numbers seems likely to lead to a population decline in the long-

tailed cuckoo. 

In conclusion, long-term bird population responses to pest management programmes varied among 

both native and exotic species at Craigieburn Forest Park. These results suggest that stoat control 

programmes have benefited bellbird and, to some extent, rifleman and tomtit. However, the recent 

establishment of ship rat is very likely to be putting new predation and competition pressure on local birds 

which could lead to potential bird species declines unless ship rat management programmes are put in 

place. This study clearly demonstrate that endemic species not perceived to be threatened may still need 

attention because their population could lack resilience against unpredictable events. Therefore, the 

maintenance of regular bird surveys combined with pest control data can provide key information to 

improve pest management initiatives especially for long-term programmes such as the Predator-Free New 

Zealand 2050 campaign (Owens 2017). 
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View of Arthur’s Pass National Park from Andrews Valley Track May 2019 
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Role of exotic and native species in New Zealand ecosystem services 

In this thesis, I investigated the effects of land use and adjacent land cover on biodiversity and 

ecosystem services. Three of my chapters were focused on regulating services: biotic resistance (chapter 

2), insect pest control (chapter 3) and pollination (chapter 4). Chapter 5 provided complementary 

information about long-term bird population responses to intermittent mammal pest control. This final 

chapter is a discussion and synthesis of the different roles of exotic and native biodiversity in the provision 

of ecosystem services in New Zealand based on my research and on relevant previous studies. 

Are exotic plant species detrimental to ecosystems? 

More than half of New Zealand’s land area has been converted into land uses based on exotic species, 

mainly for primary production (e.g., food, timber) (Craig et al. 2000; Fetzel et al. 2014). Although native 

plant species were valued by Maori and early European settlers for various uses (including food, fibre, 

timber, and medicine) (Brooker et al. 1989; Crowe 1990), most of the current primary production for 

timber and food is generated by exotic plant species such as pine trees for timber or various graminoid 

species for food provision to human and livestock (Fetzel et al. 2014). The widespread reliance of New 

Zealand industry on exotic plants suggest that the provision service from exotic plants may be more 

suitable to the present market demand and practice (e.g., high yield, fast growing) than native plants 

which are typically slower growing. For instance, fast-growing pine species (especially Pinus radiata) are 

mainly used in the forestry industry instead of native tree species despite natives having good quality 

wood like Kauri (Agathis australis) or beech (Nothofagaeae) (Olson 2003; Steward & Beveridge 2010). The 

low interest in native forest management is partly related to the relatively slow growth of native tree 

species. For instance, a mature Kauri tree can be harvested after about 150 years and beech tree after 80 

years (Olson 2003; Steward & Beveridge 2010) whereas Pinus radiata is merchantable after 25-30 years 

(Brockerhoff et al. 2001).  

The intense and rapid land use change had a strong negative impact on native fauna but also weakened 

the biotic resistance of natural habitats (Kelly & Sullivan 2010). Forest proximity to exotic land uses 

increases exotic plant species establishment as high propagule pressure can facilitate species 

establishment (Wiser & Allen 2006; Iannone III et al. 2015). Among the 1,798 naturalised and 1043 casual 

plant species in New Zealand, more than 314 are considered as environmental weeds (Brandt et al. 2020). 

These species are known for their rapid spread and impacts on native species and ecosystem processes 

(Howell 2008). For instance, old man’s beard (Clematis vitalba) is known to damage regenerating native 

forest and occasionally also exotic forest by forming a dense canopy and limiting other plant species’ 

growth (Gourlay et al. 2000). High native tree diversity and the presence of mature trees can increase the 

resistance of native forests to exotic plant invasion as they monopolise resources (e.g., space, light) 

(Chapter 2, Iannone III et al. 2018) . When comparing the 207 exotic species found in the LUCAS dataset 

with the data of Brandt et al. (2020), 72 species found in LUCAS plots are classified as environmental 

weeds. The most common environmental weeds were herbaceous exotics associated with open or 

disturbed habitats, with the three most common (Holcus lanatus, Cirsium vulgare, and Lotus 

pedunculatus) each present in up to 75 plots out of the total of 949 plots I studied. These species may 

benefit from small gaps in the canopy or the proximity to the forest edge where propagule pressure of 
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open-habitat species is greater (Wiser et al. 1998; Sullivan et al. 2005). Shade-tolerant species have a 

greater potential to invade native forest (Martin et al. 2009) and thus their presence in some plots is a 

source of concern. For instance, sycamore (Acer pseudoplatanus) and Douglas fir (Pseudotsuga menziesii) 

are shade-tolerant tree species which can invade disturbed native forest and shrubland and modify forest 

structure (Ledgard 2002; Williams 2011); sycamore and Douglas fir were found in three of the LUCAS plots 

I analysed. 

In my study native forest plots with more adjacent exotic grassland and forest had higher exotic plant 

richness, showing that the adjoining exotic vegetation may reduce biotic resistance (Chapter 2, Wiser & 

Allen, 2006). Studies suggested that exotic forest may benefit to native biodiversity by providing 

alternative resources (e.g., shelter, food, nutrients) (Brockerhoff et al. 2008a). For instance, native plant 

species were found growing in pine forest understory (Brockerhoff et al. 2003). Other exotic plant species 

may benefit to native biodiversity such as gorse (Ulex europaeus) or broom (Cytisus scoparius) which are 

exotic shrubs commonly found invading open habitats (Syrett 2000; Rees & Hill 2001). Although gorse and 

broom are listed as environmental weeds, these species may contribute to native forest regeneration 

(Caldwell 2006). For instance, the native forest has been restored at Hinewai reserve using gorse as a 

nurse plant (Wilson et al. 2017). Native fauna was also observed in exotic forests like bird species 

(Barnagaud et al. 2014) or ground beetles for which it is sometimes the only suitable habitat (Brockerhoff 

et al. 2005; Pawson et al. 2010). I also found that native bird pollinators like bellbird (Anthornis melanura) 

and insectivorous birds (e.g., fantail, Rhipidura fuliginosa; grey warbler, Gerygone igata) are common in 

exotic forest which may contribute to ecosystem services like insect pest control or pollination within the 

forest and in adjacent land uses, although the effects are not always clear (Chapter 3 and 4).  

Do exotic bird species contribute to ecosystem services? 

In New Zealand, about 133 bird species were self-introduced or introduced by European settlers for 

various reasons such as having familiar birds in the new home, pest control (e.g., against rodents, weeds) 

or for food (Green 1997). Now 37 including 21 human-introduced species are fully established (Green 

1997; Robertson et al. 2017) with some commonly found across New Zealand. For example, the Eurasian 

blackbird (Turdus merula) and chaffinch (Fringilla coelebs) are found in most native forests and were the 

two most widespread bird species in New Zealand in the 2007 bird atlas (Robertson et al. 2007). In my 

studies, silvereye (Zosterops lateralis) and bellbird were the most common native birds, but many of the 

most common birds were blackbird and exotic finches including goldfinch (Carduelis carduelis), redpoll 

(Carduelis flammea), chaffinch, greenfinch (Carduelis chloris). In Chapter 3 six of the ten most common 

bird species were exotic, and Chapter 4, eight of ten were exotic which reflects the large number of 

grassland sites. In Chapter 5, five exotic species were among the ten most common bird species found at 

Craigieburn Forest Park. Exotic birds were shown to have limited direct impact on native bird species as 

they can be outcompeted and suppressed by natives once the predation pressure on natives from 

introduced mammals is removed (e.g., Miskelly, 2018). However, exotic birds can influence the structure 

of plant-bird or predator-prey relationships which may either contribute to different ecosystem services 

such as seed dispersal, pest management and pollination, or limit them (Kelly et al. 2010; Barbaro et al. 

2012; García et al. 2014). Blackbird and song thrush (Turdus philomelos) are known to feed on fruits of 
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native plants and thus contribute to seed dispersal (Kelly et al. 2006; Kelly et al. 2010; MacFarlane et al. 

2016), especially in human-disturbed land (García et al. 2014). However, exotic birds also consume fruits 

of exotic plants more often than native birds which facilitates exotic plant invasions (Timmins & Williams 

1991; Wotton & McAlpine 2015; MacFarlane et al. 2016). For instance, Crataegus monogyna and Berberis 

glaucocarpa, two exotic woody species which are problem weeds, benefit from seed dispersal by exotic 

birds (Timmins & Williams 1991; MacFarlane et al. 2016). These two species were present in 8 and 7 plots 

respectively, of the LUCAS data showing their ability to invade native forest. The presence of species that 

occasionally feed on fruits like blackbird or song thrush in native forest may thus reduce native forest 

resistance to plant invasions.  

Most exotic species are predominantly found in human-disturbed habitats like cities or pastoral lands 

(Robertson et al. 2007; Barnagaud et al. 2014; Wotton & McAlpine 2015). However, after performing bird 

counts across Canterbury, I recorded more exotic bird species in native forest than I expected (Chapter 3, 

4 and 5). Some could be described as occasional visitors such as finches (e.g., goldfinch, greenfinch, 

Carduelis chloris) which were more commonly seen in Craigieburn forest during a high-seed year of beech, 

while others are permanent residents like blackbird, chaffinch, song thrush or dunnock (Prunella 

modularis). The presence of large flocks of granivorous species in beech forests can be a concern as they 

may increase the predation pressure on native plants and invertebrates. However, they may also compete 

with rodents for food potentially limiting rodent population growth which would limit their impact on 

native birds. Although granivorous species are perceived as pests associated with crop damage (Coleman 

& Spurr 2001), these exotic birds may contribute to the pest management service as seed and insect 

predators (Barbaro et al. 2012). Relatively few exotic birds have been observed visiting the flowers of 

native plants, including starling (Sturnus vulgaris), blackbird and house sparrow (Passer domesticus) (Kelly 

et al. 2006; Kelly et al. 2010; Pattemore & Wilcove 2012). During my field experiments on the pollination 

of harakeke (Phormium tenax), I had rare sightings of starlings visiting harakeke flowers whereas bellbird 

(Anthornis melanura) and silvereye (Zosterops lateralis) were common visitors (Chapter 4). The diversity 

and abundance of native New Zealand bird pollinators has been greatly reduced and only silvereye (a 

recently naturalised species) can be found across most land uses in New Zealand (Robertson et al. 2007; 

Kelly et al. 2010). Although silvereye can compensate for native pollinator loss in some areas (Pattemore 

& Wilcove 2012), they do not do so on larger flowers (Anderson et al. 2011), and there is less evidence 

that exotic birds could provide a pollination service as efficient or reliable as native birds (Kelly et al. 2006). 

More studies investigating pollination services provided by exotic birds in human-disturbed habitats could 

provide valuable information about the role of exotic birds in New Zealand ecosystems.  

Future of New Zealand ecosystem services 

Pollination service  

The pollination service provided by birds in New Zealand was shown to have been greatly impacted by 

the loss of native birds (Kelly et al. 2005; Kelly et al. 2006; Kelly et al. 2010). Several studies have 

documented the negative cascading effects of bird declines on ecosystem services and native plants 

(Anderson 2003; Anderson et al. 2011). For instance, Anderson et al. (2011) showed that Rhabdothamnus 

solandri is suffering from pollen limitation on the mainland when bird pollinator density and diversity is 
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lower than on predator free islands. Apart from silvereye, no native bird pollinators cover the entire 

country: some species are restricted to a few pest-free sanctuaries (particularly hihi or stitchbird, 

Notiomystis cincta) (Salvador et al. 2019) while the more common ones have range gaps (Robertson et al. 

2007; Walker & Monks 2018). For instance, tui (Prosthemadera novaeseelandiae) is uncommon in the 

eastern South Island, whereas bellbird is largely absent on the North Island north of Hamilton (Walker & 

Monks 2018).  

The various ongoing conservation programmes involving mammal predator control and individual 

translocation or reintroduction may contribute to the restoration of good levels of pollination service 

within the next decades (e.g., Iles & Kelly, 2014)  . Chapter 5 provides a good example of how some bird 

species can quickly respond to mammal pest control with bellbird population showing regular increases 

during the three periods of bird counts at Craigieburn Forest Park. This is also true the other way around 

with rapid bird population declines due to the absence of mammal predator control or other events (e.g., 

low winter temperature, arrival of ship rats). Some native birds are also present in exotic forest which 

suggests that exotic forest such as pine plantations may provide alternative habitat to birds and may 

improve connectivity between forest remnants (Deconchat et al. 2009). In addition, the aim of extending 

forest cover may allow native birds to recolonise areas where they are not currently present, 

reintroducing or improving ecosystem functions and services. The increasing distribution range of tui in 

Canterbury is also very encouraging. Tui were very common on Banks Peninsula in the 1940s (Dawson & 

Cresswell 1949) but had disappeared from the peninsula by the end of the century. After being 

reintroduced in Hinewai reserve on Banks Peninsula in 2009-10 (Molles 2010), tui are now occasionally 

observed once again on the Port Hills (about 40 km in a straight line from Hinewai) which may provide 

complementary pollination and seed dispersal services once fully established in the area. However, strong 

efforts need to be maintained in order to allow these bird species to increase their population and 

disperse to areas where they used to occur. Ecosystem services provided by birds rely mainly on bird 

abundance (Gaston et al. 2018) which means that programmes on mammal predator control need to be 

sustained over long periods of time despite this being expensive. The role of exotic forest for native birds 

is interesting as it raises the question whether extending exotic forest can benefit to native bird population 

recovery and dispersion and whether mammal predator control should be done in exotic forest to boost 

the population of local native birds. 

Pest control 

Although the contribution of birds to insect pest control is well documented in the Northern 

hemisphere (Mäntylä et al. 2011; Giffard et al. 2012) and in topical forest (Posa et al. 2007; Philpott et al. 

2009), only one study has been done in New Zealand (Barbaro et al. 2012). Barbaro et al. (2012) showed 

how both native and exotic birds may contribute to the regulation of insect populations. When 

investigating land use effects on bird predation of artificial caterpillars, I found a very low ‘predation’ rate 

(Chapter 3). The use of artificial caterpillars seems to have limits when measuring predation rates by birds 

in my study, which may be linked to the low bird density, a lack of realism or a mismatch with some birds’ 

feeding behaviour (e.g., fantail, Rhipidura fuliginosa, mainly feeds on flying insects) (Chapter 3, Lövei & 

Ferrante, 2017). The use of live prey could be an alternative to measure bird predation (Mäntylä et al. 



Chapter 6: General discussion 

88 
 

2008a; Camacho & Avilés 2019). Studying this ecosystem service is also challenging as most feeding 

activities in forest may happen in the upper canopy where it is difficult to access (Chapter 3).  

By combining knowledge for various bird species on their diet, feeding behaviour, abundance and 

distribution, we can speculate that insect pest control is not at risk despite the decline of some 

insectivorous native birds (e.g., rifleman, brown creeper) (Chapter 5, Walker & Monks, 2018). Exotic birds 

are widespread in New Zealand and can be found in both native and exotic land uses which may contribute 

to the regulation of insect populations (Robertson et al. 2007; Barnagaud et al. 2014). Although native 

birds are less common and less abundant in more modified land uses, exotic birds are more common 

there (Barnagaud et al. 2014; Wotton & McAlpine 2015), and both groups of birds include many 

insectivorous species. Higher predation rate was measured at forest edges and was related to higher 

density and diversity of both native and exotic birds and higher foraging intensity (Barbaro et al. 2012). In 

addition, insect predators and introduced mammals may also contribute to insect control services 

(Chapter 3; King, 1983; Miller & Webb, 2001). However, exotic species present different foraging 

behaviour compared to native birds or insect predators (e.g., with large number of exotic birds foraging 

in the same area at the same time). Such behaviour may interfere with the prey-predator relationship and 

thus, could threaten native invertebrates. Invertebrate populations of native beech forest are possibly 

threatened by the high predation pressure from introduced wasps (Vespula spp.) and mammals (e.g., rats, 

mice) (Alley et al. 2001; Beggs 2001). Little is known about the biological status of invertebrate species 

apart from a few emblematic species like wētā (Anostostomatidae, Rhaphidophoridae) (White et al. 2017) 

or exotic pest species and their biocontrol agents (Brockerhoff et al. 2010; Goldson et al. 2020) 

(Brockerhoff et al. 2006; Goldson et al. 2020). In my study, predation pressure on artificial caterpillars by 

insect predators was higher than by birds but the absence of information about the invertebrate 

community at each land use site prevented me from identifying relationships between land use and insect 

predator populations (Chapter 3). Further investigation on the effects of land use on invertebrate 

communities would be a valuable contribution to the New Zealand knowledge as insects can provide many 

other ecosystem services such as food provision, nutrient cycling, and pollination (Rader et al. 2014; 

Noriega et al. 2018).  

Final remarks 

In conclusion, in my dissertation studies, I showed how each land use and adjacent land cover types 

can influence ecosystem services provided by local biodiversity. Bird community structure and abundance 

were strongly influenced by native and exotic forest suggesting that maintaining forest patches nearby 

exotic grassland could improve ecosystem services by favouring greater bird biodiversity. The presence of 

native birds in exotic forest suggests that exotic forest has the potential to favour native bird recovery but 

that programmes on mammal predator control should be run in managed plantation or private lands to 

ensure successful bird population increases. Adjacent land cover types had a strong influence on 

ecosystem services as they can contribute to habitat connectivity and allow species to move in new areas 

and exploit larger range of resources. This has both positive and negative effects. It can not only benefit 

native species which often provide beneficial ecosystem services, but also benefit exotic weedy species 

which would potentially reduce the biotic resistance of natural habitats and lead to negative impacts on 
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native biodiversity. The availability of widespread biodiversity monitoring maintained over long periods is 

valuable when investigating ecological processes at different scales especially when combined with 

landscape and environmental data, as monitoring can reveal gradual changes in species composition 

which can have potential downstream effects on ecosystem services. 
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Table S2.1 Summary of the land cover classes from the Land Cover Data based 

version 5 (LCDBv5) with the new cover classes. 

New cover classes Acronyms LCDBv5 cover classes 

Disturbed lands Dist Built-up Area (settlement) 

  Surface Mine or Dump 

  Transport Infrastructure 

Exotic grasslands EG Depleted Grassland 

  High Producing Exotic Grassland 

  Low Producing Grassland 

  Orchard, Vineyard or other Perennial Crop 

  Short-rotation Cropland 

  Urban Parkland/Open Space 

Exotic woody EW Deciduous Hardwoods 

  Exotic Forest 

  Forest - Harvested 

  Gorse and/or Broom 

  Mixed Exotic Shrubland 

Native grassland NG Alpine Grass/Herbfield 

  Fernland 

  Flaxland 

  Herbaceous Freshwater Vegetation 

  Herbaceous Saline Vegetation 

  Tall Tussock Grassland 

Non-vegetated lands  Nn_veg Estuarine Open Water 

  Gravel or Rock 

  Lake or Pond 

  Landslide 

  Permanent Snow and Ice 

  River 

  Sand or Gravel 

Native woody NW Broadleaved Indigenous Hardwoods 

  Indigenous Forest 

  Mangrove 

  Manuka and/or Kanuka 

  Matagouri or Grey Scrub 

   Sub Alpine Shrubland 
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Table S2.2 Spatial scale groups composition with number of groups per spatial 

scale, range and mean number of plot per group. 

Scale grid No Cluster Range No Plots Mean No Plots 

8x8 km (20m2) 949 1 - 

16x16 km 500 1 to 6 1.898 

32x32 km 223 1 to 15 4.256 

64x64 km 92 1 to 43 10.32 

128x128 km 38 1 to 116 24.97 

Table S2.3 Variables used in generalised additive models with their descriptions. 

Variable Description 

Native_All All native richness 

Exotic_T6 Exotic richness at tier 6 (<30 cm height) 

Native_T123 Native richness at tier 1, 2, 3 (>5 m height) 

Native_T6 Native richness at tier 6 (<30 cm height) 

Temp_Annua Annual mean temperature (°C) 

MeanTemp Mean of annual mean temperature 

sqrtTemp Annual mean temperature heterogeneity  

RAIN_Annua Annual total rainfall (mm) 

MeanRain Mean of annual total rainfall 

sqrtRain Annual total rainfall heterogeneity  

EG1000 Proportion of exotic grasslands at 1km radius  

MeanEG1000 Mean proportion of exotic grasslands at 1km radius  

EW1000 Proportion of exotic woody cover at 1km radius  

BA Tree basal area (m2/ha) 

MeanBA Mean tree basal area (m2/ha) 

NativeT6_cover Native species at tier 6 ground cover  

MeanNT6_cover Mean native species at tier 6 ground cover  

NoPlot Number of plots per spatial group scale 

 

Table S2.4 Numerical output of generalized additive model testing the effect of native species richness 

stratification on exotic ground richness at plot scale with model 1: all native richness and 2: native tree and 

ground richness. Percentage of deviance explained (D2). 

Model AIC D2 (%) Smooth term edf Ref.df Chi2 P 

1 2240.258 37.9 s(Native_All) 4.525 5.591 50.89 3.03E-09 

   s(Temp_Annua) 2.93 3.647 12.07 0.01342 

   s(RAIN_Annua) 2.735 3.446 95.32 < 2e-16 

   s(EG1000) 1.166 1.312 37.98 4.33E-09 

   s(EW1000) 2.96 3.694 12.94 0.00792 

2 2161.069 45.8 s(Native_T123) 2.898 3.655 74.94 4.50E-15 

   s(Native_T6) 2.602 3.341 115.89 < 2e-16 

   s(Temp_Annua) 1.455 1.698 44.15 1.81E-07 

   s(RAIN_Annua) 2.505 3.165 97.38 < 2e-16 

   s(EG1000) 1.866 2.321 24.92 1.04E-05 

      s(EW1000) 1.001 1.002 17 3.79E-05 
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Table S2.5 Numerical output of generalized additive models testing the effect of spatial scale on native tree-exotic 

ground richness relationship. Percentage of deviance explained (D2). 

Grid scale AIC D2 Smooth term edf Ref.df Chi2 P 

8 km 2271.819 34 s(Native_T123) 2.066 2.626 21.18 8.79E-05 

   s(Temp_Annua) 1.001 1.002 28.59 9.08E-08 

   s(RAIN_Annua) 2.835 3.564 42.5 1.39E-08 

   s(EG1000) 3.348 4.142 27.32 2.28E-05 

   s(EW1000) 3.577 4.419 13.96 0.0102 

32 km 1169.121 22.7 s(Native_T123) 1.001 1.001 1.111 0.292024 

   s(MeanTemp) 1.296 1.54 10.183 0.003436 

   s(MeanRain) 1.002 1.004 14.418 0.000149 

   s(MeanEG1000) 2.179 2.73 14.996 0.00203 

   s(MeanEW1000) 1 1 1.868 0.171674 

   s(NoPlot) 2.027 2.559 14.744 0.001496 

128 km 280.4094 68.9 s(Native_T123) 1.733 1.918 9.033 0.0283 

   s(MeanEG1000) 4.882 5.825 46.731 3.24E-08 

   s(NoPlot) 1 1 3.113 0.0777 

128 km 282.2773 69.1 s(Native_T123) 1.567 1.796 6.651 0.0773 

   s(MeanRain) 1 1 0.369 0.5436 

   s(MeanEG1000) 4.99 5.952 36.402 2.78E-06 

   s(NoPlot) 1 1 2.403 0.1211 

 

Table S2.6 Numerical output of generalized additive model testing the effect of spatial scale on native tree-exotic 

ground richness relationship when considering interspecific competition. Percentage of deviance explained (D2). 

Grid scale AIC D2  Smooth term edf Ref.df Chi2 P 

8 km 2169.421 46.9 s(Native_T123) 1 1.001 9.717 0.001832 

   s(BA) 7.146 8.193 94.46 < 2e-16 

   s(NativeT6_cover) 5.521 6.696 29.753 9.73E-05 

   s(Temp_Annua) 1.001 1.001 11.239 0.000803 

   s(RAIN_Annua) 2.716 3.42 57.327 1.11E-11 

   s(EG1000) 3.182 3.937 24.168 6.28E-05 

32 km 1149.266 32 s(Native_T123) 1 1.001 0.007 0.93346 

   s(MeanBA) 1.743 2.222 23.654 2.02E-05 

   s(MeanNT6_cover) 2.337 2.94 4.881 0.14631 

   s(MeanTemp) 1.789 2.264 5.282 0.0948 

   s(MeanRain) 1.002 1.004 10.403 0.00127 

   s(MeanEG1000) 2.245 2.806 10.647 0.01613 

   s(NoPlot) 2.011 2.536 12.642 0.00384 

128 km 281.8996 71.3 s(Native_T123) 1.602 1.826 7.124 0.0647 

   s(MeanBA) 1 1 1.711 0.191 

   s(MeanRain) 1 1 0.671 0.4127 

   s(MeanEG1000) 5.14 6.125 36.147 3.21E-06 

   s(NoPlot) 1 1 2.165 0.1412 

128 km 280.3670 70.7 s(Native_T123) 1.776 1.94 10.136 0.0164 

   s(MeanBA) 1 1 1.59 0.2074 

   s(MeanEG1000) 4.971 5.931 41.269 2.46E-07 

   s(NoPlot) 1 1 3.037 0.0814 
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Table S2.7 Generalized additive models testing the effect of spatial scale on native tree-exotic ground richness 

relationship when considering climatic conditions heterogeneity. Percentage of deviance explained (D2). 

Grid scale AIC D2 Smooth term edf Ref.df Chi2 P 

16 km 1789.160 29.2 s(Native_T123) 1.876 1.984 11.879 0.004703 

   s(MeanTemp) 1 1 15.086 0.000103 

   s(MeanRain) 1.619 1.853 41.764 5.19E-09 

   s(sqrtRain) 3.159 3.948 9.473 0.05949 

   s(sqrtTemp) 1 1 0.425 0.514637 

   s(MeanEG1000) 2.414 2.98 16.034 0.00121 

   s(MeanEW1000) 1 1.001 5.821 0.015845 

   s(NoPlot) 1 1 9.231 0.002382 

32 km 1157.813 27.9 s(Native_T123) 1.001 1.003 1.575 0.209698 

   s(MeanTemp) 2.044 2.6 18.183 0.000341 

   s(MeanRain) 2.08 2.629 31.185 8.22E-07 

   s(sqrtRain) 1 1 12.095 0.000506 

   s(MeanEG1000) 2.04 2.558 10.655 0.012135 

   s(NoPlot) 2.008 2.532 12.236 0.004624 

128 km 283.0267 68.2 s(Native_T123) 1.633 1.853 4.94 0.0427 

   s(MeanEG1000) 4.755 5.671 44.383 9.45E-08 

   s(sqrtRain) 1 1 0.109 0.7419 

   s(NoPlot) 1 1 1.971 0.1604 

128 km 281.9645 67.9 s(Native_T123) 1.421 1.651 3.802 0.186 

   s(MeanEG1000) 4.42 5.247 43.767 5.67E-08 

   s(sqrtTemp) 1 1 2.648 0.104 

   s(NoPlot) 1 1 2.11 0.146 
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Table S2.8 List of the fifty first common native plant species at tier 6 across 949 plots from the 

national vegetation survey in 2002-2007.  

Plant species names Growth form Number of Plots 

Griselinia littoralis Tree 593 

Notogrammitis billardierei Fern 540 

Blechnum discolor Fern 524 

Weinmannia racemosa Tree 510 

Pseudopanax crassifolius Tree 470 

Coprosma foetidissima Tree 459 

Carpodetus serratus Tree 422 

Dicksonia squarrosa Treefern 417 

Carex uncinata Graminoid 414 

Microlaena avenacea Graminoid 409 

Prumnopitys ferruginea Tree 406 

Hymenophyllum demissum Fern 399 

Blechnum fluviatile Fern 393 

Pseudowintera colorata Tree 391 

Cyathea smithii Treefern 384 

Lophozonia menziesii Tree 379 

Coprosma rhamnoides Shrub 377 

Raukaua simplex Tree 374 

Myrsine divaricata Tree 361 

Blechnum procerum Fern 354 

Nertera villosa SubShrub 349 

Ripogonum scandens Vine 347 

Hedycarya arborea Tree 338 

Metrosideros diffusa Vine 325 

Blechnum novae-zelandiae Fern 319 

Podocarpus laetus Tree 317 

Melicytus ramiflorus Tree 314 

Asplenium flaccidum Fern 310 

Hymenophyllum multifidum Fern 292 

Coprosma colensoi Shrub 287 

Dacrydium cupressinum Tree 285 

Leucopogon fasciculatus Shrub 284 

Rubus cissoides SubShrub 284 

Asplenium bulbiferum Fern 279 

Myrsine australis Tree 275 

Microsorum pustulatum Fern 268 

Polystichum vestitum Fern 255 

Coprosma lucida Tree 252 

Nertera depressa SubShrub 248 

Coprosma grandifolia Tree 246 

Histiopteris incisa Fern 246 

Schefflera digitata Tree 242 

Clematis paniculata Vine 229 

Hymenophyllum revolutum Fern 229 

Cyathea dealbata Treefern 223 

Fuscospora fusca Tree 220 
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Coprosma ciliata Shrub 219 

Leptopteris hymenophylloides Fern 215 

Pseudopanax colensoi Tree 214 

Corybas trilobus Forb 211 

 
 

Table S2.9 List of exotic plant species at tier 6 present in at least 10 plots across 949 from the 

national vegetation survey in 2002-2007. 

Plant species names Growth form Number of Plots 

Mycelis muralis Forb 103 

Anthoxanthum odoratum Graminoid 65 

Hypochaeris radicata Forb 57 

Holcus lanatus Graminoid 55 

Cirsium vulgare Forb 52 

Lotus pedunculatus Forb 51 

Urtica incisa Forb 51 

Digitalis purpurea Forb 49 

Agrostis capillaris Graminoid 45 

Jacobaea vulgaris Forb 44 

Prunella vulgaris Forb 35 

Trifolium repens Forb 30 

Cerastium fontanum Forb 28 

Dactylis glomerata Graminoid 28 

Crepis capillaris Forb 27 

Conyza albida Forb 24 

Ranunculus repens Forb 22 

Pilosella officinarum Forb 21 

Ulex europaeus Shrub 20 

Taraxacum officinale Forb 19 

Plantago lanceolata Forb 16 

Galium aparine Forb 15 

Hieracium lepidulum Forb 15 

Juncus gregiflorus Graminoid 14 

Juncus effusus Graminoid 13 

Rubus fruticosus SubShrub 12 

Cirsium palustre Forb 11 

Stellaria media Forb 11 

Ageratina riparia SubShrub 10 
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Table S3.2 R outputs testing goodness of fit of bird species, proportion of adjacent land cover 

types at 500, 1000 and 5000 m radii on NMDS projection of sites based on bird community 

composition using “envfit” function from vegan package with 999 randomised permutations. 

In bolt, significant relationship.  

Vectors NMDS1 NMDS2 r2 P-value 

Land cover     

EG500 -0.85472 -0.51909 0.4842 0.001 

EW500 0.89532 -0.44543 0.1835 0.031 

NW500 0.41615 0.9093 0.3367 0.003 

Woody500 0.85969 0.51082 0.4679 0.001 

NG500 0.30274 0.95307 0.0708 0.334 

Dist500 0.49974 -0.86618 0.0397 0.537 

Nn_veg500 0.94472 0.32788 0.0267 0.695 

EG1000 -0.71718 -0.69688 0.6101 0.001 

EW1000 0.99895 0.04578 0.2095 0.028 

NW1000 0.42528 0.90506 0.3966 0.002 

Woody1000 0.70966 0.70454 0.5980 0.001 

NG1000 0.92302 0.38476 0.083 0.246 

Dist1000 0.37948 -0.9252 0.0495 0.446 

Nn_veg1000 0.88592 0.46383 0.0125 0.82 

EG5000 -0.67559 -0.73728 0.523 0.001 

EW5000 0.66972 0.74261 0.0807 0.287 

NW5000 0.6098 0.79256 0.2365 0.016 

Woody5000 0.62650 0.77942 0.4729 0.001 

NG5000 0.68881 0.72494 0.0539 0.401 

Dist5000 0.69492 0.71909 0.026 0.676 

Nn_veg5000 -0.31195 -0.9501 0.1168 0.148 

Cluster - - 0.1672 0.361 

Land use - - 0.3121 0.001 

Bird species     

Bellbird 0.44446 0.8958 0.1615 0.053 

Blackbird 0.83266 -0.55378 0.0494 0.463 

Chaffinch 0.82813 -0.56053 0.1749 0.047 

Dunnock 0.17177 0.98514 0.032 0.627 

Fantail 0.76636 -0.64241 0.231 0.022 

Golfinch -0.38659 0.92225 0.1204 0.155 

Greenfinch -0.87234 0.4889 0.0616 0.373 

Grey warbler 0.41431 -0.91013 0.3029 0.011 

Harrier -0.92358 0.3834 0.1279 0.141 

Magpie -0.59487 -0.80382 0.5432 0.001 

Paradise shelduck -0.93442 -0.35616 0.4277 0.001 

NZ pigeon 0.38251 0.92395 0.131 0.097 

Spur-winged plover -0.94249 -0.33422 0.2906 0.007 

Redpoll -0.06209 0.99807 0.1735 0.049 

Silvereye 0.4049 0.91436 0.3439 0.001 

House sparrow -0.9825 -0.18628 0.3116 0.006 
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Starling -0.77812 0.62811 0.0738 0.303 

Tomtit 0.9833 0.18201 0.0932 0.193 

Yellowhammer -0.90976 -0.41514 0.2901 0.008 

 

 

 

Fig. S3.1 PCA analysis including all adjacent land cover types at different radii (200, 500, 1000 

and 5000 m), mean number of insectivorous birds (MB inst), bird richness (Rmax_All) in black.  

In blue, predation rate included as a supplementary variable but do not contribute to PCA 

projections. 
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Table S3.3 Selection of five best models ran for three response variables associated with 

predation rate (all predators, bird, insect), one response variable from the supplementary 

experiment (Bamboo: bird predation rate) and one predicting abundance of insectivorous birds 

with fixed effects, AICc values and delta AICc. Adjacent land cover types correspond to EW (exotic 

woody), NW (native woody), EG (exotic grassland) at different radii (200, 500, 1000, 5000 m). 

MeanBirds corresponds to mean number of primary and secondary insectivorous bird species 

per 5-minute bird count per site. Height corresponds to artificial caterpillars exposed at 0.3, 2, 4 

and 6 m with 4 and 6 m only available for bamboo experiment. 

Response variable Fixed effect AICc delta 

All predators Height 730.57 0 

 Height + Woody500 731.94 1.376 

 Height + EW1000 732.15 1.583 

 Height + NW1000 732.37 1.801 

 Height + Woody500 + Land use 732.53 1.962 

Bird NW1000 250.41 0 

 (null) 251.2 0.798 

 Height + NW1000 251.81 1.405 

 EW1000 + NW1000 252.18 1.774 

 Height + NW500 252.6 2.197 

Insect Land use +Woody500 537.66 0 

 Land use + EG500 538.17 0.508 

 Height + Woody500 + Land use 539.35 1.691 

 Height + EG500 + Land use 539.86 2.2 

 Height + EW1000 + Land use 541.04 3.381 

Bamboo: Bird 1 95.51 0 

 Height 98.04 2.53 

 Height + MB.inst 99.22 3.709 

 Height + Landuse + NW1000 + MB.inst 99.26 3.755 

 Height + NW1000 + MB.inst 99.54 4.035 

Insectivorous birds Land use 751.8 0 

 Land use + NW1000 752.7 0.86 

 Land use + NW500 753.7 1.87 

 Land use + EG1000 754.0 2.19 

 Land use + Woody500  2.20 
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Table S4.1 Goodness of fit of bird species, proportion of adjacent land cover types at 

200, 500, 1000 and 5000 radii, elevation and coordinates as vectors and cluster (the 

Foot Hills, the Canterbury Plains and the Port Hills) on non-metric multidimensional 

scaling (NMDS) projection of sites based on bird community composition using the 

“envfit” function from the vegan package with 999 randomised permutations. In 

bolt, significant relationship.  

Vector NMDS1 NMDS2 r2 P 

Bird species     

Bellbird -0.18259 0.98319 0.0172 0.923 

Eurasian blackbird 0.78623 -0.61794 0.4033 0.119 

Chaffinch 0.90364 -0.42828 0.4724 0.08 

Dunnock -0.57981 -0.81475 0.2778 0.282 

New Zealand fantail 0.9014 -0.43299 0.8887 0.001 

European goldfinch 0.90306 0.42952 0.4251 0.123 

European greenfinch 0.83118 -0.556 0.5668 0.033 

Grey warbler -0.1519 0.9884 0.5726 0.034 

Australasian magpie -0.44811 -0.89398 0.4758 0.092 

Common Redpoll 0.32782 -0.94474 0.1354 0.556 

Silvereye -0.23146 0.97284 0.2726 0.286 

Eurasian skylark -0.96215 -0.27251 0.7276 0.005 

Song thrush 0.68213 0.73123 0.437 0.096 

Common starling 0.9973 -0.07341 0.3738 0.192 

Yellowhammer -0.49436 0.86926 0.7171 0.007 

House sparrow 0.02829 -0.9996 0.7341 0.003 

Welcome swallow -0.48976 0.87185 0.876 0.003 

Common pheasant -0.47453 -0.88024 0.1621 0.501 

Pukeko 0.35844 0.93355 0.2974 0.285 

Other site variables     

EG200 -0.82925 0.55888 0.14 0.554 

EW200 0.98582 -0.16781 0.22 0.378 

NW200 -0.92011 -0.39166 0.08 0.738 

Woody200 0.9205 -0.39075 0.11 0.621 

EG500 -0.83273 0.55367 0.14 0.544 

EW500 0.94146 -0.33711 0.48 0.064 

NW500 -0.98407 0.17776 0.26 0.326 

Woody500 0.87977 -0.47541 0.11 0.617 

EG1000 -0.6058 0.79562 0.06 0.757 

EW1000 0.89026 -0.45545 0.37 0.155 

NW1000 -0.98725 0.15916 0.31 0.236 

Woody1000 0.42275 -0.90625 0.03 0.845 

EG5000 -0.86719 -0.49798 0.20 0.392 

EW5000 0.95053 0.31065 0.37 0.136 

NW5000 -0.6411 0.76746 0.59 0.027 

Woody5000 0.17642 0.98432 0.27 0.259 

Cluster (factor) - - 0.34 0.108 
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Table S4.2 Models predicting all pollinators (bellbird, silvereye and starling) or bellbird 

alone from the proportion of adjacent land cover types (woody including native and 

woody vegetation, exotic woody: EW). Only models with significant relationships are 

shown. 

Model Fixed effect Intercept Estimate P AICc 

All pollinators Woody200 0.5928 1.646 0.00311 166.1 

 Woody500 0.5918 1.308 0.0388 169.3 

 EW200 0.8208 1.3139 0.0325 169.2 

Bellbird Woody200 -0.9489 2.921 <0.001 94.6 

 Woody500 -1.2395 2.963 <0.001 95.5 

 Woody1000 -1.3381 2.696 0.001 97.2 

 EW200 -0.4285 2.039 0.0121 102.1 

  EW500 -0.4696 1.854 0.0496 103.7 

 

Table S4.3 Selection of models run for three predictors (fruit set, seed predation, pollen limitation: PL) 

with fixed effects, AICc values and delta AICc. Adjacent land cover types correspond to EW (exotic 

woody), NW (native woody), EG (exotic grassland) at different radii (200, 500, 1000, 5000 m). Birds 

and pollinators correspond to the mean number of pollinator birds or one species per 5-min count per 

site, and Seed predation is the mean seed predation rate per site.  

Response variable Fixed effect AICc delta 

Seed predation NW1000 261.4 0 

 NW1000 + EW1000 261.7 0.24 

 NW 500 + EW500 262.4 0.93 

 EW1000 265.7 4.25 

 NW200 267.1 5.68 

Fruit set Treatment* EW1000 + Pollinators  1951.9 0 

 Treatment* EW1000 + Pollinators + NW1000 1952.3 0.38 

 Treatment*EW1000 + Pollinators + Seed predation  1953.9 2.02 

 Treatment* EW500 + Pollinators  1954.2 2.32 

 Treatment* EW500 + Bellbird  1955.6 3.76 

 Treatment* EG200 1958.6 6.75 

PL - 165.8 0 

 NW500 + EW5000 + Seed predation 166.8 1.01 

 EG200 167.2 1.46 

 EG200 + Seed predation 168.5 2.75 

  NW500 + EW5000 + Pollinators + Seed predation 171.9 6.17 
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Table S4.4 Models predicting the seed predation rate from land use or adjacent land cover types 

(native woody: NW, exotic woody: EW). Date of manipulation and site ID were included as random 

factors. 

Seed predation model Fixed effect Estimate Std. Error z value P 

Land use (Intercept) -0.05606 0.22539 -0.249 0.804 

 NW200 -2.27764 1.46018 -1.56 0.119 

Adjacent land cover (Intercept) 0.1675 0.211 0.794 0.42731 

 NW1000 -2.4564 0.8358 -2.939 0.00329 

 (Intercept) -0.7237 0.3047 -2.375 0.0176 

 EW1000 1.4481 0.7197 2.012 0.0442 

 (Intercept) -0.2072 0.3273 -0.633 0.5267 

 NW1000 -2.1460 0.8525 -2.517 0.0118 

 EW1000 0.9752 0.6661 1.464 0.1432 

 

Table S4.5 Models predicting fruit set from treatment (hand-pollination: HP, natural pollination: NP), 

land use or adjacent land cover type (native woody: NW, exotic woody: EW) and the mean number of 

bird pollinators per 5-min count per site (Pollinators) with interaction between treatment and land 

use or adjacent land cover type. Date of manipulation, site and harakeke ID were included as random 

factors. 

Fruit set model Fixed effect Estimate Std. Error z value P 

Land use (Intercept) 0.28 0.5929 0.472 0.6368 

 Treatment NP 0.1682 0.244 0.689 0.4908 

 EG200 0.8272 0.8332 0.993 0.3208 

 Treatment NP:EG200 -0.7698 0.3365 -2.287 0.0222 

Adjacent land cover (Intercept) 0.9805 0.3999 2.452 0.01422 

 Treatment NP -0.6891 0.1681 -4.1 4.12E-05 

 EW1000 -2.5692 0.7698 -3.337 0.000846 

 Pollinators 0.1879 0.087 2.159 0.030817 

  Treatment NP:EW1000 1.0642 0.3979 2.674 0.00749 
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Table S5.1 Description of models used for each bird species to predict the mean number of birds per 5-minute count. 

The best combination of explanatory variables: study period (Period) or seed year (one seed year: March to 

February), season, site or elevation; random factors: observer (Obs), Station (Stn), Subsite (Sbt) or date; and error 

distribution with either generalised linear mixed model Poisson (Poisson GLMM) or zero-inflated mixed model 

Poisson (ZIP), negative binomial (ZINB), was selected for each bird species using AIC values. Models not selected for 

the analysis are in italics. 

Bird species Fixed effects Random effects Error distribution AIC R2 

Bellbird Period + Season + Site Obs, Stn, Date Poisson GLMM 34953.8 49 

 Seed year + Season + Site Obs, Stn, Date Poisson GLMM 34934.3 50 

Rifleman Period + Season + Site Obs, Stn, Date ZIP 24829.4 - 

 Seed year + Season + Site Obs, Stn, Date Poisson GLMM 24863.3 36 

 Seed year + Season + Site Obs, Sbt, Date ZIP 25004.1 - 

Brown creeper Period + Season + Site + Elevation Obs, Stn, Date ZINB 12860.3 - 

 Seed year + Season + Site + Elevation Obs, Stn, Date ZINB 12745.5 - 

Tomtit Period + Season + Site Obs, Stn, Date Poisson GLMM 16439.8 5 

 Seed year + Season + Site Obs, Stn, Date Poisson GLMM 16433.7 5 

Grey warbler Period + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 12824 7 

 Seed year + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 12810.3 7 

Silvereye Period + Season + Site + Elevation Obs, Stn, Date ZINB 31099.4 - 

 Seed year + Season + Site + Elevation Obs, Stn, Date ZINB 30964.5 - 

Fantail Period + Season + Site + Elevation Obs, Stn, Date ZINB 4622.7 - 

 Seed year + Season + Elevation Obs, Sbt, Date Poisson GLMM 4701.8 10 

Blackbird Period + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 8322.5 3 

 Seed year + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 8305.9 3 

Chaffinch Period + Season + Site + Elevation Obs, Stn, Date ZIP 26276.4 - 

 Seed year + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 26352.3 88 

Redpoll Period + Season + Site + Elevation Obs, Stn, Date ZINB 25683.9 - 

 Seed year + Season + Site  Obs, Stn, Date Poisson GLMM 29176 98 

Dunnock Period + Elevation Obs, Stn, Date ZIP 6344.4 - 

 Seed year + Season + Elevation Obs, Stn, Date Poisson GLMM 6270.7 3 

Greenfinch Period + Season + Site + Elevation Obs, Stn, Date ZINB 4933.9 - 

 Seed year + Season + Site + Elevation Obs, Stn, Date Poisson GLMM 5159.5 29 

Goldfinch Period + Season + Elevation Obs, Stn, Date ZINB 2964.7 9 

 Seed year + Season + Elevation Obs, Stn, Date Poisson GLMM 3285 3 

Kea Period + Elevation Sbt/ Stn, Date Poisson GLMM 3752.6 3 

 Seed year Sbt, Date Poisson GLMM 3740.1 3 

Long-tailed cuckoo Period + Site + Elevation Obs, Stn, Date Poisson GLMM 960.2 2 

 Seed year + Site + Elevation Stn, Date Poisson GLMM 967.8 6 
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Table S5.2 Summary of statistical model outputs (estimate, standard error: “Strd.Error”, Z value and p-

value) for long-term trends for each bird species with bird count period (1978-79, 1999-2004, 2019-

2020), season (summer, autumn, spring), site (Broken river: “BR”, Cheeseman: “CH”, Craigieburn: “CR”) 

and elevation. For birds marked with a superscript z, only the conditional part of zero-inflated mixed 

models is shown. The intercept corresponds to bird count period: 1999-2004, season: summer and site: 

BR. * Brown creeper: 2019-20 significantly different from 1978-82 (z value = -2.0026, p-value = 0.043); 

Grey warbler: 2019-20 significantly different from 1978-82 (z value = -3.05, p-value = 0.002). 

Bird species Fixed effects Estimate Std.Error z value P 

Bellbird Intercept 0.76296 0.124671 6.12 <0.001 

 1978-82 -0.34415 0.150837 -2.282 0.023 

 2019-20 0.45476 0.176601 2.575 0.010 

 Autumn 0.5876 0.072162 8.143 <0.001 

 Spring 0.00664 0.075467 0.088 0.930 

 CH 0.05991 0.086523 0.692 0.489 

 CR -0.17009 0.098554 -1.726 0.084 

Rifleman Z Intercept -0.71835 0.20771 -3.458 0.001 

 1978-82 0.9951 0.24061 4.136 <0.001 

 2019-20 0.81833 0.31079 2.633 0.008 

 Autumn -0.21322 0.07818 -2.727 0.006 

 Spring -0.39943 0.08158 -4.896 <0.001 

 CH -0.06633 0.13664 -0.485 0.627 

 CR 0.54398 0.23546 2.31 0.021 

Brown creeper Z Intercept -4.9295 0.83588 -5.897 <0.001 

 1978-82 0.04227 0.27937 0.151 0.880 

 2019-20 -1.04158 0.56298 -1.85 0.064* 

 Autumn 1.15462 0.16261 7.101 <0.001 

 Spring 0.03631 0.15519 0.234 0.815 

 CH -0.32329 0.27437 -1.178 0.239 

 CR 0.64163 0.45258 1.418 0.156 

 Elevation 4.77007 0.8321 5.733 <0.001 

Tomtit Intercept -1.3217 0.1716 -7.701 <0.001 

 1978-82 0.5015 0.2002 2.505 0.012 

 2019-20 0.5241 0.2615 2.004 0.045 

 Autumn -0.3192 0.1179 -2.708 0.007 

 Spring -0.3829 0.1225 -3.125 0.002 

 CH 0.1376 0.1004 1.371 0.170 

 CR 0.4019 0.1378 2.916 0.004 

Grey warbler Intercept -3.7582 0.6415 -5.858 <0.001 

 1978-82 1.5981 0.2709 5.9 <0.001 

 2019-20 0.6024 0.3636 1.657 0.098* 

 Autumn -1.2978 0.1624 -7.993 <0.001 

 Spring -0.4489 0.1637 -2.742 0.006 

 CH 0.7005 0.1657 4.229 <0.001 

 CR 0.9309 0.2097 4.439 <0.001 

 Elevation 1.3412 0.6185 2.169 0.030 

Silvereye Z Intercept 0.48962 0.49369 0.992 0.321 

 1978-82 0.37929 0.31141 1.218 0.223 

 2019-20 0.55932 0.3922 1.426 0.154 

 Autumn 0.46732 0.13891 3.364 0.001 

 Spring -0.06712 0.14522 -0.462 0.644 

 CH -0.25359 0.12129 -2.091 0.037 
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 CR 0.25501 0.15945 1.599 0.110 

 Elevation -1 0.43554 -2.296 0.022 

Fantail Z Intercept 2.7203 1.05 2.591 0.010 

 1978-82 -0.1527 0.5318 -0.287 0.774 

 2019-20 -0.2133 0.7427 -0.287 0.774 

 Autumn -0.1593 0.3345 -0.476 0.634 

 Spring -1.2421 0.41 -3.03 0.002 

 CH 0.5723 0.2954 1.938 0.053 

 CR 0.5106 0.3207 1.592 0.111 

 Elevation -6.5799 1.0114 -6.506 <0.001 

Blackbird Intercept -0.60777 0.82174 -0.74 0.460 

 1978-82 0.22859 0.38206 0.598 0.550 

 2019-20 0.51726 0.49649 1.042 0.297 

 Autumn -0.70173 0.21073 -3.33 0.001 

 Spring 0.06849 0.21477 0.319 0.750 

 CH -0.53885 0.21378 -2.521 0.012 

 CR -0.84893 0.31634 -2.684 0.007 

 Elevation -1.99787 0.7968 -2.507 0.012 

Chaffinch Z Intercept -0.5888 0.6786 -0.868 0.386 

 1978-82 1.6623 0.6805 2.443 0.015 

 2019-20 2.5517 0.8531 2.991 0.003 

 Autumn -0.4102 0.2748 -1.493 0.135 

 Spring -0.3592 0.2907 -1.235 0.217 

 CH 0.1591 0.0891 1.786 0.074 

 CR -0.1582 0.1204 -1.314 0.189 

 Elevation -1.472 0.3582 -4.109 <0.001 

Redpoll Z Intercept -2.78944 0.91354 -3.053 0.002 

 1978-82 0.42597 0.72924 0.584 0.559 

 2019-20 0.17713 0.94343 0.188 0.851 

 Autumn 0.09263 0.38945 0.238 0.812 

 Spring -0.36218 0.41359 -0.876 0.381 

 CH -0.23722 0.19896 -1.192 0.233 

 CR 0.20349 0.27399 0.743 0.458 

 Elevation 1.43132 0.70209 2.039 0.041 

Dunnock Z 1999-2004 -5.9364 1.3829 -4.293 <0.001 

 1978-82 2.8331 0.5734 4.941 <0.001 

 2019-20 2.1022 0.7551 2.784 0.005 

 Elevation 0.3403 1.3026 0.261 0.794 

Greenfinch Z Intercept 2.7429 1.1298 2.428 0.015 

 1978-82 0.3834 1.0763 0.356 0.722 

 2019-20 0.3879 0.7745 0.501 0.617 

 Autumn 1.3506 0.5325 2.536 0.011 

 Spring -0.0268 0.5403 -0.05 0.961 

 CH 0.3435 0.4779 0.719 0.472 

 CR -1.1586 0.5264 -2.201 0.028 

 Elevation -7.4840 0.9237 -8.102 <0.001 

Goldfinch Z Intercept -3.9604 2.0007 -1.98 0.048 

 1978-82 1.7749 1.2538 1.416 0.157 

 2019-20 3.0007 1.4916 2.012 0.044 

 Autumn 2.4151 1.4023 1.722 0.085 

 Spring 0.8556 1.3734 0.623 0.533 
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 Elevation -3.6984 1.1077 -3.339 0.001 

Kea Intercept -5.9504 1.3382 -4.446 <0.001 

 1978-82 -0.8869 0.3446 -2.574 0.010 

 2019-20 -17.5308 14.3558 -1.221 0.222 

 Elevation 3.0631 1.3002 2.356 0.019 

Long-tailed cuckoo Intercept -11.037 2.0379 -5.416 <0.001 

 1978-82 1.0078 0.6484 1.554 0.120 

 2019-20 -0.3947 1.1528 -0.342 0.732 

 CH -2.0677 0.7426 -2.784 0.005 

 CR -14.1579 72.4084 -0.196 0.845 

  Elevation 6.2896 2.0201 3.113 0.002 

Table S5.3 Summary of statistical model outputs (estimate, standard error: “SE”, Z value and p-

value) for seed year trends for each bird species with season (summer, autumn, spring), site 

(Broken river: “BR”, Cheeseman: “CH”, Craigieburn: “CR”) and elevation. For birds marked with a 

superscript z, only the conditional part of zero-inflated mixed models is shown. The intercept 

corresponds to seed year: 1978, season: summer, site: BR. 

Bird species Fixed effects Estimate SE z value P 

Bellbird Intercept 0.17872 0.15619 1.144 0.253 

 1979 0.51211 0.13853 3.697 <0.001 

 1980 0.06361 0.14586 0.436 0.663 

 1981 0.19393 0.14952 1.297 0.195 

 1982 0.23289 0.1503 1.55 0.121 

 1999 0.49692 0.20765 2.393 0.017 

 2000 0.72667 0.23447 3.099 0.002 

 2001 0.66326 0.21027 3.154 0.002 

 2002 0.38849 0.24391 1.593 0.111 

 2003 0.62826 0.24384 2.576 0.010 

 2019 1.06445 0.19323 5.509 <0.001 

 Autumn 0.55306 0.06754 8.189 <0.001 

 Spring 0.01912 0.07086 0.27 0.787 

 CH 0.06056 0.08641 0.701 0.483 

 CR -0.16179 0.09824 -1.647 0.100 

Rifleman Intercept 0.26997 0.22021 1.226 0.220 

 1979 0.25924 0.15152 1.711 0.087 

 1980 0.04979 0.16101 0.309 0.757 

 1981 -0.14686 0.16885 -0.87 0.384 

 1982 -0.19923 0.16908 -1.178 0.239 

 1999 -2.09408 0.36183 -5.788 <0.001 

 2000 -0.80549 0.37919 -2.124 0.034 

 2001 -0.75322 0.35766 -2.106 0.035 

 2002 -0.94602 0.3847 -2.459 0.014 

 2003 -0.35078 0.39055 -0.898 0.369 

 2019 -1.28713 0.34911 -3.687 <0.001 

 Autumn -0.25026 0.07177 -3.487 <0.001 

 Spring -0.37614 0.07467 -5.038 <0.001 

 CH -0.28734 0.14222 -2.02 0.043 

 CR 0.03892 0.20981 0.185 0.853 

Brown creeper z Intercept -4.5888 0.81808 -5.609 <0.001 

 1979 0.69627 0.26419 2.635 0.008 
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 1980 0.41355 0.27242 1.518 0.129 

 1981 -0.09037 0.27585 -0.328 0.743 

 1982 0.15208 0.2653 0.573 0.567 

 1999 0.35924 0.39711 0.905 0.366 

 2000 0.48594 0.5205 0.934 0.351 

 2001 0.20943 0.35772 0.585 0.558 

 2002 0.37039 0.50326 0.736 0.462 

 2003 -0.06355 0.43588 -0.146 0.884 

 2019 -0.62763 0.53675 -1.169 0.242 

 Autumn 1.06679 0.1493 7.145 <0.001 

 Spring 0.11136 0.14813 0.752 0.452 

 CH -0.19593 0.26103 -0.751 0.453 

 CR 0.4304 0.46471 0.926 0.354 

 Elevation 4.27268 0.80259 5.324 <0.001 

Tomtit Intercept -0.4649 0.2424 -1.917 0.055 

 1979 -0.4911 0.2405 -2.042 0.041 

 1980 -0.1797 0.2508 -0.716 0.474 

 1981 -0.3047 0.2538 -1.201 0.230 

 1982 -0.5 0.2557 -1.956 0.051 

 1999 -0.6019 0.3099 -1.942 0.052 

 2000 -0.394 0.3599 -1.095 0.274 

 2001 -0.9634 0.3185 -3.025 0.002 

 2002 -1.0589 0.3833 -2.762 0.006 

 2003 -1.6669 0.411 -4.055 <0.001 

 2019 -0.3213 0.2932 -1.096 0.273 

 Autumn -0.3301 0.1157 -2.854 0.004 

 Spring -0.4155 0.1209 -3.437 0.001 

 CH 0.1365 0.1 1.365 0.172 

 CR 0.3617 0.1381 2.62 0.009 

Grey warbler Intercept -1.95881 0.66966 -2.925 0.003 

 1979 -0.66316 0.31934 -2.077 0.038 

 1980 0.05474 0.32855 0.167 0.868 

 1981 0.08068 0.33096 0.244 0.807 

 1982 0.18754 0.33139 0.566 0.571 

 1999 -1.15011 0.42018 -2.737 0.006 

 2000 -1.9438 0.5078 -3.828 <0.001 

 2001 -1.85062 0.43573 -4.247 <0.001 

 2002 -2.45812 0.54355 -4.522 <0.001 

 2003 -2.16268 0.52781 -4.097 <0.001 

 2019 -1.13316 0.41459 -2.733 0.006 

 Autumn -1.3494 0.15678 -8.607 <0.001 

 Spring -0.58266 0.15945 -3.654 <0.001 

 CH 0.70323 0.1651 4.259 <0.001 

 CR 0.86047 0.20879 4.121 <0.001 

 Elevation 1.33034 0.617 2.156 0.031 

Silvereye z Intercept 1.53715 0.50971 3.016 0.003 

 1979 -0.54679 0.25766 -2.122 0.034 

 1980 -0.59837 0.26873 -2.227 0.026 

 1981 -0.54805 0.27624 -1.984 0.047 

 1982 -0.09383 0.27711 -0.339 0.735 

 1999 -0.79727 0.40895 -1.95 0.051 
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 2000 -1.15897 0.49602 -2.337 0.019 

 2001 -0.63251 0.41174 -1.536 0.124 

 2002 -1.05635 0.50679 -2.084 0.037 

 2003 -0.59289 0.47376 -1.252 0.211 

 2019 -0.17558 0.39023 -0.45 0.653 

 Autumn 0.39693 0.12938 3.068 0.002 

 Spring -0.07173 0.1367 -0.525 0.600 

 CH -0.28942 0.12914 -2.241 0.025 

 CR 0.121 0.1622 0.746 0.456 

 Elevation -1.15118 0.44037 -2.614 0.009 

Fantail Intercept 1.60996 0.85406 1.885 0.059 

 1979 -0.7393 0.60913 -1.214 0.225 

 1980 0.59039 0.61792 0.955 0.339 

 1981 1.10372 0.61594 1.792 0.073 

 1982 0.22456 0.62379 0.36 0.719 

 1999 2.02374 0.69073 2.93 0.003 

 2000 1.07953 0.78747 1.371 0.170 

 2001 -16.0853 24.73699 -0.65 0.516 

 2002 -3.31498 1.29814 -2.554 0.011 

 2003 -16.2067 20.44826 -0.793 0.428 

 2019 0.04259 0.71994 0.059 0.953 

 Autumn -0.4861 0.24881 -1.954 0.051 

 Spring -1.75949 0.29613 -5.942 <0.001 

 CH -5.16714 0.6574 -7.86 <0.001 

 CR 1.60996 0.85406 1.885 0.059 

 Elevation -0.7393 0.60913 -1.214 0.225 

Blackbird Intercept -0.50035 0.88833 -0.563 0.573 

 1979 0.41621 0.47072 0.884 0.377 

 1980 -0.19228 0.48568 -0.396 0.692 

 1981 0.11503 0.48848 0.235 0.814 

 1982 1.18637 0.4838 2.452 0.014 

 1999 0.38127 0.59115 0.645 0.519 

 2000 -0.54648 0.69252 -0.789 0.430 

 2001 0.08024 0.60334 0.133 0.894 

 2002 -0.78723 0.72425 -1.087 0.277 

 2003 0.03996 0.6952 0.057 0.954 

 2019 0.60981 0.57558 1.059 0.289 

 Autumn -0.96344 0.20199 -4.77 <0.001 

 Spring -0.16465 0.20507 -0.803 0.422 

 CH -0.54029 0.213 -2.537 0.011 

 CR -0.89077 0.31808 -2.8 0.005 

 Elevation -2.01823 0.79716 -2.532 0.011 

Chaffinch Intercept 1.2311 0.611 2.015 0.044 

 1979 0.5942 0.4009 1.482 0.138 

 1980 -0.9259 0.4197 -2.206 0.027 

 1981 -0.6702 0.4239 -1.581 0.114 

 1982 1.3308 0.4213 3.159 0.002 

 1999 -0.7365 0.7509 -0.981 0.327 

 2000 -1.2561 0.8194 -1.533 0.125 

 2001 -3.4645 0.7687 -4.507 <0.001 

 2002 -1.3776 0.844 -1.632 0.103 
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 2003 -1.2383 0.8436 -1.468 0.142 

 2019 1.1924 0.7266 1.641 0.101 

 Autumn -0.9637 0.2082 -4.629 <0.001 

 Spring -0.3988 0.2196 -1.816 0.069 

 CH 0.1955 0.0882 2.217 0.027 

 CR -0.1129 0.1144 -0.987 0.324 

 Elevation -1.5232 0.3595 -4.237 <0.001 

Redpoll Intercept -17.2079 3.2547 -5.287 <0.001 

 1979 17.5878 3.2641 5.388 <0.001 

 1980 15.5742 3.2646 4.771 <0.001 

 1981 15.9427 3.2646 4.883 <0.001 

 1982 18.7101 3.2637 5.733 <0.001 

 1999 16.4428 3.2743 5.022 <0.001 

 2000 16.2655 3.2831 4.954 <0.001 

 2001 13.3375 3.2779 4.069 <0.001 

 2002 15.4907 3.3009 4.693 <0.001 

 2003 14.8672 3.2925 4.516 <0.001 

 2019 16.2237 3.3028 4.912 <0.001 

 Autumn -0.4838 0.2367 -2.044 0.041 

 Spring -0.2225 0.2525 -0.881 0.378 

 CH -0.229 0.1903 -1.204 0.229 

 CR -0.5727 0.211 -2.714 0.007 

Dunnock Intercept -2.6821 1.21 -2.217 0.027 

 1979 2.6656 0.6984 3.816 <0.001 

 1980 2.1408 0.705 3.037 0.002 

 1981 1.623 0.7139 2.274 0.023 

 1982 3.7269 0.7045 5.29 <0.001 

 1999 0.4302 0.832 0.517 0.605 

 2000 -0.9107 1.113 -0.818 0.413 

 2001 -0.342 0.9289 -0.368 0.713 

 2002 -0.493 1.0433 -0.473 0.637 

 2003 -1.1655 1.117 -1.043 0.297 

 2019 1.6914 0.8004 2.113 0.035 

 Autumn -0.3265 0.1725 -1.893 0.058 

 Spring -0.5271 0.1876 -2.81 0.005 

 Elevation -2.329 1.0474 -2.224 0.026 

Greenfinch Intercept -14.7725 8.299 -1.78 0.075 
 1979 17.653 8.2682 2.135 0.033 
 1980 16.0593 8.2659 1.943 0.052 
 1981 15.3951 8.2672 1.862 0.063 
 1982 18.4675 8.2681 2.234 0.026 
 1999 16.391 8.291 1.977 0.048 
 2000 17.2826 8.2908 2.085 0.037 
 2001 14.1849 8.3009 1.709 0.087 
 2002 17.0542 8.2945 2.056 0.040 
 2003 -0.9514 53.7228 -0.018 0.986 
 2019 16.6083 8.2911 2.003 0.045 
 Autumn 0.476 0.385 1.237 0.216 
 Spring 0.962 0.4098 2.347 0.019 
 CH 1.1 0.3254 3.38 0.001 
 CR 0.5841 0.3687 1.584 0.113 
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 Elevation -6.9796 0.885 -7.886 <0.001 
Goldfinch Intercept -21.9257 7.6445 -2.868 0.004 

 1979 17.5067 7.6039 2.302 0.021 

 1980 16.2475 7.6043 2.137 0.033 

 1981 15.5254 7.6115 2.04 0.041 

 1982 18.4747 7.6038 2.43 0.015 

 1999 15.9157 7.6466 2.081 0.037 

 2000 2.7471 39.1974 0.07 0.944 

 2001 -0.2169 29.1638 -0.007 0.994 

 2002 18.1416 7.7141 2.352 0.019 

 2003 1.8218 51.8596 0.035 0.972 

 2019 19.1313 7.6328 2.506 0.012 

 Autumn 2.6156 0.4954 5.28 <0.001 

 Spring 2.9188 0.517 5.645 <0.001 

 Elevation -2.3683 1.0163 -2.33 0.020 

Kea 1978 -4.17203 0.38979 -10.703 <0.001 

 1979 -0.09206 0.41562 -0.221 0.825 

 1980 0.06317 0.42121 0.15 0.881 

 1981 0.76313 0.40948 1.864 0.062 

 1982 1.04864 0.41183 2.546 0.011 

 1999 1.68031 0.47081 3.569 <0.001 

 2000 0.37867 0.61701 0.614 0.539 

 2001 1.45729 0.48638 2.996 0.003 

 2002 0.65652 0.61023 1.076 0.282 

 2003 -0.61292 0.77287 -0.793 0.428 

 2019 -15.3339 8.49566 -1.805 0.071 

Long-tailed cuckoo 1980 -8.866 2.02981 -4.368 <0.001 

 1981 -0.17115 0.84138 -0.203 0.839 

 1982 0.34803 0.82286 0.423 0.672 

 1999 0.65295 0.92042 0.709 0.478 

 2000 -16.81232 51.22068 -0.328 0.743 

 2001 -1.00986 1.05987 -0.953 0.341 

 2002 -2.52139 1.38591 -1.819 0.069 

 2003 -16.3868 72.4426 -0.226 0.821 

 2019 -0.09387 1.00138 -0.094 0.925 

 Elevation -1.37874 1.13845 -1.211 0.226 
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Table S5.4 R outputs testing goodness of fit of bird species (with associated NMDS acronyms) 

and environmental factors: seed year (1978-82, 1999-2003, 2019), site (Cheeseman, Broken river 

and Craigieburn valley), seasons (autumn, spring, summer), year of stoat control (Stoat.Ctrl), log 

of seed-fall number per m2 (Mast) and ship rat presence/absence (Rat) on NMDS projection of 

sites based on bird community composition using the “envfit” function from the vegan package 

with 999 randomised permutations. Significant relationship in bold.  

Vectors Acronyms NMDS1 NMDS2 r2 P 

Bellbird BEL 0.98671 0.16248 0.8637 0.001 

Eurasian blackbird BLA -0.34547 0.93843 0.1965 0.024 

Brown creeper BRO -0.90076 -0.43432 0.0676 0.293 

Chaffinch CHA -0.01079 0.99994 0.7371 0.001 

Dunnock DUN 0.0333 0.99945 0.3927 0.001 

New Zealand fantail FAN -0.54221 0.84024 0.0293 0.599 

European goldfinch GOL 0.53746 0.84329 0.4033 0.001 

European greenfinch GRF 0.043 0.99907 0.3092 0.004 

Grey warbler GRW -0.99575 0.09209 0.2761 0.004 

Australasian magpie MAG -0.68104 0.73225 0.1316 0.095 

Common Redpoll RED -0.24855 0.96862 0.7698 0.001 

Rifleman RIF -0.98948 -0.14465 0.0554 0.386 

Silvereye SIL 0.9829 -0.18415 0.3458 0.002 

Song thrush SON -0.40476 0.91442 0.1618 0.041 

South Island tomtit TOM 0.30171 -0.9534 0.024 0.644 

Yellowhammer YEL 0.29558 0.95532 0.1067 0.16 

Kea KEA -0.99887 0.04759 0.0236 0.66 

Long-tailed cuckoo LTC -0.68703 0.72663 0.0411 0.478 

Parakeet spp. PAR -0.31588 -0.9488 0.0736 0.269 

New Zealand falcon FAL -0.54752 0.83679 0.1463 0.062 

Environmental factors      

Seed year  - - 0.518 0.003 

Site  - - 0.0157 0.893 

Season  - - 0.2155 0.005 

Stoat.Ctrl  - - 0.1842 0.002 

Rat  - - 0.2056 0.002 

Mast  0.26844 0.9633 0.3287 0.001 
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Fig. S5.1 Non-metric multidimensional scaling (NMDS) of bird community composition across sites (Broken river, 

Cheeseman and Craigieburn valleys) in relation to: A. bird species abundance, B. study seed years (1978-82, 1999-

2003, 2019). Goodness of fit (r2) and p-value are shown for seed year contributions to projections. See Table S4 for 

the definition of bird species acronyms and more detailed information. 

 


