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Thesis Abstract 

Intertidal microphytobenthos (MPB) are a crucial component of any shallow estuarine 

ecosystem, where they can account for >50% of total primary production. MPB are at the 

bottom of estuarine food webs and perform many critical ecological functions, such as 

nutrient flux regulation, sediment oxygenation and stabilisation. Sometimes inconspicuous, 

MPB appear in a form of transient benthic biofilms, covering vast areas of intertidal mud and 

sandflats. Diatoms are usually the most diverse and abundant part of these biofilms; however, 

other MPB taxonomic groups (i.e. euglenoids, cyanobacteria, and dinoflagellates) can become 

just as important under certain environmental conditions. MPB biofilm functioning depends 

on its community composition and structure, which can be highly variable between and within 

different estuaries. Nevertheless, many ecological studies tend to ignore the inner complexity 

of benthic biofilms and treat MPB as a uniform “black box” by reducing them to a single 

parameter – total community biomass, which is usually expressed as benthic chlorophyll a 

(Chl a). Sediment mud content (% mud) and nutrients are commonly seen as the main abiotic 

regulators of MPB biomass and diversity. However, the review of scientific literature in 

Chapter 1 shows that there is a wide range of controversies regarding the effects of these 

factors on intertidal MPB. By putting MPB community structure into perspective, this thesis 

strives to offer a more nuanced assessment of MPB-sediment links. Therefore, its main aim is 

to examine the effects of sediment and nutrient properties on the diversity and biomass of 

MPB. It achieves that by (i) testing the relationship between sediment % mud and MPB 

biomass in 8 New Zealand’s South Island estuaries, (ii) analysing the change in MPB 

biodiversity along the principal benthic gradients and investigating its connection with MPB 

biomass, and (iii) studying MPB community and biomass shifts in response to experimental 

nutrient enrichment. 

In Chapter 2, I apply Generalized Additive Mixed Modelling (GAMM) to examine the 

interactions between individual sedimentary physical-chemical parameters and benthic Chl a 

across 8 estuaries with varying environmental health status. The final GAMM accounted for 
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60% of the total variability in benthic Chl a. However, it was not able to disentangle fully the 

strongly convoluted benthic gradients, and because of that it did not find any statistically 

significant direct relationship between MPB biomass and sediment muddiness. Instead, its 

findings collectively pointed to sediment nutrient limitation of MPB. Given the background 

differences in environmental health, hydrodynamics and morphology of the studied estuaries, 

it is possible that the % mud and Chl a relationship could also have been masked by the site-

specific MPB assemblages. In Chapter 3, I corroborate this idea by showing that there can be 

up to four spatially and environmentally separated MPB assemblages in a single estuary, 

which gradually replace each other along the benthic gradients. In my case, such assemblages 

had a significantly different biomass and these differences were best explained by the 

presence of a few influential species (e.g. Euglena obtusa F. Schmitz) that seem to be 

disproportionally associated with high Chl a. In Chapter 4, I experimentally test the MPB 

biomass-nutrient relationship and explore the effects of elevated nutrient concentrations on 

MPB community structure. The combined results of my experiments demonstrated a variable 

spectrum of MPB change in response to nutrient enrichment, especially with nitrogen. 

Interestingly, the nature of these changes was largely dictated by the dose of the 

macronutrient and its chemical form. For example, the enrichment with high doses of 

ammoniacal nitrogen (>400 µmol L-1) turned out to have a deleterious effect on most of the 

diatom species and even some flagellates. This gave an advantage to more resistant 

cyanobacteria but did not change total MPB community biomass. Nitrate, on the other hand, 

generally promoted diatom growth, which resulted in a significant boost of benthic Chl a. In 

Chapter 5, I summarise the results of my study and discuss them within a context of function 

research of coastal ecosystems. Finally, I conclude that careful consideration of MPB 

community data is crucial for the development of future ecosystem-based managerial 

strategies, because it provides a better and more profound understanding of estuarine 

functioning. 
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Chapter 1. General Introduction 

 

Estuarine ecosystems overview 

Throughout history estuaries have been used as places of settlement, food gathering and 

leisure, or as transport hubs; and in the last few centuries they became places of landfill and 

downstream sites for waste discharge. Estuaries occupy just 0.2% of the planet’s surface, but 

their role in maintaining ecological balance is global (Dürr et al. 2011), and they provide 

many valuable ecological services (Barbier et al. 2011). Most importantly, estuaries sustain a 

great number of fisheries around the world by offering food, shelter, and nursing grounds for 

various commercially important marine species (Whitfield 2017). Other critical ecosystem 

services include sediment trapping, water filtration and detoxification, and shoreline 

protection (Schubel and Kennedy 1984, Levin et al. 2001, McGlathery et al. 2007, Gedan et 

al. 2011, Teuchies et al. 2013). 

There is a great variety of estuarine environments (fjords, fjards, limans, rias, etc.) and 

many different approaches exist to their classification (Elliott and McLusky 2002). In its 

narrowest and historical sense, the English word “estuary” refers to a tidally dominated water 

body, which is subjected to a considerable freshwater input (Tagliapietra et al. 2009). 

However, in the past few decades, this term has often been misused to encompass a wider 

range of coastal brackish environments (Elliott and McLusky 2002). To resolve this confusion 

a term “transitional waters” has been introduced into the scientific literature and it is now a 

preferred descriptor for the variety of aquatic environments that sit in the middle of 

freshwater-marine continua (McLusky and Elliott 2007). 

A classical estuary – the transition zone between freshwater, marine, and terrestrial 

ecosystems – retains some characteristics of all these environments, but it also develops a set 

of new emergent properties (Levin et al. 2001, Whitfield and Elliott 2011). Estuaries form the 

downstream link between terrestrial catchments and the marine environment, and because of 

this their ecological structure is determined by the degree of interaction between terrestrial 
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and marine influences. Dynamic mixing of water generates much greater physicochemical 

variability in estuaries compared to other aquatic systems; however, wide fluctuations in 

salinity over short periods of time limit estuarine biodiversity and lead to a decreased plant 

and animal species richness (Elliott and Whitfield 2011). Estuaries act as “detritus traps” due 

to the substantial amounts of allochthonous nutrients and particulate matter they receive; this 

fuels autochthonous productivity and turns estuaries into some of the most productive marine 

ecosystems in the world (Baird and Ulanowicz 1993, McLusky and Elliott 2004, Whitfield 

and Elliott 2011). Estuaries may subsidize the adjacent coastal areas with resources by 

exporting a significant share of their production (Connolly et al. 2009, Savage et al. 2012, 

Gladstone-Gallagher et al. 2017). Finally, estuaries are hotspots of benthic-pelagic coupling - 

a dynamic exchange of energy, biomass, particulate matter, and nutrients between sediments 

and the water column (Griffiths et al. 2017). These processes take many different pathways 

within estuaries. They involve biogeochemical cycling of macronutrients (Nedwell et al. 

1999, Turner and Millward 2002), remineralization and production of organic matter (Bauer 

and Bianchi 2011, Bianchi and Bauer 2011), organism settling or resuspension (de Jonge and 

van Beusekom 1995, Marcus and Boero 1998), and numerous benthic-pelagic trophic links 

(e.g. Pasquaud et al. 2010, Ubertini et al. 2012). 

Estuarine ecosystems are governed by major gradients of salinity and hydrodynamic 

energy (Elliott and Whitfield 2011). The joint action of these factors, as well as estuarine 

hydromorphological features (depth, shape, area, etc.), strongly affect the distribution of many 

animal species and generate a patchy mosaic of intertidal mudflats, shell banks, seagrass and 

shellfish beds, fringe saltmarshes, tidal channels and pools (Day et al. 2012b). Despite the 

apparent heterogeneity, all of these benthic and pelagic habitats easily fit into a clear sequence 

of characteristic zones (each with its typical sediments and salinity regime) that can be 

identified in any estuary, especially in the shallower ones (McLusky and Elliott 2004).  

Typically, an estuary begins with the head – a place of freshwater entry (Fig. 1.1). The 

salt penetration is minimal here, the biota is primarily freshwater, but this zone is still affected 
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by tides. Further down the river current are the upper reaches – a place of active mud 

deposition, minimal tidal currents, and low to medium salinity. Middle reaches are the 

maximum mixing zone between salt and freshwater. Sediments here are usually muddy but 

may become sandier due to stronger tidal currents and/or wave action. Lower reaches have 

fast tidal currents and are normally sandier than the previous zone. The water salinity here 

becomes relatively high, sometimes reaching that of nearshore waters. The estuary mouth has 

almost the same salinity level as adjacent sea areas. It is typically a place of very strong tidal 

currents and high wave energy, which often leads to clean sandy sediments. In terms of a 

vertical zonation, a typical estuary usually has a spacious intertidal zone, which is flanked by 

narrower subtidal and supratidal (or splash) zones (Day et al. 2012b). The intertidal itself can 

be subdivided into the upper, middle and lower shore areas, although this gradient may not be 

as readily apparent as that of intertidal rocky shore systems (Elliott et al. 1998). 

Biodiversity, especially benthic, plays a key role in the formation and maintenance of 

estuarine habitats (Levin et al. 2001). Many estuarine species are considered “ecosystem 

engineers” because of their active role in such processes (Passarelli et al. 2014). Virtually all 

functional groups of estuarine organisms participate in the creation of biogenic structures 

(mounds, tubes, burrows, reefs, seagrass meadows) that modify water flows over the seafloor 

and affect local hydrodynamics. The presence of such structures provides shelter from 

predators, and generally makes habitats more hospitable for other species (Hewitt et al. 2005, 

van der Heide et al. 2007). In addition, every functional group of estuarine biota performs 

other, more specific, functions that affect surrounding habitat. For example, filter-feeders 

ameliorate pelagic habitats by reducing water turbidity (Coen et al. 2007), and bioturbators 

effectively fertilise and oxygenate sediments by constantly reworking them (Volkenborn et al. 

2007). 

Estuarine ecosystem deterioration has significantly accelerated in the second half of the 

20th century (e.g. de Jonge 1990, Cooper and Brush 1991), bringing more attention to 

transitional waters research. This has forced many governments to act and resulted in the 
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adoption of the first 1970’s wave of water quality legislation (e.g. the US Clean Water Act 

1972 or the European Union Surface Water Directive 1975). While some progress in pollution 

control and restoration has been achieved since then (e.g. Boesch 2019), many estuaries 

around the world are still experiencing serious anthropogenic pressure and their future 

remains uncertain (Elliott et al. 2019). 

Human impacts on estuarine ecosystems can be grouped into four general categories: 1) 

physical changes (damming, land reclamation, etc.); 2) enrichment with nutrients or organics 

and increased sedimentation; 3) introduction of toxins; and 4) direct changes in the 

community structure through resource overharvesting or exotic species introduction (Day et 

al. 2012a). Human activities have also exacerbated a wide range of climatological and 

hydrological hazards that are now looming over estuaries around the world; notable examples 

of these are sea-level rise, flash flooding, cyclones, and general changes in weather patterns 

(Elliott et al. 2014). Both natural and anthropogenic impacts lead to habitat and biodiversity 

loss, and thus to a serious alteration of ecosystem functioning (Hewitt et al. 2016, Thrush et 

al. 2016). Previous and current management strategies have not been overly successful in 

dealing with the raised anthropogenic pressure and the complex land- and urban-derived 

pollution of coastal waters (Schiel and Howard-Williams 2016, Kainamu-Murchie et al. 

2018). A set of new, more holistic and ecosystem-based, policies is being developed around 

the world (Arkema et al. 2006, Curtin and Prellezo 2010, Davies et al. 2018). However, their 

successful implementation is impossible without a rigorous scientific theory that predicts and 

describes the reactions of individual ecosystem components (Long et al. 2015, Thrush et al. 

2016). 
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Figure 1.1. Diagrammatic representation of a “typical” estuary. Reproduced from Whitfield 

and Elliott (2011), with permission from Elsevier. 

 

Estuaries of Aotearoa New Zealand 

There are nearly 300 estuaries and estuarine systems distributed around New Zealand 

(McLay 1976, Hume et al. 2016). Together they constitute a great hydromophologic diversity, 

which includes fjords, deep and shallow drowned valleys, tidal lagoons and river mouths. The 

distribution of these types is not even; for example, fjords are restricted to the lower west 

coast of the South Island, and shallow drowned valleys mostly occur at the upper part of the 

North Island (Fig. 1.2A). 

There are two main intertidal angiosperm species in New Zealand estuaries: seagrass 

Zostera muelleri Irmisch ex Ascherson and a mangrove tree Avicennia marina (Forssk.) 

Vierh. Seagrass is very common in both northern and southern New Zealand. However, 

estuaries of the North Island are slightly warmer and thus have prolific mangrove forests in 

addition to seagrass meadows. Unfortunately, New Zealand seagrass populations are in 

decline because of the severe anthropogenic impacts of the past, and the present total seagrass 

coverage has shrunk dramatically (Inglis 2003, Matheson et al. 2011). Mangroves, on the 

other hand, are rapidly expanding, and this expansion is facilitated by the anthropogenically 

increased sediment loading into coastal waters (Horstman et al. 2018). 
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New Zealand estuarine seaweeds are greatly understudied and there is very little 

information on their taxonomy, distribution, and ecology (Rowden et al. 2012). Seaweed 

species typically require hard substrate to attach, and because of that they may occur less 

frequently in soft-sediment New Zealand estuaries. However, macroalgae diversity increases 

when there are stable settlement surfaces available, such as small cobbles or mollusc shells 

(Thomsen et al. 2016). Most of the data on New Zealand estuarine macroalgae come from the 

studies on genera Ulva L. (Chlorophyta) and Gracilaria Greville (Rhodophyta); these algae 

produce large-scale nuisance blooms in many estuaries of the North and South Islands, which 

often becomes a public concern (Nelson et al. 2015). 

Microautotrophs (phytoplankton and MPB) are very important components of New 

Zealand coastal ecosystems, but information on their diversity is limited and sometimes 

outdated (Stidolph 1980, Gordon 2012). In general, phytoplankton (especially the 

dinoflagellate component) receive more attention than the MPB – perhaps because of the 

harmful algal blooms they can cause (Rhodes et al. 2020). New Zealand studies primarily 

focused on MPB are scarce, and most of them were carried out in the North Island estuaries 

(e.g. Cahoon and Safi 2002, Safi 2003). The first detailed study on MPB of the South Island 

estuaries was done by McClatchie et al. (1982). In studying a single site in the Avon-

Heathcote estuary, they found 53 diatom species in its sediments, of which 25 taxa were 

recorded as new for New Zealand’s algal flora. McClatchie et al. (1982) also found that 

grazing by the deposit-feeding snail Amphibola crenata Gmelin, 1791 increases MPB species 

richness, while significantly decreasing cell density. These studies were continued by Juniper 

(1987), who demonstrated a strong inhibitory effect of A. crenata on MPB primary 

production during a 10-month field study. 

In contrast to the relatively small number of studies on estuarine autotrophs, there is a 

considerable body of literature on New Zealand benthic estuarine macroinvertebrates 

(Rowden et al. 2012 and references therein). Intertidal flats of New Zealand estuaries are 

teeming with animal life, and one can easily find up to several hundred macroscopic species 
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there (Jones and Marsden 2005, Thrush et al. 2013). Generally, macroinvertebrate diversity 

varies between the different estuaries, but some common species consistently occur 

throughout New Zealand (Rowden et al. 2012). Most commonly, intertidal associations of 

macroinvertebrates are dominated by two bivalves Austrovenus stutchburyi W. Wood, 1828 

and Macomona liliana Iredale, 1915, a mud snail A. crenata, and various species of 

burrowing mud crabs (Oliver 1923, Cassie and Michael 1968, Stanton et al. 1977, Turner et 

al. 1995, van Houte-Howes et al. 2004). 

Many freshwater and marine fish species use New Zealand estuaries in their daily and 

seasonal migrations (McDowall 1976). Notable examples include kahawai (Arripis trutta 

Forster, 1801), yellow-eyed mullet (Aldrichetta forsteri Valenciennes, 1836), and 

pātiki/flounder (Rhombosolea spp.). Giant bullies (Gobiomorphus gobioides Valenciennes, 

1837) and cockabullies (Forsterygion nigripenne Valenciennes, 1836) can be very abundant 

in New Zealand estuaries too (Jellyman et al. 1997, Sutherland and Closs 2001). Finally, the 

culturally and commercially important whitebait species īnanga (Galaxias maculatus Jenyns, 

1842) use estuarine upper reaches as a spawning habitat (McDowall 1990). Between late 

February and May these fish congregate downstream in rivers and wait for the spring tide. 

They lay eggs on the tidally inundated riparian vegetation, which then develop outside of 

water and hatch during the next spring tide. The loss and modification of upper estuarine 

habitats seriously affects adult īnanga populations and has a negative impact on the fishery of 

this important species (Hickford and Schiel 2011). 

The abundance of fish and invertebrates in New Zealand estuaries attracts great 

numbers of birds. By some estimates, each year they are visited by more than over 160,000 

wading birds of locally breeding species, as well as by a similar number of migrants from the 

Northern Hemisphere (Sagar et al. 1999). Most of these birds concentrate around a few large 

estuaries (e.g. the Firth of Thames or Manukau Harbour); however, even relatively small 

estuaries (between 100 and 1000 ha) can support high numbers of birds, if their catchment 

runoff is low (Whelan et al. 2003). The most iconic wading bird species include several 
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endemics: New Zealand pied oystercatcher (Haematopus finschi Martens, 1897), banded 

dotterel (Charadrius bicinctus Jardine & Selby, 1827), and wrybill (Anarhynchus frontalis 

Quoy & Gaimard, 1830). 

Since the beginning of human settlement in Aotearoa, estuaries and lagoons have 

remained an important piece of the country’s cultural landscape. For the indigenous Māori, 

estuaries were the sources of kai moana (seafood) and places of mahinga kai – a set of 

traditional cultural practices revolving around food gathering and processing. Archaeological 

data show that the overall abundance and accessibility of food resources often made local 

estuaries a prime site for Māori settlement (Challis 1995). Māori closely monitored stocks of 

estuarine resources and developed a concept of kaitiakitanga (environmental stewardship) to 

sustainably use them and avoid overharvesting. For example, a rāhui (temporary harvest ban) 

could have been put on an area to reserve its shellfish stocks for the future. An early Māori 

oral history (ca. 1350-1500 CE) contains numerous mentions of various estuarine species and 

reflects the traditional ecological knowledge about them (Wehi et al. 2013). As the indigenous 

society developed, the metaphorical usage of estuarine species names became more frequent, 

and Māori observations on estuarine life were used to convey stories about progress in 

colonisation, leadership, warfare, and other societal relationships (Whaanga et al. 2018). 

Māori activities almost immediately began transforming New Zealand coastal 

environments, and the arrival of European colonists further exacerbated these processes 

(Ogden et al. 2006). Land clearing by logging and fire, its re-purposing for husbandry and 

coastal development, contamination of waterways with various pollutants, and introduction of 

new exotic species – all this has greatly affected New Zealand estuaries and led to many 

contemporary environmental issues. Among these, elevated sediment and nutrient inputs are 

the most pressing ones due to their direct ability of degrading and profoundly transforming 

soft-sediment ecosystems (Thrush et al. 2004, Ellis et al. 2015). 

The importance of estuaries in New Zealand, their extensive degradation, and the large 

gaps in understanding fundamental processes and native community dynamics spawned a 
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major initiative to undertake a nationwide multi-institutional research project “Tipping points 

in ecosystem structure, function and services” (project website: https://bit.ly/2OxHyyk). The 

project took a field experimental approach to explore the complex interactions between 

macrofauna, microorganisms, intertidal community metabolism, and estuarine nutrient 

processing capacity. Its main purpose was to investigate the effects of multiple stressors on 

coastal ecosystems and gather scientific evidence to advance the development of new 

environmental management techniques and strategies for New Zealand estuaries and 

harbours. The aims and goals of the “Tipping points” project strongly overlapped with the 

research objectives of this thesis, which studies the role of MPB in estuarine functioning. 

Hence, my work became an important part of the “Tipping points” project, within which it 

specifically targeted MPB community response to increasing nutrient levels (Chapter 4). 

  

https://bit.ly/2OxHyyk
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Figure 1.2. Distribution of estuarine hydrosystems around New Zealand coastline (A); 

locations of the main study area (B). AKA – Akaroa Harbour, AH – Avon-Heathcote/Ihutai 

Estuary, BLU – Blueskin Bay, CT – Catlins River Estuary, DEL – Delaware Inlet, JR – 

Jacobs River Estuary, NH – Nelson Haven, NR – New River Estuary, PU – Port Pūponga, RI 

– Ruataniwha Inlet, WKW – Waikawa Harbour, WMA – Waimea Inlet. Coordinates and 

classification according to Hume et al. (2016). 
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The role of microphytobenthos in estuarine functioning 

Estuarine functioning is largely dependent on both macro- and microscopic estuarine 

primary producers: saltmarshes, seagrasses, phytoplankton, and microphytobenthos (MPB). 

The latter (also known as benthic microalgae) represents a conglomerate of photoautotrophic 

eukaryotic and prokaryotic microorganisms, which occupy the upper layer of estuarine 

sediments (McGlathery et al. 2012). Most of the MPB assemblages are diatom-driven 

(Admiraal 1984); however, under some conditions, other microorganisms, such as 

cyanobacteria, euglenoids and dinoflagellates, can become equally important in the formation 

of sedimentary microflora (Paterson and Hagerthey 2001, Scholz and Liebezeit 2012c, 

Semcheski et al. 2016). MPB presence can be inconspicuous, but often they appear as 

greenish or brown coloration on top of the sediment surface, and in less exposed habitats they 

can sometimes form thin benthic mats (Fig. 1.3). 

Despite such camouflaged appearance of MPB, it is difficult to overestimate their 

ecological importance, especially in shallow estuaries with vast unvegetated mudflats 

(MacIntyre et al. 1996). Most importantly, MPB are responsible for more than 50% of total 

estuarine primary production (Underwood and Kromkamp 1999), and their global production 

is estimated to be between 340 to 500 million tons of carbon annually (Cahoon 2006). This 

carbon enters estuarine trophic webs via many different pathways and fuels secondary 

production of both microscopic and macroscopic grazers, detritovores, and decomposers 

(Miller et al. 1996, van Oevelen et al. 2006). Recent studies also show that a significant 

proportion of MPB-fixed carbon becomes sequestered from the system via sediment burial, 

which makes MPB important players in the global carbon cycle (Oakes and Eyre 2014, 

Oreska et al. 2018). 

MPB also act as environmental engineers. Throughout their lifecycle almost all MPB 

species produce large amounts of gel-like extracellular polymeric substances (EPS) that can 

change the cohesive properties of the surrounding sediment (Underwood and Paterson 2003). 

Sediment binding and infilling with EPS increases seabed stability and modifies the nature of 
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hydrodynamic flow over it (Paterson and Black 1999, Paterson and Hagerthey 2001, 

Grabowski et al. 2011). This redistribution of hydrodynamic flows at the sediment-water 

boundary makes estuarine habitats more amenable not only for the MPB themselves, but for 

the whole range of other benthic and pelagic species (Passarelli et al. 2014, Hope et al. 2020). 

Furthermore, sediment-MPB interactions can be visible even at the landscape scale due to the 

spatial patterning (e.g. raised hummocks and runnels) they generate through these interactions 

(Weerman et al. 2010).  

MPB actively participate in cycling of all major nutrients: nitrogen (N), phosphorus (P), 

and silicon (Si). Direct uptake of nutrients by MPB attenuates benthic nutrient fluxes and 

sometimes turns sediments into temporary nutrient sinks (Sundbäck and Graneli 1988, 

Thornton et al. 1999, Sundbäck et al. 2000, Longphuirt et al. 2009, Leynaert et al. 2011). 

MPB also affect nutrient cycling indirectly. They oxygenate sediment and thus stimulate 

bacterial oxidation of ammonium to nitrites and nitrates (Risgaard‐Petersen et al. 1994, 

Thornton et al. 1999, Sundbäck et al. 2000). Overall, MPB metabolic activity greatly affects 

sediment-water inorganic nutrient exchange; MPB act as an active filter that retains and 

recycles most of the nutrients within the sediments (Hochard et al. 2010). Recent studies also 

show that MPB accumulate and store significant nutrient portions intracellularly, which turns 

them into an important internal nutrient reservoir (Kamp et al. 2015, Yamaguchi et al. 2015, 

Garcia-Robledo et al. 2016). 
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Figure 1.3. Various appearances of microphytobenthic biofilms. 

 

Environmental factors controlling estuarine MPB biomass and community composition 

Many abiotic environmental factors take part in controlling intertidal MPB 

communities. Seasonal change in temperature and irradiance causes MPB biomass (usually 

expressed as benthic chlorophyll a) to peak in summer and decline in winter (de Jonge et al. 

2012). However, this pattern is not uniform across different geographical locations. For 

example, in southern European and eastern Asian estuaries either no MPB biomass 

seasonality was observed (Brotas et al. 1995, Brito et al. 2009) or it showed a reverse pattern 

with higher MPB biomass being recorded during colder months of the year (Koh et al. 2007, 

Brito et al. 2013, Park et al. 2013). Many studies have documented clear seasonal cycles in 

MPB community composition (e.g. Colijn and Dijkema 1981, Scholz and Liebezeit 2012b, 

Semcheski et al. 2016). At the same time, other research did not find a well pronounced 

seasonality in MPB community change (Asmus and Bauerfeind 1994, Du and Chung 2007, 

Méléder et al. 2007, Park et al. 2013). On the short-term scale (days and hours), MPB 

biomass demonstrates a clear oscillatory behaviour (Guarini et al. 2000). It reaches its peak 

during daytime emersion and decreases during tidal submersion and night-time emersion. 
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Nevertheless, its global average concentration in the upper sediment layer remains almost the 

same over prolonged periods of time (Blanchard et al. 2001). Overall, it seems that the change 

in local environmental factors (e.g. point-source nutrient enrichment, increased wave action) 

has a greater effect on MPB biomass and community composition, compared to the long- and 

short-term biofilm dynamics (Guarini et al. 1998, Facca and Sfriso 2007, Méléder et al. 2007, 

Ribeiro et al. 2013). 

On the spatial scale of tens to hundreds of metres, tidal position (or height) is thought to 

be one of the most important environmental factors shaping MPB communities (Thornton et 

al. 2002). It is an integrative parameter, representing several other environmental variables, 

such as desiccation, available irradiation, and length of tidal exposure (Brotas et al. 1995). 

Tidal position significantly affects the distribution of individual MPB species and sets a 

gradual continuum of MPB community change along the transition from lower to upper 

intertidal areas, and farther into saltmarsh zone (Oppenheim 1988, Sawai et al. 2016).  

Upper and middle shore sediments typically have higher chlorophyll a (Chl a) level, 

compared to the low shore intertidal zone (Asmus and Bauerfeind 1994, Brotas et al. 1995, 

Santos et al. 1997, Thornton et al. 2002, Jesus et al. 2009). This is often explained by longer 

sunlight exposure during tidal emersion and by higher sediment stability in these zones 

(Underwood and Paterson 1993). However, other environmental factors, such as sediment 

mud content (% mud) and nutrient concentration may have an overriding effect on MPB and 

sometimes smother the differences in Chl a and community structure between upper, middle 

and low shore zones (Underwood et al. 1998, Agatz et al. 1999, Thornton et al. 2002, Jesus et 

al. 2009). 

The interplay of sedimentary parameters – % mud, nutrients, organics and moisture 

content, porosity, erodibility, microtopographic features, etc. – defines and organises the local 

MPB microenvironment at a scale of microns, millimetres, and centimetres (Anderson and 

Meadows 1978, Admiraal 1984, Paterson and Hagerthey 2001). The complex interactions 

between these parameters make the benthic environment highly heterogenous and generate a 
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characteristic patchy MPB distribution (Saburova et al. 1995, Spilmont et al. 2011). The 

interconnectedness of sedimentary factors makes separation of their individual effects on 

MPB very difficult, and because of this many studies often report contradicting results, when 

dealing with the MPB-sediment relationships. 

Sediment texture (either as % mud or median grain size) is often put forward as one of 

the major factors controlling MPB biomass and community structure (Sabbe and Vyverman 

1991, Underwood 2010). It has long been noted that sandy and muddy sediments can have 

vastly different MPB assemblages (Round 1971). The diatoms in these assemblages are 

traditionally referred to as epipelon (free-living motile diatoms, creeping across mud) or 

epipsammon – virtually immotile diatoms, attached to sand grains (Round et al. 1990). These 

practical definitions, however, are not always applicable to real-world MPB assemblages, 

because they often contain of a mixture of various motile and immotile diatom species 

(Round 1979, Sabbe 1993, Hamels et al. 1998, Vilbaste et al. 2000, Underwood and Barnett 

2006). Both muddy and sandy sediments offer unique sets of benefits and disadvantages for 

MPB as a habitat. Light is more available in sand than in mud (MacIntyre et al. 1996), but, at 

the same time, there are higher levels of hydrodynamic stress and mechanical cell damage 

(Delgado et al. 1991, van de Koppel et al. 2001). On the other hand, cohesive muddy 

sediments protect MPB from wind and current-driven erosion, but expose them to toxic 

concentrations of ammonia and hydrogen sulphide (Admiraal 1984, Gray and Elliott 2009). 

MPB diversity in sandy sediments is generally higher than in muddy assemblages (Méléder et 

al. 2007, Ribeiro et al. 2013). The relationship between MPB biomass and sediment texture is 

less apparent though, and there are many contradicting reports in the scientific literature 

regarding this matter. Some studies find positive relationships between the increased % mud 

and benthic Chl a (Colijn and Dijkema 1981, McIntire and Amspoker 1986, van de Koppel et 

al. 2001, Du et al. 2009) while others report negative relationships between the two 

parameters (Cahoon et al. 1999, Cahoon and Safi 2002, Pratt et al. 2014). Finally, there are 
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studies that fail to detect any measurable effect of sediment composition on MPB biomass 

(Cartaxana et al. 2006, Jesus et al. 2009). 

The concentration and availability of nutrients are very important factors affecting 

estuarine MPB biomass and community structure. Initially, estuarine sediments were seen as 

an inexhaustible source of nutrients for MPB, but eventually many nutrient enrichment 

studies have shown that MPB do experience sedimentary nutrient limitation, at least in sandy 

and more permeable substrates (Admiraal 1984, Sundbäck and Snoeijs 1991, Flothmann and 

Werner 1992, Underwood and Kromkamp 1999, Armitage et al. 2006). Throughout their life 

cycle MPB require a range of micro- and macroelements, among which N, P and Si are the 

most critical (Admiraal 1984, Hillebrand and Sommer 1999, Underwood and Kromkamp 

1999). Due to the high rates of denitrification in brackish and saline waters, N is usually 

considered as a primary microalgae biomass-limiting element in estuaries around the world 

(Howarth and Marino 2006). P limitation is more common in tropical estuaries due to the P 

immobilisation by biogenic carbonate sediment; however, there are many examples from 

temperate systems, demonstrating seasonal emergence of P limitation (Brockmann et al. 1990, 

Fong et al. 1993, Scholz and Liebezeit 2012b). Si is an essential element for the growth and 

reproduction of diatoms, given their characteristic silicified cell walls. Si limitation is 

common in estuarine phytoplankton, but its occurrence in MPB is debatable (Leynaert et al. 

2009). Due to the steep and heterogenous Si gradients in the sediment, this kind of nutrient 

limitation may be very localised in time and space. Nevertheless, it explains well the 

evolution of a characteristic Si-seeking behaviour in benthic diatoms (Bondoc et al. 2016). 

The distribution and abundance of individual MPB species is strongly correlated with 

estuarine nutrient gradients (Underwood et al. 1998, Thornton et al. 2002, Underwood and 

Barnett 2006, Marazzi and Gaiser 2018), although it may not always be the case (Desianti et 

al. 2017). Laboratory culturing studies provide evidence of autecological niche separation in 

coastal MPB and show that certain diatom species do have different trophic preferences, and 

among all nutrients they are most affected by N concentration and its chemical form 
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(Admiraal 1977a, b, Underwood et al. 1998, Underwood and Provot 2000, Scholz and 

Liebezeit 2012a, Collos and Harrison 2014, Yang et al. 2014). 

Finally, there are the important effects of estuarine macro- and meiofauna on intertidal 

MPB. In the past, numerous studies have shown that direct grazing by deposit feeders may 

significantly reduce MPB biomass in localised sediment patches and thus serve as one of the 

major MPB top-down controls (McClatchie et al. 1982, Bock and Miller 1995, Hagerthey et 

al. 2002, Kanaya et al. 2005, Pillay et al. 2009, Plante et al. 2011). Nevertheless, high growth 

rates of MPB species usually prevent a complete MPB patch depletion and maintain its 

standing stock in a stable equilibrium state (Miller et al. 1996, Pinckney et al. 2003). Many 

benthic grazers also express a selective feeding behaviour, which can potentially reduce the 

presence of particular MPB taxa/size groupings within the sediment biofilms (Bianchi and 

Levinton 1981, Hamels et al. 2004, Persson et al. 2008, Moens et al. 2014). However, the 

effects of grazing on MPB community structure are not always predictable, because they can 

greatly vary among different animal species (McClatchie et al. 1982, Hagerthey et al. 2002, 

Kanaya et al. 2005). In addition to direct consumption, a significant portion of MPB biomass 

is removed from the sediment as a result of macrofaunal foraging activities (i.e. bioturbation) 

(Pillay et al. 2009, Rakotomalala et al. 2015). On the other hand, bioturbation enhances pore 

water nutrient upwelling in the sediment and thus alleviates the effects of local nutrient 

limitation on MPB biomass (Chennu et al. 2015). 

 

Study areas 

The data presented in this research were collected in 12 estuaries around the South 

Island of New Zealand (Fig. 1.2B). Initially, this study targeted only 8 estuaries of the South 

Island. Avon-Heathcote Estuary/Ihutai – a major urban estuary of the island – was a key focus 

area of the study and materials collected there were used in all chapters of this thesis. The 

selection of other estuaries was based on the available literature, environmental reports, 

proximity to big townships or urban centres, accessibility level, etc. However, when this work 



32 
 

became a part of the multi-institutional research project “Tipping points in ecosystem 

structure, function and services”, another 4 estuaries were added to the list of study areas to 

meet the internal requirements of the “Tipping points” programme. 

As many other New Zealand estuaries, all estuaries of this study are predominantly 

sandy; however, large areas of soft or firm mud can easily be found in each of them. 

Generally, the studied estuaries are well-flushed and have a semidiurnal tidal cycle – i.e. two 

high and two low tides occur on most of the days; their spring tidal range fluctuates around 2-

2.5 m. According to the recent classification of Hume et al. (2016), most of the studied 

estuaries belong to a “permanently open tidal lagoon” class. Their catchment size, area, and 

hydromorphological characteristics are highly variable though (Table 1.1). Their 

environmental conditions are also unequal. In general, the estuaries in this study ranged from 

almost pristine (Port Pūponga) to greatly impacted (New River Estuary). More details on their 

environmental status can be found in Chapters 2-4. 
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Table 1.1. Key characteristics of the study estuaries. Data retrieved from Hume et al. (2016). DDW – deep drowned valley, SDW – shallow drowned valley, 

TL – permanently open tidal lagoon. 

Estuary name Coordinates 
Geomorphic 

class 

Catchment 

area (km2) 

Spring tidal 

prism (m3) 

River inflow over 

tidal cycle (m3) 

Surface area at 

spring high tide (m2) 

Intertidal 

area (%) 

Akaroa Harbour 
43°45'07"S 

172°56'12"E 
DDW 128 7.5 · 107 0.29 · 106 4.3 · 107 3 

Avon-Heathcote Estuary 
43°32'46"S 

172°43'46"E 
TL 211 8.9 · 106 0.2 · 106 7.5 · 106 66 

Blueskin Bay 
45°43'05"S 

170°34'52"E 
TL 91 5.8 · 106 0.13 · 106 6.2 · 106 86 

Catlins River Estuary 
46°28'44"S 

169°41'35"E 
TL 402 9.3 · 106 0.6 · 106 7.9 · 106 65 

Delaware Estuary 
41°09'55"S 

173°26'28"E 
TL 93 5.8 · 106 0.19 · 106 3.1 · 106 93 

Jacobs River Estuary 
46°20'40"S 

168°00'43"E 
TL 1570 10 · 106 2.4 · 106 6.7 · 106 66 

Nelson Haven 
41°14'36"S 

173°18'16"E 
TL 129 3.08 · 107 0.27 · 106 1.3 · 107 66 

New River Estuary 
46°27'23"S 

168°19'22"E 
SDW 3948 6.96 · 107 6.5 · 106 4 · 107 42 

Port Pūponga 
40°31'36"S 

172°44'05"E 
TL 5 0.75 · 106 0.01 · 106 2.9 · 105 58 

Ruataniwha Inlet 
40°39'13"S 

172°40'00"E 
TL 712 1.35 · 107 4.86 · 106 6.6 · 106 88 

Waikawa Harbour 
46°37'30"S 

169°08'37"E 
TL 241 7.6 · 106 0.4 · 106 6.4 · 106 82 

Waimea Inlet 
41°17'44"S 

173°11'04"E 
SDW 933 7.6 · 107 2 · 106 2.9 · 107 59 
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Thesis outline and objectives 

Intertidal MPB biofilms are a key, but often overlooked, component of estuarine 

ecosystems. They incorporate an ample diversity of photosynthetic microorganisms, which is 

mostly shaped by the bottom-up action of abiotic environmental factors, such as sediment 

mud and nutrient content. The functioning of these biofilms is strongly dependent on their 

community structure (Oxborough et al. 2000, Underwood et al. 2005). Nevertheless, many 

estuarine ecosystem studies tend to ignore this and treat MPB assemblages as uniform “black 

box” systems (Bale and Kenny 2005, Underwood 2005). This may result in an oversimplified 

understanding of estuarine processes and compromise the response to present-day 

environmental challenges. In this thesis, I bring intertidal MPB communities into focus and 

strive to offer a more nuanced look at their relationship with the major abiotic factors of the 

estuarine benthic environment. Therefore, my main aim is: 

 
To examine the effects of sediment and nutrient properties on the diversity and biomass 

of intertidal microphytobenthos. 

 
I achieve that by addressing the following research questions and testing the 

corresponding hypotheses:  

I. What is the role of sediment characteristics in shaping MPB biomass and diversity in 

New Zealand estuaries? 

Hypothesis 1.1: Biomass of MPB reduces as the mud content of the sediment increases. 

Hypothesis 1.2: Biodiversity of MPB is greater in muddy sand sediments than in 

sediments with high mud or sand contents. 

II. What is the connection between MPB community structure and its biomass? 

Hypothesis 2.1: A greater share of large microalgae (e.g. sigmoid diatoms) in the 

community correlates positively with the overall community biomass. 

III. How does nutrient enrichment (with N, P, or both elements) affect New Zealand estuarine 

MPB? 



35 

 

Hypothesis 3.1: Nutrient enrichment (especially with nitrogen) will result in a 

consistent increase in MPB biomass across New Zealand estuaries. 

Hypothesis 3.2: Nutrient enrichment will result in a convergence of species composition 

towards dominance by cyanobacteria. 

In Chapter 2, I investigate the effects of sediment characteristics on MPB biomass, 

expressed as benthic chlorophyll a (Chl a). This study is based on the results of sampling of 8 

estuaries on the South Island of New Zealand. A broad range of sediment types (sand, muddy 

sand, mud) was targeted within each of the estuaries and a set of benthic parameters (sediment 

grain size ratio, pore water and organic matter content, nutrient concentrations, Chl a) was 

measured in each sample. I then apply a Generalized Additive Mixed Modelling (GAMM) 

approach to test Hypothesis 1.1 and examine the relationships between sediment properties 

and MPB biomass. 

In Chapter 3, I test Hypothesis 1.2 and Hypothesis 2.1 and present the results of an in-

depth study of a single temperate New Zealand estuary. I apply the same sampling strategy as 

in the previous Chapter, but additionally analyse MPB species composition and abundance in 

each sample. I identify and characterise the principal environmental gradients within the 

estuary, examine the distribution of MPB communities along them, and investigate the 

connection between the presence of specific MPB taxa and changes in the overall community 

biomass. 

In Chapter 4, I use the results of two field experiments to test Hypotheses 3.1 & 3.2. For 

the first experiment I manipulated sediment pore water ammonium concentrations at 10 sites 

(located in 8 estuaries) over a period of 6-8 months and investigated the MPB response. The 

second experiment was carried out at 3 sites (located in different parts of a single estuary). It 

lasted several weeks and used nutrient-diffusing substrata to test the isolated (i.e. grazers and 

sediment influence excluded) effects of nitrate and phosphate enrichment on MPB biomass 

and community structure. 
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In Chapter 5, I present the overall synthesis of the results and discuss the dynamics 

shaping MPB communities in New Zealand estuaries. I conclude that a careful consideration 

of MPB community data in future estuarine research can build a much better understanding of 

coastal ecosystem functioning and resolve a wide range of paradoxes and contradictions that 

are present in the current scientific literature. 
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Chapter 2. The role of sediment characteristics and other abiotic factors in 

shaping microphytobenthic biomass in New Zealand estuaries. 

 

Introduction 

Coastal waters around New Zealand and worldwide are experiencing unprecedented 

levels of anthropogenic pressure (Howarth 2008, Schiel and Howard-Williams 2016, Snelder 

et al. 2018). Among the multiple stressors affecting them, excess nutrients and elevated 

sediment runoff have a direct potential to transform and degrade coastal ecosystems, leading 

to losses in biodiversity and the impairment of ecological functioning (Levin et al. 2001, 

Thrush et al. 2004). 

Microphytobenthos (MPB), also known as benthic microalgae, are an important 

autotrophic component of coastal soft-sediment ecosystems (MacIntyre et al. 1996), where 

they can account for more than half of total primary production (Underwood and Kromkamp 

1999). MPB are usually abundant on intertidal flats and, in some situations, a significant part 

of the MPB can be re-suspended into the water column as tychoplankton, further contributing 

to estuarine productivity (de Jonge and van Beusekom 1995). MPB contribute to a variety of 

other crucial ecosystem services, such as nutrient cycling (Sundbäck et al. 2000), carbon 

sequestration (Oakes and Eyre 2014), and sediment stabilization (Passarelli et al. 2014). 

Studying of estuarine MPB and their functioning often requires a quantification of total 

MPB community biomass (Perkins et al. 2003). Usually, it is expressed as chlorophyll a (Chl 

a) mass unit per unit area of sediment. Most studies turn to Chl a as a choice MPB descriptor 

because it is relatively easy to collect and measure (Bale and Kenny 2005). However, the 

informativeness of this parameter may be compromised by its wide spatial and temporal 

variability (Spilmont et al. 2011), which is generally attributed to a complex interplay of 

biotic and abiotic factors (de Brouwer et al. 2000). The most important of these are tidal 

position (Thornton et al. 2002, Jesus et al. 2009), the composition of surrounding sediments 

(Cahoon et al. 1999, Cartaxana et al. 2006), availability of nutrients (Admiraal 1984, 
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Thornton et al. 2002), and herbivore grazing activity (Pratt et al. 2015). On a temporal scale, 

MPB biomass may exhibit seasonal patterns (e.g. Semcheski et al. 2016), and there is an 

evidence suggesting that biomass peaks can be related to temperature fluctuations (de Jonge 

et al. 2012). However, the local environmental conditions (e.g. proximity to a point-source 

nutrient discharge from an oyster farm) can override seasonal changes (cf. Guarini et al. 1998, 

Facca and Sfriso 2007), and enhance MPB biomass within any period of the year (Underwood 

and Kromkamp 1999). 

A large part of New Zealand estuarine research is focused on how sedimentary 

characteristics, especially percent content of mud (the amount of particles with a grain size 

<63 µm), influence ecosystem functioning (e.g. Pratt et al. 2014, Thrush et al. 2014). It was 

found that in predominantly sandy New Zealand estuaries, increased mud content leads to 

declines in gross primary production and nutrient regeneration. MPB act as an important 

mediator of these processes, but it is hard to establish the direct links between sediment mud 

content and benthic Chl a concentration (Chapter 1). MPB biomass ranges widely across the 

different sediment types, and this variability likely reflects the interactive effects of many 

other sedimentary factors (Cahoon and Safi 2002). 

Here, I investigate MPB biomass patterns across a range of southern New Zealand 

estuaries, which represent different positions along an ecosystem degradation gradient. The 

estuaries were sampled to cover a wide range of combinations of benthic environmental 

characteristics. I explore the interactions between sedimentary physical-chemical properties 

and their influence on MPB biomass and specifically test the hypothesis that increasing 

sediment mud content leads to decreases in MPB biomass. 

 

Materials and Methods 

2.2. Sampling methods 

To gain a cross-estuary perspective, forty-five samples were collected from eight 

estuaries, spanning 6o latitude, in April-May 2016, October 2016, and April 2017 (Fig. 2.1). 
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These estuaries belong to the same class of permanently open tidal lagoons (Hume et al. 

2016). However, their area, freshwater inflow, and human usage were notably different (Table 

2.1). 

 

Figure 2.1. Map showing the locations of the sampled estuaries. RI – Ruataniwha Inlet; PU – 

Port Pūponga; DW – Delaware Estuary; NH – Nelson Haven; AH – Avon-Heathcote Estuary; 

CT – Catlins River Estuary; WH – Waikawa Harbour; JR – Jacobs River Estuary. 
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Table 2.1. Short summary of sampled estuaries. Catchment and hydrological data were retrieved from Hume et al. (2016). Potential nutrient concentrations 

were derived from the models of Plew et al. (2018). 

Estuary name Coordinates 

Catch-

ment area 

(km2) 

Spring 

tidal prism 

(m3) 

River inflow 

over tidal 

cycle (m3) 

Potential 

water column 

TN, µmol L-1 

Potential water 

column TP, 

µmol L-1 

Water 

column 

N:P ratio 

Avon-Heathcote Estuary 

(AH) 

43°32'46"S 

172°43'46"E 
211 8.9 · 106 0.29 · 106 17.53 0.53 32.81 

Catlins River Estuary (CT) 
46°28'44"S 

169°41'35"E 
402 9.3 · 106 0.6 · 106 15.11 1.33 11.36 

Delaware Estuary (DW) 
41°09'55"S 

173°26'28"E 
93 5.8 · 106 0.19 · 106 4.14 0.49 8.52 

Jacobs River Estuary (JR) 
46°20'40"S 

168°00'43"E 
1570 10 · 106 2.4 · 106 37.11 1.17 31.78 

Nelson Haven (NH) 
41°14'36"S 

173°18'16"E 
129 30.8 · 106 0.27 · 106 2.24 0.31 7.28 

Port Pūponga (PU) 
40°31'36"S 

172°44'05"E 
5 0.75 · 106 0.01 · 106 3.58 0.4 8.93 

Ruataniwha Inlet (RI) 
40°39'13"S 

172°40'00"E 
712 13.5 · 106 4.86 · 106 9.62 1.11 8.64 

Waikawa Harbour (WH) 
46°37'30"S 

169°08'37"E 
241 7.6 · 106 0.4 · 106 14.65 1.33 11.0 
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The estuaries could not all be sampled at the same time of year due to logistic 

constraints. Therefore, two were sampled during austral spring (CT and JR) and the remainder 

in autumn (AH, DW, NH, PU, RI and WH), which correspond to periods of similar day 

lengths and air temperatures. Between 5 and 7 samples were collected within each estuary, all 

from mid-tide level to standardise the salinity and exposure time of the sampling locations. 

The main aim was to sample across a gradient of mud to sand, so I targeted as many sediment 

types (mud, sand, muddy sand, etc.) as possible, based on visual assessment of sediment grain 

size. 

Each sample consisted of three sediment cores that were collected within 0.5-1 cm 

distance from each other. Cores were taken to a depth of 2 cm with custom-made plastic 

corers of 3 cm inner diameter. Cores were individually wrapped in aluminium foil, labelled, 

and transported on ice to a freezer within 2 h, then stored at -20o C until analysis. 

 

2.3.Sample processing 

Each sample was analysed for the following environmental parameters: benthic Chl a, 

sediment grain-size ratio (% mud), median grain size (MGS), organic matter content (% OM), 

water content (% water), total recoverable nitrogen (TN) and total recoverable phosphorus 

(TP) content. 

One complete core from each sample was reserved for the spectrophotometric Chl a 

analysis. These were freeze-dried and then extracted with 90% aqueous acetone solution, 

following the procedures outlined in Lorenzen (1967) and Colijn and Dijkema (1981). To 

ensure good mixing of the solvent with the sediment, the extraction tubes were shaken for 1-2 

minutes on a vortex mixer. 

The second core from each sample was used for sediment properties. These were 

weighed, then dried at 55o C until a stable mass was reached. The wet-to-dry mass ratio was 

then used to calculate % water. The dried core was then split, and half used for granulometry 

and half for % OM analysis. Granulometry was done using a high-definition digital particle 
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size analyser (Saturn DigiSizer II). MGS was estimated from size-frequency data and % mud 

was calculated as a proportion of particles <63 µm in diameter, which corresponds to the 

combined silt and clay fraction (Wentworth 1922). The % OM was determined by the loss-

on-ignition method (Gross 1971). 

The final core was used for the TN and TP analyses, both estimated as mmol kg-1. TN 

was analysed by catalytic combustion at 900 oC using an Elementar CNHO analyser. TP was 

analysed by inductively coupled plasma mass spectrometry after nitric and hydrochloric acid 

digestion of the air-dried sediment. 

 

2.4. Data analysis 

The initial data set comprised continuous environmental variables: Chl a, % mud, MGS, 

% OM, % water, TN, and TP, together with “estuary” as a factor. Spot measurements of water 

column nutrient concentrations are of limited value in estuaries. Therefore, to account for the 

differences among the sampled estuaries, I calculated water column N:P ratios, using the 

potential nutrient concentrations available from the models of Plew et al. (2018). These 

simple dilution models use river and ocean flux dynamics to provide a single, time- and 

space-averaged estimate of nutrient concentrations for a given estuary. 

Exploratory data analysis was undertaken using the protocol of Zuur et al. (2010). 

Among all variables, only TN showed the presence of outliers and strong skewness, which 

were minimised by log-transformation. All variables were positive and contained no zeroes. 

Collinearity was assessed using Pearson’s correlation tests, paired scatterplots, Principal 

Component Analysis (PCA) biplots, and the variance inflation factor (VIF), ensuring that the 

latter did not exceed a threshold of 3 for any of the variables (Zuur et al. 2010). 

Analysis of variance (ANOVA) was used to test the difference in environmental 

variables between the sampled estuaries. Homogeneity of variance was tested using Levene’s 

test prior to the analysis. Relationships between Chl a and the environmental predictors, 
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normalised as necessary, were then explored using scatterplots with a LOESS (local 

regression) smoothed trend line to aid visual interpretation of their nature. 

There were nonlinear trends in the data, and because of that I used a Generalized 

Additive Mixed Modelling (GAMM) approach (Wood 2006) for the ensuing analysis of 

benthic Chl a relationships with environmental variables. GAMM can be seen as an extension 

of Generalized Linear Models that replaces parametric linear functions of predictors with their 

smoothing equivalents. Such an approach better copes with nonlinear patterns and is more 

suitable when dealing with noisy ecological data (Zuur et al. 2009). The statistical framework 

can assess the input of each variable to the overall model by performing a Wald test. 

However, the p-values produced by the test are approximate, and only very high (>0.2) or 

very low (<0.001) values can be trusted when inferring significance of the individual model 

terms (Zuur et al. 2009). 

The analysis was aimed at finding the optimal model for the data, which would contain 

only ecologically and statistically significant terms, while accounting for the most variability 

in Chl a. The modelling process followed the guidelines outlined in Zuur et al. (2009). Due to 

the strictly positive continuous nature of the response variable, the Gamma log link function 

was used to construct the model. To account for the hierarchical organisation of the data, 

estuary (sampling group) was designated as a random component, and then the optimal fixed 

and random effects structure was found after the model selection process. The latter was done 

following the top-down strategy, which involves the reduction of the initial exaggerated or 

“beyond optimal” model, fitted with cubic regression shrinkage splines. This type of spline 

was used to simultaneously eliminate the variables with little or no explanatory power. The 

model was then refitted using cubic regression splines and the restricted maximum likelihood 

(REML) method. The model selection procedure was based on the comparison of Akaike 

Information Criteria (AIC) and F-statistics, obtained by the REML estimation. 

Model evaluation was done by inspecting the deviance residual plots. The final model 

was presented in the form of partial effect plots, which show the relationship between the 
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response and each predictor term in a model, while adjusting for interference from the other 

variables. The partial effects are displayed as smoothing splines or contour plots, showing 

either positive or negative effects relative to the overall mean of the response variable, which 

is usually centred on zero. 

All statistical analyses were performed with the software R (version 3.5.0); GAMMs 

were run with the “mgcv” package (Wood 2004, 2011, Wood et al. 2016). 

 

Results 

2.3. Characteristics of the sedimentary environment in different estuaries 

All environmental characteristics varied markedly among the estuaries (Fig. 2.2). There 

were no clear differences among the estuaries with regard to anthropogenic impacts, nor was 

there a latitudinal gradient in any variable. There were significant differences in all 

environmental variables among the sampled estuaries, but no estuary was consistently 

different from the rest for all variables (Table 2.2). PCA, however, showed that around half of 

the variance in the data (50.9%) can be explained by Principal Component 1 (PC1), which 

mostly consisted of mud-sand and TN vectors. PC2 explained a further 25.6% of the total 

variance and was primarily composed of the % water parameter (Fig. 2.3). Around half of the 

variables showed significant correlations with others. There were statistically significant (p < 

0.05) weak to moderately strong positive pairwise correlations between the % OM, % water, 

and the nutrient variables (Table 2.3). % Mud was not correlated with the % OM and % 

water, although it showed a weak positive correlation with the log-transformed TN and the TP 

concentrations and, as expected, a strong negative correlation with the MGS (Pearson’s r = -

0.88, p < 0.001). Conversely, the latter demonstrated weak negative correlations with the 

nutrient variables. The strongest positive correlation was found between % water and log-TN 

variables (Pearson’s r = 0.72, p < 0.001). Perhaps the most surprising result was that Chl a 

was not directly correlated with any of the environmental parameters in pairwise comparisons 

(Table 2.3). 
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Figure 2.2. Conditional boxplots of the sediment physical-chemical properties. % mud – sediment muddiness, MGS – median grain size, % OM – the 

percentage of organic matter in sediments, % water – the relative water content, TN – total recoverable nitrogen, TP – total recoverable phosphorus, AH – 

Avon-Heathcote Estuary (n = 6), CT – Catlins River Estuary (n = 5), DW – Delaware Estuary (n = 6), JR – Jacobs River Estuary (n = 5), NH – Nelson 

Haven (n = 6), PU – Port Pūponga (n = 6), RI – Ruataniwha Inlet (n = 7), and WH – Waikawa Harbour (n = 4).  
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Figure 2.3. Principal Component Analysis of the environmental variables. AH – Avon-

Heathcote Estuary, CT – Catlins River Estuary, DW – Delaware Estuary, JR – Jacobs River 

Estuary, NH – Nelson Haven, PU – Port Pūponga, RI – Ruataniwha Inlet, and WH – 

Waikawa Harbour. Each point represents a single sampling site. % mud – sediment grain-size 

ratio, MGS – median grain size, % OM – percentage of organic matter in the sediment, % 

water – relative water content of the sediment, log-TN – log-transformed total recoverable 

nitrogen, and TP – total recoverable phosphorus content. x-axis – Principal Component 1 

(PC1), y-axis – Principal Component 2 (PC2). 
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Table 2.2. ANOVA and post-hoc Tukey test comparison of the environmental variables 

between the study estuaries (SSv – sums of squares for the estuary variable, SSE – residual 

sums of squares, Df – degrees of freedom, log-TN – logarithmically transformed total 

recoverable nitrogen). The last column shows estuaries that were significantly different to all 

others or the significantly different groups of estuaries.) 

Variable SSV / SSE Df F-value p-value 
Post-hoc Tukey test results 

(p < 0.05) 

% mud 5655 / 7115 7, 37 4.201 0.0017 NH – CT, DW, PU, WH 

MGS 71935 / 48782 7, 37 7.794 <0.0001 
AH – CT, PU, WH; 

NH – DW, JR, WH 

% OM 10.83 / 16.64 7, 37 3.44 0.0062 JR – AH, RI 

% water 225.9 / 228.9 7, 37 5.216 0.0003 

PU – AH, CT, DW, NH, RI, 

WH; 

JR – DW 

log-TN 0.97 / 1.24 7, 37 4.137 0.0019 
PU – CT, DW; 

CT – AH, JR 

TP 465.8 / 155.1 7, 37 15.87 <0.0001 

DW – AH, CT, PU, RI, WH;  

JR, NH – CT, PU, WH; 

AH – CT, PU; 

CT – RI 

Chl a 603.7/1097.3 7, 37 2.908 0.016 WH – DW, PU 

 

Table 2.3. Pairwise Pearson’s correlations between the environmental variables (log-TN – 

logarithmically transformed total recoverable nitrogen, * – p < 0.05, ** – p < 0.01, *** – p < 

0.001). 

— % mud MGS % OM % water log-TN TP 

% mud —      

MGS -0.88*** —     

% OM 0.28 -0.18 —    

% water 0.19 -0.06 0.47** —   

log-TN 0.42** -0.38** 0.51*** 0.72*** —  

TP 0.52*** -0.6*** 0.49*** 0.01 0.32* — 

Chl a -0.1 0.15 0.06 0.054 0.17 -0.2 
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2.4.The relationship between MPB biomass and sedimentary environmental parameters 

The exploratory analysis did not reveal any clear monotonic trends in the data using 

either single explanatory variables or PCA-derived environmental gradients. However, there 

were parabolic relationships between some of the variables, especially between Chl a and TP 

(Fig. 2.4). Therefore, I proceeded with GAMM to test the hypothesis concerning the limiting 

effects of the % mud on MPB biomass across estuaries. Strong collinearity with other 

independent variables resulted in % water and MGS being excluded from the GAMM. The 

initial “beyond optimal” model contained % mud, % OM, log-transformed TN, and TP as 

smoothers, water column N:P ratio as a parametric component, and estuary as a random 

component. The AIC of this model was 285.8, and it explained 27% of the total deviance in 

Chl a. The initial model was fitted with cubic regression shrinkage splines, which allowed 

simultaneous elimination of the smoothers with little explanatory power. After fitting, the 

initial model eliminated % mud and % OM as they shrank to 0 degrees of freedom, and water 

column N:P ratio was removed as its p-value was >0.5. 

The final most parsimonious GAMM accounted for 60.5% of the total deviance in Chl a 

and had an AIC of 273.84. After the fixed effects structure tuning, the model finished with TP 

(p = 0.07), log-transformed TN (p = 0.115), and their interaction (p = 0.017) as the strongest 

predictors of the MPB biomass (Table 2.4). The model showed the highest positive 

correspondence of Chl a to sedimentary TP within the range of 8 to 12 mmol kg-1. However, a 

further increase of TP was associated with a negative effect on the MPB biomass (Fig. 2.5A). 

The partial effect of log-TN appeared as a positive linear trend in Chl a, although it was not 

statistically significant at α < 0.1 (Fig. 2.5B). Nevertheless, the tensor product interaction of 

the two nutrient parameters was significant at α < 0.05 and explained 21.2% of the deviance 

in the model. The interaction between log-TN and TP appeared highly nonlinear, with the 

positive and negative partial effects manifesting at different log-TN and TP values (Fig. 

2.5C). For example, the greatest concentrations of Chl a were at moderate levels of TP and 

log-TN, and at low TP and low log-TN. The random intercept “estuary” covered the across-
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estuary variability of Chl a response, but the magnitude of these differences was relatively 

weak in most of the estuaries (Fig. 2.5D). Overall, the random component explained 16.3% of 

the deviance in the model, and the Wald test showed its statistical significance at α < 0.1. 

The complete model, containing all of the terms, predicted the greatest Chl a (> 20 

µg/cm2) concentration within the range of 7 to 12 mmol kg-1 of TP and above 63 mmol kg-1 of 

TN (log-TN = 1.8). The slightly smaller peaks of >16, but <20 µg cm-2 Chl a occurred around 

9 mmol kg-1 of TP and 12 mmol kg-1 of TN (log-TN = 1.1), and within the narrow band of 12-

14 mmol kg-1 of TP and >26 mmol kg-1 of TN (log-TN = 1.4) (Fig. 2.6). However, the high 

Chl a contours above the log-TN 1.8 are model artefacts, as they contain no data points. 

Overall, the field data did not exactly correspond with the GAMM outputs, and some data 

points with the highest concentrations of Chl a (>20 µg cm-2, n = 5) were observed outside of 

the model prediction ranges. Among these points, the two >20 µg cm-2 Chl a values from the 

WH estuary were recorded within the >16 µg cm-2 Chl a prediction area, at around 7.7 mmol 

kg-1 of TP and 12.5 mmol kg-1 of TN (log-TN = 1.1). Additionally, the three samples from the 

AH and JR estuaries that had high TP (10.6 – 13 mmol kg-1) and TN (21 – 32.8 mmol kg-1) 

concentrations were located inside the low Chl a prediction contours (Fig. 2.6). 

Nevertheless, the nature of the interaction between TN and TP suggests that there are 

particular regions of optimal nutrient concentrations where benthic Chl a has the potential to 

reach relatively high values. However, this response varied between estuaries, as indicated by 

the importance of the random intercept “estuary”. 
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Figure 2.4. LOESS (local regression) predicted benthic Chl a trends. AH – Avon-Heathcote Estuary, CT – Catlins River Estuary, DW – Delaware Estuary, 

JR – Jacobs River Estuary, NH – Nelson Haven, PU – Port Pūponga, RI – Ruataniwha Inlet, and WH – Waikawa Harbour. % mud – the sediment grain-size 

ratio, MGS – median grain size, % OM – the percentage of organic matter in sediments, % water – the relative water content, log-TN – logarithmically 

transformed total recoverable nitrogen and TP – total recoverable phosphorus content, PC1 – Principal Component 1. 



Table 2.4. Results of the final Generalized Additive Mixed Models fitted with Gamma log 

link function for the Chl a data (n = 45). log-TN – logarithmically transformed total 

recoverable nitrogen. 

Parametric 

coefficients 

Estimate Std. Error t-value p-value 

Intercept 2.31 0.092 25.14 <0.0001 

Smoothing terms Effective 

degrees 

of 

freedom 

Unpenalized 

degrees of 

freedom 

F-

value 

Approximate 

p-value 

TP 2.46 2.95 2.8 0.07 

log-TN 1 1 2.61 0.115 

TP * log-TN 6.28 7.99 2.82 0.017 

Estuary (random 

intercept) 
2.06 7 0.52 0.09 
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Figure 2.5. Partial effect plots of total recoverable phosphorus (A), logarithmically 

transformed nitrogen (B), their interaction (C) on benthic Chl a, and the distribution of 

random intercepts (D) for Chl a across the sampled estuaries. Solid lines represent cubic 

regression splines with 95% confidence intervals (dashed lines) of the Generalized Additive 

Mixed Model fitted with Gamma log link function. The hash marks on the x-axes represent 

the spread of the individual data points within the predictor variable. Both, y-axes and the 

coloured scale represent the direction and strength of the effects in relation to the centred 

response variable (see the Data analysis section for more explanation). 
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Figure 2.6. Relationship between total recoverable phosphorus and log-transformed total 

recoverable nitrogen, and MPB biomass (Chl a) as observed in the field (black circles) and 

predicted by the GAMM (contour plot). 
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Discussion 

It is widely accepted that MPB play a significant role in estuarine ecosystem 

functioning (Miller et al. 1996). However, the dynamics of MPB biomass and community 

structure are not well understood (MacIntyre et al. 1996). The reasons for this originate in the 

inherent patchiness of MPB biofilms and the benthic environment itself, as well as in the high 

complexity and spatiotemporal variability of benthic processes (Saburova et al. 1995, 

Spilmont et al. 2011). In this study, I began with the characterization of the sediment 

variability in eight estuaries. Then, I explored the relationships between measured benthic 

environmental parameters and MPB biomass across these estuaries. 

There was considerable variation in environmental conditions both between and within 

the estuaries, and no readily interpretable groupings (e.g. regional or known pollution-related) 

were detected (Fig. 2.2). Several estuaries (DW, JR, NH, and to some extent AH) had 

relatively higher TP levels than the rest, which could be attributed to the somewhat higher % 

mud and smaller median grain size in them. However, all of these estuaries are very different 

in terms of their catchment modification, intensity of anthropogenic pressure, and overall 

environmental health (Robertson et al. 2016). 

Nevertheless, there were many significant correlations between sedimentary parameters 

in the data set. The strongest interaction was between % mud and MGS (Table 2.3) because of 

the definition of % mud (a proportion of particles < 63 µm in diameter) itself. Therefore, it is 

not surprising to find smaller median particle sizes in distributions that are strongly skewed 

towards the presence of numerous small-sized particles. A more interesting cluster of 

significant positive and negative correlations in the data was between % mud, MGS, % OM, 

% water, log-TN, and TP (Table 2.3). 

Together with the PCA results (Fig. 2.3), these correlations illustrate a well-known 

separation of two principal estuarine benthic habitats: nutrient-rich muds and nutrient-poor 

sands (Kamp-Nielsen et al. 2002). This partition mainly stems from the hydrodynamic regime 

of the environment (Gray and Elliott 2009). Tide and wave action influence the particle size 
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distribution. The latter affects the porosity and permeability of the sediment, which in turn 

affects the biogeochemical conditions and organic matter accumulation. In general, fine sands 

and muds trap more detritus and retain more water during low tide. Decomposition of organic 

material may then regenerate sedimentary N and P into the pore water, but at the same time 

both elements are being dynamically sorbed at the surface of sediment particles. The smaller 

particles offer larger reactive surface area, thereby leading to the increase of nutrient content 

in the finer sediment (Erftemeijer and Middelburg 1993). 

Because no single environmental variable could explain the variability in Chl a, and its 

relationship with the % mud seemed non-linear (Fig. 2.4), a GAMM approach was used to 

test the hypothesis concerning the limiting effects of % mud on MPB biomass. Curiously, the 

final model excluded % mud, % OM and water column nutrients and retained only 

sedimentary TN, TP, and their interaction as the most meaningful predictors for benthic Chl a 

(Table 2.4). 

The nonlinear interaction between TN and TP accounted for most of the variability in 

Chl a. The nature of this interaction was statistically significant at α < 0.05, and it indicated 

several optimum growth zones where benthic Chl a may exceed concentrations of 16 µg cm-2 

(Fig. 2.5C). However, the highest predicted Chl a values in the model (> 20 µg cm-2) were not 

well-supported by field data, and therefore must be interpreted carefully (Fig. 2.6). 

The response to TP alone was curvilinear (Fig. 2.5A), although the statistical 

confirmation of its shape was not very strong (p = 0.062). MPB biomass increased at lower 

TP concentrations up to a threshold, but then declined after surpassing it. The nonlinear trend 

of TP seems hard to interpret, and its shape may reflect a potential sediment-nutrient 

interplay. For instance, elemental P cycling is highly dependent on the sediment composition 

and anoxic reducing processes (Andrieux-Loyer and Aminot 2001). Commonly, muddy 

sediments have high TP values (e.g. Table 2.3) and also may show reducing anoxic conditions 

that favour the release of high concentrations of P. However, anoxic sediments may be an 

unfavourable habitat for microalgae due to the elevated content of toxic hydrogen sulphide 
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and ammonia (Admiraal 1984). The TP nonlinearity could also arise from purely 

computational reasons, for example, due to the inclusion of a few influential points that could 

strongly leverage the entire model. However, closer examination of the LOESS patterns (Fig. 

2.4) does not indicate the presence of any influential data points, but rather reflects a similar 

tendency of biomass decrease with rising TP concentration. The TN trends of the model may 

point to N-limitation of MPB, as their biomass linearly increased in response to the rise in 

sedimentary TN concentration (Fig. 2.5B). However, this component alone was not 

statistically significant (p = 0.115). The random component structure of the GAMM suggests 

that the MPB response varied across the estuaries (Fig. 2.5D). Even though it improved the 

final fit of the model, the strength of these variations was not critically different between the 

estuaries. Overall, the model findings support the rejection of the hypothesis about the 

limiting effects of % mud on MPB biomass, and hint at the potential nutrient limitation of 

MPB biomass in the studied estuaries. 

Despite the strong experimental evidence of a positive relationship between benthic Chl 

a and sediment muddiness (van de Koppel et al. 2001), field observations often report both 

weak negative (Cahoon et al. 1999, Cahoon and Safi 2002) and weak positive (McIntire and 

Amspoker 1986, Du et al. 2009) correlations between the fine sediment content and 

microalgal biomass. At the same time, specially designed comparative studies of muddy and 

sandy sediments of the Tagus Estuary (Portugal) did not find any pronounced differences in 

Chl a content (Cartaxana et al. 2006, Jesus et al. 2009). It seems that the large-scale 

differences among estuaries (e.g. wind and wave exposure) make the % mud and MPB 

biomass relationship rather difficult to detect, especially with a limited number of samples 

(van der Wal et al. 2010). In addition, MPB biomass distribution is scale-dependent and can 

be easily obscured by the stochastic grazing activity of deposit feeders (Pratt et al. 2015). 

Therefore, it could be that the sampling strategy used in this study simply did not provide 

enough statistical power for the elucidation of the convoluted Chl a and % mud relationship, 

even with the help of the such versatile method as GAMM. 
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The emergence of TN and TP interaction in the GAMM indicates the important role of 

both elements in MPB biomass production (Hillebrand and Sommer 1999). It is widely 

accepted that N is a primary limiting element in estuaries worldwide (Howarth and Marino 

2006). However, the effects of P on primary production cannot be neglected as there are many 

examples of P limitation or seasonal switching between the two elements (Fong et al. 1993, 

Howarth and Marino 2006 and references therein). N and P limitation of MPB biomass can be 

hard to disentangle from the effects of other environmental parameters, but long-term 

observations show that there are evident changes in microalgal biomass after a shift in 

nutrient loading, such as wastewater diversion (de Jonge 1990, Peletier 1996). This is also 

demonstrated by nutrient enrichment studies carried out on sand- and mudflats. These 

experiments show noticeable differences in the response of MPB biomass, suggesting that 

microalgae of sandy substrata are more likely to experience nutrient limitation when 

compared to muddy communities (Admiraal 1984, Nilsson et al. 1991, Underwood and 

Kromkamp 1999, Armitage et al. 2009). 

Sediment nutrients cycle through a variety of states (organic, inorganic, dissolved, and 

particulate), and can be separated into the three different pools: pore water, exchangeable or 

adsorbed, and intracellular (Meng et al. 2014, Garcia-Robledo et al. 2016). Not all of these 

nutrients are readily available for the MPB (Mackin and Aller 1984, Coelho et al. 2004). 

However, their bioavailability can change very rapidly due to the fluctuation of sedimentary 

redox conditions (Mackin and Aller 1984, Andrieux-Loyer and Aminot 2001). Overall, this 

creates a great deal of microscale patchiness in sediment nutrient distribution (Huettel et al. 

2003), and subjects MPB to much less uniform nutrient gradients compared to those that exist 

in the water column (Meyer et al. 2001). Therefore, the influence of fine sediments (i.e. mud) 

on benthic microphytes cannot be disregarded entirely, due to its complex interaction with 

nutrient cycling. 
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Conclusions 

This study provides insight into how MPB, a major autotrophic component of estuarine 

ecosystems, are responding to their immediate environment. In contrast to some studies, I 

found that % mud does not play a major role in shaping MPB biomass but rather interacts 

with other factors, such as the ambient nutrient regime. The results of GAMM modelling 

show that the interaction of N and P can explain a substantially larger amount of variation in 

benthic Chl a compared to the commonly used parameters of % mud or % OM. However, the 

secondary effects of % mud could be important in controlling benthic Chl a due the physical 

involvement of estuarine sediments in nutrient transformation. 
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Chapter 3. Diversity of intertidal microphytobenthos in a temperate New 

Zealand estuary and its relationship with sedimentary chlorophyll a. 

  

Introduction 

Throughout the world, large areas of intertidal sand and mudflats are covered with 

transient biofilms of microphytobenthos (MPB) (Paterson et al. 2003). Sometimes 

inconspicuous, MPB biofilms contain a rich and varying mixture of different photosynthetic 

microorganisms, among which diatoms are usually the most common and abundant group 

(Admiraal 1984). However, under some conditions, other microorganisms, such as 

cyanobacteria, euglenoids and dinoflagellates, can be equally important in the formation of 

MPB communities (Paterson and Hagerthey 2001, Scholz and Liebezeit 2012, Semcheski et 

al. 2016). 

These biofilms are often the only source of primary production on bare, unvegetated 

sediments (MacIntyre et al. 1996). They supply carbon to the food web via herbivorous and 

detrital pathways, as well as through facilitation of the microbial loop (van Oevelen et al. 

2006). MPB mediate sediment-water nitrogen exchange by assimilation and recycling of the 

dissolved inorganic nutrients (Thornton et al. 1999, Sundbäck et al. 2000, Cook et al. 2004, 

Garcia-Robledo et al. 2016). MPB biofilms stabilise sediments through the production of 

extracellular mucilage, which binds sediment grains together and makes them less prone to 

resuspension (Passarelli et al. 2014, Hubas et al. 2018). MPB rapidly colonise the available 

substrate and their subsequent active growth can speed up the recovery of benthic infauna 

after long-term hypoxic events (Larson and Sundbäck 2008). Such a multitude of ecological 

functions makes MPB an essential component in maintaining and strengthening ecosystem 

resilience (Thrush et al. 2012). 

MPB functioning depends on the species composition of biofilms (Underwood 2005). 

Different MPB taxa exhibit varied photophysiological properties (e.g. light use efficiency), 
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which in turn may affect overall MPB community primary productivity (Oxborough et al. 

2000, Underwood et al. 2005). For example, small immotile araphid diatoms can tolerate 

higher light intensities than some of the larger motile species, and thus stay productive for 

longer photoperiod (Barnett et al. 2015). Individual MPB species also can differ significantly 

in their nutritional value and/or digestibility (Cognie et al. 2001, Hamels et al. 2004). Some 

MPB taxa, such as cyanobacteria, can be toxic and induce grazer mortality (Armitage and 

Fong 2004). Careful consideration of MPB diversity, therefore, leads to better understanding 

of intertidal biofilm functioning (Underwood 2005). 

The precise estimation of MPB taxonomic diversity and species numbers can be 

challenging for several reasons. Currently, there is ambiguity in the species concept in 

phycology and protistology (e.g. Mann 1999, Johansen and Casamatta 2005), which results in 

a problem of a clear species delimitation (Leliaert et al. 2014). This then generates a high 

uncertainty of estimated species numbers for all groups of MPB. Diatoms, with their current 

estimates varying between 20,000 (Guiry 2012) and 200,000 species (Mann and Droop 1996) 

are perhaps the most notable example of that. Furthermore, little is known about marine 

littoral-dwelling microalgae, and there is a conspicuous lack of adequate data on MPB 

community composition for many parts of the world (Hoffmann 1999, Vanormelingen et al. 

2008, Mann and Vanormelingen 2013). Existing floristic information is often scarce or 

outdated (e.g. Foged 1979, Witkowski et al. 2000), which creates wide gaps in knowledge of 

coastal MPB biodiversity.  

A comprehensive understanding of linkages between microbial diversity and ecosystem 

functioning is vitally important for mitigating the impacts of today’s multiple anthropogenic 

stressors (Boetius 2019). However, a prior critical analysis of naturally occurring MPB 

variability is necessary for advancing this goal (Caron et al. 2012). Environmental (and 

habitat) heterogeneity is often regarded as one of the most critical biodiversity drivers across 

taxa, biomes and spatial scales (Tews et al. 2004, Stein et al. 2014). Yet, this concept is rarely 

reviewed within the context of sediment microbial ecology. Sediments set up a space for 
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biogeochemical reactions and physically define the MPB microenvironment (Chapter 2). 

Sediment composition remains relatively stable over long periods of time, and more 

heterogenous mixed sediments offer a larger variety of microhabitats for MPB than pure sand 

or mud (Anderson and Meadows 1978). It has long been noted that epipelic (“living on mud”) 

and epipsammic (“living on sand”) MPB species have quite different life modes (Round et al. 

1990). Also, sandy sediments are more likely to have richer flagellate presence (McGlathery 

et al. 2012). As it was shown in Chapter 2 of this thesis, the interplay of estuarine abiotic 

factors creates a complex mosaic of benthic microhabitats, which may shape the inhabiting 

MPB communities in distinct and divergent ways. MPB species range widely in their 

biovolume (Hillebrand et al. 1999), and it is possible that species with higher biovolume may 

contribute more to the overall community biomass than smaller species. The main aim of this 

Chapter, therefore, is to investigate the links between MPB habitat, MPB diversity and MPB 

community biomass, expressed as sediment chlorophyll a concentration (Chl a). To achieve 

this, I specifically test the following two hypotheses: (1) muddy sand sediments will have 

higher MPB diversity than very sandy or very muddy sediments due to their heterogenous 

composition, and (2) a greater share of large microalgae (e.g. sigmoid diatoms) in the 

community will correlate positively with benthic Chl a. 

 

Materials and Methods 

3.2. Site description 

To test the study hypotheses, I did a spatially extensive sampling of one of the main 

estuaries on New Zealand’s South Island. The Avon-Heathcote (AH) or Ihutai estuary is 

located near Christchurch city (ca. 400,000 people). It is fed by two rivers: the Avon/Ōtākaro 

and the Heathcote/Ōpāwaho. The estuary is a relatively large (ca. 8 km2), predominantly 

intertidal, shallow (average depth 1.4 m) and permanently open tidal lagoon (Hollever and 

Bolton-Ritchie 2016, Hume et al. 2016). The tidal cycle is semidiurnal, and the water 

temperature annually fluctuates between 10 oC (winter) to 20 oC (summer). High tide water 



74 
 

salinity typically ranges between 3 psu (near river mouths) and almost 34 psu (closer to the 

ocean).  

The estuary was long subjected to treated wastewater discharge, until it was diverted to 

an ocean outfall in 2010. Today, most of the pollution originates from diffuse sources in the 

heavily modified urban catchment of the AH and enters the estuary via riverine inflow, 

groundwater seepage, and stormwater runoff (Fig. 3.1). The two rivers introduce most of the 

nitrate-nitrite nitrogen (NNN) and dissolved reactive phosphorus (DRP) to the estuary, and 

the concentration of these nutrients gradually declines towards the estuary mouth. Upper 

estuary is influenced by Christchurch wastewater treatment plant oxidation ponds, as 

indicated by consistently high concentrations of total ammoniacal nitrogen (NH4-N) and DRP 

in water column. 

AH bathymetry and morphology were heavily affected by the powerful earthquakes of 

2010-2011, which resulted in an increase of the intertidal flats area in the estuary (Measures et 

al. 2011). The earthquakes induced sediment liquefaction and brought huge amounts of sand 

to the surface of the estuarine bed. Surprisingly, the new sediments facilitated the recovery of 

the AH from many years of wastewater pollution and buried the old eutrophied sediments in 

many parts of the estuary (Zeldis et al. 2011, Skilton 2013). In its present state, AH is a 

moderately eutrophic estuary with a variety of intertidal sediment habitats. The sediment 

composition of intertidal flats ranges from firm sand and muddy sand to soft and very soft 

mud. There is a reasonably large and healthy seagrass bed in the southern lower part of the 

estuary, and many smaller seaweed and shellfish beds that are scattered throughout the middle 

part of the AH (Hollever and Bolton-Ritchie 2016). 



 

Figure 3.1. Post-earthquake median water column nutrient concentrations and 2016 median high tide salinity in the Avon-Heathcote estuary. Data are 

compiled from 2012 – 2017 Environment Canterbury technical reports (accessed at: https://ecan.govt.nz/). Triangles on the left-hand side map show 

locations of the ECan monitoring sites, numbers below them – high tide salinity, locations of the two river mouths are written in italics. NH4-N – total 

ammoniacal nitrogen, NNN – nitrate-nitrite nitrogen, DRP – dissolved reactive phosphorus.

https://ecan.govt.nz/


3.3. Sample collection and processing 

To characterise the MPB communities, thirty-two samples were collected in May 2016. 

The sampling was targeted to follow existing environmental gradients: mud-sand, brackish-

marine, eutrophic-oligotrophic. All samples were collected from the mid-shore level. Each 

sample consisted of four sediment cores that were collected within 2-3 cm of each other. 

Cores were taken to a depth of 2 cm with custom-made plastic corers of 3 cm inner diameter. 

Three cores of each sample were individually wrapped in aluminium foil, labelled, and 

transported on ice to a freezer within 2 h, then stored at -20o C until analysis. The fourth core 

was placed into a plastic vial and fixed with 4% formaldehyde solution in artificial 

Ca2+/Mg2+-free seawater (de Jonge 1979). 

Each sample was analysed for the following parameters: benthic Chl a, sediment grain-

size ratio (% mud), median grain size (MGS), organic matter content (% OM), water content 

(% water), total recoverable nitrogen (TN) and total recoverable phosphorus (TP) content, 

MPB species composition, individual taxa relative abundances, and cell density (expressed as 

cells-1 cm-2). The digital elevation model of the estuary (Measures et al. 2011) was used to 

extract the tidal elevation (meters above/below Lyttelton Sea Level datum 1937) of each 

sample. This was done to account for potential effects of the past earthquakes on the slope of 

the estuarine bed. Yearly median salinity values across the estuary were obtained from the 

2016 Environment Canterbury (ECan) technical report (Bolton-Ritchie 2017) and assigned to 

the groups of samples with regard to their proximity to the ECan reference sites. In addition, 

the distance from the estuary mouth (43°33'44'' S, 172°45'2'' E) to each sample was calculated 

and used as a second metric of marine connectivity. 

One complete core from each sample was reserved for Chl a analysis. These were 

freeze-dried and then extracted with 90% acetone solution, following the procedures outlined 

in Lorenzen (1967) and Colijn and Dijkema (1981). To ensure good mixing of the solvent 

with the sediment, the extraction tubes were shaken for 1-2 minutes on a vortex mixer. The 

second core from each sample was used for sediment properties. These were extruded into a 
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pre-weighed dish, then dried at 55o C until a stable mass was reached. The wet-to-dry mass 

ratio was then used to calculate % water. The dried core was split, and half used for 

granulometry and half for % OM analysis. Granulometry was done by wet sieving sediment 

through the stack of 500, 250, 125 and 63 µm sieves. MGS was estimated from size-

frequency data and % mud was calculated as a proportion of particles <63 µm in diameter, 

which corresponds to the combined silt and clay fraction (Wentworth 1922). The % OM was 

determined by the loss-on-ignition method (Gross 1971). The third core was used for the TN 

and TP analyses, both estimated as mmol-1 kg-1. TN was analysed by catalytic combustion at 

900 oC using an Elementar CNHO analyser. TP was analysed by inductively coupled plasma 

mass spectrometry after nitric and hydrochloric acid digestion of the air-dried sediment. 

The final formaldehyde fixed core was set aside for the MPB community analysis, by 

microscopy of MPB suspensions and permanent diatom slides (Fig. 3.2).  

 

 

Figure 3.2. Microphytobenthic community analysis workflow (see Appendix 1 for a full 

protocol). 

 

First, MPB were pre-concentrated using the gradient centrifugation in colloidal silica 

Ludox HS-40 (Blanchard et al. 1988, Méléder et al. 2007, Xu et al. 2010). Ludox is slightly 

denser (1.3 g/ml) than MPB cells and because of that it effectively separates them from the 

much heavier sediment grains during the centrifugation. However, Ludox is prone to gelling 

in the presence of Ca2+ or Mg2+ ions, and therefore an artificial divalent cation-free seawater 

was used at all steps of centrifugation. 

After centrifugation, MPB suspensions were examined under an Olympus BH-2 

compound microscope, equipped with a differential interference contrast (DIC) system. 20x, 

40x, and 100x (oil) plan achromatic objectives were used to do the initial counts and 
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identification of MPB species. Relative abundance of diatoms and other microalgae in the 

suspension was estimated using Sedgewick-Rafter and Palmer-Maloney counting chambers as 

described in Karlson et al. (2010) and Biggs and Kilroy (2000). Afterwards, MPB suspensions 

were oxidized with concentrated H2SO4 and H2O2 to obtain cleaned diatom frustules. The 

latter were mounted on permanent slides using Naphrax mounting medium. The high 

refractive index of Naphrax improves the quality of microscope observations and allows the 

finest morphological details to be discerned under a DIC or a phase-contrast microscope. A 

ZEISS Axioscope compound microscope, equipped with a DIC and imaging systems, was 

used to examine and photograph diatom slides to develop an image library. Then, around 300 

frustules were counted and identified on each slide. Diatom identification was done to the 

lowest taxonomic level possible. Guides of Witkowski et al. (2000), Round et al. (1990), as 

well as other available taxonomic literature and web-resources, were used to aid the 

identification (see Appendix 2 for the full bibliography). Relative abundance of each diatom 

taxon was adjusted to the overall diatom percentage in pre-concentrated MPB suspensions. 

On average, around 25% of diatom frustules in each sample were left unidentified, because 

only their girdle view was available. The relative abundance of girdle view diatoms was later 

excluded from the community composition analyses. Biovolume of individual species/taxa 

was calculated according to Hillebrand et al. (1999). 

All standard exploratory statistical analyses – correlations, Principal Component 

Analysis (PCA), hierarchical clustering etc. – were performed using the R software (version 

3.6.0). α diversity of MPB was estimated as species richness (total number of species per 

sample) and the effective number of species (Jost 2006). Canonical Correspondence Analysis 

(CCA), Permutational Multivariate Analysis of Variance (PERMANOVA) and Similarity 

Percentage (SIMPER) analysis were performed using the “vegan” package (Oksanen et al. 

2019). Logarithmic or square root data transformations were applied when necessary to meet 

the assumptions of statistical tests. 
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Results 

3.4. Environmental gradients of the AH estuary 

Nearly all of the observed environmental gradients were associated with riverine input 

and the hydrodynamics of the estuary. Most parts of the estuary are well-flushed during the 

tidal flood. Therefore, the salinity of the lower and middle parts of the estuary approaches 

oceanic levels, and the conditions are only slightly less saline in its upper reaches (Fig. 3.1). 

Nutrient concentrations are higher near the river mouths, and gradually decrease towards the 

mouth of the estuary. However, it seems that there might be occasional leaks or constant 

seepages from the wastewater oxidation ponds, which still affect the adjacent parts of the 

estuary as indicated by the high NH4-N and DRP concentrations, but low NNN, at Sandy 

Point (Fig. 3.1). 

The two rivers also influence the estuary’s sediment texture. Sandy mud sediments 

(between 30 – 90% mud) were concentrated in its upper reaches, where the river deposition is 

stronger, but the tidal influence is weaker. Both the lower and middle parts of the estuary 

were predominantly sandy (<10% mud). However, occasional muddy sand (10 – 30% mud) 

patches were found there (Fig. 3.3). 

Almost all environmental variables were significantly correlated with each other (p < 

0.05), ranging from weak to very strong pairwise correlations (Table 3.1). % Mud, % OM, % 

water, TN, and TP were all positively correlated with each other, and negatively correlated 

with the MGS. Sample distance from the estuary mouth showed moderately strong positive 

correlations with % mud and TP, and a moderately strong negative correlation with the MGS. 

It was also weakly positively correlated with the % OM and TN. The tidal elevation of the 

estuarine bed showed weak negative correlations with nutrients and % OM, as well as with 

the sample distance from the estuary mouth, but was positively correlated with the MGS 

(0.47, p < 0.01). There were no direct positive or negative correlations between Chl a and 

sedimentary parameters (Table 3.1). However, Chl a was a weakly correlated with the 

distance from the estuary mouth metric (-0.38, p < 0.05).  
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Table 3.1. Pairwise Spearman’s correlations between the environmental variables measured in 

the estuary sediments (* – p < 0.05, ** – p < 0.01, *** – p < 0.001). 

— % mud MGS % OM % water TN TP distance elevation 

% mud —        

MGS -0.94*** —       

% OM 0.73*** -0.7*** —      

% water 0.61*** -0.72*** 0.58*** —     

TN 0.68*** -0.67*** 0.68*** 0.61*** —    

TP 0.91*** -0.9*** 0.76*** 0.7*** 0.79*** —   

distance 0.65*** -0.54** 0.4* 0.24 0.39* 0.56** —  

elevation -0.35 0.47** -0.35* -0.35 -0.44* -0.48** -0.37* — 

Chl a -0.08 0.04 0.07 -0.06 0.23 -0.05 -0.38* 0.09 

 

Principal Component Analysis (PCA) was used to compress the environmental 

gradients and outline the MPB habitats in the estuary. PCA showed that around 68% of the 

variation in the environmental data can be explained by the first two Principal Components 

(PC). PC1 accounted for 53% of the variance and mostly represented mud-sand and 

eutrophic-oligotrophic gradients. PC2 accounted for 14.8% of the variance and primarily 

depicted brackish-marine gradient. As with the correlation analysis, PCA indicated strong 

multicollinearity in the data and revealed environmental segregation along the PC1 (Fig. 3.4). 
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Figure 3.3. Sediment types in the Avon-Heathcote estuary. Sediment classification is given 

according to Dyer (1979). Each point represents a single sampling site. Sandy sediments have 

<10% mud, muddy sand has between 10-30% mud, and sandy mud has more than 30%, but 

less than 90% mud. 
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Figure 3.4. Principal Component Analysis of the environmental variables in the Avon-

Heathcote estuary. Each point represents a single sampling site. % mud – sediment grain-size 

ratio, MGS – median grain size, % OM – percentage of organic matter in the sediment, % 

water – relative water content of the sediment, TN – total recoverable nitrogen, and TP – total 

recoverable phosphorus content. x-axis – Principal Component 1 (PC1), y-axis – Principal 

Component 2 (PC2). 
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3.5. MPB diversity and its variation along environmental gradients 

Overall, 93 taxa of microalgae were found in the estuarine sediments. Microalgae were 

identified to the lowest taxonomic level possible, which included varieties in some cases. At 

the same time, a lot of smaller microalgae could not have been identified even to a genus level 

and were grouped into broad morphotaxonomic categories (e.g. fragilarioid diatoms). 

Diatoms were the most diverse (81 taxa), the most common and usually the most 

abundant group in the estuary (Fig. 3.5). Other groups of MPB included cyanobacteria (6 

taxa), dinoflagellates (3 taxa), and euglenoids (2 species). The diatom genera Navicula Bory, 

Nitzschia Hassal, Diploneis Ehrenberg ex Cleve, and Amphora Ehrenberg ex Kützing 

contained 10, 8, 5, and 4 species respectively, while the remaining 38 genera were less 

diverse and tallied between 1 and 3 species each (see Appendix 3 for the full taxonomic list). 

Cyanobacteria were mostly represented by filamentous forms, especially the genus 

Phormidium Kützing ex Gomont and a mixture of other very thin filamentous forms. 

However, some colonial coccoids (e.g. of the genus Merismopedia Meyen), were also 

recorded in the sandier sediments. Benthic filamentous cyanobacteria were relatively common 

in the estuary and sometimes reached considerable abundances within the sediments (up to 

35% of all MPB in some samples). Three dinoflagellate species (gen. Amphidinium Claperède 

& Lachmann, Gymnodinium F. Stein, and Prorocentrum Ehrenberg) sporadically occurred 

around the estuary but almost never reached significant numbers (usually 1-2 cells within a 

few samples). In contrast to that, the only two euglenoids, Euglena obtusa F. Schmitz and 

Euglenaria anabaena (Mainx) Karnkowska & E. W. Linton, were quite common in the 

estuary. For example, E. obtusa was recorded in nearly half of all samples, sometimes 

reaching up to 25% in relative abundance. Euglenoid presence was sometimes accompanied 

by readily apparent greenish-yellow biofilms or a dark-green sediment discoloration. 

Several hierarchical clustering algorithms based on Bray-Curtis dissimilarities were 

carried out to attain a better understanding of MPB community structure. Only Ward’s 

clustering yielded clear, compact and uniform clusters, with four MPB species assemblages 
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identified in total (Fig. 3.6). The “saline sands” cluster comprised only 4 samples, which were 

all concentrated near the estuary mouth. This assemblage was the most distantly related to the 

rest of the groupings and mainly consisted of medium-sized diatoms, both motile naviculoids 

and sand-grain attached araphids (Table 3.2). In contrast, “brackish muds” cluster (n = 7) 

occurred only in the upper reaches of the estuary, close to the river mouths. Its characteristic 

species included large motile diatoms Pleurosigma stidolphii Sterrenburg and Campylodiscus 

neofastuosus Ruck & Nakov, smaller Navicula salinicola Hustedt, Navicula phyllepta 

Kützing and Craticula subminuscula (Manguin) C. E. Wetzel & Ector, and centric 

tychoplanktic Melosira-like diatoms (Table 3.2). The other two assemblages – “greenish 

biofilms” (n = 8) and “regular” MPB cluster (n = 13) – interspersed each other in the middle 

part of the estuary. The first assemblage often discoloured sediment surfaces with dense 

greenish-yellow biofilms (hence its name), whereas the sampling locations of the second 

assemblage never had any visible sediment discolouration. Both groupings shared a mixture 

of small and medium-sized diatom species, including some of the most common (“regular”) 

ones. The relatively high constancy (88%) of E. obtusa and thin filamentous cyanobacteria in 

the “greenish biofilms” samples, and their virtual absence from the “regular” assemblage was 

one of the main dissimilarities between the two clusters (Table 3.2). 
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Table 3.2. Characteristic species and their frequency of occurrence within the four MPB 

clusters (see Appendix 3 for the full taxonomic authority and Figure 3.6 for the clustering 

dendrogram). 

Assemblage Species/taxon Constancy 

“Saline 

sands” 

Cylindrotheca closterium, Diploneis smithii, Diploneis smithii 

var. recta, small Fragilaria/Opephora-like diatoms, 

Halamphora coffeiformis, Moreneis coreana, Navicula cf. 

metareichardtiana, Navicula uniseriata, Rhaphoneis 

amphiceros, Thalassiosira spp. 

100% 

“Greenish 

biofilms” 

Craticula cf. simplex, Diploneis puella, small 

Fragilaria/Opephora-like diatoms 
100% 

Chamaepinnularia cf. alexandrowiczii, Euglena obtusa, 

Halamphora acutiuscula, Cf. Halomicronema sp., Navicula 

perminuta, small Nitzschia spp., Psammodictyon panduriforme 

88% 

“Regular” 

MPB 

Diploneis puella, small Fragilaria/Opephora-like diatoms, 

Navicula perminuta, Psammodictyon panduriforme 
100% 

small Nitzschia spp., Thalassiosira spp. 92% 

Craticula cf. simplex, small Halamphora spp. 85% 

“Brackish 

muds” 

Centric Melosira-like diatoms, Craticula cf. simplex, 

Diploneis puella, small Halamphora spp., Navicula perminuta, 

Navicula salinicola, Pleurosigma stidolphii, Thalassiosira spp. 

100% 

Actinoptychus sp., Craticula subminuscula, Navicula 

phyllepta, small Nitzschia spp., small Fragilaria/Opephora-

like diatoms, Psammodictyon panduriforme, Campylodiscus 

neofastuosus 

86% 

 

Permutational Multivariate Analysis of Variance (PERMANOVA) showed the 

statistically significant differences in their species composition (Table 3.3). A check of the 

multivariate dispersion of each cluster was done before running the PERMANOVA and no 

significant differences were detected, even though the four clusters were somewhat 

disproportionate in their sample size.  

  



86 
 

Table 3.3. PERMANOVA of the MPB community data (based on Bray-Curtis dissimilarities, 

999 permutations applied). 

Source of 

variation 
Df 

Sum of 

Squares 
R2 Pseudo-F p-value 

MPB cluster 3 3.16 0.35 4.97 < 0.001 

Residual 28 5.94 0.65   

Total 31 9.1 1   

 

The spatial separation of the four MPB species assemblages within the estuary 

coincided with a tendency of environmental niche differentiation (Fig. 3.7). Some 

assemblages inhabited more sandy and oligotrophic sediments, while the others leaned 

towards more eutrophic and muddier conditions. Canonical Correspondence Analysis (CCA) 

was used to examine these patterns further (Fig. 3.8). To correlate environmental and 

community data, several variable combinations were tested until an ecologically and 

statistically sound model was reached. The final ordination contained only % mud, TN, 

salinity and elevation as explanatory variables, with other variables excluded due to their 

strong multicollinearity (Variance Inflation Factor < 3). A permutation test indicated the 

statistical significance of the sum of all constrained eigenvalues in the CCA (p < 0.01, 999 

permutations). However, only the % mud and tidal elevation variables appeared significant 

when tested individually (p < 0.01, 999 permutations). Rather than finding any abrupt shifts in 

species composition along environmental gradients, the CCA results imply a gradual 

transition of MPB communities between the mudflat and sandflat habitats, with most of the 

species stretched along a vector describing a salinity-muddiness gradient (Fig. 3.8A). Some 

diatom species (e.g. centric Melosira-like and larger pennate C. neofastuosus) showed a clear 

affinity towards muddy and brackish conditions, but most species were concentrated around 

the central part of the salinity-muddiness gradient. At the same time, distribution of 

microalgae species in the saline and sandy part of the gradient was influenced by subtle 

changes in tidal elevation (Fig. 3.8A). Some of these MPB – diatoms Lyrella lyra (Ehrenberg) 

Karajeva, Moreneis coreana J. Park, Koh & Witkowski, Pinnularia woodiana Foged and a 
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few dinoflagellates – favoured slightly raised (and perhaps more energetic) sandy platforms, 

whereas the rest of the oceanic sand flat species gravitated towards more cohesive and 

uniform sediments (Fig. 3.8A). 

Species richness (number of taxonomic units per sample) of the entire estuary varied 

between 17 and 46 species/sample, with an average of 32 species per sample. The effective 

number of species (exponentiated H-index) varied between 2.9 and 24 units/sample, with an 

average of 14.7 units per sample. Generalized Linear Modelling did not find any direct 

relationships (p > 0.05) of these parameters with the environmental gradients of the estuary 

(Suppl. 3.1 & 3.2). However, an interesting pattern emerged when species richness and 

effective species numbers were compared across different MPB assemblages (Fig. 3.9A & B). 

Both MPB assemblages from the middle part of the estuary had greater average values of α 

diversity metrics than the assemblages near the river and estuary mouths. However, a 

Kruskal-Wallis test showed that only species richness was significantly different (at α = 0.01) 

across the MPB clusters. 
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Figure 3.5. Graphical analysis of the relationship between the mean relative abundance (for all 

samples) of a species/taxon and its frequency of occurrence (commonness) in the samples. 

Each point represents a single species/taxon (n = 93). CENT – Cf. Melosira spp., CRASIMP 

– Craticula cf. simplex, DIPPUEL – Diploneis puella, EUGANAB – Euglenaria anabaena, 

EUGOBT – Euglena obtusa, FRAGI – small araphid fragilarioid diatoms, HALOMSP – Cf. 

Halomicronema sp., NAVPERM – Navicula perminuta, NITSPP – minute Nitzschia spp., 

PHORMCOR – Phormidium cf. corallinae, THALSPP – Thalassiosira spp. (see Appendix 3 

for the full taxonomic authority). 
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Figure 3.6. Spatial arrangement of the MPB species assemblages, identified by Ward’s 

hierarchical clustering. Points on the map represent individual sampling sites. 
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Figure 3.7. Mean values of the selected environmental parameters in each of the MPB 

clusters. Error bars represent 95% confidence intervals of the mean. % mud – the proportion 

of particles with a grain size < 63 μm, % water – the relative water content, TN – total 

recoverable nitrogen content, TP – total recoverable phosphorus content. 

 



 

Figure 3.8. Canonical Correspondence Analysis of the Avon-Heathcote MPB communities in species (A) and site (B) spaces. Circles – individual 

species/sites, CCA1 – Canonical Correspondence Axis 1, CCA2 – Canonical Correspondence Axis 2, % mud – the proportion of particles with a grain size < 

63 μm, TN – total recoverable nitrogen content. CAMNEO – Campylodiscus neofastuosus, CENT – Cf. Melosira spp., DIPPUEL – Diploneis puella, 

EUGOBT – Euglena obtusa, GYMNSP – Gymnodinium sp., LYRLYR – Lyrella lyra, MORCOR – Moreneis coreana, NAVSPP – medium-sized Navicula 

spp., PINWOOD – Pinnularia woodiana, PODOSP – Podosira sp. (see Appendix 3 for the full taxonomic authority).
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3.6. The relationships between species composition and MPB biomass 

“Greenish biofilms” and “regular” MPB clusters were also significantly higher in 

benthic Chl a (proxy for MPB biomass) and had somewhat higher MPB cell densities (Fig. 

3.9C & D). However, there was a lot of within-group variability in MPB biomass, α diversity 

metrics, and community composition (Suppl. 3.3). This variability prevented drawing an 

immediate connection between the species composition of a sample, its richness, and 

biomass. Similarity Percentage (SIMPER) analysis was used to further explore MPB 

community differences between the samples with the lowest and the highest Chl a 

concentration. To do this, the 25th and 75th quartiles of the Chl a distribution were calculated, 

for all samples, and then the MPB community data for Q1 and Q4 were examined. The 

bottom Q1 group had Chl a concentration within the range of 1.51 – 2.78 μg/cm2 and 

combined samples from all four MPB clusters (n = 8). The upper Q4 group included samples 

only from “greenish biofilms” and “regular” MPB clusters (n = 10), and its Chl a 

concentration spanned between 11.34 μg/cm2 and 32.5 μg/cm2. SIMPER identified 25 MPB 

taxa that cumulatively accounted for the 70% of dissimilarity between the Q1 and Q4 samples 

(Table 3.4). 
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Table 3.4. SIMPER comparison of the MPB community structure in the samples with the 

lowest (Q1, n = 8) and the highest (Q4, n = 10) Chl a concentration (999 permutations 

applied). 

Species/taxon 
Dissimilarity 

contribution, % 

Cumulative 

dissimilarity, 

% 

Mean relative 

abundance, 

% 

Commonness, 

% 

Euglena obtusa 8.3 8.3 5.6 44 

Navicula perminuta 5.4 13.7 4.4 89 

Diploneis puella 5 18.7 5.4 94 

Cf. Halomicronema sp. 4.9 23.6 3.5 28 

Fragilaria/Opephora-like 

diatoms 
4.3 27.9 5.4 100 

Cf. Melosira spp. 4.3 32.2 2.6 67 

small Nitzschia spp. 3.9 36.1 3.5 78 

Cylindrotheca closterium 3.6 39.7 1.8 22 

Craticula cf. simplex 2.7 42.4 2.1 83 

Halamphora acutiuscula 2.3 44.7 1.7 56 

Amphora abludens 2.4 47.1 1.5 50 

Plagiotropis delicatula 2.4 49.5 1.6 44 

fam. Pseudanabaenaceae 2.2 51.7 1.5 33 

Halamphora coffeiformis 2 53.7 1.8 67 

Nitzschia cf. distans 1.9 55.6 1.4 44 

Craticula subminuscula 1.8 57.4 1.7 67 

Navicula uniseriata 1.7 59.1 0.97 33 

Diploneis smithii 1.5 60.6 1.1 44 

Gyrosigma fasciola 1.6 62.2 1.1 56 

Halamphora spp. 1.5 63.7 1.5 72 

Phormidium cf. 

corallinae 
1.4 65.1 0.7 22 

Karayevia clevei 1.4 66.5 0.98 44 

Navicula bipustulata 1.4 67.9 0.8 44 

Chamaepinnularia cf. 

alexandrowiczii 
1.3 69.2 1 72 

Pinnularia woodiana 1.2 70.4 0.6 5 

 

Nearly all of these influential taxa had relatively high abundances and commonness, 

although a few of them occurred in less than 25% of the samples and/or had <1% mean 

relative abundance. The most striking difference was in the abundance of the large euglenoid 

E. obtusa (biovolume 26653 µ3 cell-1) (Fig. 3.10). It was nearly absent in Q1 but dominated 

the Q4 group. A similar pattern held true for the three largest diatom species – Gyrosigma 

fasciola (Ehrenberg) J. W. Griffith & Henfrey (6614 µ3 cell-1), Diploneis smithii (Brébisson) 
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Cleve (5900 µ3), Plagiotropis cf. delicatula T. B. B. Paddock (5000 µ3 cell-1), as well as for 

many other smaller diatom taxa. However, some considerably large Melosira-like centric 

diatoms (ca. 4000 µ3 cell-1 on average) were more abundant in Q1 groups (Fig. 3.10). 

 

 

Figure 3.9. Comparison of the MPB community parameters between the four species 

assemblages. The lower and upper ends of each box correspond to the 25th and 75th 

percentile of the data. The bold line in the middle marks the median. The lower and upper 

whiskers denote the lowest and the highest datum within 1.5 interquartile range. Coloured 

circles represent the scatter of the individual samples within the group. 
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Figure 3.10. Mean relative abundance of the dominant MPB taxa in the samples with the 

lowest (Q1) and the highest (Q4) benthic Chl a concentrations. EUGOBT – Euglena obtusa 

(biovolume 26653 µ3 cell-1), GYRFASC – Gyrosigma fasciola (6614 µ3 cell-1), DIPSMI – 

Diploneis smithii (5900 µ3 cell-1), PLAGDEL – Plagiotropis cf. delicatula (5000 µ3 cell-1), 

CENT – Cf. Melosira spp. (4000 µ3 cell-1), NITDIST – Nitzschia cf. distans (1350 µ3 cell-1), 

HALCOFF – Halamphora coffeiformis (875 µ3 cell-1), HALACU – H. acutiuscula (875 µ3 

cell-1), AMABL – Amphora abludens (650 µ3 cell-1), CRASIMP – Craticula cf. simplex (650 

µ3 cell-1), HALSPP – small Halamphora spp. (500 µ3 cell-1), DIPPUEL – D. puella (455 µ3 

cell-1), CHAMAL – Chamaepinnularia cf. alexandrowiczii (270 µ3 cell-1), NAVPERM – 

Navicula perminuta (200 µ3 cell-1), NITSPP – minute Nitzschia spp. (100 µ3 cell-1), FRAGI – 

small araphid fragilarioid diatoms (82 µ3 cell-1), CRASUBM – C. subminuscula (62 µ3 cell-1), 

PSEUDANA – family Pseudanabaenaceae (35 µ3 cell-1), HALOMSP – Cf. Halomicronema 

sp. (8 µ3 cell-1). See Appendix 3 for the full taxonomic authority of the dominant MPB taxa.  
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Discussion 

This study began with the characterisation of the benthic environment of the AH 

estuary. As in most estuaries, all of the considered gradients (mud-sand, brackish-marine, 

eutrophic-oligotrophic) in the AH arose from and were shaped by the riverine and oceanic 

interplay. This is evident from the historical data that show consistent multiyear across-site 

trends in water column nutrients and salinity (Fig. 3.1). There were also significant positive 

correlations between the sedimentary parameters (% mud, % OM, nutrients) and the distance 

from the estuary mouth (Table 3.1). The strong intercorrelations among virtually all sediment 

metrics also originate from the hydrodynamic regime of the estuary, and the underlying 

mechanisms of these patterns are discussed in detail in Chapter 2 of this thesis. PCA showed 

that more than half of the environmental variance in the AH was structured along the 

concurrent mud-sand and high-low nutrient gradients (Fig. 3.4). 

Ninety-three taxa (89 species) of microalgae were found within the mid-shore zone of 

the estuary during the single sampling period of May 2016. The microalgae flora of the AH 

estuary is comparable to that of the temperate estuaries in Europe and North America (e.g. 

Trites et al. 2005, Ribeiro et al. 2013), although there were some New Zealand endemics, or 

species found only in the Pacific Ocean, or generally in the Southern Hemisphere. Overall, 

the taxonomic list overlapped with previously published records (McClatchie et al. 1982), but 

at least several dozen species in this study appeared new for the AH estuary (Appendix 3). 

Nonetheless, a lot of microalgae <10 μm in length, width or diameter were left unidentified, 

and were grouped together under a genus name or even broader taxonomic category. Also, 

several doubtful, cryptic or otherwise problematic species were found during the sampling. 

Most notable examples of these include some of the commonest diatoms in the estuary, such 

as Diploneis puella (Schumann) Cleve and Psammodictyon panduriforme (W.Gregory) D.G. 

Mann. These taxa have previously been found to represent species complexes (Witkowski et 

al. 2000, Lange-Bertalot and Fuhrmann 2016). In the AH, D. puella and P. panduriforme 
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covered a wide range of estuarine habitats. Most likely, such “generalist” behaviour is not true 

and may represent cryptic speciation. 

The hierarchical clustering partitioned the species data into four groups 

(PERMANOVA: p < 0.001), scattered around the estuary (Fig. 3.6). Two of these 

assemblages – “brackish muds” and “saline sands” – occupied the opposite ends of estuarine 

gradients, while the other two groups (“greenish biofilms” and “regular” MPB) were less 

clearly separated. The “greenish biofilms” cluster was composed of various diatoms, 

euglenoids and cyanobacteria and the “regular” MPB group was primarily diatom driven 

(Table 3.2). Because of that, “greenish biofilms” had a slightly higher species richness, and a 

greater cell density (Fig. 3.9) – a single cyanobacterial filament can reach up to 200-300 μm 

in length, which equals the cell count of 20-30 colony units. The environmental niches of the 

two clusters overlapped for many variables, but “greenish biofilms” samples had lower % 

water, % mud, and TN (Fig. 3.7). Lower water content makes the non-cohesive sediments 

more compact, and may increase their erodibility threshold, although these relationships are 

not straightforward and there are many other factors affecting them (Grabowski et al. 2011). 

The existence of such rich and abundant community as “greenish biofilms” in nutrient-poor 

sands may appear somewhat paradoxical. However, Bohlool and Wiebe (1978) reported a 

virtually identical MPB community from another South Island estuary, which was extremely 

efficient in nitrogen fixation. Perhaps, this beneficial ability is offsetting natural nutrient 

limitations of sandy sediment and creates a basis for the ample microalgae development. 

The environmental differences between the four clusters were further confirmed by the 

CCA (Fig. 3.8B). This analysis has also identified several indicative species that had a clear 

preference either towards brackish and eutrophic mudflats or towards somewhat elevated 

marine sand platforms (Fig. 3.8A). However, the majority of MPB taxa were positioned in the 

middle of the estuarine gradients, gravitating towards a less extreme benthic environment. 

The CCA results also showed that MPB species tend to replace each other gradually along 

mud-sand and elevation gradients, because there were no sharp discontinuities in their 
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cumulative distribution (Fig. 3.8A). All explanatory variables in the CCA (% mud, TN, 

salinity, tidal elevation) were previously reported in the literature as important factors 

affecting MPB community composition (Colijn and Dijkema 1981, Sabbe and Vyverman 

1991, Thornton et al. 2002, Méléder et al. 2007, Jesus et al. 2009, Ribeiro et al. 2013). 

However, in case of the AH estuary, only % mud and tidal elevation appeared as statistically 

significant. The importance of % mud corresponds well with the clear-cut environmental 

gradients of the estuary, whereas the statistical significance of the tidal elevation variable is 

probably caused by the leverage of a small group of samples from the raised sand deposits 

near the AH mouth. 

In many temperate estuaries sandy sediments tend to harbour a higher taxonomic 

diversity of MPB, and quite often, the non-diatom microalgae even become dominant in such 

intertidal habitats (Paterson and Hagerthey 2001, Janousek 2009, Scholz and Liebezeit 2012, 

Semcheski et al. 2016, Rivera-Garcia et al. 2018). From a benthic habitat perspective, mud 

and sand offer unique sets of benefits and disadvantages for MPB growth. For example, light 

penetration can be up to 10 times greater in sandy sediments (MacIntyre et al. 1996) but, at 

the same time, microalgae can experience greater levels of hydrodynamic stress (Delgado et 

al. 1991, van de Koppel et al. 2001). Cohesive muddy sediments provide MPB a refuge from 

wind and current-driven erosion, but lower oxygen saturation and slower pore water 

advection expose them to the build-up of toxic ammonia and hydrogen sulphide (Admiraal 

1984, Gray and Elliott 2009). 

Paterson and Hagerthey (2001) proposed a conceptual model for changes in MPB 

assemblage structure as a function of complex biotic and physical interactions. It generally 

describes a hump-shaped pattern of MPB diversity and predicts its greatest levels in the stable 

mixed sediment areas. Usually, muddy sand sediments are subjected to fewer hydrodynamic 

disturbance events, and their heterogenous composition provides more physical space for 

MPB niche diversification (Holland and Elmore 2008). This study tends to support the 

Paterson and Hagerthey (2001) concept. It found greatest α diversity (measured as species 
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richness and the effective number of species1) in the middle part of the AH estuary, which 

was neither very sandy nor very muddy (10-30% mud on average). On the contrary, very 

sandy and very muddy samples from the lower and upper parts of the estuary had 

considerably lower biodiversity. 

Many observational studies report links between high benthic Chl a concentrations and 

low diversity of large epipelic microalgae (Colijn and Dijkema 1981, Agatz et al. 1999, 

Thornton et al. 2002, Forster et al. 2006, Du et al. 2009). Other studies find positive 

correlations between MPB biomass and the diverse populations of minute sand-attached 

diatoms (Asmus and Bauerfeind 1994, Méléder et al. 2007). Results from the AH found the 

greatest Chl a values to be associated with relatively high diversity of MPB (Fig. 3.9). 

However, this relationship was not very strong due to a great deal of variation in both 

parameters (Suppl. 3.3). The SIMPER comparison of the community structure in the samples 

with the lowest and the highest Chl a concentration showed that only a handful of influential 

species were driving the differences between them (Table 3.4). Most of these species 

dominated the sediments in terms of relative abundance and/or frequency of occurrence. 

However, their size and biovolume was greatly variable. The dominant species composition 

of samples with the lowest and highest Chl a concentrations was nearly identical, but there 

were strong differences in the relative abundance of these species – especially in very large E. 

obtusa and a few somewhat smaller diatoms species (Fig. 3.10). Collectively, these findings 

lead to the conclusion that no individual microalgae species was solely responsible for the 

increases in benthic Chl a. It is rather a conglomerate of large to moderate-sized species that 

jointly contribute to the formation of localised chlorophyll-rich MPB patches. Furthermore, 

these results show that the usage of MPB community data can explain the perplexing absence 

of relationship between Chl a and principal benthic parameters, such as % mud and nutrients 

 
1 The latter metric is derived from the standard Shannon-Wiener diversity index (H); it corresponds to the 

theoretical number of equally-common species that are required to form a community with the same value of H 

(Jost 2006). 
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(Table 3.1). It could be that the increased abundance of several influential MPB species in the 

sediments distorts these relationships and makes their detection harder. 

 

Conclusions 

Altogether, the results of this study show that sediment texture (% mud) has a definitive 

role in structuring MPB communities (Hypothesis 1). It is one of the most important factors 

shaping MPB diversity into distinct floristic assemblages that gradually replace each other 

along the mud-sand gradient. In the AH estuary, MPB biodiversity reached its peak in the 

heterogenous muddy sand sediments. Most likely, this reflects a trade-off between sediment 

stability and light availability within this habitat. 

MPB diversity was weakly correlated with the MPB biomass. Nevertheless, the analysis 

demonstrated that a few large or even moderate-sized MPB species can have a strong 

influence on the overall community biomass and significantly increase sedimentary 

concentrations of Chl a, as stated in Hypothesis 2. This leads to a more complex view of 

benthic Chl a, which accounts both for the action of external environmental factors and the 

role of internal MPB biofilm properties. Better understanding of such microscale dynamics 

can greatly assist in the interpretation of variable macroscale MPB biomass patterns. 
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Supplementary Material 

Supplement 3.1. Generalized Linear Modelling of the relationship between species richness 

and the mud-sand and eutrophic-oligotrophic gradients of the AH estuary, expressed as PC1. 

The model was fitted using the Poisson log link function (n = 32). 

Coefficients Estimate Std. Error z-value p-value 

Intercept 3.47 0.03 110.9 <0.00001 

PC1 0.013 0.01 0.86 0.389 

 

Supplement 3.2. Linear Modelling of the relationship between the effective number of species 

and the mud-sand and eutrophic-oligotrophic gradients of the AH estuary, expressed as PC1 

(n = 32). 

Coefficients Estimate Std. Error t-value p-value 

Intercept 14.72 1.01 14.55 <0.00001 

PC1 -0.24 0.47 -0.51 0.61 
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Supplement 3.3. The absence of relationship between species richness (A), effective diversity (B) and MPB biomass, expressed as logarithmically 

transformed Chl a. 
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Chapter 4. Nutrient enrichment effects on the community structure and 

biomass of intertidal microphytobenthos 

 

Introduction 

Coastal eutrophication has long been recognised as a major threat to aquatic ecosystems 

worldwide (Howarth and Marino 2006, Howarth 2008). Excessive inputs of nitrogen (N) and 

phosphorus (P) into shallow estuaries and lagoons lead to the spread of hypoxia, harmful 

phytoplankton blooms, nuisance seaweed growth, and long-term habitat degradation. Over the 

past two decades, improved methods of treating wastewater have helped to achieve some 

progress in abating eutrophication (Boesch 2019). Nevertheless, fragmentary understanding 

of the response of estuarine ecosystems to chronic nutrient enrichment remains a serious 

barrier to further reduction of the negative effects of coastal eutrophication (Schiel and 

Howard-Williams 2016, Boesch 2019). Ecosystem-based management – a set of innovative, 

holistic practices that concern entire socio-ecological systems – is often put forward as a new 

and more effective strategy in combating eutrophication (Arkema et al. 2006, Nixon 2009, 

Fulweiler et al. 2012). However, successful policies and programmes are yet to be fully 

developed, and their implementation is often hampered by the high levels of uncertainty in 

environmental decision-making (Tallis et al. 2010, Thrush et al. 2016). Experimental 

ecological research can help reduce this uncertainty by improving the existing knowledge of 

the ecophysiology of individual ecosystem components. Among such under-researched 

components are microphytobenthos (MPB) – crucial primary producers in shallow estuarine 

waters estuarine (Underwood and Kromkamp 1999, McGlathery et al. 2012).  

Both N and P have an important role in MPB biomass production and can act as 

limiting elements for microalgal growth in estuarine sediments (Hillebrand and Sommer 

1999). It is generally established that N-limitation is more important in estuarine ecosystems, 

but there are many examples of N and P colimitation or seasonal switching between the two 
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elements (Howarth and Marino 2006 and references therein). Normally, experimental 

enrichment of water or sediments with these nutrients increases benthic chlorophyll a (Chl a) 

– a proxy for MPB biomass – but the magnitude of this response varies across different 

intertidal habitats and community types (Admiraal 1984, Sundbäck and Snoeijs 1991, 

Flothmann and Werner 1992, Underwood and Kromkamp 1999, Armitage et al. 2006). At the 

same time, multiple sources of evidence indicate that the increase of macronutrients 

concentration in the environment strongly influences MPB community composition, generally 

promoting the development of cyanobacteria and other non-diatom algae (e.g. Underwood et 

al. 1998, Hillebrand et al. 2000, Armitage and Fong 2004). Given the critical role of 

individual MPB species in MPB biomass production (Chapter 3), it could be that the variable 

Chl a response to nutrient enrichment is best explained by the underlying MPB community 

shifts.  

In situ nutrient manipulations are one of the best strategies to study the effects of soft 

sediment eutrophication in real-world ecosystems. However, the mechanics of sediment 

enrichment are highly complex, and because of this even a standardised and uniform 

enrichment procedure can achieve very different nutrient levels within a single habitat 

(Douglas et al. 2016). Experimenting across large spatial scales and more robust experimental 

designs are proposed to overcome such issues (Thrush et al. 2014). The main aim of this 

Chapter is to investigate the effects of experimental addition of N or P (or both) on the 

biomass and composition of MPB communities across a range of New Zealand’s South Island 

estuaries. The main hypotheses of this study are: (1) nutrient enrichment (especially with N) 

will result in a consistent increase in MPB biomass across New Zealand estuaries, and (2) 

nutrient enrichment will result in a convergence of species composition towards dominance 

by cyanobacteria. Two field experiments were designed to test these hypotheses. Their main 

objective was to detect potential community shifts in estuarine MPB and determine the 

magnitude of associated changes in community biomass. Also, the experiments employed 

different temporal and spatial scales to acquire a better understanding of nutrient enrichment 
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effects on MPB. The first experiment spanned several estuaries and assessed only N effects, 

whereas the second experiment was confined to a single estuary and tested the effects of 

enrichment with N, P, and both nutrients combined. 

 

Materials and Methods 

4.2. Urea fertiliser experiment: testing varying levels of ammoniacal nitrogen enrichment 

4.2.1. Experimental design and study areas 

The experiment was set up at 10 sites, located in 8 estuaries around New Zealand’s 

South Island (Fig. 4.1). The estuaries varied in area, freshwater inflow, and human impact 

levels (Table 4.1). 

 

Figure 4.1. Site map of the urea fertiliser experiment. AKA – Akaroa Harbour, AVO – Avon-

Heathcote Estuary, BLU – Blueskin Bay, DEL – Delaware Estuary, JAC-L/U – Jacobs River 

Estuary (lower and upper site), NEW – New River Estuary, WMA – Waimea Inlet, WKW-

L/U – Waikawa Harbour (lower and upper site). 
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Table 4.1. Short summary of the study sites and estuaries. Catchment and hydrological data were retrieved from Hume et al. (2016). DDW – 

deep drowned valley, TL – permanently open tidal lagoon, SDW – shallow drowned valley. See Fig. 4.1 for the map of locations. 

Site name 
Site 

coordinates 

Geo-

morphic 

class 

Catch-

ment area 

(km2) 

Spring 

tidal 

prism (m3) 

River inflow 

over tidal 

cycle (m3) 

Environmental notes 

Akaroa Harbour (AKA) 
43°45'07"S 

172°56'12"E 
DDW 128 7.5 · 107 0.28 · 106 

Sandflat in the headwaters of the harbour. Predominant marine 

influence, healthy seagrass and shellfish beds around. High water 

turbidity.  

Avon-Heathcote Estuary (AVO) 
43°33'00"S 

172°44'14"E 
TL 211 8.9 · 106 0.29 · 106 

Sandflat in the middle of the estuary. Heavily modified urban 

catchment, average environmental health. Clear water, some 

opportunistic seaweeds present. 

Blueskin Bay (BLU) 
45°43'05"S 

170°34'52"E 
TL 91 5.8· 106 0.13 · 106 

Sandflat in the northern part of the estuary. Very productive 

shellfish habitat, clear water, some drifting seaweeds. Subjected to 

small amounts of treated wastewater discharge, relatively good 

environmental status otherwise. 

Delaware Estuary (DEL) 
41°09'54"S 

173°27'35"E 
TL 93 5.8 · 106 0.19 · 106 

Sandflat in the eastern part of the estuary. Relatively good 

environmental condition. Elevated sedimentation issues. Moderate 

water column turbidity. 

Jacobs River Estuary (JAC-L/U) 

46°20'57"S 

167°59'53"E / 

46°20'43"S 

167°58'58"E 

TL 1570 10 · 106 2.4 · 106 

Two sandflats in the western arm of the estuary. Heavily eutrophied 

estuary, catchment strongly impacted by agriculture. Relatively 

clear water. 

New River Estuary (NEW) 
46°27'23"S 

168°19'22"E 
SDW 3948 6.96 · 107 6.5 · 106 

Sandflat in the northern part of the estuary. Very poor 

environmental condition. Turbid water. 

Waimea Inlet (WMA) 
41°17'44"S 

173°11'04"E 
SDW 933 7.6 · 107 2 · 106 

Sandflat in the middle of the estuary, close to the treated 

wastewater discharge. Average environmental status. Turbid water. 

Waikawa Harbour (WKW-L/U) 

46°38'03"S 

169°08'40"E / 

46°37'25"S 

169°08'16"E 

TL 241 7.6 · 106 0.4 · 106 

Coarse high energy sandflat (lower site) and stable mixed flat 

(upper site). Average environmental health. Sedimentation issues in 

the upper part, and pulse blooms of opportunistic macroalgae in the 

lower part. Varying turbidity of the water column.  
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The urea fertiliser application was done by injection, following the methodology 

outlined in Douglas et al. (2016). At most of the estuaries a single site was chosen, within 

which the experiment team designated three blocks, each containing three plots. Blocks were 

10-15 m apart and, in each block, the three, 3 x 3 m, plots were 3-5 m apart. Within each 

block, plots were randomly assigned high N dose (ca. 600 g N m-2), medium N dose (ca. 150 

g N m-2), and control treatments. Controls underwent the same degree of physical disturbance 

as N-enriched treatments. Jacobs River Estuary and Waikawa Harbour had two experimental 

sites set up instead of one. All plots were placed in mid-shore zone, within the uniform 

sandflats with no macrophyte cover. Also, all plots were marked by the presence of 

Macomona liliana Iredale, 1915 – a widespread New Zealand bivalve species. The latter was 

done to ensure that there is a certain degree of similarity between sites in terms of benthic 

infauna communities. The fertiliser application was done in March – May 2017, and the plots 

were left for 6-8 months to allow for dissolved ammonium build-up in sediment pore water. 

 

4.2.2. Sample collection and processing 

In November 2017, bulk sediment and sediment pore water samples were collected 

from each plot. First, two sediment samples were collected at each plot for Chl a and 

sediment grain size (% mud) analysis. Each sample consisted of five sediment cores (2.6 cm 

diameter, 2 cm depth), which were collected randomly inside the plot, pooled together in a 

plastic container, frozen and stored at -20o C until analysis. For Chl a estimation, a weighed 

sediment aliquot was extracted with 90% aqueous acetone, and the extracts were then 

measured fluorometrically, following the procedures outlined in Arar and Collins (1997). 

Sediment granulometry was done after digestion in 10% hydrogen peroxide, using a high-

definition digital particle size analyser (Malvern Mastersizer 3000, UK). % mud was 

calculated as a proportion of particles <63 µm in diameter, which corresponds to the 

combined silt and clay fraction (Wentworth 1922). 
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Nutrient analysis was undertaken on individual sediment pore water samples, collected 

at each of the experimental plots. Each sample consisted of four sediment cores (2.6 cm inner 

diameter, 2 cm depth), which were collected randomly inside the plot and pooled together in a 

50 ml centrifuge tube. Samples were transported to the laboratory, where 4 ml of ultrapure 

water were added to them. Samples were then mixed with a vortex mixer, refrigerated for 1 h, 

and then centrifuged for 10 minutes at 3000 rpm. The resulting supernatant was collected with 

a nutrient-free (i.e. acid-washed) syringe, filtered through a 1.1 or 0.45 μm glass microfiber 

filter, and frozen at -20o C until analysis. All processing was done within 24 h from the 

collection. The nutrient analysis was done on an automated flow injection analyser (Lachat 

QuickChem 8000, USA). The pore water extracts were analysed for ammoniacal nitrogen 

(NH4-N), nitrate-nitrite nitrogen (NOx-N), and total phosphorus (TP) concentrations. The 

resulting values were adjusted for dilution, using 

 

𝐷𝑖𝑙𝑢𝑡𝑖𝑜𝑛 𝑓𝑎𝑐𝑡𝑜𝑟 =  
(𝑊𝑒𝑡 𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑣𝑜𝑙𝑢𝑚𝑒 × 𝑃𝑜𝑟𝑜𝑠𝑖𝑡𝑦) + 𝑈𝑙𝑡𝑟𝑎𝑝𝑢𝑟𝑒 𝑤𝑎𝑡𝑒𝑟 𝑣𝑜𝑙𝑢𝑚𝑒

𝑊𝑒𝑡 𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑣𝑜𝑙𝑢𝑚𝑒 × 𝑃𝑜𝑟𝑜𝑠𝑖𝑡𝑦
 

 

To estimate the porosity, analogous sediment samples were collected at each of the 

experimental plots along with the pore water samples. These were dried at 55o C until stable 

weight was reached and then their dry weight was used to calculate sediment porosity as 

follows: 

 

𝑃𝑜𝑟𝑜𝑠𝑖𝑡𝑦 =  
𝑆𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑤𝑒𝑡 𝑤𝑒𝑖𝑔ℎ𝑡 − 𝑆𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑑𝑟𝑦 𝑤𝑒𝑖𝑔ℎ𝑡

𝑊𝑒𝑡 𝑠𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑣𝑜𝑙𝑢𝑚𝑒 × 1 𝑔 𝑐𝑚−3
 

where 1 g cm-3 is the assumed density of pore water. 

 

During the pore water sampling, two sites (DEL and WMA) were additionally sampled 

for the MPB community analysis. Four sediment cores (2 cm diameter, 2 cm depth) were 

randomly collected at each plot, pooled together and fixed with 4% formaldehyde solution in 
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artificial Ca2+/Mg2+-free seawater (de Jonge 1979). The community analysis followed a three-

step procedure described in Chapter 3. The procedure involved 1) Ludox HS-40 gradient 

centrifugation; 2) light microscopy and cell counts of pre-concentrated MPB suspensions; 3) 

preparation of permanent diatom slides, their imaging and diatom frustule counts (see 

Appendix 1 for a full protocol). 

 

4.2.3. AVO sample collection and processing in 2019 

In February 2019, an unusual phenomenon was observed on the surface of high and 

medium N treatment plots of the abandoned AVO site (Fig. 4.2). Dense round green-yellow 

patches of MPB appeared on the sediments in a grid-like manner, resembling the fertilisation 

pattern of the plots. The patches persisted over the tidal cycles, and it was decided to 

investigate them further. Sampling was done in March 2019. All samples were analysed for 

pore water nutrients, benthic Chl a concentration (µg cm-2), and MPB community 

composition. 

Pore water sampling and extraction was done in the same way as during the initial post-

experimental sampling in November 2017. Smaller diameter corers were used (2 cm inner 

diameter), and, to retain the same volume of sediment, the number of cores collected per plot 

was increased to n = 7. Another difference was that this time the sediment cores were 

haphazardly collected from the centres of MPB patches, and not just anywhere on a plot. 

Additionally, three samples of bare sediment outside the patches were collected (plots: high-2, 

high-3, and med-3) to investigate the microscale variability of nutrient concentrations. 

Nutrient analysis (NH4-N, NOx-N, dissolved reactive phosphorus) was commercially ordered 

from R. J. Hill Laboratories Ltd. (Hamilton, New Zealand) and conducted on a flow injection 

analyser, following the American Public Health Association standard methods (APHA 4500). 

Chl a concentration was estimated spectrophotometrically, following the procedures 

outlined in Lorenzen (1967) and Colijn and Dijkema (1981). At each plot, five sediment cores 

(2 cm inner diameter, 2 cm depth) were collected randomly from the centres of MPB patches. 
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Similar to the pore water sampling, three samples of bare sediment outside the patches (plots: 

high-2, high-3, and med-3) were collected and their Chl a concentration quantified. The 

sediment cores were pooled together in a plastic container, frozen and stored at -20o C until 

analysis. Chl a sediment samples were freeze-dried before the 90% aqueous acetone 

extraction. 

The community composition of MPB patches was analysed using light microscopy. A 

few sediment scrapings were taken with a clean knife from the surface of each plot, 

suspended in 11-15 ml of surrounding seawater and fixed with a few drops of concentrated 

formaldehyde solution. At the laboratory, 1 ml of MPB sample was put into a Sedgwick-

Rafter chamber, and then at least 300 cells or colony units (CUs) were identified and counted 

under 250x magnification of a compound microscope. One CU constituted either a group of 

araphid diatoms adjoined together, or four cells of coccoid cyanobacteria in a larger colony, 

or a cyanobacterial filament of 10 μm length. Some samples had high densities of MPB, and 

in these cases at least 10 fields of view were examined, increasing algae counts to 400-700 

cells/CUs per sample. The relative abundance of individual taxa was then calculated as a 

percentage of all algae counts in a sample. 

 

 

Figure 4.2. Microphytobenthos patches at one of the high N treatment plots of the AVO site in 

March 2019 (A). Close-up view of the patches (B). 
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4.3.Nutrient-diffusing substrata experiment: testing enrichment effects of different 

macroelements 

4.3.1. Experimental design 

This experiment was designed as a follow-up of the urea fertiliser experiment, and its 

main aim was to isolate and study nutrient effects independently from the confounding 

influence of sediment texture and grazing pressure. This was achieved by using nutrient-

diffusing substrata (NDS) – a common research methodology used as an assay of nutrient 

limitation in stream periphyton (Biggs and Kilroy 2000). Essentially, NDS constitute an 

artificial substrate of porous material placed over a container of agar, impregnated with 

nutrients. The nutrients slowly diffuse out through the artificial substratum and create a 

locally enriched source for microalgal growth. To achieve significant microalgae 

accumulation, the substrata are usually exposed to the environment for 2-4 weeks and then 

brought to laboratory for Chl a extractions and other analyses. 

This study followed the NDS methodology described in Biggs and Kilroy (2000). This 

type of NDS experiment comprises a large galvanised steel tray (60 cm x 400 cm x 20 cm), 

which holds 20 plastic jars containing nutrient-enriched agar (Suppl. 4.1). Each jar held 400 

ml of nutrient-agar mixture to sustain a stable nutrient flux over the experiment. A hardened 

ashless filter paper was fitted on top of the agar to provide a surface for algal colonisation. 

Three NDS trays were prepared for this experiment and placed at three sites within the 

Avon-Heathcote estuary (Fig. 4.3). The trays were deployed between 21-23 February 2019 

and retrieved on 20-21 March 2019. Site 1 and Site 2 incubations lasted for 26 days, Site 3 – 

for 27 days. The weather conditions remained warm, mostly sunny, and relatively calm 

throughout the entire length of the experiment. No significant tray coverage with seaweed 

debris was detected during the regular site visits. Site selection was based on the historical 

water quality data (Environment Canterbury reports) and personal observations of the 

sediments, their texture, and MPB cover. All sites had similar lengths of low tide exposure 

(ca. 4 h) and average salinity (ca. 27-30 PSU).  
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Each NDS tray contained 4 experimental treatments (N, P, N+P, and control) of 5 

replicates (jars) each. Nutrient mixtures were prepared by enriching 2% microbiological agar 

solutions with either NaNO3 (42.5 g L-1) or Na2HPO4 ∙ 2 H2O (8.9 g L-1), or both compounds. 

These concentrations corresponded to 0.5 M of N and 0.05 M of P in the final mixture. The 

control was unenriched agar solution. After preparation, the agar of all four treatments was 

poured into the corresponding jars and left in a fridge to solidify overnight. On the next day, 

jars were fitted with Whatman 542 filter papers (9 cm diameter) and randomly placed inside 

the corresponding trays. To exclude macroscopic grazers, the trays were covered with a white 

translucent nylon mesh (800 μm opening size). Rectangular pits of 20 cm depth were dug at 

each site, and the trays were carefully placed inside them flush with the sediment surface. 

After the end of the experimental incubations, the NDS trays were retrieved and brought back 

to the laboratory for processing. 

 

 

Figure 4.3. Sites of the nutrient-diffusing substrata experiment in the Avon-Heathcote estuary. 
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4.3.2.NDS tray processing 

All experimental jars had a 10-30 mm thick layer of sediment accumulated on them. A 

few scrapings of this sediment were taken, placed into 5 ml vials, and fixed with 4% 

formaldehyde solution in filtered seawater. A subset of 36 sediment suspensions (3 replicates 

x 4 treatments x 3 trays) was randomly selected and analysed using an Olympus BH-2 

compound microscope, equipped with a differential interference contrast (DIC) system. A 

drop of gently re-suspended sample was placed on a glass slide and carefully scanned under 

400x magnification. When possible, MPB cells were identified to the genus level; however, 

most of the detected cells were assigned to a few broad morphotaxonomic categories, such as 

small and medium-sized diatoms (<40 μm in length or diameter), adnate fragilarioid diatoms, 

coccoid cyanobacteria, etc. The relative dominance of each category or genus was assessed 

using a semi-quantitative ordinal scale. The scale had three levels of MPB abundance: “rare” 

– at least 1 or 2 cells per slide, “common” – 1 or 2 cells in at least 10 fields of view, and 

“abundant” – more than 1-2 cells in every field of view. The multivariate exploratory analysis 

of these data was done using Podani’s discordance coefficient as a distance metric (Podani 

1997, 2005). 

After the sediment scrapings were taken, the filter papers, along with any remaining 

sediment on them, were carefully lifted from the experimental jars, put into clean plastic 

containers, frozen and stored at -20o C until analysis. These samples were then freeze-dried 

and extracted with 90% aqueous acetone for benthic Chl a estimation (Lorenzen 1967). After 

the extraction and spectrophotometry, the remaining sediment was washed with distilled 

water to remove filter paper pieces and dried at 55o C. This was done to quantify the amount 

of accumulated sediment on each sample and calculate Chl a content (μg g-1 of dry sediment). 

Finally, three dried sediment samples were randomly selected from each tray, pre-treated with 

concentrated hydrogen peroxide and wet sieved through the stack of 500, 250, 125 and 63 µm 

sieves to assess the grain size composition of the accumulated sediment. 
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4.3.3.Post-experimental environmental sample collection and processing 

Within 7 days after the NDS tray retrieval, the three experimental sites were sampled 

for the ambient nutrient concentrations, sediment % mud, and MPB community structure. 

Sediment pore water sampling and processing was done as described in Section 4.1.2 of this 

Chapter. Overall, two sediment samples were collected for pore water extraction. Two 

additional sediment samples were taken for the calculation of pore water dilution factors. Two 

water column samples were taken during high tide, using acid-washed 60 ml plastic syringes. 

The samples were filtered on-site using 0.45 μm glass microfiber filters. The filtrates were 

collected into 15 ml centrifuge tubes, transported to the laboratory on ice, frozen and stored at 

-20o C until analysis. All nutrient analyses (NH4-N, NOx-N, dissolved reactive phosphorus) 

were done on a flow injection analyser by R. J. Hill Laboratories Ltd. (Hamilton, New 

Zealand), following the American Public Health Association standard methods (APHA 4500). 

The % mud of site sediments was estimated by wet sieving the samples used in the 

dilution factor calculations. After drying at 55o C, the samples were pre-treated with 

concentrated hydrogen peroxide and wet sieved through the stack of 500, 250, 125 and 63 µm 

sieves. Finally, three sediment samples were collected at each site for MPB community 

analysis. These samples were collected and processed as described in Section 4.2.2 of this 

Chapter. 

 

Results 

4.3. MPB response to enrichment with ammoniacal nitrogen 

4.3.1. Nutrient concentrations, sediment texture, and MPB biomass 

At the end of the fertiliser enrichment experiment in November 2017, all high and 

medium N dose plots built up a significant concentration of NH4-N in pore water (Fig. 4.4). 

Both treatments had consistently higher NH4-N concentrations than the experimental controls. 

However, there was a great variability in absolute levels of pore water NH4-N both among the 

experimental sites and within the experimental treatments of individual sites, with the 
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observed values differing by several orders of magnitude. For example, the median NH4-N 

pore water concentrations of the high and medium N plots across all sites were around 2.6 

mmol L-1 and 339 µmol L-1 respectively, but at some of these plots (DEL, WKW-U, and 

WMA sites) the concentrations reached as high as 10 – 30 mmol L-1. Likewise, there was a 

substantial variation in Chl a content across the experimental sites, but not across the 

experimental treatments (Fig. 4.5). Most of the medium and high N dose plots tended to have 

a somewhat higher MPB biomass. However, no visual differences (e.g. sediment greening) 

between the experimental plots were detected.  

The inconsistency in nutrient enrichment across sites and treatments prevented the 

usage of classical Analysis of Variance (ANOVA) methods. Instead, a Generalized Linear 

Mixed Model (GLMM) was used to model MPB biomass (Chl a) as a function of NH4-N and 

other covariates (TP and % mud) combining data from all sites. The model was fitted by 

maximum likelihood method, using the Gamma log link function. Fixed covariates were log-

transformed NH4-N and log-transformed TP, and their interaction. Site was incorporated into 

the model as a random intercept to account for the hierarchical organisation of the data. % 

mud variable was excluded from the model due to its collinearity with Site. Pore water NOx-N 

was barely detectable at most of the experimental sites (Suppl. 4.2), and because of this it was 

excluded from the model. The final model was validated by the inspection of residual plots, 

which did not contain any visual patterns. The model failed to detect any significant 

relationships between MPB biomass and NH4-N or other explanatory variables (Table 4.2). 

Also, the estimates of the random intercept’s standard deviation and variance show that all 

experimental sites were rather uniform in their absence of Chl a response to change in 

nutrient levels. 
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Figure 4.4. Built-up of the ammoniacal nitrogen (NH4-N) in the pore water of the urea 

fertiliser experiment sites (arranged longitudinally). Measurements were done within 6-8 

month after the initial fertiliser application to the sediment. CONT – control (disturbed 

sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high dose of the 

fertiliser (ca. 600 g N m-2). 
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Figure 4.5. Microphytobenthic biomass (expressed as Chl a content) of the urea fertiliser 

experiment sites (arranged longitudinally). Measurements were done within 6-8 month after 

the initial fertiliser application to the sediment. CONT – control (disturbed sediment), MED – 

low dose of the fertiliser (ca. 150 g N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-

2). 

 

Table 4.2. Results of the Generalized Linear Mixed Model fitted with Gamma log link 

function for the Chl a data (n = 90). 

Fixed effects Estimate Std. Error z-value p-value 

Intercept 1.61 0.55 2.9 0.003 

log NH4-N 0.016 0.08 0.19 0.85 

log TP -0.1 0.46 -0.22 0.83 

log NH4-N * log TP 0.004 0.07 0.067 0.94 

Random effects Variance Std. Dev. 

Site (random 

intercept) 
0.013 0.114 
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4.4. MPB community changes in response to the experimental urea fertilisation 

Two closely located, but environmentally contrasting, experimental sites – DEL and 

WMA – were used to investigate the effects of NH4-N enrichment on MPB community 

structure. DEL site sediment was relatively muddy and stable, whereas WMA represented a 

more energetic sand flat (Suppl. 4.4). Overall, ninety-five MPB taxa were identified in the 

sediments of these sites (see Appendix 3 for the full taxonomic list). Diatoms were the most 

diverse group (85 taxa), and other MPB groups (cyanobacteria, dinoflagellates, and 

euglenoids) were represented with just a few taxa. The taxonomic lists of the two sites 

overlapped, and 54 MPB taxa were recorded at both sites. DEL had greater presence of 

cyanobacteria, while WMA was richer in euglenoids and dinoflagellates. DEL taxonomic list 

comprised 78 taxa (24 unique), WMA – 71 taxa (17 unique). 

Because of the inconsistent across-treatment NH4-N enrichment, a set of univariate 

statistical models was used to test the effects of NH4-N on MPB taxonomic richness, effective 

diversity, and community evenness (Suppl. 4.5-4.7). All models used log-transformed NH4-N 

as a single most relevant predictor. Site parameter was excluded from all models due to its 

collinearity with the predictor variable. The richness model used Poisson distribution, which 

is typically used for count data. The effective diversity was modelled by a simple linear 

regression, and the community evenness model was specified using the quasibinomial logit 

link function, which is appropriate when dealing with the proportionate data. No model 

validation problems were found during the inspection of the residual plots and other 

validation tests. 

DEL site had greater average taxonomic richness (number of taxa per sample) than 

WMA (45 vs 38 taxa per sample respectively). However, there were no statistically 

significant effects of NH4-N on this parameter (Fig. 4.6). On the other hand, a simple linear 

regression showed that there was a significant (F1, 16 = 5.17, R2 = 0.2, p = 0.037) decrease of 

the effective diversity (exponentiated Shannon-Wiener index) in response to the increasing 

concentration of log-transformed NH4-N (Fig. 4.7). Community evenness showed a similar 
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tendency to decrease in response to the rising pore water N (Fig. 4.8). The posterior testing 

confirmed a statistically significant nature of this relationship (p = 0.015). 

Non-metric Multidimensional Scaling (NMDS) showed that there was a strong 

influence of pore water NH4-N on the community structure of MPB. Even though the MPB 

communities of the two sites were widely different, the NMDS plot clearly indicates that the 

elevated NH4-N concentrations greatly affected the community structure at DEL and WMA 

(Fig. 4.9). Most of the enriched communities at each site tended to group together, and there 

was only one outlier (1478 µmol NH4-N L-1) that grouped closer with the low-N communities 

of the WMA site. 

Further exploration of the MPB community differences between the enriched and 

control plots was done by means of graphical analysis. To do this, the 25th and 75th quartiles 

of the NH4-N distribution were calculated, and then the MPB community data were broken 

down into two groups with regard to the calculated breakpoints. The bottom Q1 group had 

NH4-N concentration within the range of 8.5 – 66 µmol L-1 and combined 2 DEL and 3 WMA 

control plots. The upper Q4 group included 2 high N dose plots from DEL, and 3 WMA plots 

(2 high and 1 medium N dose). The NH4-N concentration of this group spanned between 4 

and 29.3 mmol L-1. Afterwards, 19 dominant MPB taxa (mean relative abundance > 1%; 

occurred in > 25% of the samples) were identified, their biovolumes calculated and mean 

relative abundances plotted (Fig. 4.10). Most of the dominant MPB taxa appeared to be small-

sized diatoms and cyanobacteria (biovolume < 1000 µ3 cell-1). A few larger diatoms and a 

euglenoid had biovolumes within the 5000 – 7500 µ3 cell-1 range. Biddulphia edwardsii 

Febiger ex Grunow (14216 µ3 cell-1) and Euglena obtusa F. Schmitz (26653 µ3 cell-1) were 

the largest microalgae in the dataset. 

Overall, very high NH4-N concentrations had the greatest effect on filamentous 

cyanobacteria (between 2 and 5-fold increase in mean relative abundance). Likewise, a few 

diatom taxa and E. obtusa also showed greater abundances on the Q4 plots; however, the rest 
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of the MPB declined considerably in numbers in response to the very high NH4-N 

concentrations (Fig. 4.10). 

 

 

Figure 4.6. The absence of relationship between taxonomic richness and ammoniacal nitrogen 

pore water concentration (NH4-N) at the two sites of the urea fertiliser experiment. 

Measurements were done within 6-8 month after the initial fertiliser application to the 

sediment. CONT – control (disturbed sediment), MED – low dose of the fertiliser (ca. 150 g 

N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-2). See text for the model 

description. 
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Figure 4.7. The relationship between the effective diversity and ammoniacal nitrogen pore 

water concentration (NH4-N) at the two sites of the urea fertiliser experiment. Measurements 

were done within 6-8 month after the initial fertiliser application to the sediment. CONT – 

control (disturbed sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high 

dose of the fertiliser (ca. 600 g N m-2). Black trend line represents the results of linear 

modelling. Grey band – 95% confidence intervals. See text for the model description. 
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Figure 4.8. The relationship between the community evenness and ammoniacal nitrogen pore 

water concentration (NH4-N) at the two sites of the urea fertiliser experiment. Measurements 

were done within 6-8 month after the initial fertiliser application to the sediment. CONT – 

control (disturbed sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high 

dose of the fertiliser (ca. 600 g N m-2). Black trend line represents the results of generalized 

linear modelling. Grey band – 95% confidence intervals. See text for the model description. 
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Figure 4.9. The influence of pore water ammoniacal nitrogen (NH4-N) on the MPB 

community structure of the two sites of the urea fertiliser experiment. Each point represents 

an MPB community from a single experimental plot. Circles represent DEL site plots, 

triangles – WMA. Colour key represents the pore water NH4-N concentration (µmol L-1) of 

these plots. 
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Figure 4.10. Mean relative abundance of the dominant MPB taxa in the samples with the 

lowest (Q1) and the highest (Q4) pore water ammoniacal nitrogen (NH4-N) concentrations. 

EUGOBT – Euglena obtusa (biovolume 26653 µ3 cell-1), BIDEDW – Biddulphia edwardsii 

(14216 µ3 cell-1), ENTPUN – Entomoneis punctulata (7500 µ3 cell-1), EUGSP1 – Euglena sp. 

(7229 µ3 cell-1), PLAGDEL – Plagiotropis cf. delicatula (5000 µ3 cell-1), HALCOF – 

Halamphora coffeiformis (875 µ3 cell-1), STAURDUB – Staurophora cf. dubitabilis (720 µ3 

cell-1), CRASP1 – Craticula sp. 1 (650 µ3 cell-1), PHORMSP – Phormidium sp. (608 µ3 cell-

1), SEMSPP – genus Seminavis (500 µ3 cell-1), DIPPUEL – Diploneis puella (455 µ3 cell-1), 

NAVSPP – genus Navicula (435 µ3 cell-1), BIRLUC – Biremis lucens (385 µ3 cell-1), MERSP 

– Merismopedia sp. (214 µ3 cell-1), NAVAGAT – Navicula cf. agatkae (180 µ3 cell-1), 

FRAGSPP –araphid fragilarioid diatoms (82 µ3 cell-1), OPEMAR – Opephora martyi (44 µ3 

cell-1), PSEUDANA – family Pseudanabaenaceae (35 µ3 cell-1), CYANVF – very fine 

filamentous cyanobacteria (8 µ3 cell-1). See Appendix 3 for the full taxonomic authority of the 

dominant MPB taxa.  
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4.5. Long-term effects of the experimental ammoniacal nitrogen enrichment 

In March 2019, almost 1.5 years after the initial urea fertiliser application, all high and 

medium N dose plots of the abandoned AVO site developed dense round green-yellow MPB 

patches at the sediment surface (Fig. 4.2). The control plots had remained unchanged since 

the initial 2017 observations. They appeared indistinct from the sediment around the site and 

had only a very faint irregular green-yellow or dark green discoloration. Because no MPB 

patches (or similar phenomena) were observed at this and the other experimental sites in 

2017, their appearance presented an excellent opportunity to investigate the long-term 

changes of MPB in response to impactful nutrient enrichment. 

In March 2019, Chl a concentration at the AVO site ranged between 6.5 and 18.3 µg cm 

-2. It was markedly higher in the sediments of high and medium N dose treatments (Fig. 

4.11A), although the only significant difference was between the high N dose and control 

treatments (ANOVA: F2,6 = 8.65, p = 0.017). This contrasts with the 2017 results, when there 

was barely any difference in MPB biomass across the experimental plots of this site. To 

investigate a smaller scale (within-plot) variability of the Chl a concentration, bare sediment 

and MPB populated patches were compared within a subset of three experimental plots (high-

2, high-3, and med-3). This analysis showed that there were almost 2 times more Chl a inside 

the MPB patches (t-test: p = 0.003) than in the bare sediment around them (Fig. 4.11B). 

Pore water NH4-N concentration was somewhat higher at the high and medium N dose 

plots (Fig. 4.12A). This pattern is similar to the 2017 results, although the average 2019 

concentrations had dropped more than 15 times, from 2720 to 176 µmol L-1. Similarly, the 

average NH4-N concentration at the medium N dose plots had decreased 3 times to 56 µmol 

L-1, and the control plots concentration remained on a par with the 2017 measurements. The 

differences between the treatments were not statistically significant (ANOVA: F2,6 = 1.1, p = 

0.39). The same applied to the microscale variability in pore water NH4-N (Fig. 4.12B). Even 

though the sediments inside the MPB patches had relatively higher NH4-N concentration than 

the bare sediments around them, these differences were not statistically significant (t-test: p = 
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0.32). Nevertheless, a simple linear regression showed that there was a significant positive 

relationship (F1, 7 = 8.7, p = 0.02, R2 = 0.49) between the pore water NH4-N and Chl a 

concentration (Fig. 4.13). 

The community analysis of the AVO site samples (Fig. 4.14) showed that diatoms were 

most abundant inside the control plots and least so in the enriched plots. Their decline ranged 

from 60% to 20% in relative abundance. Conversely, filamentous cyanobacterium 

Phormidium sp. increased its relative abundance from 7% in controls to an average of 38% in 

the high N dose plots. E. obtusa dominated in the medium and high N dose plots but was very 

low in the controls. However, another euglenoid species2 reacted negatively to the elevated 

pore water N. Very fine filamentous cyanobacteria (ca. 1-2 µm in the diameter) showed no 

trend in their relative abundance across the treatments. 

  

 
2 This other Euglena sp. resembled the species that was observed in the sediments of DEL and WMA sites. It had 

smaller dimensions than E. obtusa, darker coloration of the chloroplasts and a prominent flagellum. This species 

could not have been identified precisely, but it partially matched the descriptions of Euglenaria anabaena 

(Mainx) Karnkowska & E. W. Linton and Euglenaformis proxima (P.A.Dangeard) M. S. Bennett & Triemer. 
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Figure 4.11. Large (A) and small (B) scale MPB biomass variability in the sediments of the 

AVO site in March 2019. CONT – control (disturbed sediment), MED – low dose of the 

fertiliser (ca. 150 g N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-2), BARE – bare 

sediment outside the MPB patches, PATCH – sediment from the centre of the MPB patches 

(small-scale variability comparison was done on the subset of nutrient-enriched plots; see text 

for details). 
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Figure 4.12. Large (A) and small (B) scale ammoniacal N variability in the sediments of the 

AVO site in March 2019. CONT – control (disturbed sediment), MED – low dose of the 

fertiliser (ca. 150 g N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-2), BARE – bare 

sediment outside the MPB patches, PATCH – sediment from the centre of the MPB patches 

(small-scale variability comparison was done on the subset of nutrient-enriched plots; see text 

for details). 
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Figure 4.13. The relationship between log-transformed pore water ammoniacal nitrogen (log-

NH4-N) and MPB biomass. Data from the AVO site sampling in March 2019. CONT – 

control (disturbed sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high 

dose of the fertiliser (ca. 600 g N m-2). Black trend line represents the results of linear 

modelling. Grey band – 95% confidence intervals. 
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Figure 4.14. The change of mean relative abundance of the dominant MPB taxa across the 

experimental plots of the AVO site. Data from the site sampling in March 2019. DIAT – 

diatoms, EUGOBT – Euglena obtusa F. Schmitz, EUGSP1 – Euglena sp., CYANVF – very 

fine filamentous cyanobacteria, PHORMSP – Phormidium sp., CONT – control (disturbed 

sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high dose of the 

fertiliser (ca. 600 g N m-2). 
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4.6. MPB response to enrichment with different macronutrients (NDS tray experiment) 

4.6.1. Site characteristics 

This experiment was run at three sites within the Avon-Heathcote estuary (Fig. 4.3). 

The sites had similar low tide exposure times and average water column salinity. However, 

there were some initial differences in their sediment texture, MPB biofilm cover, and nutrient 

regime (Table 4.3). Sites 1 & 3 were located in the more sheltered mid-upper part of the 

Avon-Heathcote, while Site 2 was more exposed to the wave and tide action. Site 3 had 

elevated sediment and water column nutrient concentrations compared to the other two. (See 

Chapter 3 of this thesis for more information on Avon-Heathcote environmental gradients and 

MPB habitats). 

 

Table 4.3. Short summary of the NDS sites environmental characteristics. DIN – dissolved 

inorganic nitrogen (calculated as a sum of NH4-N and NOx-N), DRP – dissolved reactive 

phosphorus. 

Site 

name 

Site 

coordinates 

Visible 

biofilm 

cover 

(%) 

% mud 

Sediment 

pore water 

DIN (µmol 

L-1) 

Sediment 

pore water 

DRP 

(µmol L-1) 

Water 

column 

DIN (µmol 

L-1) 

Water 

column 

DRP (µmol 

L-1) 

Site 1 
43°32'14"S 

172°44'02"E 
25 10 – 12 16 – 16.6 2.4 – 4 5.7 – 6.3 <1 

Site 2 
43°32'58"S 

172°44'38"E 
90 5 – 6 9 – 17 6 – 12 <2 <1 

Site 3 
43°32'41"S 

172°43'11"E 
0 14 – 15 103 – 133 20 – 23 15.3 – 15.5 <1 – 2 

 

4.6.2. NDS trays colonisation patterns 

After the experimental incubation, all NDS trays had visible MPB patches on top of the 

N and NP treatments. However, the development of MPB on the trays was significantly 

influenced by a strong “cage effect” of the grazer-excluding meshes, which was consistent 

across all treatments and sites. The protective meshes promoted sediment accumulation on top 

of the filter papers, covering the experimental jars. On average, the sediment inside the trays 
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was 2-3 times muddier and its texture was markedly different to the ambient sediment of the 

experimental sites (i.e. outside the trays). Nevertheless, the accumulated sediment provided an 

additional shelter for the MPB and thus facilitated the colonisation of the NDS. 

There was a clear response of the MPB biomass to N and NP enrichment at all 

experimental sites (Fig. 4.15). Two-way ANOVA showed that the main effects of tray (site) 

and treatment were significant, but not the interaction term (Table 4.4). The post-hoc Tukey 

test indicated that both N and NP treatments had a significantly higher (p < 0.05) biomass 

than the control and P treatments. This was consistent for all trays. Likewise, NMDS showed 

that there were both tray and treatment differences in terms of MPB community structure 

(Fig. 4.16). Tray 1 & 2 MPB tended to group closer with each other, while Tray 3 samples 

formed a distinct individual grouping. However, the diffusion of nitrogen out of the N and NP 

substrata had an overriding effect on these disparities and further segregated MPB 

communities inside the trays. Because of stochastic colonisation, MPB communities of all 

trays were diatom driven and only distantly resembled the ambient MPB. On the population 

level, the separation between treatments appeared to be driven mainly by the differences in 

abundance of weakly silicified Cylindrotheca-like diatoms and thin filamentous 

cyanobacteria. The latter were quite abundant on the surface of the control and P treatment 

replicates and almost absent from the surface of N-enriched jars. On the contrary, 

Cylindrotheca-like diatoms were very abundant on the surface of N and NP jars. In some 

cases, they even formed thick slimy layers inside the sediments. 
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Figure 4.15. Microphytobenthic biomass (expressed as Chl a content) of the NDS experiment 

sites. C – control jars (n = 15), N – nitrogen-enriched jars (n = 15), P – phosphorus-enriched 

jars (n = 14), NP – jars enriched with both elements (n = 13). 

 

Table 4.4. Two-way ANOVA testing for effects of the NDS experiment sites and treatments 

on benthic Chl a. 

Source Sum of Squares 

Degrees 

of 

freedom 

F-value p-value 

Treatment 0.71 3 9.65 < 0.00001 

Site 0.53 2 10.75 0.00015 

Treatment : Site 0.17 6 1.17 0.337 

Residual 1.11 45   
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Figure 4.16. Differences in the MPB community structure between the nitrogen-depleted 

(black) and nitrogen-enriched (red) treatments of the NDS experiment. N- – jars with the 

blank and phosphorus-enriched agar, N+ – jars with the nitrogen or both nitrogen & 

phosphorus added. 

 

Discussion 

This study investigated changes in MPB biomass and community structure with respect 

to different sources and levels of nutrient enrichment. To attain a better perspective on these 

changes, the MPB responses were gauged within and across estuaries, and over different time 

periods since the enrichment event.  

In 2017, a large-scale field experiment was set up to investigate the effects of 

ammoniacal nitrogen (NH4-N) enrichment on MPB. In order to do this, different doses of urea 
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fertiliser were added to the sediments of 10 estuarine sites around the South Island of New 

Zealand (Fig. 4.1). Urea enrichment is equivalent to enrichment with ammonium because of 

its rapid hydrolysis in marine sediments (Lomstein et al. 1989, Lever and Valiela 2005). 

Hence, all sites have shown an expected dose-dependent increase of NH4-N in their sediments 

(Fig. 4.4). Nevertheless, not a single site showed a statistically significant increase in benthic 

Chl a after 6-8 months of exposure to elevated pore water NH4-N (Fig. 4.5). The fertiliser 

addition triggered pronounced changes in the MPB community structure of at least two 

experimental sites – DEL and WMA (Fig. 4.9). Excessive NH4-N did not reduce the 

taxonomic richness (Fig. 4.6); however, it significantly lowered the community diversity and 

evenness (Figs. 4.7 & 4.8). A detailed investigation of the community composition of two 

sites showed that high NH4-N enrichment decimated the populations of practically all diatom 

taxa and increased the proportion of filamentous cyanobacteria (Fig. 4.10). 

Almost 1.5 years after the end of the original urea fertiliser experiment, a serendipitous 

observation of curiously arranged MPB patches was made at the abandoned Avon-Heathcote 

estuary site (AVO). In contrast to all initial observations, this time there was an increase of 

benthic Chl a in response to the rising NH4-N concentration (Fig. 4.13). However, the 

arrangement of MPB patches (Fig. 4.2) raised the question whether there was a small-scale 

variability and patchiness in sediment NH4-N flux. It seems that the latter had lost its strength 

over time and diminished to the sediment area directly above each of the fertiliser plugs, 

which were planted during the experiment setup (Fig. 4.12). These multiple point sources of 

NH4-N then fuelled microalgae growth and created a small-scale patchiness in MPB biomass 

(Fig. 4.11). The AVO site MPB community shift resembled earlier documented DEL and 

WMA patterns. There was a noticeable drop in diatom abundance in response to elevated 

NH4-N, whereas non-diatom microalgae, especially E. obtusa and Phormidium-like 

cyanobacteria, steeply increased their numbers (Fig. 14). 

Altogether, the urea fertiliser experiment results can be best explained by the magnitude 

of change in pore water NH4-N. This parameter is sometimes referred as “total ammonia”, 
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that is, a sum of the unionized ammonia (NH3) and the ionized ammonium (NH4). Both forms 

are highly toxic for aquatic organisms and the New Zealand governmental guidelines for 

marine water quality set the concentration of 65 µmol L-1 as an unacceptable threshold for 

NH4-N (ANZECC & ARMCANZ 2000). Sediments, on the other hand, can have relatively 

high concentrations of NH4-N, sometimes reaching values near 100-130 µmol L-1 (Admiraal 

1984, Agatz et al. 1999). In rare cases, sediments of greatly impacted estuaries can contain up 

to 500-1500 µmol L-1 of NH4-N (Lohrer et al. 2010, Percuoco et al. 2015). Thus, many 

marine benthic diatoms are quite tolerant of NH4-N and some of them can withstand NH4-N 

concentrations of up to 2 mmol L-1 (e.g. Rao and Sridharan 1980). Nevertheless, NH4-N 

concentrations around 500 – 1000 µmol L-1 are considered selective and can significantly 

inhibit diatom growth rate or eliminate some diatom species from the natural MPB 

communities (Admiraal 1977, Admiraal and Peletier 1980, Underwood et al. 1998, 

Underwood and Provot 2000). Cyanobacteria have far greater tolerance of NH4-N and can 

withstand concentrations up to 6 – 17 mmol L-1 (Stewart 1964, Collos and Harrison 2014). 

Not much is known about the toxicity of NH4-N for marine euglenoids. Studies of a few 

euglenoid species found inside the sewage treatment ponds show that these microalgae can 

tolerate up to 10 mmol L-1 of NH4-N (Haughey 1970, Konig et al. 1987). Also, an abundant E. 

obtusa population was documented in the sediments, adjacent to the discharge of ammonium-

rich wastewater in the Avon-Heathcote estuary (Cane 1997). Based on these literature data, it 

seems that the initial severe NH4-N concentrations inhibited MPB growth at all experimental 

sites. In addition, over-enrichment with NH4-N triggered MPB community shifts towards the 

dominance of low-biovolume filamentous cyanobacteria instead of the larger diatoms. 

However, when the NH4-N concentration tapered off after some time, it became stimulating 

for the large E. obtusa, which in turn has contributed greatly to the production of total 

community biomass. 

In early 2019, the nutrient-diffusing substrata (NDS) experiment – a short-term follow-

up of the larger urea fertiliser experiment – was carried out at three sites of the Avon-
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Heathcote estuary (Fig. 4.3). Its main purpose was to investigate isolated (i.e. free from 

sediment and macrofauna influence) nutrient enrichment effects on MPB. Rather than 

focusing on a single nutrient element addition, the NDS experiment additionally tested the 

response of MPB to phosphorus (either as a single element or in combination with nitrogen). 

This was of an especial importance because it could shed more light on the complex 

sediment-nutrient interactions, described earlier in Chapter 2 of this thesis. 

After the 3.5 weeks of experimental incubation, all replicates of two nitrogen-

augmented treatments at all three sites developed intense brown MPB patches, while the 

surface sediment of the control and P-enriched jars remained grey or faintly brownish. Both N 

and N+P jars had a significantly higher Chl a content than the control and P-enriched 

replicates (Fig. 4.15). Such a rapid response indicates strong nitrogen limiting conditions at all 

sites and signifies the usefulness of pore water nutrient supply for intertidal MPB (Hillebrand 

and Sommer 1999, Underwood and Kromkamp 1999). More importantly, the rise of MPB 

biomass in the nitrogen-augmented treatments was accompanied by the apparent changes in 

the community structure of the newly formed biofilms (Fig. 4.16). 

It also seems that there were some discrepancies in the MPB community responses 

during the NDS and the urea fertiliser experiments. For example, N and NP treatments did not 

show any striking increases in filamentous cyanobacteria during the NDS experiment. 

Instead, it was weakly silicified Cylindrotheca-like diatoms that made the most out of the 

added nitrogen and amplified the overall community biomass. Most likely, these differences 

stem from the usage of sodium nitrate in N-augmented treatments, and from opportunistic 

colonisation by tychoplanktic diatoms. 

Nitrate is one of the major inorganic nitrogen forms available for MPB. Its uptake has a 

higher energy cost compared to ammonium, but it is virtually non-toxic and almost never 

seriously inhibits MPB growth (Admiraal 1977, Rao and Sridharan 1980, Collos and Harrison 

2014, Markou et al. 2014). Species of the genus Cylindrotheca are particularly enhanced with 

the elevated nitrate levels and can respond to enrichment with rapid bursts of growth (Nilsson 
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and Sundbäck 1991, Sundbäck and Snoeijs 1991, Underwood and Provot 2000). 

Cyanobacteria, on the other hand, can rarely compete with diatoms in temperate ecosystems, 

especially under eutrophic background conditions (Pinckney et al. 1995, Armitage et al. 

2006). Usually, they require an unlikely combination of warm temperature, silicon limitation 

and low grazing pressure to become successful (Sundbäck and Snoeijs 1991, Watermann et 

al. 1999). However, a few studies do report a significant increase in filamentous 

cyanobacteria abundance in response to ammonium enrichment, concurring with the results of 

the urea fertiliser experiment (Underwood et al. 1998, Armitage and Fong 2004, Huang et al. 

2013). 

Over the past few decades, many experimental studies have demonstrated the 

enhancement of soft-sediment MPB biomass with moderate ammonium, nitrate, or combined 

NP fertiliser enrichment (Granéli and Sundbäck 1985, Nilsson and Sundbäck 1991, Nilsson et 

al. 1991, Flothmann and Werner 1992, Pinckney et al. 1995, Lever and Valiela 2005, Posey et 

al. 2006, Huang et al. 2013). At the same time, there are examples of a weak or non-existent 

response of MPB biomass to elevated nutrient levels (Armitage and Fong 2004, Armitage et 

al. 2006, O'Brien et al. 2009, Piehler et al. 2010, Alberti et al. 2017). There is also an ample 

variety of MPB community structure changes in response to nutrient enrichment, with many 

studies demonstrating the enhancement of diatoms or cyanobacteria, or both MPB groups 

simultaneously (cf. Sundbäck and Snoeijs 1991, Flothmann and Werner 1992, Hillebrand 

2003, Huang et al. 2013). The results of my study can resolve these paradoxes by revealing 

the dependence between the specifics of nutrient enrichment and a trajectory of MPB 

community shift. For example, very high doses of ammonium had significant deleterious 

effects on most of the diatom species and even some flagellates. Nitrate seemed to be less 

harmful, as it generally promoted MPB growth. Both experiments in this study also showed 

that the changes in Chl a (i.e. community biomass) in response to nutrient enrichment were 

defined by the nature of the underlying community shifts. The dominance of low-biovolume 
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cyanobacteria did not cause a boost of Chl a, whereas increases in relative abundance of large 

euglenoids and some diatoms resulted in the increase of the overall MPB community biomass. 

 

Conclusions 

The results of this study show that nutrient enrichment, especially with nitrogen, has a 

profound effect on the MPB community structure. Nitrogen addition strongly favours non-

diatom microalgae (i.e. euglenoids and cyanobacteria) and sometimes leads to their 

domination in the MPB community. However, the direction of such community shifts is 

largely dependent on the chemical nature of the element and its dose. Because of this, MPB 

community transformations – especially those that are induced by ammoniacal nitrogen – are 

not always accompanied with the total MPB community biomass increase. In general, this 

study shows that the data on MPB community structure may offer more explanatory power 

when dealing with the complex effects of nutrient enrichment than the traditional arguments 

of nutrient availability or enhanced grazing. Therefore, careful consideration of MPB 

biodiversity may provide a deeper understanding of fundamental ecosystem functions.  
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Supplementary Material 

 

Supplement 4.1. Photographs of a nutrient-diffusing substrata (NDS) tray and its components. 
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Supplement 4.2. Total nitrate-nitrite nitrogen (NOx-N) concentrations in the pore water of the 

urea fertiliser experiment sites (arranged longitudinally). Measurements were done within 6-8 

month after the initial fertiliser application to the sediment. CONT – control (disturbed 

sediment), MED – low dose of the fertiliser (ca. 150 g N m-2), HIGH – high dose of the 

fertiliser (ca. 600 g N m-2). 
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Supplement 4.3. Total phosphorus (TP) concentrations in the pore water of the urea fertiliser 

experiment sites (arranged longitudinally). Measurements were done within 6-8 month after 

the initial fertiliser application to the sediment. CONT – control (disturbed sediment), MED – 

low dose of the fertiliser (ca. 150 g N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-

2). 
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Supplement 4.4. Sediment mud percentage (% mud) of the urea fertiliser experiment sites 

(arranged longitudinally). Measurements were done within 6-8 month after the initial fertiliser 

application to the sediment. CONT – control (disturbed sediment), MED – low dose of the 

fertiliser (ca. 150 g N m-2), HIGH – high dose of the fertiliser (ca. 600 g N m-2). 

 

Supplement 4.5. Generalized Linear Modelling of the relationship between taxonomic 

richness and ammoniacal nitrogen pore water concentration (NH4-N) at the two sites of the 

urea fertiliser experiment. The model was fitted using the Poisson log link function (n = 18). 

Coefficients Estimate Std. Error z-value p-value 

Intercept 3.81 0.1 37.4 <0.00001 

NH4-N -0.01 0.01 -0.84 0.4 
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Supplement 4.6. Linear Modelling of the relationship between the effective diversity and 

ammoniacal nitrogen pore water concentration (NH4-N) at the two sites of the urea fertiliser 

experiment (n = 18). 

Coefficients Estimate Std. Error t-value p-value 

Intercept 24.56 3.32 7.385 <0.0001 

NH4-N -1.13 0.5 -2.27 0.037 

 

Supplement 4.7. Generalized Linear Modelling of the relationship between the community 

evenness and ammoniacal nitrogen pore water concentration (NH4-N) at the two sites of the 

urea fertiliser experiment. The model was fitted using the quasibinomial logit link function (n 

= 18). 

Coefficients Estimate Std. Error t-value p-value 

Intercept 1.78 0.26 6.7 <0.0001 

NH4-N -0.1 0.04 -2.73 0.015 
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Chapter 5. General Discussion 

 

Overview 

This thesis investigated the effects of sediment properties and elevated nutrient 

concentration on intertidal estuarine microphytobenthos (MPB) biomass and community 

structure. To do this, I conducted a targeted sediment sampling of several New Zealand’s 

South Island estuaries (Chapter 2), did a detailed survey of intertidal MPB biodiversity of a 

single estuary (Chapter 3), and carried out two field-based nutrient enrichment experiments 

(Chapter 4). In total, this work was executed in 12 of New Zealand’s South Island estuaries, 

and throughout my studies I focused on three key questions: 

1. What is the role of sediment characteristics in shaping MPB biomass and diversity 

in New Zealand estuaries? 

2. What is the connection between MPB community structure and its biomass? 

3. How does nutrient enrichment (with nitrogen, phosphorus, or both elements) affect 

New Zealand estuarine MPB? 

 

The effects of sediment texture and nutrient concentrations on intertidal MPB 

communities 

Intertidal sand or mudflats are a crucial component of any estuarine ecosystem. They 

constitute a highly dynamic and heterogenous coastal habitat, which is shaped by the 

continuous action of hydrodynamic forces. The stability of this habitat fully depends on the 

constant activity of its living “engineers”, among which MPB are some of the most important 

ones (Hope et al. 2020). However, the role of MPB (and other microorganisms) in estuarine 

functioning was less obvious during the second half of 20th century. Rampant deterioration of 

estuarine ecosystems around the world stimulated the research of key estuarine processes and 

their organismal drivers and resulted in publication of many influential studies over the last 40 

years. Unfortunately, because of the various technical limitations, many of these studies 

tended to ignore the complexity of MPB biofilms. Most commonly, this implied the reduction 
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of MPB to a single parameter – total community biomass, which is usually expressed as 

benthic chlorophyll a (Chl a). In recent times, this paradigm has begun to shift, pointing 

towards the importance of MPB community structure in understanding the functioning of 

MPB biofilms (e.g. Underwood 2005, Barnett et al. 2015). 

There are many critical abiotic factors, affecting MPB biomass and diversity. Sediments 

physically define the MPB microenvironment and set up a space for biogeochemical nutrient 

transformations, which are constantly occurring within intertidal mud and sandflats (Chapter 

1). Previous studies on the effects of sediment properties on MPB biomass reveal a wide array 

of contradicting results. Some of them find weak positive relationships between increased 

sediment mud content (% mud) and benthic chlorophyll a (McIntire and Amspoker 1986, van 

de Koppel et al. 2001, Du et al. 2009); others report weak negative correlations between the 

two parameters (Cahoon et al. 1999, Cahoon and Safi 2002). Finally, there are studies that do 

not show any effect of sediment composition on MPB biomass (Cartaxana et al. 2006, Jesus 

et al. 2009). Nutrients, on the other hand, are critically important for microalgal development, 

and can act as limiting factors for microalgal growth in estuarine sediments (Admiraal 1984, 

Hillebrand and Sommer 1999, Howarth and Marino 2006). Many nutrient enrichment studies 

have demonstrated the enhancement of MPB biomass with nitrogen (N), phosphorus (P) or 

both elements (Elser et al. 2007); however, the magnitude of such responses is highly variable 

across different intertidal habitats (Admiraal 1984, Sundbäck and Snoeijs 1991, Flothmann 

and Werner 1992, Underwood and Kromkamp 1999, Armitage et al. 2006). 

In Chapter 2, I explored the interactions between sedimentary physical-chemical 

properties in a range of southern New Zealand estuaries and examined the relationships 

between individual sediment characteristics and benthic Chl a. The main aim of this study 

was to test the hypothesis that increasing sediment mud content (% mud) is associated with 

decreases in MPB biomass. In contrast with the studies that sample a limited number of sites 

in a single estuary (e.g. Cartaxana et al. 2006), I chose to collect 5-7 samples across multiple 

estuaries (n = 8) with largely different environmental health status. In each estuary I targeted a 
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wide range of sediment types, varying from wet eutrophic mud to relatively dry and clean 

sand. Given the differences in nutrient regime of the sampled estuaries, I expected to obtain a 

clear separation between mud-sand and nutrient gradients, which would be independent from 

the confounding influence of site (i.e. estuary) factor. Nevertheless, the benthic gradients 

remained strongly intertwined (Fig. 2.3) and their individual analysis with regard to benthic 

Chl a was only possible by applying Generalized Additive Mixed Modelling (GAMM).  

The final GAMM accounted for 60% of the total variability in benthic Chl a. 

Surprisingly, it did not find any statistically significant direct relationship between MPB 

biomass and sediment muddiness (Table 2.4). Instead, the GAMM findings highlighted a 

critical role of sediment nutrients in controlling MPB biomass (Fig. 2.5). Most importantly, 

the GAMM pointed at the MPB limitation by the scarce supply of sediment nutrients, 

especially N. However, some of the model’s outputs must be interpreted cautiously due to its 

limited statistical power. For example, the non-linearities in Chl a response to sediment total 

phosphorus (TP) most likely represent a potential sediment-nutrient interaction rather than 

MPB growth limitation by this element. High TP concentrations are associated with higher 

sediment muddiness and increased levels of anoxia (Andrieux-Loyer and Aminot 2001). 

Anoxic sediments accumulate high amounts of free hydrogen sulphide and ammonia and thus 

become inhibitory to microalgae growth (Admiraal 1977, 1984, Mackin and Aller 1984, 

Tsikopoulou et al. 2019). 

Sediments are directly involved in nutrient cycling (Meng et al. 2014, Garcia-Robledo 

et al. 2016), and because of this the absence of a direct relationship between Chl a and 

sediment properties seems paradoxical. Perhaps it was masked by the site specificity of the 

MPB assemblages inhabiting the study estuaries (Cahoon et al. 1999). The taxonomic 

composition of MPB biofilms is a product of local environmental factors and regional 

biogeographical patterns, and because of this there can be a significant variation in MPB 

community structure both within and between estuaries (Underwood and Barnett 2006, 

Vanormelingen et al. 2008). For example, in this thesis, even a crude comparison of two 
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neighbouring estuaries showed there can be a striking difference in their MPB biodiversity 

(Fig. 4.9, Appendix 3). 

To aid the interpretation of the GAMM results, I proceeded with an observational study 

of MPB biodiversity-environment links (Chapter 3). The results of the detailed MPB survey 

of the Avon-Heathcote (AH) intertidal flats showed there can be up to four spatially and 

environmentally separated MPB assemblages in a single estuary, which gradually replace 

each other primarily along the mud-sand estuarine gradient (Figs. 3.6 – 3.8, Tables 3.2 & 3.3). 

These assemblages varied in their biomass and α diversity (Fig. 3.9), but there was no direct 

correlation between the two metrics (Suppl. 3.3). A more detailed analysis showed that the 

presence of a few large or moderate-sized MPB taxa can strongly influence the total biomass 

and substantially increase sedimentary Chl a (Fig. 3.10). The most prominent examples of 

such taxa are Euglena obtusa F. Schmitz, Gyrosigma fasciola (Ehrenberg) J. W. Griffith & 

Henfrey, Diploneis smithii (Brébisson) Cleve, and Plagiotropis cf. delicatula (Greville) T. B. 

B. Paddock. In the AH estuary, all of these microalgae were associated with relatively sandy 

and low nutrient conditions (Fig. 3.8). However, the international literature shows that these 

species (or their morphologically similar congenerics) may occur across a wide range of 

environmental conditions (Gojdics 1953, Palmer and Round 1965, Round et al. 1990, 

Witkowski et al. 2000). Therefore, the presence of such influential species in the samples 

from the Chapter 2 estuarine survey could have obscured the detection of % mud-Chl a 

relationship. Also, the occurrence of E. obtusa or other large microalgae in low nutrient 

sediments may explain several high Chl a outliers in the final GAMM (Fig. 2.6). 

Chapter 3 survey findings reaffirm a well-established notion that sediment texture plays 

a significant role in shaping MPB community structure (e.g. Sabbe and Vyverman 1991, 

Underwood 2010); however, these results do not shine much light on MPB-nutrient links. 

Estuarine nutrient gradients do affect MPB biodiversity and the spatial distribution of 

individual MPB species (Underwood et al. 1998, Agatz et al. 1999), although these 

relationships are often obscured or overridden by other environmental factors (Desianti et al. 
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2019). In addition, many experimental nutrient enrichment studies demonstrate a variable 

pattern of MPB community change, which does not always correspond to field observations. 

Some studies report an increase in abundance of cyanobacteria (Flothmann and Werner 1992, 

Armitage and Fong 2004), whereas others demonstrate a change in diatoms (Hillebrand 2003, 

Huang et al. 2013), or in all MPB groups (Sundbäck and Snoeijs 1991). 

To better understand some of the nutrient-related patterns that emerged in Chapters 2 & 

3, I performed two field-based experiments (Chapter 4). First and foremost, I wanted to test 

and confirm the potential positive effects of nitrogen (N) and phosphorus (P) on MPB 

biomass that appeared in the GAMM model (Fig. 2.5). My second objective was to clarify the 

relationship between elevated nutrient concentration and change in MPB community 

structure. Both experiments showed that nutrient enrichment, especially with N, can 

profoundly change MPB community structure (Figs. 4.9, 4.14, 4.16). However, these changes 

largely depend on the nutrient dose and its chemical form (Fig. 5.1). The combined results of 

the two experiments show that high concentrations (>400 µmol L-1) of ammoniacal nitrogen 

appeared quite toxic to diatoms, which gave an advantage to more resistant cyanobacteria. 

However, in smaller doses it stimulated the euglenoids. Nitrate, on the other hand, 

significantly boosted diatom growth, and the experimental enrichment with orthophosphate 

did not seem to have any measurable effect on MPB. Most importantly, the experimental 

results demonstrated that the nature and trajectory of nutrient-induced MPB community shifts 

can effectively explain the highly variable responses of MPB biomass (Figs. 4.5, 4.13, 4.15). 

For example, the dominance of low-biovolume cyanobacteria did not cause a boost of benthic 

Chl a (i.e. MPB biomass), whereas increases in relative abundance of large euglenoids and 

some diatoms resulted in an increase in the overall MPB community biomass. Also, the lack 

of response to elevated P-level clearly indicates the secondary role of this element in MPB 

control and concurs with the earlier interpretation of TP behaviour in the GAMM (Chapter 2). 
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Figure 5.1. A conceptual summary of MPB responses to nutrient enrichment. See Discussion 

in Chapter 4 for more details. 

 

My thesis research shows that the effects of sediment mud content and nutrients on intertidal 

MPB communities are highly interactive and sometimes hard to tease apart (Fig. 5.2). The 

joint action of these bottom-up factors creates a patchwork of benthic microenvironments that 

are uniquely suited for different types of MPB biofilms. These communities vary in the 

quality of their ecological performance (i.e. biomass production, food source provision, 

nutrient cycling, etc.), and as a consequence, they may respond differently to the cumulative 

impacts of elevated sediment and nutrient runoff. Both stressors can significantly alter the 

nature of MPB community, which in turn may induce upward cascading changes in estuarine 

food webs and ecosystem functioning (Thrush et al. 2004, Weckström et al. 2007, Ellegaard 

et al. 2014, Ellis et al. 2015, Thomson and Manoylov 2019). To successfully combat these 

challenges, a set of new, innovative, environmental policies and management strategies must 

be developed. However, their successful implementation will only be possible if there is a 

solid scientific theory behind them, especially from describing the behaviour of such 

ecosystem microbial components as MPB (Boetius 2019). Unfortunately, the current level of 

understanding of MPB ecology does not yet allow the formation of a conclusive model of 

MPB community dynamics. In the future, more effort should be directed towards studying of 
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spatiotemporal variability in MPB community composition in conjuncture with the capacity 

of MPB biofilms to withstand anthropogenic and environmental disturbances. Finally, more 

attention should be paid to the role of biotic and abiotic top-down controls (grazing, 

bioturbation, climate) in shaping MPB communities and transforming their biodiversity. 
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Figure 5.2. A conceptual diagram, summarising the effects of bottom-up factors on intertidal MPB community dynamics in shallow estuarine ecosystems. 

“+” – positive effects, “-”– negative effects, “+-” – no change, “?” – effects unknown. The patterns of MPB response to nitrate enrichment are largely 

deduced from the literature data and require further clarification. 
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Conclusions 

In contrast to many ecological studies that tend to reduce MPB to a single parameter 

(e.g. standing stock biomass or amount of extracellular polymeric substance), this thesis 

offers a more nuanced picture of the community dynamics and functioning of intertidal MPB. 

It demonstrates the complexity of MPB communities, composed of dozens of species of 

various microscopic phototrophs each of which can be anticipated to have specific habitat 

requirements. This diversity is attuned to the heterogenous sedimentary environment and 

systematically organises itself into specific assemblages, each of which occupies a particular 

environmental niche and habitat. The microalgae in these assemblages represent the total 

community biomass and thus affect sedimentary Chl a level. However, the abundance of 

some MPB species within a community seems to be disproportionally associated with high 

Chl a. In this thesis I show that appearance or disappearance of such species (e.g. Euglena 

obtusa F. Schmitz) in sediment samples offers the best explanation for the MPB biomass 

fluctuations in response to the change in key benthic parameters, such as sediment texture and 

macronutrient concentrations. These findings highlight the need of careful consideration of 

MPB community structure in ecological research. But most importantly, my results can 

resolve a whole range of paradoxes and contradictions that are present in the international 

MPB literature, and thus provide a better and more profound understanding of estuarine 

ecosystem functioning.  
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Appendix 1. A detailed protocol for microphytobenthic community 

analysis. 

 

Step 1. Ludox HS-40 extraction of microphytobenthos from the sediment 

With minor modifications the following procedure recreates the methodology described 

in Blanchard et al. (1988), Méléder et al. (2007), and Xu et al. (2010). 

 

Procedure: 

Materials and reagents: microphytobenthos samples (i.e. fixed sediment cores), Ludox HS-

40, artificial Ca2+/Mg2+-free seawater (de Jonge 1979)*, 4% formaldehyde, deionized water. 

 

Laboratory equipment: laboratory stirrer & vortex, centrifuge, 60 ml plastic syringes with 

attached tubing, centrifuge tubes, plastic containers and vials, pipettes, a set of standard 

glassware. 

1. Add 20 ml of Ludox HS-40 to a 50 ml centrifuge tube. Set it aside. 

2. Homogenize the sample by stirring it for a few minutes. 

3. After stirring is done, swiftly inject 3 ml of the sediment-fixative slurry into the 

centrifuge tube filled with Ludox HS-40. Rinse stirrer between different samples to 

avoid cross-contamination. 

4. Centrifuge for 20 minutes at 2300-2500 g. 

5. After centrifuging, collect the supernatant into a clean plastic container. 

6. Resuspend the remaining sediment pellet in 3 ml of 50% strength solution of the 

artificial seawater (ASW). 

7. Add 20 ml of Ludox HS-40 to the tube, centrifuge again, and collect another portion 

of the supernatant. Overall, you should have ca. 40 ml of liquid microphytobenthos 

extract at this stage. 
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8.  Leave the extract overnight in the sealed plastic container, allowing all microalgae in 

it to float up to the surface. 

9. Using a plastic syringe with attached tubing, siphon off as much of the transparent part 

of the mixture as possible to concentrate the greenish top layer into a smaller volume 

(aim for ca. 5 ml). Change syringes and tubing between different samples to avoid 

cross-contamination. 

10.  Put the remaining concentrated extract into a 50 ml centrifuge tube and cover it with 

45 ml of 50% ASW. 

11. Centrifuge for 10 minutes at 2000 g. Discard the supernatant (i.e. diluted Ludox) 

afterwards and add 25 ml of 50% ASW to the tube. Repeat this step 2 times. 

12. Dissolve the remaining microalgae pellet in 5 ml of ASW, transfer the solution into a 

small storage vial, add a few drops of 4% formaldehyde to ensure long-term storage. 

 

*Artificial seawater preparation: put 30.77 g of NaCl, 0.88 g of KCl, 1.10 g of Na2SO4, and 

0.20 g of NaHCO3 into a 1.5 L bottle; add 1 L of deionized water (2 L for 50% strength 

solution) and mix thoroughly to dissolve all salts. Refrigerate the solution up for 1 week for 

storage.  

 

Step 2. Counting and identifying non-diatom microphytobenthos 

This brief description of microalgae counting procedure is adapted from Karlson et al. 

(2010) and Biggs and Kilroy (2000) manuals on microalgae analysis. Consult these references 

for more technical details regarding the usage of counting chambers and identifying 

microalgae. 

 

Procedure: 

1. Homogenize the sample by gently inverting it about 10-20 times. 
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2. Using a precision pipette remove a required volume of the sample and gently fill up 

the counting chamber. The latter must not contain any air bubbles after its filled and 

sealed. Record the volume of sub-sample. 

3. Allow microalgae to settle in the chamber for 2 – 5 minutes. 

4. Identify and count at least 300 cells in random fields of view at the maximum 

magnification possible. 

5. Calculate the relative abundance of each taxon in the sample as a fraction of all cell 

counts. 

6. Return the remaining sample into the storage vial if possible. 

 

Step 3. Diatom identification and frustule counts 

Diatoms constitute a major part of any microphytobenthic community. Their correct 

identification requires a thorough investigation of their siliceous cell wall, also known as a 

frustule. Frustule morphology is highly specific, but its details cannot be revealed without a 

special pre-treatment or cleaning. There are numerous cleaning techniques, each of which can 

be optimized depending on the research tasks, availability of the reagents, the nature of 

sample, etc. (Round et al. 1990). The procedure below uses a 3:1 mixture of concentrated 

sulfuric acid and 30% hydrogen peroxide, also known as piranha solution. After cleaning, the 

permanent diatom slides are prepared, using the special refractive medium Naphrax (Fleming 

1954), which allows discerning the finest details of diatom frustule morphology under a 

differential interference contrast or a phase-contrast microscope. 

 

Procedure: 

Materials and reagents: microphytobenthos samples (i.e. concentrated suspensions from Step 

2), H2SO4 (conc.), 30% H2O2, 1M HCl, pH-indicator paper, 70% ethanol, 4% formaldehyde, 

deionized water. 
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Laboratory equipment: boiling tubes, 60 ml plastic syringes with attached tubing, plastic 

vials, pipettes, a hot plate, a glass rod, glass slides, coverslips, a set of standard glassware. 

 

a. Diatom cleaning 

1. Homogenize the sample by gently inverting it about 10-20 times and transfer 5 ml of it 

into a boiling tube. 

2. Add several drops of 1M HCl to remove carbonates from the sample. Afterwards, top 

up the sample with deionized water and allow everything to settle for at least 4 h or 

overnight. After the sample has settled, carefully remove as much supernatant as 

possible by using a plastic syringe with attached tubing. Change syringes and tubing 

between different samples to avoid cross-contamination. 

3. Add 15 ml of concentrated H2SO4 to the mixture, then very slowly, drop by drop, add 

5 ml of 30% H2O2. Be very careful! The boiling tube can become very hot and the 

mixture may start fizzing vigorously. After adding H2O2, leave the mixture in a secure 

place and wait 4-6 hours (or overnight) for the reaction to subside. It is best not to 

leave frustules in the solution for more than 12 h, because the acid can damage them. 

4. After the reaction has subsided, fill up the tube with deionised water and leave sample 

overnight to settle. 

5. After the sample has settled, carefully remove as much supernatant as possible by 

using a plastic syringe with attached tubing. Fill up the tube with deionised water, 

check pH and leave sample overnight to settle. Repeat this step until the pH becomes 

neutral (usually up to 6 times). 

6. After removing the last portion of supernatant, mix the remaining diatom pellet (white 

powder at the tube bottom) in 3-5 ml of deionised water and transfer the mixture into a 

storage vial. Add a few drops of 70% ethanol and 4% formaldehyde if needed. 
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b. Permanent slide preparation 

1. Homogenize the diatom sample by gently inverting it about 10-20 times. Using a clean 

glass pipette, remove some of the suspension from the central part of the vial and 

place one drop onto a clean coverslip. Allow the liquid to evaporate and check the 

density of valves under 400x magnification. If necessary, add one more drop of the 

suspension. The result should be thin grey film over about two-thirds of the coverslip. 

2. Using a regular pipette, place a small drop of Naphrax at the centre of a clean glass 

slide. Then cover it with the previously prepared coverslip, diatoms downwards. 

3. Lightly warm the slide on a hot plate until the mountant begins to bubble. It is then 

removed from the plate and allowed to cool. The bubbles should disappear as it cools 

down, and the bubbling should not be vigorous. The process is repeated until very few 

bubbles are formed. 

4. The mountant is then warmed again to soften the mountant and to drive off any 

remaining solvent. The coverglass may be pressed down by a few gentle strokes of a 

glass or wooden rod. 

5. Allow the slide to cool down, put the label on. Place in a slide tray and leave for 

mounting medium to harden. 

  



168 
 

References 

Biggs, B., and C. Kilroy. 2000. Stream periphyton monitoring manual. NIWA, Christchurch, New 
Zealand. 

Blanchard, G., M. J. Chretiennot-Dinet, A. Dinet, and J.-M. Robert. 1988. Méthode simplifiée pour 
l'extraction du microphytobenthos des sédiments marins par le gel de silice Ludox. Comptes 
rendus de l'Académie des sciences. Série 3, Sciences de la vie 307:569-576. 

de Jonge, V. 1979. Quantitative separation of benthic diatoms from sediments using density gradient 
centrifugation in the colloidal silica Ludox-TM. Marine Biology 51:267-278. 

Fleming, W. D. 1954. Naphrax: a synthetic mounting medium of high refractive index new and 
improved methods of preparation. Journal of the Royal Microscopical Society 74:42-44. 

Karlson, B., C. Cusak, and E. Bresnan. 2010. Microscopic and molecular methods for quantitative 
phytoplankton analysis. UNESCO, Paris. 

Méléder, V., Y. Rincé, L. Barillé, P. Gaudin, and P. Rosa. 2007. Spatiotemporal changes in 
microphytobenthos assemblages in a macrotidal flat (Bourgneuf Bay, France). Journal of 
Phycology 43:1177-1190. 

Round, F. E., R. M. Crawford, and D. G. Mann. 1990. Diatoms: biology and morphology of the genera. 
Cambridge University Press, Cambridge, UK. 

Xu, K., Y. Du, Y. Lei, and R. Dai. 2010. A practical method of Ludox density gradient centrifugation 
combined with protargol staining for extracting and estimating ciliates in marine sediments. 
European Journal of Protistology 46:263-270. 

 

  



169 
 

Appendix 2. Bibliography of taxonomic literature on marine 

microphytobenthos (including a list of useful diatom web-resources) 

 

Al-Handal, A. Y., E. W. Thomas, and C. Pennesi. 2018. Marine benthic diatoms in the newly 
discovered coral reefs, off Basra coast, Southern Iraq. Phytotaxa 372:111-152. 

Al-Yamani, F. Y., M. Saburova. 2010. Illustrated guide on the flagellates of Kuwait’s intertidal soft 
sediments. Kuwait Institute for Scientific Research, Kuwait. 

Al-Yamani, F. Y., M. Saburova. 2011. Illustrated guide on the benthic diatoms of Kuwait’s marine 
environment. Kuwait Institute for Scientific Research, Kuwait. 

An, S. M., D. H. Choi, J. H. Lee, H. Lee, and J. H. Noh. 2017. Identification of benthic diatoms isolated 
from the eastern tidal flats of the Yellow Sea: Comparison between morphological and 
molecular approaches. PLoS ONE 12:e0179422. 

Asaul, Z. I. 1975. Vyznachnyk evglenovykh vodorostei Ukrayins'koyi SSR. Naukova Dumka, Kyiv. 
Beltrones, D. A. S., and U. A. Hernández. 2017. New records of benthic marine diatom taxa for 

Mexican littorals. CICIMAR Oceánides 32:59-62. 
Beltrones, D. A. S., U. A. Hernández, and C. L. Cansigno. 2016. Uncommon species diversity values in 

epiphytic diatom assemblages of the kelp Eisenia arborea. Hidrobiológica 26:61-76. 
Bes, D., and L. C. Torgan. 2010. O gênero Nitzschia (Bacillariaceae) em ambientes lacustres na 

Planície costeira do Rio Grande do Sul, Brasil. Rodriguésia 61:359-382. 
Bukhtiyarova, L. 2007. K revizii roda Achnanthes Bory s. lato (Bacillariophyta). 1. Rody Achnanthes 

Bory s. str. i Achnanthidium Kutzing s. str. Algologia 17:112-122. 
Bukhtiyarova, L. 2007. K revizii roda Achnanthes Bory s. lato (Bacillariophyta). 2. Novye monoshovnye 

rody i klyuch k ikh opredeleniyu. Algologia 17:492-507. 
Cane, R. P. 1997. A taxonomic survey and ecological study of the benthic microalgae in the sediments 

of the Avon-Heathcote Estuary, Christchurch, New Zealand. University of Canterbury. 
Cardinal, A., M. Poulin, and L. Bérard-Therriault. 1989. New criteria for species characterization in the 

genera Donkinia, Gyrosigma and Pleurosigma (Naviculaceae, Bacillariophyceae). Phycologia 
28:15-27. 

Cefarelli, A. O., M. E. Ferrario, G. O. Almandoz, A. G. Atencio, R. Akselman, and M. Vernet. 2010. 
Diversity of the diatom genus Fragilariopsis in the Argentine Sea and Antarctic waters: 
morphology, distribution and abundance. Polar Biology 33:1463-1484. 

Chen, C., J. Sun, L. Zhao, L. Sun, X. Li, J. Liang, and Y. Gao. 2017. Navicula amoyensis sp. nov. 
(Bacillariophyceae), a new benthic brackish diatom species from the Jiulong River estuary, 
Southern China. Phytotaxa 291:253-263. 

Ciugulea, I., and R. E. Triemer. 2010. A color atlas of photosynthetic euglenoids. Michigan State 
University Press, East Lansing. 

Cox, E. J. 1977. The distribution of tube-dwelling diatom species in the Severn Estuary. Journal of the 
Marine Biological Association of the United Kingdom 57:19-27. 

Cox, E. J. 2003. Placoneis Mereschkowsky (Bacillariophyta) revisited: resolution of several typification 
and nomenclatural problems, including the generitype. Botanical Journal of the Linnean 
Society 141:53-83. 

Cremer, H., F. Sangiorgi, F. Wagner-Cremer, V. McGee, A. F. Lotter, and H. Visscher. 2007. Diatoms 
(Bacillariophyceae) and dinoflagellate cysts (Dinophyceae) from Rookery bay, Florida, USA. 
Caribbean Journal of Science 43:23-58. 

De Stefano, M., O. E. Romero, and C. Totti. 2008. A comparative study of Cocconeis scutellum 
Ehrenberg and its varieties (Bacillariophyta). Botanica Marina 51:506-536. 

Desrosiers, C., A. Witkowski, C. Riaux-Gobin, I. Zgłobicka, K. J. Kurzydłowski, A. Eulin, J. Leflaive, and L. 
Ten-Hage. 2014. Madinithidium gen. nov. (Bacillariophyceae), a new monoraphid diatom 
genus from the tropical marine coastal zone. Phycologia 53:583-592. 

Diatom Image Database, available online at https://fce-lter.fiu.edu/data/database/diatom/ 
Diatoms of North America, available online at https://diatoms.org/ 

https://fce-lter.fiu.edu/data/database/diatom/
https://diatoms.org/


170 
 

Foged, N. 1979. Diatoms in New Zealand, the North Island. A.R. Gantner Verlag KG, Vaduz. 
Garcia, M., and D. B. Dutra. 2013. Morfologia e distribuição de Cocconeiopsis Witkowski, Lange-

Bertalot & Metzeltin no litoral de Santa Catarina, Brasil. Iheringia. Série Botânica 68:215-224. 
Giffen, M. H. 1975. An account of the littoral diatoms from Langebaan, Saldanha Bay, Cape Province, 

South Africa. Botanica Marina 18:71-96. 
Gojdics, M. 1953. The Genus Euglena. University of Wisconsin Press, Madison. 
Harper, M. A., and J. F. Harper. 2014. Diatoms (Bacillariophyceae) from the Miranda Coast, Firth of 

Thames, New Zealand. Records of the Auckland Museum 49:43-54. 
Hoppenrath, M., S. A. Murray, N. Chomérat, and Horiguchi, T. 2014. Marine benthic dinoflagellates – 

unveiling their worldwide biodiversity. Schweizerbart, Stuttgart. 
Huang, R. 1984. Marine diatoms of Chinmen Island. Acta Oceanographica Taiwanica 15:181-200. 
Joh, G. 2013. Species diversity of the old genus Navicula Bory (Bacillariophyta) on intertidal sand-flats 

in the Nakdong River estuary, Korea. Journal of Ecology and Environment 36:371-390. 
Joh, G. 2014. The diverse species of the genus Hantzschia (Bacillariophyta) in sand flats of the 

Nakdong River estuary in Korea. Journal of Ecology and Environment 37:245-255. 
Joh, G. 2017. Diatom species of genera Navicula and Craticula collected from three Korean islands in 

the Yellow Sea. Korean J. Environ. Biol. 35:240-250. 
Joh, G. 2017. Newly recorded species of diatoms in Korea, from estuarine sandflats of the Nakdong 

River and seagrasses of Yeongil Bay. Korean J. Environ. Biol. 35:227-239. 
Jones, H. M., G. E. Simpson, A. J. Stickle, and D. G. Mann. 2005. Life history and systematics of 

Petroneis (Bacillariophyta), with special reference to British waters. European Journal of 
Phycology 40:61-87. 

Komárek, J., and K. Anagnostidis. 1999. Cyanoprokaryota. Teil 1 / Part 1: Chroococcales. Gustav 
Fischer Verlag, Jena-Stuttgart-Lübeck-Ulm. 

Komárek, J., and K. Anagnostidis. 2005. Cyanoprokaryota. Teil 2 / Part 2: Oscillatoriales. Spektrum 
Akademischer Verlag, München. 

Krammer, K., and H. Lange-Bertalot. 1997. Bacillariophyceae, Teil 2: Bacillariaceae, Epithemiaceae, 
Surirellaceae. Spektrum Akademischer Verlag, Heidelberg. 

Krammer, K., and H. Lange-Bertalot. 1999. Bacillariophyceae, 1. Teil: Naviculaceae, A: Text; B: Tafeln. 
Spektrum Akademischer Verlag, Heidelberg. 

Krammer, K., and H. Lange-Bertalot. 2000. Bacillariophyceae, Teil 3: Centrales, Fragilariaceae, 
Eunotiaceae. Spektrum Akademischer Verlag, Heidelberg. 

Krammer, K., and H. Lange-Bertalot. 2000. Bacillariophyceae,Teil 5: English and French translation of 
the keys. Spektrum Akademischer Verlag, Heidelberg. 

Krammer, K., and H. Lange-Bertalot. 2004. Bacillariophyceae, Teil 4: Achnanthaceae, Kritische 
Ergänzungen zu Achnanthes s.l., Navicula s.str., Gomphonema. Spektrum Akademischer 
Verlag, Heidelberg. 

Lange-Bertalot, H., and A. Fuhrmann. 2016. Contribution to the genus Diploneis (Bacillariophyta): 
Twelve species from Holarctic freshwater habitats proposed as new to science. Fottea 
16:157-183. 

Lee, S. D., J. S. Park, and J. H. Lee. 2012. New record of diatom species in Korean coastal waters. 
Korean J. Environ. Biol. 30:245-271. 

Lee, S. D., S. M. Yun, J. S. Park, and J. H. Lee. 2015. Floristic survey of diatom in the three islands 
(Baeknyeong, Daecheong, Socheong) from Yellow Sea of Korea. Journal of Ecology and 
Environment 38:563-598. 

Levkov, Z., S. Tofilovska, and D. Mitic-Kopanja. 2016. Species of the diatom genus Craticula Grunow 
(Bacillariophyceae) from Macedonia. Contributions. Section of Natural, Mathematical & 
Biotechnical Sciences, MASA 37:129-165. 

Li, Y., H. Suzuki, T. Nagumo, J. Tanaka, Z. Sun, and K. Xu. 2015. Fallacia decussata, sp. nov.: a new 
marine benthic diatom (Bacillariophyceae) from Northeast Asia. Phytotaxa 224:258-266. 

Liu, B., D. M. Williams, and B. Huang. 2015. Gyrosigma rostratum sp. nov. (Bacillariophyta) from the 
low intertidal zone, Xiamen Bay, southern China. Phytotaxa 203:254-262. 

Loir, M. Diatomées marines benthiques (Marine benthic diatoms), available online at 
http://www.diatomloir.eu/Site%20Diatom/Index.html 

http://www.diatomloir.eu/Site%20Diatom/Index.html


171 
 

MacGillivary, M. L., and I. Kaczmarska. 2015. Paralia (Bacillariophyta) stowaways in ship ballast: 
implications for biogeography and diversity of the genus. Journal of Biological Research-
Thessaloniki 22:2. 

Maidana, N. I., C. Seeligmann, and M. R. Morales. 2011. El género Navicula sensu stricto 
(Bacillariophyceae) en humedales de altura de Jujuy, Argentina. Boletín de la Sociedad 
Argentina de Botánica 46:13-29. 

Massé, G., Y. Rincé, E. J. Cox, G. Allard, S. T. Belt, and S. J. Rowland. 2001. Haslea salstonica sp. nov. 
and Haslea pseudostrearia sp. nov. (Bacillariophyta), two new epibenthic diatoms from the 
Kingsbridge estuary, United Kingdom. Comptes Rendus de l'Académie des Sciences. Série III, 
Sciences de la vie 324:617-626. 

McClatchie S., S. K. Juniper, and G. A. Knox. 1982. Structure of a mudflat diatom community in the 
Avon‐Heathcote Estuary, New Zealand. New Zealand Journal of Marine and Freshwater 
Research 16: 299-309. 

Medlin, L. K., and F. E. Round. 1986. Taxonomic studies of marine gomphonemoid diatoms. Diatom 
Research 1:205-225. 

Miho, A., and H. Lange-Bertalot. 2006. Diversity of the genus Placoneis in Lake Ohrid and other 
freshwater habitats in Albania. Pages 301-313 in A. Witkowski, editor. Proceedings of the 
18th International Diatom Symposium. 

Nevrova, E., A. Witkowski, M. Kulikovskiy, H. Lange-Bertalot, and J. P. Kociolek. 2013. A revision of 
the diatom genus Lyrella Karayeva (Bacillariophyta: Lyrellaceae) from the Black Sea, with 
descriptions of five new species. Phytotaxa 83:1-38. 

Ohtsuka, T. 2005. Epipelic diatoms blooming in Isahaya Tidal Flat in the Ariake Sea, Japan, before the 
drainage following the Isahaya‐Bay Reclamation Project. Phycological Research 53:138-148. 

Ohtsuka, T., S. Kato, K. Asai, and T. Watanabe. 2009. Checklist and illustrations of diatoms in Laguna 
de Bay, Philippines, with reference to water quality. Diatom 25:134-147. 

Park, J., J. S. Khim, T. Ohtsuka, H. Araki, A. Witkowski, and C.-H. Koh. 2012. Diatom assemblages on 
Nanaura mudflat, Ariake Sea, Japan: with reference to the biogeography of marine benthic 
diatoms in Northeast Asia. Botanical Studies 53:105-124. 

Park, J., J. S. Khim, J. Ryu, C.-H. Koh, and A. Witkowski. 2013. An emended description of the genus 
Fogedia (Bacillariophyceae) with reports of four species new to science from a Korean sand 
flat. Phycologia 52:437-446. 

Park, J., C.-H. Koh, J. S. Khim, T. Ohtsuka, and A. Witkowski. 2012. Description of a new naviculoid 
diatom genus Moreneis gen. nov. (Bacillariophyceae) from sand flats in Korea. Journal of 
Phycology 48:186-195. 

Park, J. S., S. D. Lee, S. E. Kang, and J. H. Lee. 2014. New records of the marine pennate diatoms in 
Korea. Journal of Ecology and Environment 37:231-244. 

Park, J. S., C. S. Lobban, and K.-W. Lee. 2018. Diatoms associated with seaweeds from Moen Island in 
Chuuk Lagoon, Micronesia. Phytotaxa 351:101-140. 

Park, J. S., S. M. Yun, S. D. Lee, J. B. Lee, and J. H. Lee. 2017. New records of the diatoms 
(Bacillariophyta) in the brackish and coastal waters of Korea. Korean J. Environ. Biol. 35:215-
226. 

Pavlov, A., Z. Levkov, D. M. Williams, and M. B. Edlund. 2013. Observations on Hippodonta 
(Bacillariophyceae) in selected ancient lakes. Phytotaxa 90:1-53. 

Poulin, M., G. Massé, S. T. Belt, P. Delavault, F. Rousseau, J.-M. Robert, and S. J. Rowland. 2004. 
Morphological, biochemical and molecular evidence for the transfer of Gyrosigma nipkowii 
Meister to the genus Haslea (Bacillariophyta). European Journal of Phycology 39:181-195. 

Potapova, M.G., Minerovic, A.D., Veselá, J., Smith, C.R. (eds.). Diatom New Taxon File at the Academy 
of Natural Sciences (DNTF-ANS), Philadelphia, available online at http://dh.ansp.org/dntf 

Reid, G., and D. M. Williams. 2003. Systematics of the Gyrosigma balticum complex (Bacillariophyta), 
including three new species. Phycological Research 51:126-142. 

Reimer, C. W. 1961. New and variable taxa of the diatom genera Anomoeoneis Pfitz. and Stauroneis 
Ehr. (Baciliariophyta) from the United States. Proceedings of the Academy of Natural 
Sciences of Philadelphia 113:187-214. 

http://dh.ansp.org/dntf


172 
 

Riaux-Gobin, C., P. Compère, and L. Ector. 2014. Some Cocconeis species (Bacillariophyceae) 
originally described by William Gregory and Robert Kaye Greville from the Firth of Clyde and 
Loch Fyne (Scotland). Nova Hedwigia 99:171-192. 

Riaux-Gobin, C., A. Witkowski, and O. E. Romero. 2013. An account of Astartiella species from 
tropical areas with a description of A. societatis sp. nov. and nomenclatural notes. Diatom 
Research 28:419-430. 

Ribeiro, L. L. C. S. 2010. Intertidal benthic diatoms of the Tagus estuary: taxonomic composition and 
spatial-temporal variation (Volume 2). Universidade de Lisboa. 

Romero, O. E., and J. N. Navarro. 1999. Two marine species of Cocconeis Ehrenberg 
(Bacillariophyceae): C. pseudomarginata Gregory and C. caribensis sp. nov. Botanica Marina 
42:581-592. 

Round, F., and L. Bukhtiyarova. 1996. Four new genera based on Achnanthes (Achnanthidium) 
together with a re-definition of Achnanthidium. Diatom Research 11:345-361. 

Round, F. E., R. M. Crawford, and D. G. Mann. 1990. Diatoms: biology and morphology of the genera. 
Cambridge University Press, Cambridge, UK. 

Rovira, L., A. Witkowski, R. Trobajo, M. Ruppel, and C. Ibáñez. 2011. Planothidium iberense sp. nov., a 
new brackish diatom of the Ebro Estuary, northeast Spain. Diatom Research 26:99-107. 

Sabbe, K., W. Vyverman, and K. Muylaert. 1999. New and little-known Fallacia species 
(Bacillariophyta) from brackish and marine intertidal sandy sediments in Northwest Europe 
and North America. Phycologia 38:8-22. 

Sabbe, K., A. Witkowski, and W. Vyverman. 1995. Taxonomy, morphology and ecology of Biremis 
lucens comb. nov. (Bacillariophyta): a brackish-marine, benthic diatom species comprising 
different morphological types. Botanica Marina 38:379-392. 

Saburova, M., F. Al-Yamani, and I. Polikarpov. 2009. Biodiversity of free-living flagellates in Kuwait’s 
intertidal sediments. BioRisk 3:97-110. 

Sar, E. A., F. Hinz, F. A. S. Sterrenburg, A. S. Lavigne, S. Lofeudo, and I. Sunesen. 2012. Species of 
Pleurosigma (Pleurosigmataceae) with lanceolate or slightly sigmoid valve outlines: analysis 
of type material. Diatom Research 27:237-253. 

Sato, S., N. Tamotsu, and D. G. Mann. 2013. Morphology and life history of Amphora commutata 
(Bacillariophyta) I: the vegetative cell and phylogenetic position. Phycologia 52:225-238. 

Siqueiros Beltrones, D. A., and F. López Fuerte. 2006. Epiphytic diatoms associated with red 
mangrove (Rhizophora mangle) prop roots in Bahía Magdalena, Baja California Sur, Mexico. 
Revista de Biología Tropical 54:287-297. 

Siqueiros-Beltrones, D. A., and U. Argumedo-Hernández. 2016. Diatomeas epifitas consumidas por 
adultos de abulón (Haliotis spp.) en Baja California Sur, México. Revista Mexicana de 
Biodiversidad 87:111-122. 

Siqueiros-Beltrones, D. A., U. Argumedo-Hernández, and F. O. López-Fuerte. 2017. Diversity of 
benthic diatoms in the Guerrero Negro Lagoon (El Vizcaíno Biosfere Reserve), Baja California 
Peninsula, Mexico. Revista Mexicana de Biodiversidad 88:21-35. 

Siqueiros-Beltrones, D. A., U. Argumedo-Hernández, and F. O. López-Fuerte. 2017. New records and 
combinations of Lyrella (Bacillariophyceae: Lyrellales) from a protected coastal lagoon of the 
northwestern Mexican Pacific. Revista Mexicana de Biodiversidad 88:1-20. 

Steidinger, K. A., and K. Jangen. 1997. Chapter 3 - Dinoflagellates. Pages 387-584 in T. Carmelo, 
editor. Identifying Marine Phytoplankton. Academic Press, San Diego. 

Stepanek, J. G., and J. P. Kociolek. 2014. Molecular phylogeny of Amphora sensu lato 
(Bacillariophyta): an investigation into the monophyly and classification of the amphoroid 
diatoms. Protist 165:177-195. 

Sterrenburg, F. A. S. 1991. Studies on the diatom genera Gyrosigma and Pleurosigma 
(Bacillariophyceae). Light microscopical criteria for taxonomy. Diatom Research 6:367-389. 

Sterrenburg, F. A. S. 1991. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae). The 
typus generis of Pleurosigma, some presumed varieties and imitative species. Botanica 
Marina 34:561-574. 



173 
 

Sterrenburg, F. A. S. 1992. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae). The 
type of the genus Gyrosigma and other attenuati sensu Peragallo. Diatom Research 7:137-
155. 

Sterrenburg, F. A. S. 1994. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae). The 
species of Sullivant & Wormley 1859, synonymy and differentiation from other Gyrosigma 
taxa. Proceedings of the Academy of Natural Sciences of Philadelphia 145:217-236. 

Sterrenburg, F. A. S. 1995. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae) 
Gyrosigma balticum (Ehrenberg) Rabenhorst, G. pensacolae sp. n. and simulacrum species. 
Botanica Marina 38:401-408. 

Sterrenburg, F. A. S. 1995. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae): 
Gyrosigma acuminatum (Kützing) Rabenhorst, G. spenceri (Quekett) Griffith, and G. 
rautenbachiae Cholnoky. Proceedings of the Academy of Natural Sciences of Philadelphia 
146:467-480. 

Sterrenburg, F. A. S. 1997. Studies on the genera Gyrosigma and Pleurosigma (Bacillariophyceae). 
Gyrosigma kützingii (Grunow) Cleve and G. peisonis (Grunow) Hustedt. Proceedings of the 
Academy of Natural Sciences of Philadelphia 148:157-163. 

Sterrenburg, F. A. S. 2003. Studies on the diatom genera Gyrosigma and Pleurosigma 
(Bacillariophyceae). Pleurosigma strigosum W. Smith and some presumptive relatives. 
Micropaleontology 49:159-169. 

Sterrenburg, F. A. S., and G. Underwood. 1997. Studies on the genera Gyrosigma and Pleurosigma 
(Bacillariophyceae). The marine "Gyrosigma spenceri" records: Gyrosigma limosum 
Sterrenburg et Underwood nov. sp. Proceedings of the Academy of Natural Sciences of 
Philadelphia 148:165-169. 

Sterrenburg, F. A. S. A., M. A. Tiffany, F. Hinz, W. E. Herwig, and P. E. Hargraves. 2015. Seven new 
species expand the morphological spectrum of Haslea. A comparison with Gyrosigma and 
Pleurosigma (Bacillariophyta). Phytotaxa 207:143-162. 

Stidolph, S. R. 1980. A record of some coastal marine diatoms from Porirua Harbour, North Island, 
New Zealand. New Zealand Journal of Botany 18:379-403. 

Stidolph, S. R. 1992. Observations and remarks on the morphology and taxonomy of the diatom 
genera Gyrosigma Hassall and Pleurosigma W. Smith. III. Gyrosigma sterrenburgii sp. nov., 
and Pleurosigma amara sp. nov. Diatom Research 7:345-366. 

Stidolph, S. R. 2002. Observations and remarks on the morphology and taxonomy of the diatom 
genera Gyrosigma Hassall and Pleurosigma W. Smith. V. Pleurosigma types of A. Mann 
(1925): a critical re-investigation. Micropaleontology 48:273-284. 

Stidolph, S.R., Sterrenburg, F. A. S., Smith, K.E.L., and Kraberg, A., 2012. Stuart R. Stidolph Diatom 
Atlas: U.S. Geological Survey Open-File Report 2012–1163, available online at 
http://pubs.usgs.gov/of/2012/1163/ 

Talgatti, D., E. A. Sar, and L. C. Torgan. 2014. Haslea sigma (Naviculaceae, Bacillariophyta) a new 
sigmoid benthic species from salt marshes of Southern Brazil. Phytotaxa 177:231-238. 

Talgatti, D., C. E. Wetzel, E. A. Morales, L. Ector, and L. C. Torgan. 2014. Transfer of Fragilaria atomus 
Hust. to the genus Stauroforma (Bacillariophyta) based on observation of type and newly 
collected material. Phytotaxa 158:14. 

Thaler, M., and I. Kaczmarska. 2009. Gyrosigma orbitum sp. nov. (Bacillariophyta) from a salt marsh 
in the Bay of Fundy, eastern Canada. Botanica Marina 52:60-68. 

Thomson, A. H., and K. M. Manoylov. 2019. Algal community dynamics within the savannah river 
estuary, georgia under anthropogenic stress. Estuaries and Coasts 42:1459-1474. 

Torres, L. R. 2013. The ecology and taxonomy of estuarine benthic diatoms and their use as 
bioindicators in a highly stratified estuary (Ebro Estuary, NE Iberian Peninsula): a 
multidisciplinary approach. Universitat de Barcelona. 

Van de Vijver, B., K. Kopalová, and R. Zidarova. 2015. Three new Craticula species (Bacillariophyta) 
from the Maritime Antarctic Region. Phytotaxa 213:35-45. 

Van de Vijver, B., E. C. Wetzel, and L. Ector. 2018. Analysis of the type material of Planothidium 
delicatulum (Bacillariophyta) with the description of two new Planothidium species from the 
sub-Antarctic Region. Fottea 18:200-211. 

http://pubs.usgs.gov/of/2012/1163/


174 
 

Wang, P., B. S. Park, J. H. Kim, J.-H. Kim, H.-O. Lee, and M.-S. Han. 2014. Phylogenetic position of 
eight Amphora sensu lato (Bacillariophyceae) species and comparative analysis of 
morphological characteristics. Algae 29:57-73. 

Watanabe, T., J. Tanaka, G. Reid, M. Kumada, and T. Nagumo. 2013. Fine structure of Delphineis 
minutissima and D. surirella (Rhaphoneidaceae). Diatom Research 28:445-453. 

Witkowski, A. 1993. Cocconeis hauniensis sp. nov., a new epipsammic diatom from Puck Bay 
(Southern Baltic Sea), Poland. Nordic Journal of Botany 13:467-471. 

Witkowski, A., F. Barka, D. G. Mann, C. Li, J. L. Weisenborn, M. P. Ashworth, K. J. Kurzydłowski, I. 
Zgłobicka, and S. Dobosz. 2014. A description of Biremis panamae sp. nov., a new diatom 
species from the marine littoral, with an account of the phylogenetic position of Biremis DG 
Mann et EJ Cox (Bacillariophyceae). PLoS ONE 9:e114508. 

Witkowski, A., H. Lange-Bertalot, and D. Metzeltin. 1996. The diatom species Fragilaria martyi 
(Heribaud) Lange-Bertalot, identity and ecology. Archiv für Protistenkunde 146:281-292. 

Witkowski, A., H. Lange-Bertalot, and D. Metzeltin. 2000. Diatom flora of marine coasts I. A.R.G. 
Gartner Verlag K.G., Ruggel. 

Witkowski, A., C. Li, I. Zgłobicka, S.-x. Yu, M. Ashworth, P. Dąbek, S. Qin, C. Tang, M. Krzywda, M. 
Ruppel, E. C. Theriot, R. K. Jansen, A. Car, T. Płociński, Y.-c. Wang, J. S. M. Sabir, G. 
Daniszewska-Kowalczyk, A. Kierzek, and N. H. Hajrah. 2016. Multigene assessment of 
biodiversity of diatom (Bacillariophyceae) assemblages from the littoral zone of the Bohai 
and Yellow Seas in Yantai region of Northeast China with some remarks on ubiquitous taxa. 
Journal of Coastal Research SI74:166-195. 

 

  



175 
 

Appendix 3. Taxonomic list of microphytobenthos found in the Avon-

Heathcote/Ihutai Estuary, Delaware Estuary and Waimea Inlet, New 

Zealand 

 

Table A1. Taxonomic list of microalgae found in the samples from three New Zealand 

estuaries. AH – Avon-Heathcote Estuary, DEL – Delaware Estuary, WMA – Waimea Inlet. X 

marks in bold represent species (taxa) newly reported for the Avon-Heathcote estuary, 

question marks – doubtful identifications. 

Taxon AH DEL WMA 

    

Bacillariophyta    

Achnanthes brevipes C. Agardh x   

Actinoptychus sp. x x  

Amphora abludens Simonsen x x x 

Amphora crassa W. Gregory x   

Amphora cf. cymbamphora Cholnoky x   

Amphora cf. proteus W. Gregory  x x 

Amphora spp. x x x 

Anorthoneis sp.   x 

Astartiella producta Witkowski, Lange-Bertalot & Metzeltin  x x 

Auliscus sculptus (W. Smith) Brightwell  x x 

Biddulphia edwardsii Febiger ex Grunow   x 

Biremis lucens (Hustedt) Sabbe, Witkowski & Vyverman  x x 

Campylodiscus neofastuosus Ruck & Nakov x x x 

Campylosira africana M.H. Giffen  x  

Chamaepinnularia cf. alexandrowiczii Witkowski, Lange-Bertalot & 

Metzeltin 
x x  

Chamaepinnularia sp.   x 

Cocconeis placentula Ehrenberg  x  

Cocconeis pseudomarginata W. Gregory  x  

Cocconeis scutellum var. parva (Grunow) Cleve x   

Cocconeis sp.  x x 

Cocconeis speciosa W. Gregory x x x 

Craticula simplex (Krasske) Levkov x   

Craticula sp.1 x x x 

Craticula subminuscula (Manguin) C.E. Wetzel & Ector x   

Cylindrotheca closterium (Ehrenberg) Reimann & J.C. Lewin x x x 

Cylindrotheca gracilis (Brébisson ex Kützing) Grunow x   

Delphineis minutissima (Hustedt) Simonsen x   

Diademoides luxuriosa (Greville) K.-D. Kemp & T.B.B. Paddock   x 
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Diploneis novaeseelandiae (A.W.F. Schmidt) Hustedt x  x 

Diploneis puella (Schumann) Cleve x x x 

Diploneis smithii (Brébisson) Cleve x x x 

D. smithii var. recta M.Peragallo  x   

Delphineis cf. surirella (Ehrenberg) G.W. Andrews x   

Diploneis weissflogii (A.W.F. Schmidt) Cleve x x x 

Encyonema minutum (Hilse) D.G. Mann x   

Entomoneis paludosa (W. Smith) Reimer  x  

Entomoneis punctulata (Grunow) K. Osada & H. Kobayasi   x 

Entomoneis sp. x   

Fallacia cf. cunoniae (Cholnoky) Witkowski, Lange-Bertalot & 

Metzeltin 
 x x 

Fallacia cf. litoricola (Hustedt) D.G. Mann x   

Fallacia pygmaea (Kützing) Stickle & D.G. Mann x   

Fogedia densa Park, Khim, Kow & Witkowski  x x 

Fogedia giffeniana (Foged) Witkowski, Lange-Bertalot, Metzeltin & 

Bafana 
  x 

Fragilaria spp. x x x 

Fragilariopsis sp.  x x 

Gomphonemopsis sp. x   

Grammatophora sp. x x  

Gyrosigma acuminatum (Kützing) Rabenhorst x   

Gyrosigma cf. distortum (W. Smith) J.W. Griffith & Henfrey  x  

Gyrosigma fasciola (Ehrenberg) J.W. Griffith & Henfrey x x x 

Gyrosigma cf. stidolphii F.A.S.Sterrenburg  x  

Gyrosigma sp.  x  

Gyrosigma aff. wansbeckii (Donkin) Cleve  x x 

Halamphora acutiuscula (Kützing) Levkov x x  

Halamphora coffeiformis (C. Agardh) Mereschkowsky x x x 

Halamphora spp. x   

Hantzschia virgata (Roper) Grunow x x x 

H. virgata var. gracilis Hustedt x   

Haslea feriarum M.A. Tiffany & F.A.S. Sterrenburg  x x 

Haslea nipkowii (Meister) M. Poulin & G. Massé  x x 

Haslea sigma D. Talgatti, E.A.Sar & L. Carvalho Torgan x x  

Haslea stundlii (Hustedt) Blanco, Borrego-Ramos & Olenici (syn. 

Navicula duerrenbergiana Hustedt) 
x x  

Hippodonta avittata (Cholnoky) Lange-Bertalot, Metzeltin & 

Witkowski 
x   

Karayevia amoena (Hustedt) Bukhtiyarova x   

Karayevia clevei (Grunow) Bukhtiyarova x   

Lyrella exsul (A.W.F.Schmidt) D.G. Mann   x 

Lyrella lyra (Ehrenberg) Karayeva x   

Lyrella subforcipata (Hustedt) Gusliakov & Karayeva x x x 

Melosira spp. x   

Moreneis coreana J. Park, Koh & Witkowski x ?  

Moreneis hexagona J. Park, Koh & Witkowski  x  

Navicula cf. agatkae Witkowski, Lange-Bertalot & Metzeltin  x x 

Navicula agnita Hustedt  x  
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Navicula arenaria Donkin  x x 

Navicula bipustulata A. Mann x x x 

Navicula libonensis Schoeman x   

Navicula lusoria M.F. Giffen  x  

Navicula metareichardtiana Lange-Bertalot & Kusber x   

Navicula cf. peregrinopsis Lange-Bertalot & Witkowski x   

Navicula perminuta Grunow x x x 

Navicula phyllepta Kützing x   

Navicula salinarum Grunow  x  

Navicula salinicola Hustedt x   

Navicula spp. x x x 

Navicula uniseriata Østrup x   

Nitzschia cf. distans W. Gregory x x  

Nitzschia frustulum (Kützing) Grunow  x x 

Nitzschia leucosigma Benecke  x  

Nitzschia littorea Grunow x   

Nitzschia reversa W. Smith x   

Nitzschia sigma (Kützing) W. Smith x   

Nitzschia spp. x x x 

Nitzschia valdecostata Lange-Bertalot & Simonsen x   

Oestrupia ergadensis (W. Gregory) Witkowski, Lange-Bertalot & 

Metzeltin 
x x x 

Paralia sulcata (Ehrenberg) Cleve x  x 

Petroneis marina (Ralfs) D.G. Mann x x x 

Pinnularia cf. lundii Hustedt x   

Pinnularia woodiana Foged x   

Plagiogramma minus (W. Gregory) Chunlian Li, Ashworth & 

Witkowski (syn. Dimeregramma minor (W. Gregory) Ralfs) 
 x x 

Cf. Plagiogramma sp.   x 

Plagiotropis cf. delicatula (Greville) T.B.B. Paddock x x x 

Planothidium delicatulum (Kützing) Round & Bukhtiyarova x x x 

Planothidium hauckianum var. rostratum (Schulz ex Hustedt) 

N.A.Andresen, Stoermer & R.G. Kreis, Jr. 
 x x 

Planothidium iberense Rovira & Witkowski x x  

Platessa oblongella (Østrup) C.E. Wetzel, Lange-Bertalot & Ector x x x 

Pleurosigma angulatum (J.T. Quekett) W. Smith x x x 

Pleurosigma cf. marinum Donkin   x 

Pleurosigma sp. x   

Pleurosigma stidolphii F.A.S. Sterrenburg x x x 

Podosira sp. x x  

Psammodictyon panduriforme (W. Gregory) D.G. Mann x x x 

Pseudofallacia tenera (Hustedt) Y. Liu, Kociolek & Q. Wang x x x 

Rhabdonema cf. minutum Kützing  x x 

Rhaphoneis amphiceros (Ehrenberg) Ehrenberg x   

Seminavis spp. x x x 

Staurophora dubitabilis (Hustedt) Clavero & Hernández-Mariné x ? ? 

Staurosirella martyi (Héribaud) E.A. Morales & K.M. Manoylov  x x 
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Surirella cf. striatula Turpin x   

Thalassiosira spp. x x x 

Triceratium sp.  x  

Tryblionella compressa (Bailey) Poulin x x  

Tryblionella littoralis (Grunow) D.G. Mann x   

Cyanoprokaryota    

Aphanocapsa reinboldii (Richter) Komárek & Anagnostidis x   

Chroococcus sp.   x 

Cf. Halomicronema sp. x   

Merismopedia mediterranea Nägeli x ? ? 

Phormidium corallinae (Gomont ex Gomont) Anagnostidis & 

Komárek 
x ? ? 

Phormidium nigroviride (Thwaites ex Gomont) Anagnostidis & 

Komárek 
x   

fam. Pseudanabaenaceae Anagnostidis & Komárek x x x 

Dinophyta    

Amphidinium sp. x  x 

Gymnodynium sp. x  x 

Prorocentrum lima (Ehrenberg) F. Stein x  ? 

Euglenophyta    

Euglena obtusa F. Schmitz x x x 

Euglenaria anabaena (Mainx) Karnkowska & E.W. Linton x ? ? 

 

 

 

 

 

 


